1 Advanced wastewater treatment for algal removal:
literature review and general thesis introduction

1.1 Background

The importance of water as a global resource for human life is irrefutable. It follows
then that the need to manage and protect this resource has been recognised for centuries,
such that it is now a conservation priority the world over. Advancements in the
efficiency, convenience and sanitation of human society have owed directly to the
development and distribution of large-scale dependable supplies of high-quality potable
water (Oswald, 1988b). Unfortunately, these same developments have also allowed for
the convenient aqueous disposal of objectionable, infectious and toxic wastes away from
their points of origin and, most commonly, into the nearest natural body of water
(Oswald, 1988b; Shiny et al., 2005). It is this aqueous waste, or ‘wastewater’, and the

processes involved with its remediation that form the basis of this thesis.

A prominent threat to global water quality in general is its contamination with human-
derived wastes of residential, industrial and commercial origins. This is particularly the
case for freshwater resources, where human-derived wastewaters are one of the major
sources of contamination and pollution (Craggs et al., 1996). In recent times, a general
decline in environmental water quality—a consequence of anthropogenic interactions—
has given rise to significant environmental problems and public health concerns
(Hoffmann, 1998). These pollution-associated issues have, therefore, justifiably received
increasing levels of attention, to the extent that they are nowadays of major concern to

modern society (de la Noiie et al., 1992).

Previously, occasional monitoring of final effluent quality from wastewater treatment
operations was often all that was required (Hurse and Connor, 2000). More recently, the
application and enforcement of environmental laws governing wastewater and its
discharge has become increasingly more stringent (Hurse and Connor, 2000) due to
heightened public pressure as well as inputs from concerned governing bodies and

agencies (Middlebrooks ef al., 1974; de la Noiie et al., 1992). This increased regulatory



pressure has served as the historical driving force behind initial changes to wastewater
treatment technologies and indeed general waste treatment philosophy (Middlebrooks et
al., 1974) and will no doubt continue to drive process and technological advancements

into the future, or as long as the pollution-associated problems remain.

Methods for wastewater treatment used earlier last century simply relied on the self-
purification mechanisms of natural waterways for the renovation, dispersion and
redistribution of low-concentration wastes (Craggs et al., 1996). Whilst these natural
mechanisms might have historically provided adequate treatment, current effluent
discharge volumes and concentrations now exceed effective treatment thresholds of
these natural ecosystems (Harlin and Darley, 1988). This is highlighted in the fact that
many conventional treatment plants discharge in excess of 10° L of wastewater per day,
with nutrient levels in this discharged effluent being up to three orders of magnitude
more concentrated than in the receiving waters (de la Noiie e al., 1992; Hoffmann,
1998). It is not surprising then that municipal wastewater is recognised as one of the
main contributors to freshwater pollution and the subsequent eutrophication of receiving
water bodies (Craggs et al., 1996). Among other things, this pollution-induced
heightened eutrophic state can lead to a reduction in the natural species diversity of the
receiving waterway—destroying the ecosystem’s natural heterogeneity and subsequently
decreasing its self-purification capacity (Brix and Schierup, 1989). Without proper
attenuation of wastewater-borne bioavailable substrates prior to discharge, this ‘positive-
feedback’ cycle could result in the eventual destruction of the very aquatic ecosystems

so heavily relied upon for safe disposal.

Current global industries surrounding wastewater and its treatment technologies are both
extensive and wide-spread. Not only do these treatment options vary extensively in
terms of process and technical design, but also with respect to the associated costs and
level of operator expertise necessary for efficient operation. One of the most basic and
pioneering wastewater treatment techniques that is now recognised as being a ‘staple’
treatment alternative is the Waste Stabilisation Pond (WSP). WSPs (sometimes also
referred to as oxidation ponds, redox ponds or sewage lagoons) in their simplest form
are defined as shallow earthen basins containing wastewater of some description

(Metcalf and Eddy, 1991). Historically, WSPs are said to have been employed,
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particularly in Asia, for the treatment of wastewater for thousands of years (Uhlmann,
1980); with the first recorded construction of a modern pond system being in the United
States, San Antonio, Texas in 1901 (Reed et al., 1988). Ponds were initially used in the
US simply as containment basins for preventing wastewaters from entering into
unwanted locations (Oswald, 1988a). Prior to 1950, however, this form of treatment was
actively discouraged in the US (O'Brien ef al., 1973) and it was not until post World
War II that WSPs were more thoroughly investigated for their potential role in

wastewater treatment (Oswald, 1988a).

1.2 Waste Stabilisation Ponds

WSPs represent an extremely robust, low maintenance, low-energy treatment system
well suited for use especially (but not exclusively) in rural areas (Cooke and Matsuura,
1969; Mara et al., 1998). WSPs are inherently associated with user benefits such as: low
capital establishment costs (Mitchell, 1980; Polprasert and Bhattarai, 1985); simple
management practices (Mezrioui and Oudra, 1998); minimum maintenance and
operational inputs (McGarry and Tongkakame, 1971); zero energy requirements (Ellis,
1983; Alexiou and Mara, 2003); and the ability to withstand both organic and hydraulic
‘shock-loadings’ (Truax and Shindala, 1994; Naméche and Vasel, 1998). Because there
are no additional energy requirements for aeration and circulation, and due to their
reliance on solar power for biological waste conversion, treatment is simple and
inexpensive. Given the current global ‘energy climate’, and taking into account the
political emphasis now placed upon green technologies, WSPs may indeed find
themselves the subject of renewed interest from carbon-conscious governing agencies;

thereby ensuring their technological relevance well into the future.

WSPs exploit natural biological phenomena for the reduction of organic material,
removal of dissolved nutrients and metals, and for the attenuation of pathogenic
microorganisms in wastewaters (Mitchell, 1980; Pedahzur et al., 1993; Hoffmann,
1998). They are complex and dynamic biotic systems with a recognised and high
capacity for ‘self-regulation’ (Uhlmann, 1980; Hosetti and Frost, 1998). As a result of
this functional autonomy, treatment is generally achieved in an efficient, ecologically

safe and financially favourable manner (de la Noiie e al., 1992; Hoffmann, 1998).



According to Oswald (1995), WSPs are by far the most cost-effective treatment reactors
available for the effective capture of solar energy and treatment of liquid wastes. In fact,
periodic desludging of accumulated benthic materials constitutes the single major

operational maintenance requirement of the technology.

WSPs can range in size from just a few hundred kilolitres up to several gigalitres, with
hydraulic residence times in the order of hours to months (Sweeney, 2004). Their
relative operational flexibility means that WSPs can function at the primary treatment
stage of a wastewater treatment train or can just as effectively be operated as tertiary-
level treatment systems. WSPs are most generally classified according to their loading
characteristics and the nature of the biological processes occurring within (Ganapati,
1975; Polprasert and Bhattarai, 1985; Reed et al., 1988). Several major classes of WSP
are recognised, each with distinct design and operational parameters, and each serving to
perform a discrete treatment function. According to both Ramalho (1988) and Metcalf
and Eddy (1991), there are four general ‘classes’ of WSP: anaerobic; aerobic—anaerobic
(facultative); aerobic (maturation); and aerated or ‘high-rate’; with facultative ponds

being recognised as the most widely used pond type.

WSPs are commonly arranged and operated in series, with an anaerobic pond preceding
a facultative pond which then feeds into one or more maturation ponds (Mara et al.,
1992). Because they possess a greater relevance to the current work, a brief discussion
of the operational role of both facultative and maturation ponds will be given in Sections
1.2.1 and 1.2.2, followed by a more thorough description of WSP biology—as it relates

to wastewater treatment—in later sections.

1.2.1 Facultative WSPs

Nowadays, WSPs are often regarded as the ‘method of choice’ for many wastewater
treatment applications around the world; something owing to their more cost-effective,
flexible and sometimes more efficient operation (Cauchie et al., 2000a; Mara et al.,
2001; Mara, 2004). In the United States for example, there are over 7,000 operational
facultative ponds (USEPA, 2002b); with extensive installations also throughout Europe,
and in excess of 10,000 in both rural and urban China (Zhao and Wang, 1996). Earthen



WSPs are typically 1.2 to 2.4m deep and are not mechanically mixed or aerated.
Individual ponds can vary greatly in size, from small-serving rural installations to an
approximate maximum surface area in excess of 100 hectares (Mitchell, 1980).
Hydraulic retention times (10—-180 days) and organic loading rates (50-400kg BODs ha™
"'d™") vary substantially within the literature according to factors such as geographical
location, pond geometry and operational configuration, and also the specific nature of

the influent wastewater.

WSPs evolved conceptually according to existing and naturally occurring biological
self-purification or ‘stabilisation’ processes (Briicker et al., 1998), such that pond
operation is viewed simply an intensification of these natural treatment processes within
a self-contained reactor vessel (Bartsch, 1961; Tschortner, 1968; Pearson, 1990;
Tharavathi and Hosetti, 2003). Natural biological treatment phenomena within these
WSP systems include complex interactions between heterotrophic microbes, algae,
protists and metazoans (Cauchie et al., 2000b); with these complex and highly
productive trophic interactions leading to an accelerated biological stabilisation of the
inflowing wastewater. Since the pioneering work of Ludwig et al. (1951) and Oswald et
al. (1953a; 1953b), it has been recognised that the core treatment processes within a
WSP are centered around inherent biological interactions—specifically those between
heterotrophic microbes and algae. This functional synergism between photosynthetic
algal oxygenation and aerobic microbial oxidation is the driving force behind effective
WSP operation, and is depicted in Figure 1.1 below. This cyclic ‘algal-bacterial’
mutualism is necessarily relevant to the current work and will be discussed in more

detail within Section 1.2.3.
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Figure 1.1. Schematic representation of daytime WSP operation (Metcalf and Eddy,
1991).

Facultative WSPs generally have discernible layers through the water column depth. The
lower anoxic pond layer contains sludge deposits and supports anaerobic
microorganisms. The intermediate layer, termed the facultative zone, ranges from
anaerobic at the bottom to aerobic toward the upper region. Finally, the remaining
section of the water column at the pond surface contains heightened levels of dissolved
oxygen (DO) and is termed the aerobic zone. Oxygenation of the water column is
provided to a limited extent by surface re-aeration (including wave action), with the vast
majority evolving from oxygenic algal photosynthesis (Maynard et al., 1999). Such is
the importance of algal re-aeration in the overall oxygen budget of a WSP, that DO
concentration in un-aerated ponds varies almost directly according to the level of
photosynthetic activity within the pond (Reed ef al., 1988). This biological re-aeration is
an integral part of facultative pond operation, with the presence of algae in the aerobic
and facultative zones considered as no less than essential to the successful performance
of a WSP (USEPA, 2002a). During daylight hours, and with favourable conditions, DO
concentration in the aerobic zone can exceed saturation point. Conversely, large

quantities of respiring microbial and algal biomass can deplete oxygen supplies at night
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and, in bloom situations, the very heavy respiratory oxygen demand of resident biota can

be such that the pond may become completely anoxic soon after sunset (Ellis, 1983).

1.2.2 Aerobic ‘maturation’ WSPs

Aerobic WSPs (also known as maturation or polishing ponds) are primarily used for the
treatment of soluble organic wastes and for final ‘polishing’ of effluents from up-stream
facultative ponds or other secondary wastewater treatment processes (Polprasert and
Bhattarai, 1985). They are operated at relatively shallow depths (1-1.5m) in order to
facilitate maximal sunlight and UV penetration, and as a result, they can often remain
aerobic throughout the entire pond depth during daylight hours (Hartley and Weiss,
1970; Pearson, 1990). This tertiary-level final polishing stage is primarily concerned
with pathogen removal and, to a lesser degree, the sequestration of any remaining
dissolved nutrients (Maynard et al., 1999). Effective pathogen removal is thought to
result from a combination of factors, namely: hydraulic retention time; wind action and
the subsequent sedimentation rate; UV disinfection; microbiological attack (lytic
bacteria and phage); grazing and predation (protozoan and metazoan); nutrient limitation
and competition; algal population structure; photosynthetically-elevated pH; humic
substances together with high DO leading to photo-oxidation; and also from elevated
temperature (Pretorius, 1962; Oswald, 1973; Moeller and Calkins, 1980; Lijklema et al.,
1987; Pearson et al., 1987d; Sarikaya and Saat¢i, 1987; Curtis et al., 1992; Patil et al.,
1993; Ceballos et al., 1995; Soler et al., 1995; Davies-Colley et al., 1999; Maynard et
al., 1999; Brissaud et al., 2003); although the relative contributions of each factor
toward overall pathogen die-off remains the subject of continued debate. Because
maturation ponds are a tertiary-level intervention, organic loadings are commonly low.
As a result of this reduced eutrophic state and increased photic depth, highly diverse
populations of plankton (both algal and zooplankton) can often develop in high densities
(Pearson et al., 1987c; Pearson, 1990); with these organisms contributing significantly to
final maturation pond effluent biochemical oxygen demand (BODs) and suspended

solids (SS).



1.2.2.1 WSP technology and treatment performance
WSPs are undeniably a more simplistic treatment technology in the face of other more

recently conceived and more sophisticated treatment processes, yet in spite of their
relatively primitive nature, they have remained a popular and widely adopted wastewater
treatment technology. Their modest requirements for establishment and operational
inputs, along with their high efficiency for pathogen removal (Ceballos ef al., 1995),
have ensured that WSPs remain an attractive treatment alternative for both developing
countries and smaller developed communities (Cooke and Matsuura, 1969; Mitchell,
1980) where land is cheap and more sophisticated wastewater treatment systems may
not be a viable option. WSP systems are, however, not restricted in application simply to
lesser-developed regions; with Kilani and Ogunrombi (1984) revealing that even the
most developed nations were resorting to the use of WSPs wherever feasible—a trend
still observed today (Mara, 2004; Mara, 2006). This is especially the case with respect to
the local situation, where in South Australia, for example, there exists over 425ha of
WSPs treating domestic wastewater from a population of in excess of 820,000 people

(Mitchell, 1980; Palmer et al., 1999; Buisine and Oemcke, 2003).

WSP performance efficiency is measured according to a number of parameters. Along
with the traditional core water quality parameters such as the relative oxygen
requirement of the effluent (measured as BODs) and SS, water quality analyses
commonly involve quantification of nutrients (nitrogen (N) and phosphorous (P)
species), metals and indicator microorganisms (e.g. faecal coliforms; FC). Generally
speaking, average BODs removal is reported to be in the range of 60-90%, with Ellis
(1983) suggesting that 98-99% removals are often achievable. This yields a BODs
treatment efficiency for WSPs that encompasses a range of other alternative treatment
processes, such as trickling filters (70-75%) and activated sludge (80—90%; Kilani and
Ogunrombi, 1984), whilst at the same time having a very low or zero-energy
requirement (Ellis, 1983; Pearson, 1996; Alexiou and Mara, 2003). WSP treatment not
only ensures that costly process and/or chemical additions are not required, but also
produces a relatively ‘chemical-free’ and therefore useable sludge by-product. For
example, a common tertiary treatment process for the removal of phosphorous can lead
to increased levels of aluminium in the final sludge—creating problems for safe sludge

disposal (Hoffmann, 1998).
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Effective SS removal is achieved during WSP treatment through physical sedimentation
of suspended particulates and subsequent anaerobic digestion (for organic solids) or
sludge accumulation (for colloidal or refractory solids). Performance figures for SS
removal are highly variable within the literature, and depend greatly on site-specific
factors such as organic and hydraulic loading regime, pond size and depth, and
geographical location. Generally speaking, SS removals are normally to a level that
complies with regulatory discharge limits for WSPs (Truax and Shindala, 1994). This
effective physical solids removal also results directly in efficient BODs removal, due to
the large proportion of total domestic wastewater BODs being particulate in nature (40—
60%; Alexiou and Mara, 2003). Indicator organism and pathogen removals are also high
in WSP systems, with up to 4-6-log;¢ unit removals for FC, 3—4 log; unit removals for
faecal viruses, and 100% removals possible for protozoan cysts and helminth eggs (Mara

etal., 1992).

Alongside their evident advantages, there are some operational requirements and
drawbacks associated with this technology. WSPs are only feasible where large land
areas are available at a low cost, and where a reliably high-quality final effluent is not
required (Ramalho, 1983). This sometimes ‘compromised’ final effluent quality is an
inherent feature of WSPs in many instances, and one that is directly owing to the nature
of the treatment process itself. Specific issues relating to WSP effluent quality and the

further upgrading of final pond effluents will be discussed in the coming sections.

1.2.3 Heterotrophic microbes and algae—the backbone of
effective WSP treatment
Algae are recognised to play a central role in the natural self-purification of

contaminated waters (Oswald, 1988a; Mezrioui and Oudra, 1998; Schumacher and
Sekoulov, 2002). This capacity for natural algal treatment is, however, not without
biological association. Early pioneering work (Ludwig et al., 1951; Oswald et al,
1953a; Oswald et al, 1953b; Ganapati, 1975) has established and defined the
interrelationship or mutualistic ‘symbiosis’ between algae and bacteria in WSPs. The
interactions between microbes and algae in many aquatic ecosystems have since been
widely researched; with this natural ‘co-occurrence’ ranging from bacterial

endosymbiosis in some algae, to synergistic co-metabolism, right through to
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competitive, antagonistic and even inhibitory phenomena (Mitchell, 1980; Cole, 1982).
However loose or tight these associations, the co-existence of these particular

microorganisms is synonymous with aquatic environments.

Numerically, bacteria and algae are by far the most dominant organisms amongst the
planktonic biota of lakes and oceans; with their combined metabolism largely
controlling pelagic energy flow and nutrient cycling in aquatic environments (Cole,
1982; Prézelin et al., 1991; Falkowski, 1994). The treatment of more concentrated
wastes in a WSP relies upon these same basic microbiological processes to achieve
treatment—albeit at a somewhat intensified rate. In essence, a WSP can be considered
simply as a reactor in which waste concentrations are intensified, leading to an
accelerated rate of ‘naturally occurring’ treatment and purification processes (Tharavathi
and Hosetti, 2003). At the centre of this natural biological stabilisation process is the
cyclic synergistic relationship between algae and heterotrophic bacteria (Oswald et al.,
1953b; Patil ef al., 1975; Ramalho, 1983). It should be noted also that certain fungi are
recognised to play a quantifiable role in this algal-microbial stabilisation of organic
wastes within WSPs (Cooke and Matsuura, 1969) such that the metabolic aspects of

fungi, bacteria and algae are seen as interrelated (Patil ez al., 1993).

The role of algae in the treatment of wastewater has been investigated and discussed
within the literature since the early 1950°s (Ludwig et al., 1951; Oswald et al., 1953a;
Bartsch and Allum, 1957), with the biochemistry of waste treatment now firmly
established. The central algal-bacterial interrelationship is represented schematically in
Figure 1.2, and a concise process overview—as described by Micthell (1980) and

Mezrioui and Oudra (1998)—is given below.
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Figure 1.2. Cyclic ‘symbiosis’ between algae and bacteria within a WSP environment
(Ramalho, 1983).

Heterotrophic microbial mineralisation of inflowing organic materials produces stable,
oxidised, inorganic by-products such as carbon dioxide (CO,), ammonia-nitrogen (NHs-
N), phosphates (PO43_-P) and essential vitamins. These synthesised products of bacterial
metabolism are then utilised by autotrophic algae for their own development and growth
via photosynthesis. Splitting of water molecules during the course of algal
photosynthesis (Ganapati, 1975) in turn supplies aerobic microbes with the necessary
oxygen for the oxidative decomposition of wastewater organics (Pearson et al., 1987c;
de la Notie et al., 1992) and so the process is allowed to continue in this ‘positive-
feedback’ cycle. The aquatic chemistry depicted in Figure 1.2 also accounts for the
diurnal shifts in both dissolved oxygen concentration (photosynthesis and respiration)
and pH (carbonate—bicarbonate equilibrium) commonly observed within WSPs. Of the
incoming organic carbon, approximately one third is oxidised to carbon dioxide (which
is then available for algal uptake) while the remaining two thirds is assimilated into new

bacterial biomass (McKinney, 1976).

Given the importance of this synergistic relationship, it follows that the interactions
between algae and bacteria, and their subsequent role in the stabilisation of organic
material, have been by far the most thoroughly investigated aspect of WSP biology
(Oswald et al., 1953a; Oswald et al., 1953b; Bartsch and Allum, 1957; Wiedeman, 1965;
Ganapati, 1975; Pearson et al., 1987c; Oswald, 1988a; Oswald, 1988b; Hoffmann,
1998). Such is the recognised importance of this relationship, that WSPs are sometimes

described simply as reactors for housing algal-bacteria ‘symbioses’ (Ganapati, 1975; El
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Ouarghi et al., 2002). Although this synergistic relationship is strictly speaking not
symbiotic in the true microbiological sense, and whilst this may indeed be seen as a
somewhat over-simplified description of ‘overall’ treatment function, WSPs do indeed
rely extensively upon this interactive relationship in order to drive the biological

stabilisation process.

Aside from their paramount role in driving the bacterial oxidation of organic materials,
algae can directly influence treatment processes in other ways, including: the
sequestration of heavy metals (Duggan et al., 1992); direct assimilation of organic
matter and nutrients (Pearson et al, 1987c; Reed et al., 1988; Banat et al., 1990;
Mezrioui and Oudra, 1998); provision of a useful protein source for other pond biota
(Patil et al., 1993); and beneficial bio-concentration of xenobiotics (de la Noiie ef al.,
1992). Additionally, algae also play a definable role in the promotion of pathogen die-
off (see Section 1.2.1 for more information). Photosynthetically-elevated pH in WSPs
during daylight hours occurs as a result of algal scavenging of dissolved CO, and
subsequent shifts in the carbonate—bicarbonate equilibrium (Boyd, 1990), resulting in
aqueous pH exceeding optimum values for enteric indicator organisms such as faecal
coliforms (7-8), streptococci (6—9; Sinton et al., 1993; Naméche et al., 2000) and
presumably also that of most pathogenic bacteria (Green et al., 1996). Extreme algal-
derived diurnal fluctuations in pond pH can therefore have a disinfecting effect on
resident pathogenic microorganisms (Ramalho, 1983; de la Noiie et al., 1992; El
Ouarghi et al., 2002) thereby enhancing their die-off. Algae can also play a direct role in
WSP disinfection via an increase in water temperatures caused by the conversion of light

energy to heat during photosynthesis (Banat et al., 1990).

1.2.4 Waste stabilisation: a state change from liquid to solids
The effective ‘stabilisation’ of unstable, readily bio-available organic and inorganic

waste substrates is the primary treatment outcome of most wastewater treatment
methods. This biological stabilisation process converts a large percentage of the
incoming wastewater substrates into living biomass—said to be in the order of 50% for
aerobic systems (Hobson and Wheathey, 1993). Whilst a reasonable portion of the

incoming wastes are removed through ‘physical’ processes (although these physical
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mechanisms have predominantly biological end-points), the remaining soluble fraction
relies on aerobic oxidation by heterotrophic microbes. The carbon dioxide produced
during this process is then either lost to the atmosphere, or is re-incorporated into new
algal biomass, thereby creating an effective shift from wastewater BOD into algal and

bacterial BOD.

The conversion of burdensome waste-derived substrates into algal biomass not only has
immediate benefits for safe waste disposal, but the effective mass cultivation of algae
within WSPs can significantly contribute to the management of down-stream effluent-
receiving aquatic ecosystems. Algal-based systems offer a more environmentally sound
approach toward reducing the eutrophication potential of point source wastewater inputs
than is achieved by alternate modern-day treatment practices (Hoffmann, 1998). Whilst
this conversion of labile nutrients into a more stable living biomass embodies the
fundamental treatment process within a WSP, it does create significant quantities of
new—particularly algal—biomass, which can then be problematic in terms of its
presence in final pond effluents. Whilst this algal biomass is absolutely essential for
effective in-pond treatment, its removal from final WSP effluent prior to discharge
constitutes a significant and serious problem for pond operators and represents the single
major drawback of the treatment technology. It is a problem that has received much

prior research interest and hence forms the topic of discussion for the following section.

1.2.5 Algae and WSPs: a ‘love—hate’ relationship

WSP performance is all but dictated by localised conditions such as wind velocity, light
intensity, temperature and also influent wastewater quality (Uhlmann, 1980; Hine, 1988;
Tharavathi and Hosetti, 2003). The resulting stochastic short-term variations in WSP
hydrodynamic conditions, as well as the fact that bio- and ecological processes are in a
near-permanent transient state (Uhlmann, 1980), often leads to highly variable and often
poor effluent water quality—especially with respect to algal populations. Although the
necessity of algae for effective WSP operation is well documented and widely accepted,
their presence in these systems is not without complication. The primary disadvantage of
algae in the WSP treatment process is their residual presence in final pond effluents,

where occasionally large quantities (40-100mg SS L") of algal biomass in final pond
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effluents have been reported (Swanson and Williamson, 1980; Reed er al, 1988;
Middlebrooks, 1995). Whilst algal populations are desirable, if not essential, for
adequate oxygenation of the pond environment, their presence in final WSP effluents
represents one of the most serious performance problems associated with the technology

(Dinges, 1978; Reed et al., 1988).

It is well established that the major reason behind many WSP systems failing to meet
discharge water quality guidelines is the presence of large concentrations of algal-
derived SS and BODs in their effluent (Stutz-McDonald and Williamson, 1979;
Harrelson and Cravens, 1982). Algal biomass contributions to these water quality
parameters vary considerably with operational parameters as well local climate and
season, but can be high. For example, algal contributions to WSP effluent BODs can be
anywhere between 50-90% of the total figure, especially during summer (Harrelson and
Cravens, 1982; Mara et al., 1992; Ceballos et al., 1995; Schumacher and Sekoulov,
2002; Kayombo et al., 2006). In addition, ponds yielding acceptably low SS content in
effluents (i.e. <30mg L) can have spikes in excess of 100-200mg L' as a result of
unpredictable algal blooms (Ellis, 1983). Final effluent SS can also commonly exceed
that of the influent (Mitchell, 1980; Hine, 1988), with total effluent SS reportedly able to
exceed 250% that of the influent during peak algal productivity (Bartsch and Allum,
1957). It follows that the adequate recovery of high concentrations of algal biomass
from WSP effluents is a significant problem, and one that is further complicated by the
small size (3—30um) of algal species common to WSP environments (i.e. Chlorella,
Euglena, Chlamydomonas and Scenedesmus). Only through the removal of this algal
biomass prior to discharge can pond effluent quality be sufficiently improved such that
WSPs can be incorporated into viable low-cost wastewater treatment systems (Friedman
et al., 1977). These issues relating to unwanted algal biomass in WSP effluents and its
subsequent removal, form the basis for this thesis and will be discussed in more detail

within later sections.

As discussed above, algae can contribute significantly to effluent SS and BOD:s.
Discharged algal biomass may lead to oxygen depletion and the production of anaerobic
gases (especially in slow moving waterways) or can settle to the bottom, creating a

blanket of anaerobic sludge that smothers native benthic biota (Hirsekorn, 1974). Early
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research has shown that approximately 1-1.2mg of O, is required for the oxidative
destruction of Img of algal biomass SS (Friedman et al., 1977; Harrelson and Cravens,
1982); this is in addition to any respiratory oxygen demand of living cells. This algal
‘carryover’ from pond effluents ultimately imposes a significant and undesirable oxygen
demand on receiving water bodies and can lead to the promotion of anoxic conditions
(Friedman et al., 1977; Metcalf and Eddy, 1991). Algae can also play an indirect role in
heightening the eutrophication potential of the effluent by representing a large and labile
‘store’ of nitrogen and phosphorous, available for release upon discharge through algal
cell death, cell lysis and subsequent microbial degradation (Mitchell, 1980; Sutherland,
1981; Cosser, 1982).

Conversely, the viewpoint of Kryutc¢hkova (1968) was that any conversion of unstable
organics into stable living biomass—no matter what the scale—should not be considered
as ‘pollution’ per se (or perhaps a less noxious form in the very least). This viewpoint
was echoed later by Mara (1996) through the suggestion that any algae present in WSP
effluents may be rapidly consumed by zooplankton populations in the receiving waters;
a notion supported by the earlier work of Bain et al. (1970, cited in Cosser, 1982). This
concept has actually been recognised by some international environmental agencies (e.g.
the USEPA and the Council of European Communities) in that algal SS, and hence algal
BODs, are different in nature to organic wastewater solids and BODs and should
therefore be considered as being less environmentally damaging (Pearson, 1996).
Furthermore, Mara (1996), following on from the earlier hypotheses of Bartsch (1961)
and later of Cosser (1982), suggested that algal populations might actually continue to
produce oxygen in receiving environments during daylight hours, and will therefore
have little chance to exert their BODs on the receiving watercourse; although it is now
the general consensus that algae will not survive for any great period in receiving
waterways (Bain et al., 1970; Sutherland, 1981; Cosser, 1982; Mitchell and Williams,
1982a; Hickey et al., 1989). Some authors have even suggested that the discharge of
highly nutritious algal-laden effluent might actually be beneficial in terms of enhancing
the biological productivity of nutrient-limited ‘oligotrophic’ waterways (e.g. Mara et al.,
1992); although this would no doubt only be seen as beneficial under exceptional

circumstances.
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In addition to their adverse effects on receiving waters, large quantities of algae can
impose serious constraints on the reuse potential of WSP effluents, representing a
particular concern for water-scarce regions (Saidam et al., 1995). For example, large
amounts of suspended particulates and algal cells in pond effluents destined for
agricultural reuse applications can impose significant problems for irrigation
infrastructure networks; particularly low-flow drip-irrigation systems, where physical
blockages can result (Teltsch et al., 1992; Saidam et al., 1995; Taylor et al., 1995;
Ravina et al., 1997; Zimmo et al., 2002). High levels of algal SS in WSP effluents also
have the potential to adversely heighten the treatment load placed on post-pond
quaternary-level processes, resulting not only in compromised process performance, but
also in increased process costs. This situation has again been realised at the local Bolivar

Wastewater Treatment Plant (WWTP) and will be referenced in the coming sections.

1.2.6 WSP effluent compliance—a complex problem for a
simple technology
In 1972, the US Clean Water Act passed to provide both funding for new wastewater

treatment methods as well as setting effluent discharge and primary water treatment
standards. In 1977, amendments to the Act stipulated a requirement for minimum
monitoring of effluent BODs and SS prior to all municipal wastewater discharge.
Generally speaking, and according to the 1977 amendments to the Act, WSP effluents
are considered to effectively comply with secondary treatment requirements for
discharge into effluent-limited water bodies (Truax and Shindala, 1994). In the case of
water quality limited waterways, however, effluent discharge standards are inevitably
more stringent, such that WSP treatment alone is inadequate. This directly affects the
vast majority of smaller communities, where pond effluents are often discharged into
streams with very small or intermittent flows and strict water quality standards are in
place (Truax and Shindala, 1994). With respect to the local situation, South Australian
marine discharge guideline values for BODs and SS are somewhat more stringent than
the classical ‘20/30° standard (see Table 1.1) and whilst these discharge limits are not
actively enforced, the issue of effluent quality compliance is one that has particular

relevance to local WSP operators.

16



The above algal-associated effluent problems, along with growing public awareness of
pollution-associated issues (de la Noiie ef al., 1992) and both the introduction and more
rigorous enforcement of discharge water quality guidelines (Stutz-McDonald and
Williamson, 1979; Gongalves and de Oliveira, 1996; Hurse and Connor, 2000), has
meant that once effective WSP treatment systems now require upgrading in order to
comply with more stringent effluent quality requirements (see Table 1.1). In order to
satisfy discharge water quality limits, there are two obvious alternatives: (1) replace the
WSP system with more expensive and complex treatment processes; or (2) upgrade

existing ponds such that they are capable of delivering a suitable quality effluent.

Table 1.1. Regional WSP effluent quality upper limits for discharge with respect to
BODs and SS. Data sourced from Meiring and Oellermann (1995), Mara (1996), and
SAEPA (2003).

Geographical region Effluent BOD; (mg L")  Effluent SS (mg L")
UK (1912)* 20" 30

Kenya (1970) 50* n.s.

France (1980) 40* <120
European Union (1991) 25* n.s.

South Africa (1995) n.s. <25

South Australia (2003) 1078 108

* Most commonly adopted 'generic' standard

 Based on raw, unfiltered effluent BOD;

* Based on non-algal, filtered effluent BODg

§ Guideline values for marine discharge only; limits not enforced by regulatory bodies

n.s. Not specified

Given that WSPs are most commonly the treatment method of choice for smaller or rural
municipalities (USEPA, 2002b), replacing them with other more involved and more
costly treatment procedures can place a large economic burden on many of these smaller
communities in which they are installed (Hirsekorn, 1974; Truax and Shindala, 1994).
At the same time, one can appreciate that it would effectively nullify the inherent
advantages of existing WSP systems if they were to be upgraded with more intensive,
higher-cost, higher-maintenance treatment process add-ons. This scenario has particular
local relevance to South Australia, where there are currently in excess of 180 small-scale
decentralised WSPs (so-called Community Waste Management (CWM) schemes)
treating wastewater from a regional population in excess of 120,000 people. The

solution then, is to upgrade these WSPs with affordable and operationally manageable
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processes capable of satisfying more stringent effluent quality requirements, whilst at
the same time retaining the underlying advantages of the original installation. This
viewpoint has previously been echoed by several authors in the field (O'Brien et al.,
1973; Middlebrooks et al., 1974; Gloyna and Tischler, 1980; Swanson and Williamson,
1980; Ellis, 1983; Bonomo et al., 1997; Neder et al., 2002).

1.2.7 The upgrading of WSP effluents

The need for removal of algal solids from WSP effluent prior to final disposal has been
recognised now for some 40 years (Golueke and Oswald, 1965; Van Vuuren and Van
Duuren, 1965). As highlighted in previous sections, the effective removal of algal-
derived SS and associated BODs from final WSP effluents poses a significant logistical
and financial problem for pond operators. Effluent upgrade methods and costs associated
with algal removal assume a position of great importance, particularly when excessively
high concentrations of planktonic algae must be removed from WSP effluent prior to
discharge (Golueke and Oswald, 1965). It is no surprise then, that the volume and
variety of research investigating how best to improve the quality of WSP effluents has
been significant (McGarry and Tongkakame, 1971; Folkman and Wachs, 1973; O’Brien
et al., 1973; Middlebrooks et al., 1974; Friedman et al., 1977; Harrelson and Cravens,
1982; Ayoub et al., 1986; Truax and Shindala, 1994; Yahi et al., 1994; Middlebrooks,
1995; Saidam et al., 1995; Elmaleh et al., 1996; Pearson, 1996; Gongalves and de
Oliveira, 1996; Kim et al., 2001; Alfafara et al., 2002; Hansen et al., 2004). The
problem with removing algal cells from pond effluents relates to a combination of their
often small size (3-30um), low sinking velocity (in the order of 0.1-0.3m day ' for
common WSP species; Stutz-McDonald and Williamson, 1979) and low specific
gravity—factors that prevent the adoption of routine settling or sedimentation
procedures (Golueke and Oswald, 1965). This extreme process difficulty regarding
‘solids—liquids’ separation, means that most processes are either ineffective or require

huge amounts of energy (Oswald, 1978).

Given the scale and complexity of the problem, considerable research effort has gone
toward developing and testing a number of techniques for removing algal biomass from

WSP effluents. These upgrade technologies are in the form of both in-pond and out-of-
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pond treatment processes, with some of the reported techniques including: dissolved air
flotation/filtration; coagulation—flocculation; intermittent sand filtration; microstraining;
centrifugation; autoflocculation; aquatic macrophytes (both floating and emergent); and
rock filtration (Middlebrooks et al., 1974; Friedman et al., 1977; Stutz-McDonald and
Williamson, 1979; Harrelson and Cravens, 1982; Truax and Shindala, 1994;
Middlebrooks, 1995). These upgrade technologies are all associated with varying costs
and degrees of success, with some of the more commonly adopted techniques discussed

in more detail below.

1.2.8 Advanced techniques for upgrading WSPs

Firstly, the term advanced—introduced to the field by Oswald and co-workers in the
early 1990’s (Oswald, 1991)—is used to describe these WSP upgrade techniques
because the pond design now incorporates some ‘advancement’ over and above that of a
conventional WSP (Green et al., 1996). An early review by Middlebrooks et al. (1974)
on the topic of advanced wastewater treatment upgrades for the removal of algae from
WSP effluents, suggested that this objective may be accomplished by many methods and
that each technique, under certain conditions, may prove to be sufficiently economical
and operationally viable. Middlebrooks (1995, p. 368) in a more recent review of WSP
upgrade technologies also stated that of the above-listed techniques, coagulation—
flocculation, dissolved air flotation/filtration (DAF/F), centrifugation and

autoflocculation were “used infrequently” although their potentials were alluded to.

Centrifugation, whilst it has yielded promising performance data with regard to algal
removal, has been largely found to be energy-expensive, prohibitively sophisticated and
requiring considerable operator skill and time, hence it is deemed impractical for small-
scale upgrade applications (Middlebrooks et al., 1974; Truax and Shindala, 1994).
Coagulation—flocculation and DAF/F, whilst they too have delivered excellent results for
the upgrading of WSP effluents, they have been both operationally challenging and
capital expensive due to advanced engineering requirements and also the necessity for
chemical flocculants (Harrelson and Cravens, 1982). In addition to these issues,
techniques such as centrifugation and coagulation—flocculation have been shown to

concentrate pathogenic wastewater-borne microbes and viruses (Cooper, 1962); creating
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additional complications with respect to processing of the collected algal biomass.
Procedures such as DAF/F also create alum-contaminated process by-products (sludge)
which are likely to cause additional operational problems for smaller communities in
terms of safe disposal (Middlebrooks et al., 1974; Truax and Shindala, 1994) and further

increase overall process costs.

Autoflocculation describes the process whereby a spontaneous flocculation and
precipitation of algal cells (with other algal cells as well as organic and colloidal
materials) occurs at a highly elevated pH and also in the presence of divalent cations
such as Ca*" or Mg2+ (Ives, 1959; Middlebrooks et al., 1974; Ayoub et al., 1986;
Elmaleh et al., 1996; Garcia et al., 2000). This process has also been suggested as a
potential mechanism for the harvesting of algal biomass in high-rate ponds (Hoffman,
1998). Despite its future potential, the actual mechanisms involved in autoflocculation
and conditions surrounding its occurrence are both poorly understood and difficult to
control in full-scale outdoor operations, resulting in significant fluctuations in process
efficiency and subsequent effluent quality (USEPA, 1983; Nurdogan and Oswald, 1996;
Hoffmann, 1998; Garcia et al., 2000). These factors, therefore, make it unlikely as a
viable option for the upgrading of WSP effluents in the short-term.

Microstraining has demonstrated some success for algal removal (Harrelson and
Cravens, 1982; Reed et al., 1988), but with high capital establishment and ongoing
operational costs, as well as skilled operator requirements, it has largely been viewed as
having “little if any economic application to upgrading lagoon effluents (Truax and
Shindala, 1994)”. Intermittent sand filtration, with proper design and operation, has been
demonstrated to be an effective and economical process for the upgrading of WSP
effluents to meet discharge requirements (USEPA, 1983; Truax and Shindala, 1994;
Middlebrooks, 1995). Being an out-of-pond technique, as are many of the
abovementioned technologies, san filtration has the additional requirement of regular
operational management, maintenance and skilled supervision, as well as the inherent
possibility of pumping costs associated with moving effluent wastewater from the pond,

to (and also through) the sand filters.
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It should also be noted that some of the above out-of-pond technologies for algal
removal may have the additional capacity to recover valuable algal biomass as a
potential means of off-setting part of the higher associated capital and maintenance
costs. This harvested algal biomass may offer economic returns from its potential use as
a dietary protein and vitamin supplement in animal feeds, as well as from inorganic
nutrient recovery and biofuel applications (Cooper, 1962; Ellis, 1983; Oswald, 1995;
Pearson, 1996; Scragg et al., 2003). Additionally, it could be argued that the algal
biomass within WSPs may represent an undervalued resource with respect to their CO,
sequestering potential; in fact there have been numerous papers within the academic
journal Energy Conversion and Management reporting on investigations into exactly
this topic. It is beyond the scope of this review, however, to enter into any further or

more detailed discussion of this concept.

There has been a limited volume of prior work investigating the use of hydraulic
‘baffles’ for the upgrading of WSPs based on the concept of improving in situ flow
patterns and subsequently enhancing treatment performance (Kilani and Ogunrombi,
1984; Pedahzur et al., 1993; Pearson et al., 1995; Muttamara and Puetpaiboon, 1996;
Muttamara and Puetpaiboon, 1997; Lloyd et al., 2003; Hansen et al., 2004). Although
results have shown promise with respect to improved flow hydraulics (i.e. more plug
flow), BODs, SS, and nutrient removal, the technology appears to have not been widely
accepted as a viable pond upgrade alternative. In a similar vein, the importance of inlet
and outlet design and configuration on WSP performance has been emphasized by
numerous authors (Pearson ef al., 1995; Naméche and Vasel, 1998; Shilton, 2001).
Following this realisation, and recognising that water column depth can have a marked
influence on effluent quality in terms of algal SS (Pearson ef al., 1987a; Pearson et al.,
1987b), manipulation of pond outlet off-take depth was proposed by Herdianto (2003) as
a means of actively reducing concentrations of algal solids in final WSP effluent.
Results from the work of Herdianto, however, suggested that little improvement in
effluent quality would be expected in full-scale WSPs through active control of outlet

off-take depth.

There have also been several more recently conceived and in some cases novel

approaches to algal control in WSP effluents. The direct chemical control of
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phytoplankton through the use of aquatic herbicides like Hydrothol 191 (Ruzycki et al.,
1998) has been proposed for algal SS abatement in WSPs; although the potential for
ecotoxicological and regulatory concerns are obvious. Similarly, the manipulation of
water chemistry for enhanced algal flocculation—commonly via lime application—has
also been investigated (Golueke and Oswald, 1965; Folkman and Wachs, 1973). Other
relatively new algal removal technologies such as the PETRO hybrid trickling filter
system (Meiring and Oellermann, 1995; Shipin et al., 1998; Shipin et al., 1999a; Shipin
et al., 1999b) and the similar SFDT system of Kaya et al. (2006) are still awaiting wider
performance evaluation, and so they are not discussed in any detail. Some research has
even focused on physical segregation of the two entities by effectively keeping the algae
‘out of the pond’ via immobilised algal systems or shallow algal streams (Hemens and
Mason, 1968; Ozaki et al., 1991; Travieso et al., 1992; Craggs et al., 1996; Tam and
Wong, 2000; Schumacher and Sekoulov, 2002); however, these are not discussed here.
Finally, the use of emergent macrophytes (i.e. in wetland arrangements), whilst it has
demonstrated significant performance success, is an extensive subject area in its own
right and so will not be reviewed. The reader is instead directed to a limited number of
more recent publications on the subject (Karpiscak et al., 1996; Bays et al., 2001;
Baldizon et al., 2002; Tanner et al., 2005; Kayombo et al., 2006; Mara, 2006).

1.2.8.1 In-pond vs. out-of-pond upgrades

Considering the inherent nature of the WSP treatment process, and as was emphasized
above, any technique chosen for the advanced upgrading of a WSP system must abide
by the same basic principles (i.e. low operational inputs and simplistic methodology)
that makes pond treatment the method of choice in that instance. Because many
communities using WSP systems are small, it can be appreciated that upgrading them
with more sophisticated and costly process ‘add-ons’ would place undue economic
burden upon them, such that the upgrade itself would no longer be a viable solution.
Thus, the obvious choice is to upgrade WSPs with a comparatively simple and
economical process capable of satisfying the discharge standards for effluent quality

with regard to algal SS.
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From this, selection criteria for candidate processes must incorporate operational
simplicity, minimum maintenance and cost, performance consistency as well as process
efficiency (Middlebrooks et al., 1974; Truax and Shindala, 1994). So-called ‘natural
treatment systems’ for the upgrading of WSP effluents with respect to algal removal
have been evaluated by Neder ef al. (2002) as being the most capable of satisfying the
necessary selection criteria, in terms of being simple, low-cost, easily implemented and
delivering a good overall treatment efficiency. These so-called ‘innovative’ and
‘alternative’ natural treatment methodologies exploit naturally occurring physical,
chemical and biological processes within the WSP “ecosystem reactor” in order to
facilitate the desired treatment outcomes (Metcalf and Eddy, 1991; Neder et al., 2002);
with specific focus on energy efficiency and simplistic operation (Zhao and Wang,

1996).

Due to the fundamental requirement of effluent relocation associated with any ‘out-of-
pond’ technology, in-pond methods for algal removal are—purely on a cost basis—
generally viewed as being more economically viable for WSP systems (Mitchell, 1980;
Truax and Shindala, 1994; Middlebrooks, 1995). Indeed Mitchell (1982b) sighted the
high degree of difficulty and associated cost of final algal removal as justification of the
need for additional research into in-pond algal control. Despite the range of
abovementioned obstacles surrounding some in-pond removal technologies, there has
been and continues to be a significant body of research effort devoted to assessing the
efficacy of various in-pond WSP upgrades for algal removal. Two advanced techniques
for the upgrading of WSP effluents that fall under the umbrella of both ‘in-pond’ and
‘natural’ treatment technologies are floating aquatic macrophytes and rock filtration.
These two advanced in-pond upgrades share similarities in terms of their low
requirements for initial capital input, low maintenance demands, and significant
potential for process performance. Following initial pre-selection, these two pond
upgrade methodologies were adopted as suitable candidate technologies for investigation
as part of this research and will therefore be discussed in more detail within the

following sections.
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1.2.8.2 Upgrading WSPs with aquatic macrophytes

Shallow, eutrophic, aquatic ecosystems dominated by aquatic macrophytes are among
the most productive in the world, and the considerable “self-purification” capacity of
these environments is well recognised (Brix and Schierup, 1989). Aquatic plants possess
an outstanding ability for the assimilation of dissolved nutrients, whilst at the same time
creating favorable conditions for microbial decomposition of organic materials (Brix and
Schierup, 1989). The concept of using aquatic plants as a cost-effective and energy-
efficient means of treating municipal effluent has been under investigation for many
decades; with initial research questions gaining momentum during the early to mid
1960s (Cillie, 1962; Ehrlich, 1966) followed by a more extensive research effort during
the 1970s (Culley Jr. and Epps, 1973; Harvey and Fox, 1973; Sutton and Ornes, 1975;
Sutton and Ornes, 1977; Dinges, 1978; Wolverton and McDonald, 1979). Even more
recently, macrophyte systems have again attracted attention as a potential treatment

alternative for decentralised wastewater treatment (Nhapi et al., 2003).

Since most wastewater treatment systems are viewed simply as an intensification or
extension of natural eutrophic ecosystems, the incorporation of ‘ecological solutions’
within a wastewater treatment train has the potential to contribute significantly to
treatment systems that have historically been dominated by sanitary engineers (Hillman
and Culley Jr., 1978). The design of so-called ‘living technologies’ for wastewater
treatment has been the focus of a significant volume of research interest over the past
two decades (Gordon et al., 1982; Tarifeno-Silva et al., 1982; Smith, 1985; Rao, 1986;
Guterstam and Todd, 1990; Smith, 1993; Todd and Josephson, 1996; Kumar and Sierp,
2003); especially since the inauguration of the journal Ecological Engineering in 1992.
Macrophyte-based wastewater treatment systems possess several potential advantages
over conventional treatment systems, making them of particular interest to small and
medium-sized communities. Some of these potential benefits are: lower operating costs;
lower energy requirements; lower requirements for operator skill; enhanced operational
flexibility with less susceptibility to shock loading; and a key advantage of being able to
construct these ‘low-tech’ installations at the site where the wastewater is produced
(Brix and Schierup, 1989). Since macrophyte wastewater treatment systems rely on solar

radiation to drive the treatment process, they inherently have reduced energy
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requirements compared with other more conventional methods of secondary or tertiary-

level waste treatment (Sutton and Ornes, 1975).

Following even the most cursory survey of the relevant literature, it soon becomes
apparent that in recent times there has been a renewed worldwide interest in the use of
macrophyte-based wastewater treatment systems; particularly for use in smaller
communities. This growing chorus of interest toward the use of aquatic plants—in
particular duckweed—for wastewater treatment, has come from the recognised demand
for adequate treatment systems to serve the needs of smaller and decentralised
communities in a cost-effective way (Erol Nalbur et al, 2003). Considering the
advantages of such systems, it is perhaps unsurprising that there has been such a
rekindling of interest in macrophyte-based wastewater treatment technologies. This
realisation serves as additional basis for the incorporation of aquatic macrophytes into

this research.

Regarding WSPs and free-floating aquatic macrophytes, the literature base is extensive.
Upon assessment of this published work, it is immediately apparent that a select number
of species have been the focus of the vast majority of this research; with by far the most
commonly investigated floating aquatic plants in wastewater treatment being species of
water hyacinth and duckweed (USEPA, 1988). Prior research has already described and
demonstrated the efficacy of floating macrophyte pond systems for wastewater
treatment. In effect, the algal community—with its aqueous suspended biomass and fast
turnover rate—is replaced by a rapidly growing macrophyte that continuously converts
dissolved organics and inorganic nutrients into a ‘standing biomass’ which, if harvested,
is not constantly recycled and hence does not contribute to the total organic carbon
(TOC) of the system (Wolverton and McDonald, 1979). This means that the plant
biomass, unlike suspended algal biomass, is retained within the pond system and is not
present in the effluent BODs and SS fractions; with these assimilated substrates able to
be effectively and easliy removed from the system by harvesting of the plant biomass.
The potential for resource recovery through harvesting and utilising this plant material
as an energy source, compost, or as animal fodder, has been emphasized by some
authors (Culley Jr. and Epps, 1973; Brix and Schierup, 1989; Edwards et al., 1992); with

economic off-set benefits the ultimate goal of such practices.
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1.2.8.3 Water hyacinths

Existing research has demonstrated the significant potential for water hyacinth to
effectively reduce the levels of nitrogen, phosphorous, BODs, SS (Cornwell et al., 1977,
Wolverton and McDonald, 1979; McDonald and Wolverton, 1980; Reddy and De Busk,
1985b; Orth and Sapkota, 1988; Mandi, 1994; Ouazzani et al., 1995; Costa et al., 2000;
Kim and Kim, 2000), faecal coliforms and heavy metals (Dinges, 1978) in WSP
effluents; with treatment efficiency for organics and solids removal capable of reaching
levels above and beyond that of standard facultative ponds (Orth and Sapkota, 1988;
Ouazzani et al., 1995). BODs and SS removals have been reported as high as 97 and
95% respectively, yielding effluent values for these water quality parameters of less than

10mgL " in some instances (Dinges, 1978).

These floating plants have both a well-developed and finely-structured root system
extending anywhere from 30cm to 1m below the water surface and allowing for the
direct uptake and assimilation of both dissolved nutrients (N and P) and organics from
the surrounding water (Wolverton and McDonald, 1979; Reddy and De Busk, 1985b;
Reed et al., 1995). This feature also allows water hyacinths to grow at a phenomenal
rate, with reported production rates in the order of 15% of their surface area per day
(Wolverton and McDonald, 1979). The fibrous root structure of water hyacinths is also
known to serve as a suitable substrate and microenvironment for many aquatic species.
Dinges (1978) reported that species of bacteria, fungi, protozoa, ciliates, rotifers and
snails can reside within the plant root zone; with copepods, cladocerans, insect larvae

and nematodes also present in the aqueous environment beneath the plant cover.

Although water hyacinth has a larger net biomass productivity than duckweed and a
comparatively attractive C:N:P ratio, the carbon is present primarily as hard fibre—
ultimately decreasing its usefulness (e.g. for animal feed) and making it more difficult to
manage (Alaerts et al., 1996). In addition, processing and transport costs associated with
aquatic plants in general can be high, and the comparatively bulky water hyacinth must
be handled with heavy equipment as well as having to be chopped up to facilitate
handling and processing (Hillman and Culley Jr., 1978). This is in contrast to other
aquatic species such as duckweed, which are small enough to be pumped through pipes

as a slurry and do not have to be chopped prior to processing (Hillman and Culley Jr.,
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1978). Finally, the susceptibility of water hyacinth to cold conditions is well recognised
(Dinges, 1978; McDonald and Wolverton, 1980). During winter, plant biomass can die
and unless removed from the pond, can contribute a considerable organic load back to
the pond system (Wolverton and McDonald, 1979) resulting in increased effluent BODs
and SS during this period. During winter operation, McDonald and Wolverton (1980)
suggested that proper management of a balanced pond system could involve removing
the water hyacinth and substituting it with more cold-tolerant plants—quoting duckweed

as an appropriate substitute.

Whilst water hyacinth has been shown to be a viable WSP upgrade technology in other
regions, the same plant (Eichhornia crassipes) has been declared a highly invasive
noxious species according to the Government of South Australia (Department of Water,
Land and Biodiversity Conservation;

http://www.dwlbc.sa.gov.au/biodiversity/pests/weeds/plants_list.html). This precluded it

from further consideration as part of the current research.

1.2.8.4 Duckweed

The second type of aquatic macrophyte commonly associated with use in wastewater
treatment applications are the duckweeds. Duckweed is a small aquatic macrophyte with
a world-wide cosmopolitan distribution spanning 4 genera (Lemna, Spirodela, Wolffia
and Wolffiella) and around 40 species (Rahman et al., 2001). Duckweeds, unlike other
aquatic plants, have no distinct leaves and stems; instead, the plant body represents a
fusion of both within a single ‘frond’. Ranging in frond size from 1.5cm (Spirodela spp.)
to a mere 1-2mm frond diameter for species of Wolffia (Hillman, 1976), this worldwide
family of floating aquatic monocotyledons (Lemnaceae) constitute the smallest and

simplest form of all flowering plants (Hillman and Culley Jr., 1978).

As a result of this morphological simplicity, duckweeds are among the most vigorously
growing plants on earth and are capable of very high rates of vegetative growth;
believed to be in the order of 30% faster than the water hyacinth (USEPA, 1988). These
high growth capabilities are largely a consequence of the fact that nutrient uptake occurs

not only through the root (as in other higher plants) but throughout the entire plant frond
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(Bonomo et al., 1997) and also because the duckweed frond consists of predominantly
metabolically active non-structural tissue, allowing for the allocation of minimal
photosynthetic energy toward structural biomass requirements (Hillman and Culley Jr.,
1978). For the same reasons, duckweeds contain at least twice as much crude protein
(=37% dry weight), fat, nitrogen and phosphorous as hyacinth, whilst having half the
cellulose content and also a lower fibre content than that of water hyacinth—giving them
a very high nutritional value (Wolverton and McDonald, 1981; Oron et al., 1984;
USEPA, 1988; Edwards et al., 1992).

Duckweeds are most commonly observed growing in thick, ‘blanket-like’ surface mats
on still or slow flowing nutrient-rich waters (Leng, 1996). Duckweed fronds comprising
this biological cover are capable of growth in very dense colonies many fronds deep and
to a mat thickness in the order of 2cm (Zirschky and Reed, 1988). This dense floating
plant mat (for Lemna species) may reduce incident light penetration into the underlying
water by a factor in excess of 99.5% (Short et al., 2007), thereby suppressing the growth
of both submerged macrophytes and also planktonic algae (Janes et al., 1996; Parr et al.,
2002) and enhancing the quiescent sedimentation and decay of SS and algal biomass
(Reed et al., 1988; Mara et al., 1992; van Donk and van de Bund, 2002). In addition to
the inhibition of sunlight, Lemna are said to fiercely compete for aqueous nutrient
resources, resulting in out-competition and the rapid elimination of various algal species
under conditions of high nutrient concentrations (Ngo, 1987; Zirschky and Reed, 1988;
Roijackers et al., 2004) and even in waters low in total nitrogen (Leng, 1996). In
addition to their uptake of inorganic materials, Lemna have demonstrated an ability to
directly assimilate complex organic molecules such as carbohydrates and amino acids

from the aqueous phase for use in heterotrophic nutrition (Hillman, 1976; Frick, 1994).

1.2.8.5 Duckweed as advanced WSP treatment

The potential of duckweed for use in wastewater treatment was first realised in Asia
during the 1950s (Dalu, 2003). A duckweed WSP is essentially the same as a
conventional WSP, the fundamental difference being that it is covered by a floating
duckweed ‘mat’ (Erol Nalbur et al., 2003). These rapidly growing plants can serve as an

effective nutrient sink in wastewater applications, absorbing primarily N, P, Ca, Na, Mg,
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C, and CI" from wastewater, which can then be permanently removed from the system
by biomass harvesting (Leng, 1996). Although there are many species of duckweed, the
majority of previous research into the area of wastewater treatment has most commonly
involved the use of Lemna species. This has no doubt been owing to the fact that early
research already demonstrated that species of Lemna are often the superior organism for
use in wastewater treatment applications (Harvey and Fox, 1973; Hillman and Culley Jr.,
1978; Reddy and De Busk, 1985b; Reddy and De Busk, 1985a; Oron et al., 1986) and
also because Lemna physiology and biochemistry has been widely researched (Hillman,
1976; McLay, 1976; Wedge and Burris, 1982; Ullrich et al., 1984; Filbin and Hough,
1985; Frick, 1991; Monselise and Kost, 1993; Frick, 1994). Following this, a native

species of Lemna was investigated during this research.

Maximal duckweed (Lemna) growth rates have reportedly seen doubling times in the
order of 24 hours under optimal culture conditions (Datko et al., 1980). Lemna grown in
secondary effluent has reportedly yielded biomass doubling times of 4 days under
controlled laboratory conditions (Harvey and Fox, 1973) and between 4 and 5 days in
the field (Ellis, 1983; Ngo, 1987); with each frond capable of reproducing at least 10-20
times during its approximate 35 day life cycle (Hossell and Baker, 1979; USEPA, 1988).
Hillman and Culley Jr. (1978) reported biomass doubling times for Spirodela species
grown outdoors on cattle wastewater of 1.5 to 3 days, concluding that duckweeds can
grow at least twice as fast as other higher plants. Although high growth rates are
achievable, duckweed growth does depend on, and is altered by, variations in light
intensity, temperature (Wedge and Burris, 1982), pH, wind speed, duckweed mat
density, mixing, ammonia-nitrogen concentration (Al-Nozaily and Alaerts, 2002) and
phosphorous availability (Sutton and Ornes, 1975; Hillman and Culley Jr., 1978). This
means that duckweed can be expected to respond differently based on the specific nature

of the wastewater in question and also according to localised climatological factors.

Although effective wastewater treatment can be achieved in duckweed ponds, it is
generally at a lesser degree of efficiency with regard to nutrient assimilation compared
to other macrophyte pond systems such as that of water hyacinth (Ellis, 1983). This
lower rate of uptake of dissolved nutrients (N and P) in duckweeds compared with water

hyacinth (Reddy and De Busk, 1985) relates to a lack of extensive duckweed rootstock
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and indeed the associated reduction in amount of attached periphyton (Reed et al., 1988;
Bonomo et al., 1997). Unlike water hyacinths, duckweeds—particularly Lemna
species—have a ‘no frills’ root system as a result of a progressive evolutionary reduction
of all structures non-essential to life in quiescent fresh water environments (Hillman and
Culley Jr., 1978). This simple, un-branched root structure—usually less than 10mm in
length—represents only a small fraction of the overall plant biomass (Dalu, 2003) and
can be seen in Figure 1.3 below. As a result of this, most of the biological activity in a
duckweed pond—as for a conventional un-covered WSPs—is considered to come from
heterotrophic microbes and other microorganisms within the water column (Zirschky

and Reed, 1988; Bonomo et al., 1997).

5 mm

Figure 1.3. Schematic (left) and photographic (right) depictions of the Australian native
duckweed Lemna disperma Hegelm.

Some species of Lemna are known to have a wide-ranging temperature tolerance. Lemna
gibba, for example, is capable of vegetative growth at water temperatures as low as 5°C
and up to 30°C (Oron et al., 1984) and air temperatures down to 1-3°C (Harvey and Fox,
1973); although its optimum growth temperature is in the range of 25-30°C (Wedge and
Burris, 1982; Al-Nozaily and Alaerts, 2002). Many duckweed species are well equipped
to cope with low temperatures. This resilience to low temperatures is aided by their
ability to form a ‘turion’, followed by sinking of the plant to the pond bottom where it
remains dormant until the return of warmer water promotes the resumption of normal
growth (Leng, 1996). This broad temperature tolerance has promoted Lemna species in
particular as more attractive candidates for use in wastewater treatment applications over
a much broader geographical range than the cold-sensitive water hyacinth (Edwards et

al., 1992).
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1.2.8.5.1 BODs, SS, nutrient and pathogen removal in duckweed
ponds

Generically speaking, the effectiveness of a given wastewater treatment system is
measured by its ability to reduce the levels of corresponding BODs, SS, as well as
inorganic micronutrients such as N and P (Wolverton and McDonald, 1979). In
wastewater applications, duckweed systems have demonstrated a capacity for effective
wastewater treatment in terms of nutrients (N and P), BODs and SS removal (Harvey
and Fox, 1973; Sutton and Ornes, 1975; Reddy and De Busk, 1985b; Alaerts et al.,
1996; Zimmo et al., 2002). The specifics of duckweed pond system performance do,
however, vary according to differences in local environmental parameters, pond volume
and depth, system loading and hydraulic retention time, duckweed biomass density and
harvesting regime, algal competition, as well as the particular nature of the wastewater
in question (O’Brien, 1981; Edwards et al., 1992; Oron, 1994; Alaerts et al., 1996;
Szabd et al., 1998; 1999).

A significant volume of prior research has demonstrated the treatment efficacy of
duckweed ponds for BODs and SS removal. BODs removal processes in duckweed
ponds are similar to that of a standard conventional WSP, with the plants themselves
directly contributing very little to the overall removal of BODs (Reed et al., 1995).
According to Ngo (1987), duckweed ponds can actually allow for an enhanced BODs
removal capacity in comparison with standard WSPs due to the maintenance of
anaerobic conditions which allows for constant anaerobic digestion of inflowing
organics—similar to that of a standard anaerobic WSP. As described above, the reported
performance of duckweed ponds can vary considerably based on a number of factors,
although BODs removal efficiencies are commonly in the range of 60—80% at organic
loading rates in the order of 15-30g BODs m ™ d™' (USEPA, 1988; Alaerts et al., 1996;
Karpiscak et al., 1996; Bonomo et al., 1997; van der Steen et al., 2000; Baldizén et al.,
2002; Zimmo et al., 2002; Ran et al., 2004).

SS removal in duckweed ponds is largely considered to be more effective than that
achievable in conventional WSPs—a consequence of increased algal senescence due to
shading and improved hydraulic quiescence under the surface mat (Zirschky and Reed,

1988). According to Smith and Moelyowati (2001), duckweed ponds are thought to
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remove SS primarily via: (1) physical sedimentation to pond sludge; (2) biodegradation
of organic materials; (3) adsorption or entrapment of a minor fraction by the duckweed
roots; (4) and through the inhibition of algal proliferation; although the sludge
accumulation data of Oron et al. (1987b) suggests predominantly physical removal.
Whilst the promotion of quiescent conditions under a duckweed mat is likely to enhance
the sedimentation and subsequent decomposition of SS including algal cells (Zirschky
and Reed, 1988; Mara et al., 1992), at the same time, it can also reduce the potential for
natural surface re-aeration and wind-induced mixing within the pond environment—
factors usually considered as desirable for normal pond operation (Ellis, 1983; El
Ouarghi et al., 2002). Reported performance data for SS removal efficiency in duckweed
ponds has been largely variable (as for BODs removal above), with mean SS removal
efficiencies most commonly reported in the range of 50-75% (USEPA, 1988; Zirschky
and Reed, 1988; Bonomo et al., 1997; van der Steen et al., 2000; Baldizon ef al., 2002;
Ran et al., 2004; Zimmo et al., 2002).

According to Van der Steen et al. (1998) Korner ef al. (2003) and Zimmo et al. (2004a;
2004b) duckweed systems remove N from the underlying wastewater by several
processes. Nitrogen removal is principally achieved via: ammonification; nitrification—
denitrification by attached and suspended microbes; direct plant uptake (preferentially
ammonium-N); sedimentation of particulate N; and by ammonia volatilisation; although
system interactions dictating nutrient removal are both highly interrelated and very
involved. Data from Korner ef al. (2003) suggest that N removal resulting directly from
duckweed-associated microbial processes accounts for between 35-46% of the total
system removal. Oxic—anoxic gradients in and around macrophyte beds may also lead to
enhanced denitrification—further restricting the availability of inorganic nitrogen for

phytoplankton populations (van Donk and van de Bund, 2002).

There is also some evidence to suggest a potential for N inputs in duckweed systems
through fixation by naturally occurring cyanobacterial associations, with reported
fixation rates ranging from 1-2mg (Duong and Tiedje, 1985) up to 12.5mg N m > d'
(Zuberer, 1982) or roughly 2-20% of the plant’s daily growth requirements. Despite
this, Korner et al. (2003) deemed N inputs from these associations to be an unimportant

component of the nitrogen balance in duckweed WSPs; a conclusion that seems
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ecologically feasible given the universally hypereutrophic status of WSPs. Direct plant
uptake of dissolved N reportedly contributes to 16-75% of the total system removal
(Reddy and De Busk, 1985; Alaerts et al., 1996; Korner and Vermaat, 1998; Korner et
al., 2003), however, this figure varies according to factors such as plant species, plant
biomass density, substrate N concentration and temperature (Reed et al., 1988).
Regardless of specific uptake values, the direct utilisation of ammonia by duckweed is
an anabolic, sunlight-driven process, in contrast to the catabolic, energy-consuming
microbial nitrification performed during the activated sludge treatment process (Porath
and Pollock, 1982). This ecological remediation process, whilst less rate-intensive than
activated sludge, makes nutrient removal by duckweed systems also less energy-
intensive and therefore generally less expensive than other conventional secondary and

tertiary treatment processes (Sutton and Ornes, 1975; Rao, 1986; Craggs et al., 1996).

In macrophyte-based ponds, Lemna has been reported to out-perform other floating
macrophyte species, such as water fern (Salvinia) and water lettuce (Pistia), in terms of
its capacity for N removal (particularly during winter months). Lemna has also been
reportedly capable of out-performing even the veracious water hyacinth in terms of its
winter phosphorous removal capacity (Tripathi et al., 1991); although Lemna was
ranked 3™ by the same authors in the overall ‘nutrient removal’ stakes. This trend for
winter dominance by duckweed species has been reported elsewhere, where Lemna
generally out-compe other aquatic plant species during cooler periods (Sutton and

Ornes, 1975; Sutton and Ornes, 1977; Wolverton and McDonald, 1979).

Phosphorous removal in duckweed ponds is generally seen as being limited and of
secondary importance to other wastewater parameters, due to its largely variable and
transitory treatment performance (Bonomo et al., 1997). Direct P uptake in duckweed
ponds reportedly accounts for approximately 12—73% of the total P removed in summer
and only 9-35% during winter (Reddy and De Busk, 1985), but once again the reported
performance range varies significantly (Alaerts et al., 1996; Leng, 1996; Korner and
Vermaat, 1998; Vermaat and Hanif, 1998; Korner ef al., 2003). Data from Korner et al.
(2003) suggests that a significant proportion of P removal in duckweed systems—
somewhere in the range of 31-71% of the total—is attributable to duckweed-associated

microbial biofilms. Whilst some studies have reported very high P removal rates in
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pilot-scale duckweed ponds (up to 89%; Ngo et al., 1988), macrophyte WSPs are not
generally the ‘method of choice’ for phosphorous removal; with removal rates
commonly orders of magnitude less than that achievable in parallel algal-based systems

(Reddy, 1983; Valderrama et al., 2002; Roijackers et al., 2004).

Attenuation rates as high as 30—70% for P have been achieved for duckweed grown on
domestic wastewater (Korner and Vermaat, 1998); however, these high removal rates
often come from small-scale laboratory incubations and so would not be reasonably
expected to be achievable in situ. Furthermore, continuous harvesting of plant biomass is
required in order to achieve consistently high nutrient removals of both N and P in
duckweed WSPs in order to prevent the re-release of biomass-sequestered nutrients
following inevitable plant death and decay (Zirschky and Reed, 1988; Obek and Hasar,
2002; Nhapi et al., 2003). It is possible that the limited capacity of duckweed for reliable
P removal in situ might also be influenced by the potential for anaerobic re-release of

sediment-bound P reserves, although it has so far not been reported.

The capacity for duckweed pond systems to attenuate pathogens has also been
investigated by a number of researchers. Generally speaking, the removal of indicator
organisms—namely faecal coliforms (FC) and Escherichia coli (E. coli)—in duckweed
systems, is commonly similar or slightly less effective than is achieved by conventional
WSPs. Mean reported removal efficiencies have ranged from as low as <0.5 to 1-log;
unit removals (Falabi et al., 2002; Zimmo et al., 2002) up to 3-log;p unit organism
removals (van der Steen et al., 1999; van der Steen et al., 2000), with some authors even
reporting zero FC removals in duckweed-covered systems (Dewedar and Bahgat, 1995).
It should be noted, however, that specific organismal removal magnitudes reported in
the literature vary largely as a direct consequence of experimental reactor depth and
volume, hydraulic loading regime, and also according to the prevailing environmental

conditions.

1.2.8.5.2 Advantages and disadvantages of duckweed ponds
Whilst their less advanced root system may lead to duckweeds having a lower affinity

for aqueous nutrients, at the same time, the additional costs associated with harvesting

and processing generated plant biomass are viewed as a major deterrent toward the
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integration of aquatic crops into WSP systems (Culley Jr. and Epps, 1973; Ward, 1987).
Routine plant biomass harvesting is necessary in order to ensure optimal pond
performance and reduce sludge accumulation from senescent and decaying plants; with
harvesting rate suggested to be approximately 20% of standing biomass (Reed et al.,

1988).

Al-Nozaily and Alaerts (2002) stated that “the use of duckweed has been promoted”
over other aquatic plants in macrophyte-based wastewater treatment systems. This
preferential usage of duckweed no doubt relates—to some extent—to their relative ease
of harvest compared to other aquatic species such as water hyacinth (Edwards et al.,
1992). For a smaller scale duckweed pond, partial harvest can be achieved simply by
netting or dragging a baffle across the pond surface and removing the collected plant
biomass. For larger-scale applications, duckweed harvest can be easily implemented via
the use of a floating ‘skimmer’ system (Culley Jr. and Epps, 1973; Hillman and Culley
Jr., 1978). This sort of floating system has the added advantage of less disruption to the
benthic sludge layer than that required to harvest submerged or emergent macrophytes.
This feature would no doubt be considered advantageous by pond operators, in that the
resuspension potential for previously settled materials (SS and particulate BODs) within
the pond is minimised. It should be noted that there are in fact commercially available
floating systems specifically for the mechanical harvesting of duckweed from WSPs;
however, regular harvesting does increase the capital and operational input requirements
of the technology. There is some evidence to suggest a potential for resource recovery
through on-selling of the duckweed as animal feed (Culley et al., 1981; Oron, 1994) or
through further processing of the harvested plant biomass for energy production
(Wolverton and McDonald, 1981; Smith and Moelyowati, 2001). The large-scale
practical viability of these options, however, has been the subject of past debate (Ward,

1987) and remains under contention (Nhapi et al., 2003).

One major disadvantage of the fine physical structure of duckweed, is the increased
susceptibility of duckweed to wind-dispersion (Zimmels et al., 2004). This is of greater
concern in larger ponds, where duckweed mats are recognised as being very prone to
wind fetch and are blown easily to the pond edges (Hillman and Culley Jr., 1978;

Edwards et al., 1992) resulting in sub-optimal pond surface coverage and reduced pond
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performance (USEPA, 1988). This problem can be easily overcome in small installations
by planting a border of vegetative wind-breaks (Hillman and Culley Jr., 1978; Dalu,
2003) or, for larger systems, by installing a floating containment barrier network (Dalu,
2003). This system effectively divides the pond surface into discrete ‘cells’ designed to
contain the duckweed—preventing their wind dispersion. Such a floating grid system
can be seen below (Plate 1.1) in operation at a local agricultural site in Virginia, South
Australia. Their fine morphological structure means that duckweed is also highly
susceptible to accidental discharged from ponds with surface outlets; a problem easily
overcome through the use of surface baffles in front of effluent weirs, or by increasing

the effluent take-oft depth (Rich, 2003).

Plate 1.1. Photograph of an established duckweed surface mat being contained by a
floating containment grid network.

The inherently minimalist morphology possessed by duckweed is also advantageous for
wastewater treatment applications, in that it results in a standing crop density that is
much lower than that of other aquatic plants—giving duckweed operational versatility
and high specific productivity (Alaerts et al., 1996). This simple physiology would be
considered especially appealing in situations where the floating plants simply serve as a
pond upgrade for the suppression of algal growth. In this instance, the floating duckweed
mat may serve purely as an inexpensive ‘biological cover’ for the pond, with any

participation in biological treatment an added bonus.

Heavy duckweed growth can render the underlying water anaerobic (Lewis and Bender,
1961); with oxygen transport through the duckweed mat, and the subsequent re-aeration
rate of the underlying water, a linear function of surface mat thickness (Morris and

Barker, 1977). This reduced dissolved concentration can lead to both a reduction in
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biological activity in the underlying water as well as the production of malodours (Reed
et al., 1988) and may also lead to post-aeration being required prior to discharge in some
cases (Zirschky and Reed, 1988; Reed et al., 1988). The development of anaerobic
conditions beneath the duckweed surface cover may, however, be considered a desirable
feature in some instances, given the recognised treatment efficacy of anaerobic ponds as
a pre-treatment step in some WSP configurations (Almasi and Pescod, 1996; Pescod,
1996; DeGarie ef al., 2000; Alexiou and Mara, 2003). Anoxia in duckweed ponds might
also promote microbial denitrification, thereby maximising nitrate-nitrogen (NOs-N)
removal (Reddy, 1983; Brix and Schierup, 1989) and further restricting the availability
of inorganic N for algal growth (van Donk and van de Bund, 2002).

Additionally, there is evidence to suggest some degree of photosynthetic re-oxygenation
of the underlying water directly surrounding the root zone of the floating duckweed
surface mat (Zirschky and Reed, 1988). This narrow aerobic zone near the water surface
might also contribute to the oxidation of rising gases, such as reduced products of
anaerobic organic fermentation like H,S, by providing a favourable environment for
aerobic sulphide oxidising microbes and ultimately preventing the release of malodours
(Bonomo et al., 1997; van der Steen et al., 2003). According to Ngo (1987), duckweed
ponds can actually prevent the release of malodours such as CH4 and H,S by not only
maintaining an aerobic zone near the surface (as above), but also through the promotion
of quiescent conditions at the water surface; thereby minimising the liberation of
undesirable odours from the water column as a result of surface agitation and wave
action. Other researchers have taken the view that a thick surface duckweed mat might
be able to suppress the release of both malodours (e.g. H,S) and greenhouse gases (e.g.
CH4 and nitrous oxide) from underlying waters by acting as a physical barrier that
entraps rising gas bubbles and stifles normal mass transfer processes at the water surface
interface (Hammouda et al., 1995; van der Steen et al., 2003). An executive summary of
these, along with some of the more commonly reported advantages and disadvantages of

duckweed when used as an advanced WSP upgrade, are presented in Table 1.2.
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Table 1.2. Summary of the most commonly reported advantages and disadvantages of
duckweed for the upgrading of WSP effluent (Lewis and Bender, 1961; Culley Jr. and
Epps, 1973; Dale and Gillespie, 1976; Reddy, 1983; Zirschky and Reed, 1988; Brix and
Schierup, 1989; Edwards et al., 1992; Reed et al., 1995; Bonomo et al., 1997; van der
Steen et al., 2003).

Advantages

¢ increased SS and particulate BOD5 removal through enhanced quiescent sedimentation and algal shading

¢ accelerated nutrient (N and P) removal under a sustained biomass harvesting regime

® increased thermal stability and reduced stratification potential of underlying water

® potential generation of large quantities of useful biomass for composting, animal feed or biogas production

* reduced evaporation rates, and prevention of malodor / greenhouse gas release due to floating plant 'blanket'

¢ thick surface mat can help maintain anaerobic conditions for enhanced N removal (microbial denitrification)

* reduced mosquito breeding from an inability to penetrate the surface mat as well as an anaerobic water column

Disadvantages

* possibility of anaerobsis under high BODs loading — can lead to post-aeration requirements

* susceptibility to wind dispersion necessitating a floating containment network in medium to large-scale systems
¢ reduced organic loading and removal capabilities due to lower dissolved oxygen levels

*® can experience problems maintaining year-round surface coverage (due to weather, competition and infection)
* reduced pathogen removal efficiency as a result of physical shading and stifled photosynthetic pH fluctuations

* lack of positive control with respect to effluent quality (decaying biomass may also contribute to final SS / BOD5)
* capital inputs required for continuous biomass harvesting, and possibility of sludge resuspension during harvest

1.2.8.5.3 Duckweed as an advanced in-pond upgrade for algal
solids removal

The upgrading of WSPs with aquatic plants has opened avenues for the cost-effective
and efficient conversion of aqueous BODs, to a tangible, more controllable and readily
removable plant biomass (Rao, 1986). The majority of prior research involving
duckweed grown on wastewater has been focused on: their nutrient removal efficiency
(Reddy and De Busk, 1985b; Obek and Hasar, 2002); their production as a useable
proteinaceous biomass (Culley Jr. and Epps, 1973; Oron et al., 1987a; Oron and Willers,
1989; Oron, 1994); their usefulness for composting and biogas (methane) production
(Wolverton and McDonald, 1981); their potential role in the sequestration of heavy
metals (Hammouda et al., 1995; Boniardi ef al., 1999); and/or their role in pathogen
removal (van der Steen et al., 2000; Awuah et al., 2001; Awuah et al., 2002; Falabi et
al., 2002). In contrast to this, very little research effort has been concerned with
assessing the potential of macrophyte systems as an advanced treatment technology for

the upgrading of WSP effluents, purely with the goal of enhancing algal solids removal.
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SS (and hence particulate BODs) removal in duckweed ponds is largely considered to be
more effective than that achievable in conventional WSPs; something thought to be a
consequence of increased algal senescence due to shading and improved hydraulic
quiescence under the surface mat (Zirschky and Reed, 1988; Korner et al., 2003). As
discussed previously (Section 1.2.8.5.1), duckweed ponds are thought to remove SS
primarily via: (1) physical sedimentation to pond sludge; (2) biodegradation of organic
materials; (3) adsorption or entrapment of a minor fraction by the duckweed roots; (4)
and through the inhibition of algal proliferation. In addition to these processes, there is
also evidence to suggest that other factors may contribute to an accelerated algal
removal in macrophyte systems, such as antagonistic allelopathy and zooplankton grazer
effects (Ehrlich, 1966; Fitzgerald, 1969; Hutchinson, 1975; Hillman and Culley Jr.,
1978; Gopal and Goel, 1993; van Donk and van de Bund, 2002).

While many authors have reported on the SS and BODs removal efficacies of duckweed
pond systems, few have specifically reported on algal removal potential. Although there
have indeed been a small number of authors reporting on algal removal potential in
duckweed-covered ponds (Oron et al., 1987b; Ngo et al., 1988; Zirschky and Reed,
1988; Hammouda et al., 1995; Bonomo et al., 1997; Valderrama et al., 2002), of these
studies, almost all have been qualitative observations or inferences surrounding algal
removal; with Valderrama et al. (2002) and Zimmo et al. (2002) the only authors
formally offering quantitative data (in the form of either direct algal counts or
chlorophyll a concentration). Given the overbearing influence of algal biomass on BODs
and SS in particular (see Section 1.2.5), one of the aims of the current research was—in
addition to assessing the gross SS and BODs removal potential of duckweed ponds—to
attempt to quantify algal removal potential in duckweed ponds. In order to achieve this,
algal biomass (chlorophyll a) levels were quantified, in addition to directly investigating
phytoplankton community dynamics in duckweed-covered ponds compared with un-
covered controls. Zooplankton populations were also monitored alongside
phytoplankton to look for potential differences in grazer populations between un-
covered and duckweed-covered ponds; populations that may contribute toward

enhancing the algal removal capacity of duckweed systems.
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1.2.8.6 Rock filtration as an advanced WSP upgrade

A rock filter consists of a submerged bed of typically coarse aggregate rock media
through which the inflowing wastewater percolates horizontally under gravity flow
(Figure 1.4). Although some rock filter systems have inlet and outlet configurations to
allow for vertical ‘bottom-up’ flow, the most common configuration for rock filtration is
the horizontal-flow pattern (USEPA, 2002a). Additionally, because these vertical-flow
rock filters are likely to be less suitable as post hoc in-pond upgrades (due to difficulties
associated with attaining vertical hydraulic flow patterns in situ) they will not be
discussed in any further detail. It should also be noted that rock filter operational
principles and treatment mechanisms remain essentially the same regardless of the
particulars of their hydraulic flow regime, and so no further distinction will be made

between vertical and horizontal-flow systems.

Figure 1.4. Schematic cross-section of a rock filter bed showing the typical horizontal-
flow configuration (modified from Powell et al., 1998).

The concept of the rock filter was originally developed in Kansas, USA in the early
1970s (Martin, 1970; O’Brien et al., 1973; Hirsekorn, 1974). According to the USEPA
(2002a) there are currently around 20 operational rock filter systems in the United
States, with most having been constructed between 1970 and 1985. The origins of the
rock filter most likely come from vertical-flow trickling filters, and in essence, a rock
filter can be seen simply as a completely fluidised trickling filter bed operated under
horizontal- rather than vertical-flow conditions. Particle size distribution of the rock
media is most commonly relatively coarse—in the order of 5-15cm (Middlebrooks,
1995). Some work has been carried out using rock filters with a somewhat smaller rock

aggregate size <13mm (Saidam et al., 1995; Johnson and Mara, 2002) although this has
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been associated with: a reduced rock filter void space volume and hydraulic retention
time (Mara et al., 2001); accelerated filter head loss (Archer and Donaldson, 2003); and
is generally thought to result in reduced filter performance (Middlebrooks, 1988).
Furthermore, both Saidam et al. (1995) and Johnson and Mara (2002) both reported no

performance benefits associated with the use of these smaller size rock aggregates.

1.2.8.6.1 Rock filters for final effluent polishing: nutrients; BODs;
and SS abatement

Generally speaking, and according to Liao and @dergaard (2002), wastewater treatment
is to a very large extent a ‘simple’ matter of particle separation. This is largely a
consequence of the fact that the majority of wastewater pollutants exist in particulate or
colloidal form (Liao and @dergaard, 2002) and also because most microorganisms in
suspension within biological wastewater treatment reactors (such as WSPs) are present
in aggregate flocs rather than as discrete entities (Li et al., 2003). This implies a
predominantly physical treatment modality for most wastewater treatment processes, of
which rock filtration is no exception. Infiltrating particulates, including both organic and
inorganic solids, settle out of suspension and become entrapped by or attached to the
surfaces of the rock media, such that treatment within the body of the rock filter is said
to be achieved primarily through physical means (Martin, 1970; Hirsekorn, 1974; Stutz-
McDonald and Williamson, 1979; Swanson and Williamson, 1980; Rich, 1988);
although settled organic materials must ultimately be biologically degraded. There is
some evidence to suggest that solids removal is assisted somewhat by attached biofilms
within the rock filter (O’Brien et al., 1973; Hirsekorn, 1974; Swanson and Williamson,
1980); however, the overall consensus from critical assessment of rock filter treatment

mechanisms is that physical sedimentation facilitates the bulk of treatment performance.

Because of their overwhelmingly physical nature in terms of treatment delivery, rock
filters are most commonly designed for final WSP effluent SS and associated particulate
BODs removal. Whilst rock filter treatment is predominantly physical, the rock media
does also provide a significant amount of supplemental inert surface area (=45m” m °;
Metcalf and Eddy, 2002) for additional biological treatment processes such as
nitrification and denitrification (Martin, 1970; Johnson and Mara, 2002; Archer and

Donaldson, 2003) as well as habitat for invertebrate (protozoan and metazoan) grazing
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activities (Shelef and Azov, 2000). In this sense, a rock filter functions as both an in situ
physical ‘strainer’ as well as a coarse media biofilter to achieve a combination of both

physical and biological wastewater treatment processes.

Because of the high percentage of ‘dead’ rock media volume within a rock filter
(commonly 50-60%), hydraulic loadings are typically low to allow for the sufficiently
low hydraulic flow velocities required for effective sedimentation of suspended
particulates. Operational rock filter hydraulic loadings within the relevant literature are
most commonly reported to be within the range of 0.15-0.8m> m™ d' and most
commonly <0.5m’ m> d (Hirsekorn, 1978; Swanson and Williamson, 1980; USEPA,
1983; Middlebrooks, 1988; Saidam et al., 1995; Mara, 2003; von Sperling and de
Andrada, 2006; Johnson et al., 2007); with a typical linear reduction in performance
efficiency reported with increased hydraulic loading (USEPA, 1983; Swanson and
Williamson, 1980; Tanner et al., 2005). Mara et al. (2001), for example, operated
experimental rock filters at hydraulic loadings of 1.0-2.0m®> m™ d' but reported a
significant reduction in overall rock filter performance (with respect to BODs,
chlorophyll a, SS removal) when operated at higher hydraulic loadings. Similarly,
USEPA (2002a) reported rock filter hydraulic loadings of up to 1.2m° m™> d', with
inconsistent effluent quality a common symptom under high volumetric loading regimes.
Whilst their effectiveness at removing suspended particulates is well documented, rock
filters are largely recognised as being inefficient for the removal of dissolved nutrients
such as NH;-N and PO; -P. A limited capacity for phosphorous removal has been
reported within the literature (Saidam et al., 1995; Johnson and Mara, 2002); however,
removals are widely variable and commonly negligible, such that phosphorous removal

is not generally considered as part of normal rock filter treatment outcomes.

Whilst there have also been a limited number of reports of NH3-N removal following
rock filtration (Martin, 1970; O’Brien et al., 1973; Mara et al., 1992; Johnson and Mara,
2002; Archer and Donaldson, 2003), they are not designed nor installed for achieving N
removal. This is primarily due to the fact that rock filters are commonly hypoxic or
anoxic in operation; conditions that favour the anaerobic remineralisation of digested
organics, whilst at the same time restricting aerobic microbial processes such as

nitrification. Some authors have actually reported an increase in effluent NH;3-N
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concentration (Mara et al., 2001), but in spite of this, their low cost and simple operation
make rock filters attractive for small installations that are not subject to ammonia
discharge limits (USEPA, 2002a). Furthermore, under anaerobic conditions, undesirable
compounds such as HS and various organic acids may also be generated (Stutz-
McDonald and Williamson, 1979)—causing additional problems for treatment plant
operators. There has been a small volume of more recent work involving the use of
aerated rock filters for the promotion of aerobic operation to combat these problems
associated with filter anoxia (Johnson and Mara, 2005; Mara and Johnson, 2006; Mara
and Johnson, 2007); however, this research is not discussed as part of the current review.
A summary of the most commonly reported advantages and disadvantages of rock

filtration for the upgrading of WSP effluents is provided in Table 1.3 below.

Table 1.3. Listing of the most commonly reported advantages and disadvantages of rock
filtration for the upgrading of WSP effluent (USEPA, 2002a; Middlebrooks, 1995).

Advantages

* demonstrated capacity for reliable and consistent SS (and associated particulate BODs/COD) removal

* relatively low associated capital establishment and operational costs
* highly simplistic mode of operation
* potential for additional nitrogen removal under conditions of low organic loading (e.g. maturation pond effluent)

* high rate of annual capital recovery of the technology compared to alternative algal removal technologies

Disadvantages

* possibility of malodors and the potential requirement for post-treatment effluent aeration due to anaerobic operation

* possibility of exceeding ammonia discharge limits due to anaerobic remineralization of settled organic nitrogen
*® operational lifespan is dependent on individual loading criteria, and so is variable (10-25 years within the literature)
¢ absence of rigorously established filter cleaning protocols

® lack of positive control with respect to effluent quality (i.e. treatment relies solely on passive remedial processes)

As discussed earlier, increasingly stringent wastewater discharge guidelines throughout
the world are making it necessary to upgrade final WSP effluents to ensure that they
comply with these water quality criteria. It has also been highlighted above, that it is
often difficult for conventional WSP systems to meet such effluent quality requirements
(especially with respect to SS and BODs) and so final WSP effluents must undergo
additional ‘polishing’ prior to final disposal. Middlebrooks (1995)—following a review
of a range of technologies for final polishing of maturation pond effluents—concluded
that rock filters were especially suitable for this task, and that they also offered

“dramatic” cost advantages over other upgrade technologies. Similarly, and in spite of
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the technology itself being recognised as old, Brissaud (2008, p. 7) concluded that rock
filters still had the capacity to “lead to the considerable enhancement of (stabilisation)
pond system performance.” Rock filtration was, therefore, included in this research as a

potential means of achieving cost-effective final WSP effluent polishing.

1.2.8.7 Artificial attached-growth media

Qdegaard et al. (1994) highlighted the fact that there had been a trend of ever-increasing
interest in biofilm processes for both municipal and industrial wastewater treatment.
This interest has since led to an increase in the development of new so-called ‘biofilm
reactors’ for wastewater treatment. Conventional WSPs are, by nature, predominantly
‘suspended-growth’ biological treatment systems (ignoring the fact that suspended
microbes might actually be attached to substrate particulates in suspension). The concept
of attached-growth media (AGM) systems in a WSP context implies, in its simplest
form, the addition of some kind of physical substrate to a pond environment in order to
support further biological growth. Beyond this, it could be most adequately described as
the addition of a synthetic, low density, high surface area media to a WSP system in

order to facilitate treatment.

The initial concept of adding AGM to WSPs to form what is known as an attached-
growth WSP (AGWSP), was first conceived by Shin and Polprasert (1987) as a means
of intensifying the biological activity within a pond and therefore potentially reducing
the extensive land area requirements normally associated with the technology. The
authors observed densities of heterotrophic microbes in laboratory-scale AGWSP
systems to be an order of magnitude (some 60%) greater than in conventional WSP
reactors—adding weight to the initial concept of an intensified pond biology. Since that
time, and since the discussion paper of Parker (1988) highlighted their “considerable
promise for achieving space and cost reductions” in wastewater treatment applications,
there has been an ongoing recognition of the potential for the use of AGM systems in
general wastewater treatment applications. Lessel (1991) highlighted the potential of
using submerged biofilm reactors as a means of combining the traditional contact
oxidation process (like that of a trickling filter) with the suspended biomass process (like

that of activated sludge or WSPs)—the aim being an intensification of overall biological
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treatment processes. This is essentially the theory behind AGWSP systems, where it is
thought that both physical contact and suspended biomass oxidation processes can be

exploited as a way of enhancing conventional WSP treatment.

AGWSPs represent a new approach to increasing the functional biomass of traditional
WSPs with the desired outcome of accelerating and improving overall treatment
efficiency (Pearson, 1996). Early research has demonstrated the elevated treatment
efficiency of AGWSPs for the removal of organics, ammonia and some heavy metal
compounds (Shin and Polprasert, 1988; Polprasert and Charnpratheep, 1989; Polprasert
and Sookhanich, 1995). In spite of these promising findings, there has been only a very
limited amount of research focusing on the use of in situ artificial media in WSP
environments. Prior work has most commonly involved the use of PVA or PVC ‘strings’
or ‘fibrous carriers’ as a way of bolstering the available surface area for enhanced in-
pond treatment (Shin and Polprasert, 1987; Polprasert and Charnpratheep, 1989; Peishi
et al., 1993; Polprasert and Sookhanich, 1995; Zhao and Wang, 1996; Lapolli et al.,
2006). Other work has involved the use of polyethylene ‘plate’ type AGM (McLean,
1999; McLean et al., 2000) and there have also been a limited number of other
miscellaneous media substrates that have been investigated as in situ biofilm
intensification or pond upgrade techniques (Kilani and Ogunrombi, 1984; Lessel, 1991;

Nambu et al., 1991).

1.2.8.7.1  Microorganisms and biofilm processes in AGWSPs

Although the small surface area-to-volume ratio of classical WSPs precludes surface
biofilms from playing a major role in the wastewater treatment process (particularly in
very large WSPs), prior work has suggested that biofilms attached to pond surfaces—
such as baffles, side walls and pond bottom—can play a significant role in waste
substrate utilisation and the overall stabilisation process in conventional WSPs
(Reynolds et al., 1975; Baskaran et al., 1992; Polprasert and Agarwalla, 1994; Polprasert
and Agarwalla, 1995). Polprasert and Agarwalla (1995), for example, found that 46—
49% of the total BODs removal in pilot-scale facultative WSPs could be attributed to the
treatment activity of biofilms attached to the side walls and pond bottom. Muttamara and

Puetpaiboon (1997) made reference to this also, offering the possible enhancement of
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attached biofilm biomass within baffled WSPs as an explanation for the observed
increase in treatment performance. It is therefore feasible that the overall treatment
processes might be accelerated or enhanced by supplying large amounts of additional
surface area for biofilm development. This is fundamental basis for the use of attached-

growth media in WSPs.

Lessel (1991) and Nambu et al. (1991)—both reporting on the use of AGM in the
activated sludge process—discussed how the presence of additional physical substrate
promoted the development of both a higher density and also a wider array of
microorganisms (including higher organisms such as nematodes) which could feasibly
be consuming particulate organics at the same time as the suspended processes are
occurring. Zhao and Wang (1996) also reported a significant abundance of protozoan
and also higher metazoan populations (such as round worms, rotifers and Daphnia)
associated with the AGM in their system—organisms that can play an important role in
the wastewater stabilisation process (Mitchell, 1980). This amplified biomass density in
AGM systems was said to also further increase the relative buffering capacity of the

treatment process against fluctuations in influent quality and quantity.

Whilst an increase in the quantity of active in situ biomass may promote accelerated
treatment within a WSP, at the same time, the large biofilm surface area-to-volume
ratios of AGWSPs means that the system is also inherently subjected to increased ‘mass
transfer’ limitations for general biological processes. At very high biomass densities, the
overall rate of treatment may therefore be limited; either by the concentration of waste
products, or just as easily by the competition-induced reduction in oxygen availability
within the system. In this sense, the biomass density will most likely be self-limiting
according to the physicochemical environment within the AGWSP, but it can be
appreciated also that any surplus AGM added to the system will not be biologically
utilised and may even be detrimental to overall pond performance (in terms of flow

hydraulics and HRT) or in the very least an unnecessary waste of resources.

Another consequence of the large biomass surface area-to-volume ratio—as alluded to
above—is the issue of maintaining an adequate oxygen supply. Large quantities of

attached heterotrophic biomass could easily exert a significant and labile source of
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respiratory BOD within the system, potentially leading to the development of anaerobic
conditions during periods of low DO (e.g. nighttime). In spite of this being a logical and
no doubt prominent concern for such systems, only a handful of researchers have made
note of DO concentrations within their AGWSPs (e.g. Zhao and Wang, 1996; McLean et
al., 2000) and only one of those accounts was quantitative (i.e. McLean et al., 2000). In
this sense, it is likely that AGM systems used for the upgrading of WSPs may be
susceptible to similar oxygen supply limitations as those already discussed for rock
filters (Section 1.2.8.6.1). DO levels were, therefore, monitored as part of this research
in order to investigate the issue more closely. A summary of the potential disadvantages

and advantages of AGM as an advanced WSP upgrade is shown in Table 1.4.

Table 1.4. Summary of the most commonly reported advantages and disadvantages of
using attached-growth media for the upgrading of WSP effluent (Shin and Polprasert,
1987; Lessel, 1991; Nambu et al., 1991; Polprasert and Sookhanich, 1995; Zhao and
Wang, 1996; McLean, 1999).

Advantages

* significant increase in physical sites for SS and particulate BOD5 removal through entrapment and/or sedimentation

* evidence of a capacity for reliably producing consistently higher quality effluent (NH,*-N, SS, BOD5/COD)

* evidence to suggest good removal of soluble organics and nutrients — not just particulates as for rock filtration
* significantly enhanced biofilm density, and hence potentially accelerated rate of treatment performance

* very high specific surface area compared with rock filter media (1 order of magnitude greater or more)

¢ significant reduction in 'dead' volume compared with a traditional rock filter (90-95% voids compared with 40-50%)

Disadvantages

* large quantities of attached biomass could exert a significant respiratory BOD, possibly leading to anaerobsis under

high organic loading or during periods of low dissolved oxygen (e.g. nighttime)
* lack of positive control with respect to effluent quality (as for rock filtration)
® lack of long-term large-scale performance data due to it being a relatively novel and under-researched technology
*® absence of rigorously established design criteria (for reasons as above)

* inherently increased susceptibility to mass transfer limitations at high surface area to volume ratios

1.2.8.7.2 AGM for final effluent polishing: SS; BODs; and nutrients
abatement

The majority of work involving AGM and WSPs has focused on the removal of
dissolved nutrients or heavy metals, with only a limited number of studies reporting on
SS and/or BODs removal in AGWSPs (Shin and Polprasert, 1987; Peishi et al., 1993;
Zhao and Wang, 1996; McLean, 1999; McLean et al., 2000) and even less specifically
investigating algal solids removal (Shin and Polprasert, 1987; McLean et al., 2000).

Prior research has shown the significant capacity of AGM to improve conventional WSP
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treatment. Whilst specific performance data is both scarce and also largely variable
within the literature (according to differences in AGM specific surface area, media
packing density, wastewater strength and volumetric loading regime), AGWSP systems
always perform at least as well as, and in most cases better than, conventional control
ponds. Specific performance data for SS removal efficiency in AGWSPs varies
according to the operational criteria, but SS concentrations in AGWSP effluent are most
commonly in the order of 5-45% lower than for conventional controls. Despite this
relatively low volume of research effort into attached-growth systems, Pearson (1996, p.
3) concluded that there appears to be “little doubt of its potential” for enhancing WSP
treatment efficiency. The current research therefore has a particular focus on SS and
BODs abatement in AGM systems when used in final WSP effluent polishing

applications.

1.2.8.7.3 Fixed-bed horizontal-flow AGM
Because of the relatively concise body of research on the application of AGM to WSP

systems, the technology is far from being fully established and well understood. In
addition to being under-researched, much of the prior work has focused on non-fixed-
bed ‘passive flow’ AGM, whereby discrete arrangements of non-rigid ‘strings’ of AGM
are suspended within the WSP environment around which the water then flows in a
random fashion. The only exception to this media arrangement has been the work of
McLean (1999) and McLean et al. (2000). In this work, the AGM was indeed installed
in a ‘fixed-bed’ arrangement (polypropylene sheets oriented vertically and
longitudinally); however, this AGM extended only part of the pond depth and there was
also no significant horizontal component to the added media. An obvious drawback to
having a non-fixed-bed type media, is the requirement for additional support structures

in order to maintain the AGM in suspension—a problem afflicting all prior research.

Following on from these realisations, an entirely novel form of AGM was investigated
during this research for the upgrading of WSP effluent. The novel media selected for
investigation during the current research was chosen based on it satisfying a number of
preliminary selection criteria:

e low density and high void volume;
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e rigid and self-supporting nature;
¢ high specific surface area for biological growth;

e horizontally- as well as vertically-oriented media planes.

The particular type of media chosen for advanced WSP treatment application as part of
this research project is shown in Figure 1.5. It consists of a rigid polypropylene
‘honeycomb’ design and has traditionally been applied used in trickling biofilters rather

than WSPs.

Horizontal-flow
Attached biofilm AGM

Figure 1.5. (a) Close-up view of a novel, horizontal-flow attached-growth media for use
in WSP applications, and (b) schematic representation of the biofilm attachment and in
situ horizontal-flow regime.

It was thought that this so-called ‘horizontal-flow” AGM, despite having traditional
application in non-submerged vertical-flow trickling filters, would be able to function
under a fully submersed and horizontally-oriented arrangement within a WSP
environment. In a similar way to other classical sedimentation devices such as ‘plate’ or
‘tube settlers’, horizontal-flow AGM systems might allow for an increase in
sedimentation effectiveness by significantly increasing the relative settling area per unit
volume (Korkut, 2003). In such systems, SS removal can also be assisted by the growth
of biofilms on the media surfaces that can then assist in the attraction and retention of
small particles (Characklis, 1990), as well as the potential for electrical charge
interactions between infiltrating particulates and the media surface further encouraging
particulate attachment (McDowell-Boyer et al., 1986; Stevik et al., 2004). Under this
configuration, it was anticipated that the horizontal-flow AGM might therefore serve not
only as supplemental physical support media for enhanced biological activity, but would

also significantly increase the number of horizontal ‘sedimentation planes’ for enhanced
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physical removal of SS particulate BODs. In this sense, the horizontal-flow AGM, as
well as being an active biofilter, may achieve effective solids retention in a similar way
to that of a rock filter. Unlike a rock filter, however, the horizontal-flow AGM might
offer the added advantages of a much greater specific surface area (150m> m™ as
opposed to around 40m*> m ) and an approximate 100% increase in void space volume;
resulting in a reduced dead volume and a subsequent increase in HRT for more effective

treatment. To the author’s knowledge, this is an entirely novel application for this type

of biofilter media.

1.3 Local WSP systems
Waste stabilisation ponds are used extensively throughout Australia (Mitchell, 1980).

WSPs in South Australia in particular cover a total area of around 425ha (Mitchell,
1980), including over 180 so-called community waste management (CWM) schemes,
and serve in total over 820,000 people (Palmer et al., 1999; Buisine and Oemcke, 2003).
Australia is particularly well suited to the adoption of WSP technology as a result of the
high annual sunlight levels and also the relative abundance of expansive and inexpensive
land—particularly in rural areas. Far and away the largest of these installations is located
at the Bolivar WWTP 18km north of Adelaide, South Australia. Here the climate is
Mediterranean, with hot dry summers (29°C/16°C) and temperate winters (16°C/7°C;
Sweeney et al., 2003).

1.3.1 Bolivar WSPs
Commissioned in three stages from 1964 to 1969, the Bolivar WWTP (Plate 1.2) treats

effluent from a population equivalent of 1.3 million people, comprising domestic
effluent from in excess of 700,000 people and industrial effluent representing a
population equivalent of about 600,000 (Hine, 1988; Buisine and Oemcke, 2003). The
treatment train incorporates a preliminary mechanical screening step followed by pre-
aeration, grit removal and primary sedimentation. Effluent then undergoes activated
sludge treatment, secondary-level clarification, and final tertiary-level treatment; with
the wastewater then flowing into the largest WSP system in the Southern hemisphere.
Spanning an area of 346 ha, the two parallel sets of three lagoons have a nominal

operational depth of approximately 1.3m, allowing for a 30-35 day hydraulic residence
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time at an average flow rate of around 145ML day ' (Hine, 1988; Buisine and Oemcke,
2003; Sweeney et al., 2005a). Detail on the geometry and hydraulic configuration of the
largest and most extensively studied pond in the Bolivar network (Pond 1) can be found
in Sweeney et al. (2003) and additional information on Pond 1 can also be found in a

number of publications by the same author (Sweeney et al., 2005a; 2005b; 2007).

Plate 1.2. An aerial view of the expansive Bolivar WSP system, located north of
Adelaide, South Australia (photograph courtesy of Keremane and McKay, 2006).

Australia is recognised as being one of the driest continents on Earth. Anderson (1996)
highlighted the need for more diligent water management of both Australia’s natural
water allocation and also the requirement for better use, and reuse, of the precious
resource—citing reclaimed wastewater initiatives among other potential future strategies
for water conservation. Prior to 1999, 100% of the final WSP effluent from the Bolivar
WWTP was discharged into the adjacent St. Vincent Gulf via a 13km long open ocean
outfall channel. Since then, and following a commitment from the South Australian
Water Corporation and local authorities to an Environmental Improvement Programme,
the Bolivar WWTP was supplemented with a 150 ML d ' quaternary-level DAF/F plant.
The AUS$S55 million scheme draws tertiary effluent from the Bolivar WSPs and delivers
high quality reclaimed water for use within the local horticulture industry and
throughout the neighboring agricultural belt north of Adelaide. The Bolivar DAF/F

plant, as part of Australia’s largest high-quality reclaimed water reuse operation, delivers
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high quality treated effluent to over 250 growers from approximately 200km® of
surrounding agricultural land through the Virginia Pipeline Scheme (Huijbregsen et al.,

1999).

As part of an ongoing investigative research collaboration (between the South Australian
Water Corporation, United Water International and numerous external collaborators),
work by Bosher et al. (1998), Buisine and Oemcke (2003) and Martyn et al. (2004) has
identified particular WSP phyto- and zooplankton species as having an adverse impact
on DAF/F plant operation and performance (namely algal species of Euglena, Chlorella
and Chlamydomonas as well as copepod and cladoceran zooplankton); with the presence
of these organisms in the DAF/F influent resulting in enhanced and undesirable turbidity
breakthrough, premature filter-bed clogging and advanced headloss accumulation. The
presence of large numbers of these plankton populations has also necessitated some
adjustments to DAF/F plant chemical dosing regimes in order to meet the relevant
treated water quality criteria. These alterations to DAF/F treatment protocols have come
in the form of an increase in the levels of chemical coagulant/polymer required to

achieve the same level of treatment performance.

At the time of initial assessment, Buisine and Oemcke (2003, p. 363) deemed that such
process alterations had “proven efficient in treating the raw water to turbidity standards,
but at a considerable chemical cost and to the sacrifice of the treated water pH
requirement”. Buisine and Oemcke (2003, p. 362) also suggested that in order “fo save
on chemical use, and to ensure compliance with pH and aluminium levels as well as
turbidity, we need to develop alternatives”. Consequently, plankton community
dynamics following treatment by the selected advanced in-pond treatment upgrades was
monitored during the course of this research in order to assess the likely ecological
effects of the various WSP upgrades and how they may in turn impact on down-stream

DAF/F process performance.

Large quantities of suspended particulates and algal cells in pond effluents destined for
agricultural reuse applications can impose significant problems for irrigation
infrastructure networks; particularly low-flow drip-irrigation systems, where physical

blockages can result (Teltsch et al., 1992; Taylor et al., 1995; Ravina et al., 1997). In
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addition to physical blockages of irrigation networks, high levels of algal biomass in
reuse water increases the potential for re-growth in storage basins as well as increasing
the required disinfection dosage and reducing disinfection residuals (Heidenreich et al.,
2004); something which can then lead to the undesirable growth of biofilms in
distribution pipelines (Bosher et al., 1998). Given that the Bolivar WSP effluent is
typically highly variable in terms of both numeration and speciation of its algal
populations (Heidenreich et al., 2004), it can be appreciated that any WSP upgrade
capable of stabilising the quantity and/or quality of planktonic biota in the final effluent

would be of considerable value to on-site DAF/F plant operation.

1.3.1.1 Bolivar WSP plankton ecology

Currently, phytoplankton population dynamics (i.e. total counts and species
composition) in the Bolivar WSPs are unpredictable and have exhibited no discernible
relationship to seasonal parameters (Heidenreich et al., 2004; Martyn et al., 2004). This
is despite the fact that seasonal parameters, such as temperature and solar irradiance, are
recognised to have a prominent and influential role in temporally regulating the seasonal
periodicity of algal populations in the natural environment (Pearson, 1990; Tharavathi
and Hosetti, 2003; Reynolds, 2006). The largely variable and unpredictable Bolivar
WSP algal ecology was thought to have developed as a consequence of the relatively
recent commissioning of an up-stream activated sludge plant in 2001 (Cromar et al.,
2005; Sweeney et al., 2005). The activated sludge plant installation has resulted in a
dramatic improvement in the overall treatment train efficiency and has significantly
lessened the nutrient loading on the Bolivar WSPs. Whilst this resulted in an overall
improvement in WSP performance and reduced the concentration of algal SS in final
effluents, it has at the same time led to a more variable algal ecology, which in turn has
led to unpredictable and often undesirable process ramifications for down-stream DAF/F
treatment performance. A summary of some of the more commonly observed algal

species within the Bolivar WSP network is given in Table 1.5.
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Table 1.5. Typical phytoplankton species found in the Bolivar WSPs (modified from
Buisine and Oemcke, 2003; Herdianto, 2003; and Martyn et al., 2004).

Taxonomic Phyla Morphology Motility = Gas vacuoles
Chlorophyta (green algae)
Actinastrum Colony Non-motile No
Ankistrodesmus Single cell Non-motile No
Chlamydomonas Single cell Motile No
Chlorella Single cell Non-motile No
Closterium Single cell Non-motile No
Coelastrum Colony Non-motile No
Dictosphaerium Colony Non-motile No
Micratinium Colony Non-motile No
Oocystis Colony Non-motile No
Scenedesmus Colony Non-motile No
Euglenophyta
Euglena Single cell Motile No
Cyanobacteria
Arthrospira Filamentous Non-motile Yes
Lyngbya Filamentous Non-motile No
Microcystis flos-aquae Colony Non-motile Possible
Phormidium Filamentous Non-motile No
Planktothrix Filamentous Non-motile Yes
Pseudanabaena Filamentous Non-motile No
Chrysophyta (golden algae)
Mallomonas Single cell Motile No
Chryptophyta
Chroomonas Single cell Motile No
Cryptomonas Single cell Motile No
Bacillariophyta (diatoms)
Cyclotella Single cell Non-motile No
Navicula Single cell Non-motile No

This natural variability and unpredictability in the in situ plankton community structure
has made it difficult to develop and optimise DAF/F plant treatment regime in terms of
the optimal chemical dosing strategy required for a given influent quality (Heidenreich
et al., 2004). In an attempt to manage this algal problem, actively combatant strategies
need to be developed and implemented within the WSP environment. In order to achieve
this dynamic management approach, there is firstly a need for fusion of the two
treatment processes. Indeed it has been suggested that “if we treat the WSPs as the first
stage of the DAF/F plant, it is likely that we can manipulate them to alter the species
composition of the lagoons” (Buisine and Oemcke, 2003; p. 362). One can appreciate
that when these treatment stages are treated and operated independently, there is little
scope for interactive operational modifications; since each treatment step is seen simply

to function as a discrete process. What is required instead, is more active consultation
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between DAF/F plant and WSP operators to allow for performance feedback as to “what
works” in terms of WSP effluent and DAF/F treatment performance, and just as

importantly “why?”

The heightened algal variability within the Bolivar WSP network is probably also a
consequence of the reduced trophic state within the WSPs, whereby they have gone
from a consistently nutrient-rich ‘hypereutrophic’ pre-activated sludge plant state, to a
situation where they are now commonly situated at the lower bounds of the ‘eutrophic’
classification (Carlson, 1977). In other shallow freshwater environments, for example, a
reduction in nutrient abundance and corresponding trophic state (from hypereutrophic
downward) is commonly accompanied by an increase in phytoplankton species richness
and diversity (Watson et al., 1997; Olding et al., 2000; Romanuk et al., 2006) such that
this could go partly toward explaining some of the increased variability in resident algal
populations. In actuality, the installation of the activated sludge plant has been so
effective at reducing the nutrient load on the WSP network, there is evidence to suggest

that the Bolivar WSPs at times are nutrient (N)-limited (Cromar et al., 2005).

Considering the above operational issues surrounding the Bolivar WSP network, one
might be justified in asking the question “Why not bypass the pond system and avoid the
problem of undesirable algal and zooplankton growth all together?” The answer as to
why the WSPs remain a desirable inclusion in the Bolivar WWTP is that they provide
invaluable and advanced pathogen disinfection, whilst at the same time serving as a
large water storage reservoir (4 gigalitres) for the maintenance of an hydraulic buffer up-
stream of the DAF/F plant during summer periods of peak water demand (Huijbregsen et

al., 1999; Sweeney et al., 2005a).

1.3.1.2 Active management strategies for the Bolivar WSPs
As discussed above, it is theoretically possible that there may be potential capacity for

‘active control’ of the WSP environment in order to bring about a more favourable final
effluent quality. Several interventionist strategies were outlined by Buisine and Oemcke

(2003) as possibilities for achieving this prospective manipulation of WSP effluent (and
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hence DAF/F influent) quality and bringing about positive-control in terms of the

plankton community structure present in final WSP effluents. These included:

1. variable depth effluent off-takes to manage problem algae that are motile and can
preferentially ‘float’ at or near the surface (such as Euglena species), so as to avoid
taking them into the DAF/F plant in high numbers;

2. alternating between WSP outlets to suit prevailing wind conditions (as certain wind
conditions may concentrate these organisms around particular outlets of the WSP);

3. changes in WSP habitat, such as increasing the available surfaces for grazing

protozoa and zooplankton;

4. shading with a synthetic structure or with floating macrophytes;

5. mixing the whole lagoon, or mixing near the outlet; or,

6. depth-profiling of the WSP.

Option 1 above has been investigated previously by Herdianto (2003) and was found not
to be a viable management strategy for the reduction of effluent algal solids in the
Bolivar WSPs. Options 3 and 4 in the above list have also been underlined because they
encompass the particular areas of interest for this research (i.e. rock filtration, attached-

growth media addition and duckweed surface coverage).

Since duckweed ponds are generally recognised to produce effluents with low
concentrations of SS (Kdorner et al., 2003), it is anticipated that the technology could
offer significant potential for reducing the treatment load on the Bolivar DAF/F plant. In
fact, the use of duckweed for tertiary-level post-treatment is a recognised technology in
the United States (Alaerts et al., 1996), with the U.S. Environmental Protection Agency
approving it as an innovative/alternative wastewater treatment technology (Ngo, 1987).
Following an extensive literature search, it was discovered that there exists very little
local work on the use of duckweed in wastewater treatment applications. This is in spite
of the concept having been proposed some 20 years ago by Hine (1988) as a means of

controlling high concentrations of algal SS in the Bolivar WSP effluent.

Leng (1996)—reporting on pilot investigations performed in the Hunter Valley of New
South Wales—concluded that duckweed (Spirodela and Lemna species) displayed a
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significant capability for final wastewater polishing with respect to nutrient removal.
The author also concluded that since their work was conducted during the summer and
autumn months, more work was required in order to evaluate how duckweed performs in
situ during the Australian winter. Kumar and Sierp (2003) investigated the potential role
of Lemna for nutrient (N and P) removal and also looked at the effect of duckweed on
suspended algal populations. Although this research was conducted locally, results of the
short-term (15 day) batch reactor studies were mixed and somewhat dubious, and overall
the duckweed ponds showed no significant advantage over standard control ponds in
terms of both their nutrient removal potential and capacity for algal attenuation. The
work of Kumar and Sierp (2003) is, therefore, not expected to be an adequate predictor

of the prospective in situ performance of advanced duckweed pond upgrades at Bolivar.

It should be noted also that Option 4 in the above list, in addition to floating plants,
includes the concept of a synthetic structure for shading the WSPs. Obviously, an
opaque surface coverage of any type (artificial or natural) will restrict the growth of
algae in WSPs. It should be stated that there are indeed commercially available synthetic
systems for covering WSPs of varying sizes (e.g. the 4 ha floating ‘geomembrane’ cover
of DeGarie et al. (2000) and the 0.3 ha suspended shade-cloth coverage of Hunter
(2002). Whilst these artificial covers could be seen as offering a highly practical solution
for managing algal populations in smaller WSPs, it could also be argued that synthetic
options, such as those above, would be less practical and possibly even prohibitively
expensive for very large-scale WSP systems (such as the 346 ha Bolivar WSP network).
In addition to this, the two-dimensional, inert, synthetic surface coverage would not be
expected to play as big a role in supplemental biological treatment as would a living
duckweed cover; although, this could actually be considered advantageous in instances
where the routine harvest of plant biomass represents an undesirable operational burden.

Synthetic surface covers were, therefore, not tested as part of this research.

To the author’s knowledge, there have been no prior local investigations involving the
use of either rock filters or AGM for the upgrading of final WSP effluent. It should be
noted that both floating macrophyte systems and rock filtration have actually been
assessed side-by-side elsewhere (on paper) for their potential application as post hoc

upgrades of final WSP effluent with specific emphasis on algal solids removal (Neder et
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al., 2002) and were found to be the top ranking, or most preferable methods from a
number of candidate upgrades (i.e. rock filtration, sand filtration, floating macrophytes,
constructed wetlands and overland flow). The addition of a rock filter or AGM to the
Bolivar WSP environment would fall under ‘Option 3’ in the above list of prospective
pond alterations. It is anticipated that both of these upgrade methodologies would
constitute a manipulation of physical WSP habitat, with potential flow-on biological
alterations through the provision of significant additional substrate for colonisation by
grazing protozoa and metazoa. This sort of instigated ‘biomanipulation’ (a term coined
originally by Shapiro et al., 1975) of resident pond biota has in fact been cited by
Sweeney et al. (2005) as a potential management strategy for the optimisation of Bolivar

WSPs and hence DAF/F performance.

Bayley et al. (2001) reported on the potential success for active biomanipulation of algal
population ecology within a water supply reservoir (through the promotion of
zooplankton grazing) as a means of managing nuisance algal blooms and limiting the
occurrence of excessive and expensive blockages during sand filtration. It is possible
that a similar biomanipulation of phyto- and zooplankton populations could be achieved
through modification of the physical environment within the Bolivar WSPs, with the
ultimate goal being a more favourable DAF/F influent quality for optimal process
performance. It is likely that the installation of a duckweed cover, or similarly the
addition of AGM or a rock filter, will result in some shift in plankton community
structure. The real question lies in whether this manipulated effluent ecology will be
favourable or antagonistic with respect to DAF/F efficiency. Despite the recognised
problematic nature of some zooplankton taxa (crustacean copepods and cladocerans) to
DAF/F plant process performance, there has so far been no prior assessment of
zooplankton population ecology within the Bolivar WSPs (Buisine and Oemcke, 2003).
This is despite Martyn et al. (2004) highlighting the importance of zooplankton grazing
in terms of the negative pressure they exert upon algal populations at Bolivar. Algal and
zooplankton population dynamics were therefore monitored during this research as part

of routine performance assessments of investigated Bolivar WSP upgrades.

Finally, since WSPs are to a large extent biological treatment reactors, any ecologically-

minded in-pond interventions aimed at ultimately managing the pond’s ecology are also
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expected to be more cost-effective in the long term (Rao, 1986; Craggs et al., 1996;
Buisine and Oemcke, 2003). The use of macrophyte treatment systems in particular, is
thought to offer significant operational cost-benefits; with Hofman and Harusi (2001,
cited in Zimmels et al., 2004) citing the cost of macrophyte systems for wastewater
treatment in Israel at approximately half that of other quaternary-level treatment
processes. This also agrees with the work of Oswald (1988a) who suggested that for
each additional stage in the wastewater treatment process (i.e. primary, secondary,
tertiary, etc.), the relative cost of each subsequent treatment step approximately doubles.
Considering this, it makes economic sense to direct any process alterations toward the
front end treatment stages (i.e. WSPs) rather than those further along the treatment chain
(i.e. DAF/F). This, therefore, serves as additional economic grounds for these

investigations into up-stream in-pond process upgrades at the Bolivar WWTP.

1.3.2 Local community waste management (CWM) schemes
In addition to large-scale centralised wastewater treatment operations, South Australia

also has a significant number (>180) of smaller decentralised wastewater treatment
facilities serving the needs of regional communities. Historically, these country
townships were served exclusively by on-site septic tank soakage trench systems.
However, since 1962, and following the inadequacy of these systems to cope with
increasing wastewater loads as well as the growing public health concern, centralised
CWM schemes have become increasingly popular, to the point where they now service
almost all South Australian towns (Palmer ef al., 1999). Wastewater treatment in these
CWM schemes is achieved primarily via secondary-level WSPs; however, there have
also been a number of more recently developed CWM reuse schemes, some of which
recycle 100% of the treated effluent for purposes such as irrigation and wetland

development (SAEPA, 2003).

In these systems, the issue of upgrading effluent prior to discharge into a receiving water
body is of less relevance due to an ever-increasing volume of wastewater being
demanded for reuse applications. In this instance, the removal of SS, BODs and also
nutrients is considered to be of lesser importance (in terms of its eutrophication

potential) since the effluent is most likely destined for land application. In fact, the
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presence of SS, particulate organic BODs and nutrients might actually be seen as
desirable—serving as soil conditioners in an agricultural setting. Instead, the necessity
for upgrading of final WSP effluent (with respect to the above parameters) gains
relevance from the negative effects they can have on the final disinfection process,
especially for the high-grade ‘Class A’ and ‘Class B’ recycled effluents (SAEPA, 1999).
In this sense, the upgrading of small-scale CWM WSPs could offer potential cost
benefits in terms of both a reduction in the expenses associated with effective solids
removal and disinfection, and also from increased revenue as a result of the production

of a higher grade recycled effluent.

It is possible, therefore, that potentially viable WSP upgrade methodologies trialed at the
Bolivar WWTP may find future relevance and application to these local CWM systems,
particularly for the final upgrading of WSP effluent prior to reuse scenarios. It can be
appreciated that any supplemental in-pond upgrading (primarily SS removal) of final
WSP effluent prior to tertiary-level treatment and reuse, will have the potential to offer
cost savings through a reduced solids load on these tertiary-level treatment procedures.
Following reporting on the experimental performance of the selected in-pond upgrades,
discussion of results will also include a discussion of any prospective applications of the

advanced technologies for the upgrading of local CWM schemes.

1.4 Thesis questions, objectives and research design

It has been firmly established throughout the course of this introductory chapter that
significant quantities of algal biomass in the final effluents of WSPs are a major
problem, not only for treatment plant operators, but also for the receiving aquatic
waterways and their ecosystems. Numerous and varied methodologies have been trialled
in order to try and circumvent or remedy this operational drawback, with varying
degrees of success and costs associated with each technology. Based on a thorough
literature survey, and considering the constraints imposed particularly with respect to the
use of exotic macrophyte species, this thesis aims to assess and characterise the
performance of three advanced WSP upgrade technologies at the local Bolivar WWTP:
rock filtration; duckweed; and attached-growth media; by comparing them in parallel to

what is essentially a non-interventionist ‘control’ on a pilot scale. These three in-pond
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removal technologies have been selected because they represented relatively low-tech

and low-cost solutions to the operational problem at hand.

To the best knowledge of the author, this thesis represents the first direct comparison
between two previously well-researched WSP upgrades (rock filtration and duckweed
surface coverage). The proposed research will also provide the first assessment of rock
filters, attached-growth media and duckweed ponds for the upgrading of tertiary-level
maturation WSP effluent, with specific emphasis on the capacity of each effluent
upgrade system for algal and zooplankton solids removal. Work presented in this thesis
will also include the first known performance assessment and characterisation of a novel

in situ horizontal cross-flow AGM for the upgrading of a WSP effluent.

In addition to experimental monitoring and performance assessment of pilot-scale WSP
upgrade methodologies, another branch of the research project was conceived in order to
investigate some additional research questions regarding the fate of algal cells within
these advanced in-pond upgrade environments. A series of laboratory experiments were
designed in an attempt to recreate in situ conditions (in terms of light and oxygen
availability) that might exist within a rock filter or under a duckweed surface mat for
example. Using culture isolates of common WSP algal species, long-term monitoring of
the physiological status of algal cells during dark-exposure under conditions of reduced
oxygen availability will be performed in order to quantify the likely effect(s) of these
particular environmental conditions on in situ survival. This part of the overall thesis
work will be introduced in Chapter 6, followed by an overview of experimental methods

(Chapter 7) and finally presentation and discussion of these results in Chapters 8 and 9.
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1.4.1 Thesis questions:

1.

62

What are the relative treatment efficacies of a duckweed surface coverage, rock
filtration and attached-growth media—compared with each other as well as a non-
interventional open ‘control’—for the final upgrading of the Bolivar WSP effluent

in respect of algal and zooplankton solids removal?

Are there likely to be any additional treatment outcomes, such as enhanced
organics/BOD:s, turbidity, nutrient, and/or pathogen removal, as result of advanced
in-pond upgrade treatment with duckweed coverage, rock filtration or attached-

growth media systems?

What are the likely physiological effects of advanced in-pond upgrade treatment on
algal viability and dark survivorship in situ? Furthermore, what are the practical
implications of experimental algal dark-survival for the advanced WSP upgrade
systems, and in particular, what is the likely duration of treatment exposure

necessary for effective attenuation of suspended algal populations?

What are the likely ecological effects of the investigated advanced in-pond upgrade
technologies, in terms of their direct influence on post-treatment phyto- and
zooplankton community structure? Additionally, are these changes in WSP effluent
plankton ecology likely to be advantageous or antagonistic with respect to Bolivar

DAF/F plant performance efficiency?



2 Experimental pilot plant construction,
characterisation, operation and performance
monitoring

This methods chapter provides details of the experimental pilot plant, as well as
outlining the general analytical methodology used for pilot plant performance
monitoring throughout this research. Details of pilot plant construction and
configuration, hydraulic operation and characterisation, water quality analyses, and the

relevant statistical analyses are provided.

2.1 Pilot plant design and characterisation
An experimental pilot plant was constructed at the Bolivar WWTP (34°45'28"S

138°34'15"E) situated approximately 18km north of Adelaide, South Australia at around
10m above sea level. For a comprehensive description of the Bolivar WWTP, refer to
Section 1.3. The pilot plant was located 50m directly adjacent to the Bolivar DAF/F
plant at the final discharge end of the WSP network (see Plate 2.1). This location was
initially selected to ensure that pilot plant influent would be as close as possible to that
of the DAF/F plant. This allowed for some use of routine DAF/F influent water quality
data, as well as providing the capacity for direct comparisons between pilot and DAF/F

plant performance.
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DAEF/F plant

DAE/F inlet sump

"

Pilot plant

Plate 2.1. Aerial view of the Bolivar WWTP (top left) showing the pilot plant location,
and inset, an up-close aerial view of the Bolivar DAF/F plant, inlet sump and pilot plant
location (photographs courtesy of United Water International and Google Earth;
http://earth.google.com).

The pilot plant consisted of nine ponds arranged in three parallel series (represented
schematically in Figure 2.1). Individual pilot ponds consisted of open, above-ground,
rectangular, high-density polyethylene (HDPE) vessels (Bushman Tanks, South
Australia) encaged within a steel support frame. Individual pond dimensions were 2.17m
long by 1.2m wide by 1.1m high, with an effective gross volume of approximately

2.8m’. Ponds were operated to a hydraulic depth of 1m, giving them an operational
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hydraulic volume in the order of 2.56m’ (accounting for small volumetric losses from

curved internal corners and molded supporting ridges).
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Figure 2.1. Schematic of the experimental pilot plant system, showing: the header tank
(HT); multiple pond layout with down-the-line pond numbering format; and hydraulic
configuration (dimensions given in metres).

Water was drawn from the DAF/F inlet pumping sump (refer Plate 2.1) and pumped to a
small (=60L) pilot plant header tank via a 70m length of underground pipe (25mm
diameter) and with the aid of a Bredel® SP/25 peristaltic hose pump connected to an
SEW-Eurodrive gearmotor and variable-speed controller. From the header tank, influent
wastewater flowed under gravity through a 2mm passive inlet screen located within the
header tank (Plate 2.2(a)) and then to each of the three parallel treatment pond series
through a network of 25mm diameter polyvinyl chloride (PVC) and low-density
polyethylene piping. The initial ‘Phase 1’ plumbing configuration between the header
tank and first pond in each parallel treatment series is shown in Plate 2.2(b). Under this
design, flow rate to each of the treatment series was controlled using a small-bore gate

valve and an inline variable-area (rotameter) flow meter (SK71, George Fischer).
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Plate 2.2. (a) 2mm stainless steel passive influent screen, and (b) detail of the pilot plant
influent feed piping under the initial ‘Phase 1’ configuration.

Under Phase 1 configuration, significant and ongoing interruptions to treatment pond
inflow were experienced during pilot plant commissioning and startup. This was largely
due to physical blockages (predominantly by small snails) of the narrow aperture within
the flow regulating gate valve (see Plate 2.2(b)). Troubleshooting of the problem led to a
change in the initial Phase 1 piping design and configuration. The 2mm passive header
tank inlet screen was added in order to reduce the number of larger objects taken into the
influent feed lines. Also, the sharp-edged gate valve was replaced with an in-line 10cm
length of narrow bore silicone tubing around which a small hose clamp was fastened.
This ‘Phase 2’ valve design allowed for a more uniform and circular valve aperture (not
unlike the operation of a camera aperture) through which the flow rate could be readily
and accurately adjusted by tightening or loosening the hose clamp. Additionally, a
smaller 25mm bore size stainless steel mesh screen (2mm aperture) was inserted just
prior to in-line silicone tube ‘valves’ so as to prevent any dislodged snails (which may
have been growing within the ~2m length of piping between it and header tank) from
blocking the silicone valves. This Phase 2 influent configuration (Plate 2.3) all but
alleviated the problem of valve blockages experienced under the Phase 1 setup. As a
precautionary measure, however, flow controlling valves were regularly opened to
maximum flow rates in order to achieve flushing of inlet plumbing and avoid the
unwanted accumulation of large particulates and spent snail shells within the influent

feed piping. Phase 2 configuration also included a vertical flow rotameter bypass in
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order to shorten the flow path length from the header tank to the first pond in each
series. This flow bypass could again be redirected via the rotameter during periodic flow

rate checks, by simply switching the bypass isolation tap to the ‘off” position.

Header tan].{
Bfced ling | =

Plate 2.3. Detail of the pilot plant influent feed piping under the modified ‘Phase 2’
configuration (broken arrows show the direction of flow).

Individual pond influent flowed into each pilot pond through a horizontal influent
manifold, shown schematically in Figure 2.2(a) below. Individual pond inlet and outlet
manifolds consisted of horizontal 1m lengths of 25mm diameter PVC pipe containing 10
equidistant 9mm diameter hydraulic ‘ducts’ running the entire pond width. Inlet
manifolds had one hydraulic input and were located on the pond bottom as close as
possible to the anterior pond wall. Outlet manifolds were identical to inlet manifolds
except they had a single central ‘t-piece’ hydraulic output and were located on the most
posterior wall and ‘mid-pond’ at a depth of 40cm below the water surface (Figure
2.2(b)). They also had 9mm ducts drilled into both the top and bottom of the outlet

manifold piping such that each outlet manifold contained 20 hydraulic ducts as opposed
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to 10 for inlet manifolds. This inlet—outlet design was chosen in accordance with the
hydraulic design recommendations of both Pearson (1990) and Metcalf and Eddy
(1991). Ponds in each of the three parallel series were operated by gravity feed from one
pond to the next, such that the effluent from the first pond in each series served as the

influent for the second, and so on.

(a)

o o 0 o o G\ /a o o 0|
single inlet 9mm

point inlet ducts
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end cap u\
t-piece outlet

Figure 2.2. Schematic representation of an individual pond inlet (a) and outlet (b)
manifolds showing arrangement of the inlet and outlet hydraulic ducts.

Water depth in each pilot pond was maintained at 1m through the use of an outlet riser
pipe (Plate 2.4). Influent manifolds were periodically back-flushed via a tap in the pond
influent feed line (Plate 2.4) in order to prevent manifold blockages and maintain
original hydraulic flow conditions. Where appropriate, pond effluent samples were
collected from the effluent manifold sampling tap as shown in Plate 2.4. Also, when
required, outlet manifolds were periodically flushed clean by opening the sampling tap

to maximum flow for a short period.
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Plate 2.4. Posterior view of a pilot pond (2™ in series), showing the polyethylene pond
liner, supporting steel frame, and outlet piping configuration.

21.1 Pilot plant experimental treatments
As introduced in Chapter 1, this research set out to assess four experimental treatments

used for the upgrading of final Bolivar WSP effluent. These treatments were: duckweed
surface coverage (DW); quiescent impoundment in an ‘open pond’ (OP); rock filter (RF)
treatment; and a novel horizontal-flow attached-growth media (AGM). Given that there
were only three parallel pilot pond treatment trains available at any given time, the four
experimental treatments were staggered, such that the first period of pilot plant operation
(Period 1) was performed under DW—OP-RF configuration (Plate 2.5) followed by a
second operational duration (Period 2) AGM—OP-RF (Plate 2.6). These two staggered
operational periods occurred over an approximate one year period from July of 2005
until August of 2006 and encompassed two discrete influent flow rates and hydraulic
loadings; shown below in Table 2.1. There was a one month period of operational
downtime during January of 2006, during which time the AGM treatment was phased in

to replace the DW pond series. No pilot plant monitoring occurred during this time.
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Plate 2.5. Elevated view of the experimental pilot plant operating under experimental
Period 1 (from left to right): Duckweed, Open Pond, and Rock Filter treatment

configuration.

Plate 2.6. Elevated view of the experimental pilot plant operating under experimental
Period 2 (from left to right): Attached-Growth Media, Open Pond, and Rock Filter
treatment configuration (picture taken during a filamentous algal bloom in the Open

Pond series).

70



Table 2.1. Pilot plant operational calendar for monitoring Period 1 and 2 for all four
experimental treatments: Duckweed (DW); Rock Filters (RF); Open Pond (OP); and
Attached-Growth Media (AGM). Shading indicates treatment configuration during each
monitoring period.

Monitoring Period 1 — 2005 Monitoring Period 2 — 2006

Hyrdaulic loading - 0.73m* m™> d™ Hyrdaulic loading - 1.03m* m=> d™
July Aug. Sept. Oct. Nov. Dec. Jan. Feb. Mar. Apr. May June July Aug.

=
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£ DW

©

E| RF
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.g OP
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2.1.1.1 Duckweed treatment
The DW treatment comprised a series of three pilot ponds through which Bolivar WSP

effluent passed under a dense floating ‘mat’ of the native duckweed Lemna disperma
Hegelm (AKA Lemna minor L. prior to 1983; Plate 2.7). Each DW pond was initially
inoculated with a similar wet weight of plant biomass from a culture stock, after which
the duckweed was allowed to acclimate and multiply. Experimental monitoring was not
commenced until complete surface coverage was established (in the order of 1-2 weeks)

and duckweed biomass was never harvested at any time during the study duration.

Plate 2.7. Photograph of the established L. disperma surface mat on a pilot duckweed
pond, and inset, a more detailed view of the floating duckweed mat structure.
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2.1.1.2 Open Pond treatment

The Open Pond treatment train consisted of an identical three-pond series to that of the
DW system, except that the pilot ponds remained un-covered. It was envisaged that the
operation of the OP series would most closely reflect the functional performance of a
classical ‘algal-based’ pond system. Whilst this OP train was not an experimental
control in the true sense, it allowed for effective ‘control’ or quantitation of the relative
treatment performance of a pilot pond system with no direct experimental intervention
per se. In other words, the OP series served principally as a means of controlling for the
effects of ‘quiescent impoundment’ of the inflowing wastewater without any additional
treatment intervention. As a result, it was assumed that any additional performance
achieved by the other three treatments (above and beyond that of the parallel OP series)
could reasonably be attributed to the implementation of that particular treatment
intervention. Consequently, treatment performance of the pilot DW, RF and AGM
upgrade systems is discussed in Chapters 3 and 4 relative to that of the OP ‘control’

series.

2.1.1.3 Rock filter treatment

The RF treatment series consisted again of three parallel pilot ponds, each filled with a
coarse aggregate (=<10cm diameter) quartz rock media to a total bed depth of =1.15m.
The hydraulic operating depth of 1m allowed for a 15cm ‘dry zone’ above the water
surface within the rock filters. This surface dry zone is recommended as a means of
discouraging filamentous algal and/or cyanobacterial colonisation of the exposed rock
surfaces (Swanson and Williamson, 1980; Ellis, 1983). The particular rock media size
distribution used in our rock filters was similar to that used most commonly in the
United States (Middlebrooks, 1988). It should be stated, however, that although some of
the more recent rock filter research has adopted a considerably smaller rock aggregate
size distribution (<5cm; Mara ef al., 2001; Johnson and Mara, 2002), a larger aggregate
size rock media was utilised in the current research due to it being readily available at

the Bolivar WWTP as a result of full-scale trickling filter decommissioning.

According to Metcalf and Eddy (2002), the specific surface area of ‘river rocks’ with a
size distribution and void volume similar to those used in the current work (7—15¢m rock

diameter and 60% voids) is 45m” m . Also, based on the data of Saidam ez al. (1995),
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the corresponding specific surface area for rock aggregate with an approximate size
distribution of 10cm is in the order of 32m’ m™. Since no attempts were made to
quantify the specific surface area of the actual rock media used in this research, an
average of these two figures was taken; yielding a final specific surface area of
approximately 39m” m . This figure was, therefore, adopted as the approximate specific

surface area of the pilot rock filters in this research.

The hydraulic design of the rock filters in the current work differed slightly from that of
previous studies. Previous researchers have used rock filters with single inlet and outlet
ducts, commonly located at the bottom and top of the filter bed respectively (Johnson et
al., 2007), and covered completely by the rock media. Since others have commented on
performance problems associated with poor hydraulic flow patterns and short-circuiting
in some rock filters (Hirsekorn, 1974; Swanson and Williamson, 1980; Middlebrooks,
1988), it was thought desirable to include inlet and outlet ‘mixing chambers’ in the
current filter design as a way of minimising inlet jetting and promoting more optimal
flow hydraulics; especially given the short flow path length in each filter unit. These
mixing chambers were created by installing vertically positioned HDPE lattice sheets, to
which cylindrical PVC supports were attached in order to effectively retain the rock
media away from the pond ends. These mixing chambers effectively excluded the rock
media from =15cm of the pond length at both ends of the filter, and can be seen below in
Plate 2.8. It was envisaged that these mixing chambers would promote a more uniform
distribution of the influent wastewater throughout the entire filter bed depth than would
be achieved with a single hydraulic input at the base of a solid rock media bed. It can be
appreciated that this was a somewhat permanent design inclusion and no effort was

made to test rock filter flow hydraulics with and without the mixing chambers in place.

73



Plate 2.8. Detail of the rock filter mixing chamber design, showing the placement of the
retaining lattice and PVC supports.

Exposed ends of each rock filter were coated with black paint (refer Plate 2.4) in an
attempt to minimise the extent of illumination in inlet and outlet mixing chambers
through the partially translucent HDPE pond liner. Mixing chambers were, however, left
uncovered, such that they were periodically exposed to a limited amount of incident
sunlight from above only. Each of the three RFs were fitted with a single, central,
vertically positioned, perforated cross-flow sampling port to allow for in situ water
quality analysis. Opaque PVC caps were installed over the top of the in situ sampling
ports to prevent any unwanted obstructions or filamentous algal growth from occurring.

Positioning and design of the in situ sampling ports can be seen in Figure 2.3.
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Figure 2.3. Three-pond rock filter series layout showing in situ sampling port location
with PVC covers in place, and inset, schematic detail of the in situ perforated sampling
port design and dimensions.

In order to later calculate the ‘void space’ volume (i.e. water volume) within the RFs, a
displacement test was carried out on the rock media. To do this, a 0.1m’ plastic bin was
filled to the top with rock media and then filled completely with tap water. The rocks
were then carefully removed and the volume of water accurately measured with a
graduated measuring cylinder; a slight correction factor for water remaining on the rocks
was also applied. The void volume of the pilot RFs was then calculated by extrapolating
this volume of water found within 0.1m’ of rock media. Given that the rock media did
not occupy the inlet and outlet mixing chambers, a correction factor was again applied in
order to give the total rock filter void volume. Final void volume was then expressed as

a percentage of the gross hydraulic operating volume (see Table 2.2).

2.1.1.4 Fixed-bed horizontal-flow attached-growth media
The attached-growth media treatment train consisted of an identical three-pond series to

that of the OP system, except that the pilot pond reactors were almost entirely filled with
horizontal-flow AGM. The specific type of AGM used was ‘TKP-319’ polypropylene
fill media (2H Plastics, Victoria Australia). The AGM had a 19mm channel width and a
specific surface area of 150m> m> (Plate 2.9), giving each AGM pond an available
media surface area in the order of 340m”. The media consists of numerous layers of

0.3mm thick corrugated polypropylene sheets, each welded together to form a
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‘honeycomb-like’” matrix of flow-through channels. The media itself is lightweight, rigid
and self-supporting; with a very high void space volume (95% v:v).

Plate 2.9. Up-close and structural views of the TKP-319 horizontal-flow attached-
growth media (pictures courtesy of 2H plastics; http://www.2h.com.au).

The AGM reactors were similar to RFs in terms of their internal ‘packing’. AGM
reactors had identical 15cm long inlet and outlet mixing chambers at either end;
although no retaining lattice was required in the AGM reactors due to the self-supporting
structure of the artificial media. AGM reactors also had centrally located sampling ports
cut into the media. These in situ sampling ports—as for the RFs—extended the entire
1.1m media bed depth of the pilot pond reactors, and were again kept covered when not
in use. Since the specifications supplied by the manufacturers already included the
media void volume of 95%, displacement tests were not performed. Taking into account
the mixing chamber volume unoccupied by the media, the overall void volume of each
AGM reactors was in the order of 95.7% voids (or a media packing density of 4.3% v:v).
This AGM packing density of 4.3% adopted during the current work was similar to the
optimum range of 5-10% reported by Shin and Polprasert (1987). A summary of the
physical characteristics of both the RF and AGM pilot-scale upgrade systems is
provided in Table 2.2.
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Table 2.2. Physical characteristics of individual Rock Filters (RF), Attached-Growth
Media reactors (AGM) and Open Ponds (OP).

Treatment OP RF AGM
Pond length (m) 217 217 217
Pond width (m) 1.20 1.20 1.20
Gross pond depth (m) 1.10 1.10 1.10
Media layer depth (m) n/a 1.15 1.10
Water column depth (m) 1.00 1.00 1.00
Average rock media diameter (cm) n/a 10 n/a
Effective interstitial void space depth (cm) 100 47 1.9
Gross media volume (m3) n/a 2.58 2.46
Immersed media volume (m°) n/a 2.24 2.24
Specific surface area (m2 m??’)I 3.6 39 150
Total pond specific surface area (m2) 9.2 97 345
Void volume (%) 100 55.86 95.7
T

Based on that of Swanson and Williamson (1980) for similar rock media size
¥ Including all internal pond surfaces (i.e. walls and base)

All pilot treatments were allowed to equilibrate and ‘run-in’ for a period of 2—3 weeks
prior to commencement of experimental monitoring. No attempts were made to monitor

experimental ‘start-up’ performance during this initial acclimation period.

2.1.2 Pilot plant flow hydraulics

The importance of flow hydraulics on the overall treatment performance of biological
reactors in general has long been recognised. It should be emphasized, however, that it
was not the aim of the current work to investigate the potential effects of hydraulic flow
pattern on pond performance, rather, flow patterns within the experimental pilot ponds
would simply be characterised for completeness. Flow characterisations would also
allow for identification of any anomalous hydraulic flow patterns, such as a high dead-
space volume or severe short-circuiting, which might then aid the identification of
potentially erroneous experimental results. Additionally, characterisation of reactor
hydraulics in this instance was performed post hoc rather than being used as a
performance prediction or engineering design tool—as is most commonly the case in

wastewater treatment reactor engineering (Bischoff and McCracken, 1966).
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2.1.2.1 Hydraulic characterisation
According to Levenspiel (1999) the operational flow pattern within the pilot plant ponds

is classified as ‘steady state’ flow, meaning that the influent flow rate is deemed to be
constant with time. In order to characterise the patterns of flow within the experimental
ponds, hydraulic tracer experiments were performed. These tracer studies were done
with the aid of the fluorescent dye rhodamine WT in conjunction with a SCUFA®
submersible fluorometer/data logger (Turner Designs, Inc., Sunnyvale, CA) and
associated software (SCUFAsoft " v. 2.1). This dye has been developed specifically for
and is therefore well suited to hydraulic tracer studies (Smart and Laidlaw, 1977).
Rhodamine WT has also been the tracer of choice of various other research
investigations into the hydraulics of natural waterways and WSPs alike (Replogle et al.,
1966; Kilpatrick, 1970; Pedahzur et al., 1993; Cauchie et al., 2000b; Shilton et al., 2000;
Barter, 2003).

Initial rhodamine WT slug injection dosage was calculated so as to allow for sufficient
fluorescence peak height in the outflow according to Kilpatrick (1970). Slug injections
(commonly ~30 ml) of a 107 dilution of the 20% active rhodamine WT stock solution
were used for all tracer experiments. 30ml tracer slugs were further diluted to ~150ml
and slowly injected into the influent manifold feed line (prior to several 90° elbows to
further aid dye mixing) using a 60ml syringe, and the data logger simultaneously started.
Rhodamine WT fluorescence during tracer assessments was then measured and
recorded, commonly at 1 minute intervals, using the submersible SCUFA"
fluorometer/data logger. Following the cessation of each individual tracer run, the data
was then downloaded and exported directly into Microsoft® Office Excel XP (Microsoft
Corporation, Washington, USA) for later analysis.

Hydraulic flow rates were recorded at the commencement and cessation of individual
tracer runs, using both the rotameter flow meter readouts as well as volume-based flow
measurements taken with the aid of a graduated measuring cylinder and a stopwatch.
The average of these two flow rate measurements was then used for calculating the
theoretical hydraulic residence time (HRT) of the pilot pond. The theoretical HRT (zy)
for each pilot pond was calculated simply by dividing the pond’s hydraulic volume (V,;

m’) by the hydraulic flow rate entering the pond (m® h™). Hydraulic residence time
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distribution (RTD) curves—also known as C curves—were compiled based on the
fluorescence—time data from the tracer studies, and were then used to characterise the
flow patterns within each pilot treatment pond. RTD curves were compiled using
PRISM 4.03 (GraphPad Software, San Diego, CA, USA). Actual mean HRT (7) was
calculated based on the raw tracer data from the fluorescence—time RTD curves

according to the method of Levenspiel (1999) as shown in Equation 2.1.

> t;CiAt;

T=—
E('fﬁfg

(Equation 2.1)

where 7= the mean HRT (hours)
t; = the elapsed time (minutes)
C; = the tracer fluorescence at each logged time interval

At; = the elapsed time interval between each measurement of C;

The theoretical HRT can then be compared with the mean HRT as determined form the
tracer data in order to provide some information about the magnitude of dead volume or
the extent of short-circuiting within the pond reactor (Baléo et al., 2001). The existence
of dead volume is indicated by 7 < 7y, whereas short-circuiting is said to occur if 7> 7
(Cauchie et al., 2000b; Baléo et al., 2001). The dead volume (V) and short-circuiting

flow rate (Qsc) are then calculated according to Equations 2.2 and 2.3 respectively.

V,= V- {I - (in
Tin (Equation 2.2)

Qsc=Qiy- [1 - (hj)
T (Equation 2.3)

where V, = hydraulic volume
Qin = the daily influent flow rate

t and 7y, are the calculated mean and theoretical HRT respectively (as above)
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Commonly, duplicate hydraulic tracer experiments were performed on individual pilot
ponds in order to assess the consistency of the observed flow pattern. To allow for direct
comparisons between duplicate tracer runs, RTD curves were normalised so that the
areas under the curves of duplicate runs were equal to unity. This was done according to
the method of Levenspiel (1999), whereby the measured tracer fluorescence at each
logged time interval was divided by the area under the raw RTD curve (calculated using

PRISM 4.03)—giving resultant normalised RTD curves a uniform area of 1.

2.1.2.2 Hydraulic balance
The hydraulic balance within a WSP is normally governed by the influent and effluent

flow rates, as well as the local rainfall and evaporation intensities (Somiya and Fujii,
1984). The effects of both rainfall dilution and evaporative concentration on the overall
water balance was evaluated quantitatively with data obtained from the nearby
Edinburgh Air Force Base and also from Adelaide Airport (courtesy of the Australian
Government Bureau of Meteorology). Both of these monitoring locations are located
within the same climatological district (i.e. Adelaide plains) as the Bolivar WWTP
according to the Bureau of Meteorology and are suitably close to the Bolivar site in

accordance with the recommendations of Pearson ef al (1987a).

Based on the rainfall and evaporation data, the positive effects of rainfall and negative
effects of evaporation on the overall hydraulic balance within the pilot plant were
neglected. Given that average daily rainfall for the region was in the order of 1.0mm and
the daily evaporation rate was in the order of 5.7mm, the net daily evaporative loss of
approximately 4.7mm was deemed insignificant in comparison with the relatively high
influent flow rate during the study period (1800-2640L d'); with daily evaporative
losses representing only 0.5% of daily influent volume. It was also assumed that the
evaporation rate would be expected to be relatively consistent across all treatment ponds,

such that any small-scale ‘concentration effects’ should be similar between treatments.

2.1.2.3 Hydraulic operation
All ponds were operated at a water depth of Im for the entire study duration. This

operational depth was chosen to reflect the actual in sifu hydraulic depth of the Bolivar
WSPs (=1.3m). Influent flow rate into each of the three pilot treatment series was equal

under any given hydraulic loading regime and was calibrated using an inline rotameter
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flow meter. The relatively unpredictable nature of the final Bolivar WSP effluent made
it very difficult to attempt to vary the organic loading rate by simply adjusting the
hydraulic flow rate. Rather than attempting to control the organic loading rate (OLR)
through continual flow rate adjustments, hydraulic loading rate (HLR) was maintained at
as close as possible to a constant level, whilst the OLR was allowed to vary randomly
with natural up-stream variations in WSP in situ conditions. This also allowed for a
standardisation of any potential differences in treatment performance arising from
differences in hydraulic flow velocity; something especially relevant to physical

treatment processes such as sedimentation.

2.2 Operational sampling and water quality analyses
As described in Section 2.1.1, it was necessary to stagger experimental pilot treatments

in order to assess all of the four interventions. Under the first treatment configuration
(DW—-OP-RF; Period 1), the pilot plant was operated continuously for a period of six
months between July and December of 2005. Under the second configuration (AGM-—
OP-RF; Period 2), the pilot systems were operated continuously for a period of six
months between February and August of 2006. During both of these operational periods,

routine sampling was performed periodically according to the details below.

2.2.1 Experimental sampling protocols
Pilot plant sampling was conducted, on average, at least once-weekly during the entire

operational duration at 1200 (£ 2) hours. Daily sampling protocols involved taking a
combined total of 2L grab samples either from the entire pond depth using a 1.2m long
40mm internal diameter water column sampler (DW, OP and AGM treatments) or
directly from pond effluent manifold taps (RF treatment). Full water column samples
could not be taken from the rock filters due to physical obstruction of the column
sampler by a network of PVC supports within the effluent mixing chambers (see Plate
2.8). Samples for faecal coliform and E. coli analyses were taken directly from pond
effluent manifolds for all four pilot treatments. In total, 10 samples were collected

during each daily sampling interval (represented by filled stars in Figure 2.4).
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Figure 2.4. Schematic representation of the experimental pilot plant system showing
daily sampling locations (indicated by filled stars) for each of the treatment trains across
all treatments: Duckweed Ponds (DW); Attached-Growth Media reactors (AGM); Open
Ponds (OP); and Rock Filters (RF).

Since some phyto- and zooplankton species ubiquitous to WSPs (e.g. Euglena and
Daphnia species) are reportedly capable of in situ phototaxis and daily vertical
migration (Hartley and Weiss, 1970; Starkweather, 1983), OP samples for chlorophyll a
and algal quantitation and speciation were taken from the top ~90cm of the 1m water
column depth (as close as possible to the outlet manifold of the individual pilot ponds)
using a water column sampler according to standard protocols (AHPA, 1992) and
following the recommendations of Pearson et al. (1987b). This was also in accordance
with the findings of Pearson et al. (1987¢c) who found that maximal algal concentration
occurred at a depth of 20-25cm below the surface—recommending that algal samples be
taken from the entire water column. Due to difficulties associated with whole water
column sampling within the DW and RF treatments, samples for algal population and
biomass analysis were withdrawn directly from effluent manifold sampling taps.
Additionally, samples taken from the DW treatment ponds used for chlorophyll a
analysis were coarsely filtered (2mm) prior to analysis in order to minimise the
contribution of chlorophyll-containing duckweed plant tissue to daily measurements. All
samples for algal population analyses were preserved using 0.7% Lugol’s iodine
solution according to the recommendations of Pearson et al. (1987a; 1987b) and

following the standard method 10200 B (APHA, 1992).

Qualitative visual observations on-site, revealed significant ‘patchiness’ (both vertically

and horizontally) in zooplankton distribution within some pilot ponds—predominantly
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the OP series. In order to minimise the effects of non-uniform spatial distribution and
non-representative community sampling, combined sub-samples were taken from
different regions of the pond, or were taken from areas that appeared visually to
represent the entire pond (the entire 1m water column depth could often be clearly
visualised). Water column samples (precisely 1L) collected for qualitative and
quantitative zooplankton characterisations were taken in an identical manner as those for
chlorophyll a and algal analyses above for the DW, OP and AGM treatment series. For
the RF series, and due to physical obstruction of the standard column sampler within
effluent mixing chambers as described above, RF samples for zooplankton analyses

were withdrawn using a narrow bore column sampler (20mm internal diameter).

Following collection, all zooplankton samples were then filter-concentrated on site from
1L down to a final volume of approximately 20—30ml using a standard “Wisconsin” type
64um zooplankton nylon mesh (Pace and Orcutt Jr., 1981). Whilst it is likely that this
mesh aperture size may have promoted under-sampling of some smaller (<100um)
rotifer species (e.g. Likens and Gilbert, 1970; Bottrell et al., 1975), it was deemed
sufficiently small to ensure adequate sampling of the vast majority of zooplankton
species in the WSP environment, including even the smallest life stages of planktonic
crustacean such as copepod nauplii (Nichols and Thompson, 1991; Ghadouani et al.,
1998). This mesh was also identified as having the smallest practicable aperture size for
filtration of the often highly particulate WSP effluent, and incidentally, was considerably
finer than the 158um aperture mesh used by Hamilton et al. (2005) for zooplankton
sampling within other Australian WSPs. The 20ml filtrate was transferred to a 100ml
plastic container and preserved using 0.7% Lugol’s iodine (as above) for later
examination in the laboratory. Lugol’s preservative was used here instead of the more
common ‘sugar—formaldehyde’ solution, because it allowed for superior optical contrast
during conventional light-based microscopic examination of the highly contaminated
WSP samples. Protocols adopted here for zooplankton collection and preservation were

similar to those of Park and Marshall (2000).

Unless otherwise specified, all samples were collected in sterile (121°C for 15 minutes),
chemically-inert 1L polyethylene vessels (Nalgene™). All field samples were stored on

ice in the dark immediately after collection and during transport to the laboratory in
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accordance with Standard Methods for the Examination of Water and Wastewater
(APHA, 1992) and were always processed on the day of sample collection (except for
nutrient analyses and Lugol’s-preserved plankton samples). Long-term storage and
preservation of samples for nutrient analyses were in accordance with Standard Methods
(APHA, 1992). Where possible, water quality analyses were done according to the same
standard methods (APHA, 1992).

2.2.2 Field- and laboratory-based water quality analyses

2.2.2.1 In situ water quality monitoring
At each of the sampling points indicated in Figure 2.4 above, temperature, pH, DO

(concentration and saturation) and conductivity were measured using a YSI 600XM
probe connected to a YSI 556 data-logging handset (Yellow Springs Instruments, Ohio,
USA) at the same time of day as for Section 2.2.1 above. /n sifu monitoring of pilot
ponds was done at a depth of 20cm below the water surface; a depth which has proven to
be representative of mean water quality throughout the entire water column depth
(Cauchie et al., 1999). This depth was also selected in line with the findings of Pearson
et al. (1987¢c), that maximum algal concentrations (and hence maximum pH and DO
fluctuations) can be found at this depth between 1100 and 1400 hours. Probe heads on
the YSI 600XM sonde were periodically calibrated and, where necessary, were serviced

according to the manufacturer’s specifications.

24 hour online DO monitoring was also performed for part of the experimental duration
during monitoring Period 2 (according to equipment availability). Dissolved oxygen
concentration was recorded at 10 minute intervals for the pilot plant influent (INFL),
Rock Filter 1 (RF-1), Open Pond 1 (OP-1) and Attached-Growth Media Reactor 1
(AGM-1) using Danfoss Evita® Oxy Clarke-type dissolved oxygen sensors (Danfoss
Australia, Victoria, Australia) connected to a T-TEC 6-3A data logger with 4-20mA
signal input (Temperature Technology, Adelaide, South Australia).

2.2.2.2 Total and volatile suspended solids
Samples were analysed for total suspended solids (SS) with volatile suspended solids

(VSS) fractionation according to standard methods 2540 D and 2540 E respectively
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(APHA, 1992). Briefly, duplicate aliquots of well mixed samples (commonly 250ml)
were filtered through pre-washed, pre-combusted (500°C for 1 hour) and pre-weighed
glass fibre filter papers (GF/C, 1.2um nominal pore size; Whatman®, UK) using a
vacuum flask and filter funnel. Papers and residue were then dried at 105°C for 24 hours
and weighed (SS) and then combusted (500°C for 1 hour) and re-weighed (VSS). SS and
VSS were reported as mg L. Variation between duplicate samples was always less than

10% of the average weight, and most commonly within 5%.

2.2.2.3 Turbidity
Turbidity was quantified using a HACH Ratio/XR turbidimeter and expressed as

standard nephelometric turbidity units (NTU).

2.2.2.4 Total five-day biochemical oxygen demand
Five-day biochemical oxygen demand (BODs) was measured in a temperature-

controlled cabinet (20°C) using the WTW OxiTop®-C system equipped with a WTW
OxiTop®-OC100 hand controller. BODs availability kinetics data was downloaded
directly from the OxiTop”™ hand controller. The manometric OxiTop method measures
changes in headspace pressure in a closed system and as such provides both a highly
accurate and precise BOD measurement; indeed the manufacturer (WTW Weilheim,
Germany) quotes an accuracy of 1% the measured value (+ 1 hPa) and a resolution of
0.7% measured BOD,. Despite the very low ammoniacal-nitrogen levels in the pilot
system wastewater, BODs was measured as carbonaceous BODs (cBODs) through the
inclusion of 100l of nitrification inhibitor (1000mg L' allylthiourea) in all samples.
For ease of discussion, measured cBODs will be reported simply as BODs. It should also
be noted that due to an often variable equipment availability status, all 9 experimental
ponds were not always analysed with respect to BODs at every sampling interval. In
these cases, the second pond in each three-pond series was omitted from daily BODs

analyses.

2.2.2.5 Total organic carbon
Total organic carbon (TOC) and inorganic carbon (IC) concentration was measured

using a Shimadzu TOC-5000A Total Organic Carbon analyser (Shimadzu Corporation,

Kyoto, Japan) according to the procedure outlined in the user’s manual. Standards of
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anhydrous potassium biphthalate and anhydrous sodium carbonate/sodium bicarbonate

were used for calibration of TOC and IC measurements respectively.

2.2.2.6 Chlorophyll a
Chlorophyll a was measured according to (the trichromatic) method 10200 H (APHA,

1992). Briefly, samples were firstly vacuum filtered (Whatman® GF/C; nominal pore
size 0.45um), extracted in ice-cold 90% acetone, centrifuged at 3000g for 10 minutes at
4°C (Sigma 6K15) and finally analysed spectrophotometrically at 630, 647 and 664nm.
The extraction, sample preparation and analysis protocols were identical to the standard
method 10200 Parts ‘1 and 2°, with the exception that a vortex mixer was used in place
of a tissue grinder for sample homogenisation. Because samples were always extracted
on the day of collection and analysed within a maximum period of 2 weeks, corrections
for chlorophyll degradation products (phaeopigments) were not made. Reported
chlorophyll concentrations, therefore, represent the sum of chlorophyll a and a likely

insignificant amount of phaeopigment.

2.2.2.7 Ammoniacal-nitrogen
Samples for ammoniacal-nitrogen (NH,'-N) analysis were pre-filtered (Whatman

®
GF/C) prior to analysis as follows. NH4 -N was determined using the nesslerization
method 4500-NH3 C (APHA, 1992). To improve colour development, EDTA was
substituted with 1 drop of mineral stabiliser (Biolab, cat# 23766-26) and 1 drop of
polyvinyl alcohol dispersing agent (Biolab, cat# 23765-26). Analyses were performed in
triplicate, and, for quality assurance, were run parallel to daily validation standards. It
should be noted that ammoniacal-nitrogen is expressed here in chemical notation as
ammonium-nitrogen (NH, -N). This is due to the fact that within the common pH and
temperature ranges experienced during the course of this research, the ratio of unionized
NH;-N to ionized NH4'-N will be <0.1, such that the vast majority (>90%) of
ammoniacal-nitrogen will in fact be present as ammonium-nitrogen (Boyd, 1990).

Consequently, all following reference to ‘ammonia-nitrogen’ will be done so using the

notation NH, -N.

2.2.2.8 Oxidised nitrogen (nitrate and nitrite)
Samples to be analysed for nitrate-nitrogen (NO3-N) and nitrite-nitrogen (NO; -N) were

pre-filtered as for NH;"-N analysis. NO3-N and NO,-N were determined using the
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hydrazine reduction method 4500-NO3 G, and the colorimetric method 4500-NO2 B
respectively (APHA, 1992). Analyses were performed in triplicate together with daily

validation standards.

2.2.2.9 Soluble reactive orthophosphate

Samples analysed for soluble reactive orthophosphate (PO43_-P) were pre-filtered as for
NH,'-N analysis. PO, -P was determined according to method 4500-P D (APHA,

1992). Analyses were performed in triplicate together with daily validation standards.

2.2.2.10 Indicator microorganisms
Thermo-tolerant faecal coliforms (FC) and Escherichia coli were enumerated according

to the Colilert®-18 defined substrate “Quanti-tray” method (IDEXX Laboratories,
Maine, USA) following the manufacturer’s instructions and after a minimum of 18 hours
sample incubation at 44°C. Although an incubation period of precisely 18 hours is
recommended by the manufacturer, Colilert®-18 test results were found to be stable for
at least up to 24 hours, and so were generally analysed within this 18—24 hour incubation
period. E. coli were identified according to the manufacturer’s instructions under ultra-
violet illumination (Vilber Lourmat, VL-215; 60W). Results were then expressed as

most probable number (MPN) organisms 100ml ™.

2.2.2.11 Heterotrophic microbial plate counts
Quantitation of heterotrophic microbial density was done following a standard spread-

plating method. Briefly, samples were serially-diluted where necessary (sterile 0.1%
peptone water, Oxoid) then sample aliquots (100ul) were aseptically spread onto
standard agar plates (R2A, Oxoid) followed by 24 hour incubation at 31°C and final
examination. Heterotrophic microbial density was then expressed as colony forming

units (CFU) ml .

2.2.2.12 Light-depth profiling
Photosynthetically available radiation (PAR; 400-700nm) depth profiling was
performed using a quantum sensor (SKE-510, Skye Instruments, Wales, UK) attached to

a graduated measuring pole. PAR was expressed as umol photons m 2 s .

87



2.2.2.13 Phyto- and zooplankton quantitation and identification
Phytoplankton densities were determined by sedimentation of samples followed by

optical inverted microscopy (Utermohl, 1958) according to standard methods 10200 C
and 10200 E respectively. All phytoplankton enumerations and taxonomic
classifications were performed by qualified staff at the ‘NATA’ accredited Australian
Water Quality Centre (Bolivar, South Australia). For zooplankton analysis, a Sml
Eppendorf pipette was used to transfer the entire 20ml of concentrated Lugol’s-
preserved samples from each sampling location (refer Section 2.2.1) into the
zooplankton counting wheel (see below)—usually in 10ml aliquots. The disposable
pipette tip was cut to make a 4-5mm diameter opening so that large crustacean

zooplankton could be easily transferred (Edmondson and Winberg, 1971).

Zooplankton enumeration and gross taxonomic identifications were performed using
relevant taxonomic reference material (Koste, 1979; Shiel et al., 1982; Benzie, 1988;
Bayly, 1992; Fernando, 2002) in conjunction with a custom-made, 15ml capacity, clear
acrylic zooplankton ‘counting wheel’ (Figure 2.5) and a Leica MZ6 dissecting
microscope at 40x magnification (Leica Microsystems). Further, more detailed
taxonomic identifications preserved samples were performed by experienced and
qualified staff (Russell Shiel) at the University of Adelaide, Department of
Environmental Biology (Adelaide, South Australia) according to relevant taxonomic
keys. Ostracod identifications were kindly performed by Stuart Halse (Bennelongia
Environmental Consultants Pty. Ltd., Wembley, Western Australia). Organism
photographs were recorded for the major zooplankton using a standard compound
microscope (Olympus BX50) and digital camera (Q-Imaging) with associated software
(Micropublisher 5.0) for small (<500um) organisms, and for larger organisms (>500um),
photographs were taken using a Leica MZ16 dissecting microscope with inbuilt digital

camera and associated software (Leica Microsystems).
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(a) (b)

55mm

Figure 2.5. (a) Complete acrylic zooplankton counting wheel and base, showing: central
pivot point (1); start/stop point (2); circular counting well (3); and acrylic base stand (4);
and (b) cross-sectional view of the counting wheel removed from the base stand.

Individual zooplankton were counted as merely ‘present’ or ‘absent’ and were recorded
as single adults only for all zooplankton species, such that the numbers of ovigerous
(egg-bearing) females were not recorded. Individual copepod nauplii were recorded as
‘nauplii’ up to the stage where they qualitatively began to resemble adult morphology
(i.e. naupliar stages N1-N6 until around copepodite ‘C1’ stage; Dussart and Defaye,
2001). Moreover, their morphologically distinct form, by comparison to the copepodite
stages, warranted the separate functional classification of nauplii (Hamilton et al., 2005).
From there onward, C1-C5 copepodites were all recorded as ‘adults’—as done also by
Mitchell and Williams (1982a)—and were divided between calanoid and cyclopoid
groups according to the daily observed ratio of identifiable C5 adult stages. Because of
the complexities associated with taxonomic identification of copepod nauplii (Hawking
and Smith, 1997), no attempts were made during enumerations to separate nauplii into
respective ‘calanoid’ and ‘cyclopoid’ groupings. As was again done by Mitchell and
Williams (1982a) during zooplankton monitoring of another South Australian WSP, no
distinction was made when enumerating juvenile cladoceran stages, rather, all juvenile
individuals recorded as single adults of the dominant cladoceran species (invariably

Daphnia carinata). All plankton counts were expressed as the number of organisms L.

Individual organism biomass values (ug dry wt individual ') were calculated according
to pre-defined length—weight allometric equations for the same genera or species

(Dumont et al., 1975; Mitchell and Williams, 1982b) following the technical
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recommendations of Bird and Prairie (1985). Body length measurements were
performed electronically on a random selection of adult individuals from each taxon
using a standard compound microscope (Olympus BX50) with digital camera (Q-
Imaging) and associated software (Micropublisher 5.0) for small (<500um) zooplankton,
and a Leica MZ16 dissecting microscope with inbuilt digital camera and associated
software (Leica Microsystems) for larger organisms (>500um). Measurements of
Daphnia were taken from the top of the head to the base of the carapace spine following
the method of Cauchie ef al. (2000a). Where published data was available, organismal
dry weights were estimated for those species directly from published biomass values
(e.g. Kobayashi et al., 1996). Where data were not available for particular zooplankton
species, regression equations or published dry weight values from morphologically
similar species were used (e.g. Brachionus calyciflorus (Pallas) for Brachiouns
novaezealandiae). Ostracod biomass was estimated from the published organism dry
weight values of Ikeda (1990) using a mid-range mean body length of 1.3mm. An
intermediate single weight was adopted for all copepod nauplii biomass calculations
based on a mean body length of 160um in conjunction with the length—weight equation
of Dumont et al. (1975). This single naupliar weight estimate also reflected the early-
stage (N2) cyclopoid and calanoid nauplii weights reported by Culver et al. (1985) and
was also similar to the mean naupliar weight reported by Pedros-Alio and Brock (1983).
Actual length—weight regression equations and final dry biomass estimates for the most

commonly recorded zooplankton taxa are provided in Appendix E.

Because the brood (egg) volume can represent a significant portion of total organism
biomass (=25% according to Pauli (1989) for smaller organisms such as rotifers such as
Keratella species; =30% for Brachionus species, ~10% for Daphnia magna (Straus) and
Moina micrura (Kurz), 20% for Chydorus species, 20% for adult cyclopoid
(Mesocyclops) copepods, 25% for adult calanoid (Eudiaptomus), and up to 50% for
Bosmina species according to Dumont ef al. (1975)), during these calculations, 10% of
all counted organisms were considered to be egg-bearing at the time. Although not
directly quantified, this figure of 10% was considered to be a relatively accurate—in
some cases conservative—estimate based on qualitative observations made during
zooplankton enumerations, and generally increased the daily biomass total by no more

than 3%. Furthermore, it was a somewhat more conservative approach than that adopted
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by Kobayashi and Church (2003) who multiplied all dry weight biomass values by a
factor of 1.1 to account for the proposed 10% error associated with back-transforming
length—weight data. Because no distinction was made between newborn, juvenile and
adult Cladocera during counting, a reduced and relatively conservative overall mean
organismal length was used (1.8mm) as a way of correcting for the inclusion of smaller

individuals.

Whilst length—weight relationships for zooplankton are known to vary according to in
situ food availability (Geller and Miiller, 1985; Hessen, 1990; Cauchie et al., 2000c), no
attempt was made to factor in organismal nutritional status during biomass conversions.
Similarly, and as highlighted by Kobayashi et al. (1996), whilst the use of constant
weights for rotifers may ignore important spatial and temporal variations in the weight
distributions of individual taxa, their universally small size means that all methods for
measuring the individual mass of microzooplankton are inherently subject to large errors
in terms of accuracy and precision (McCauley, 1984). Therefore, constant mean weights
were adopted for all individual organismal dry biomass values as described above. Total
zooplankton biomass (mg dry wt L™") for a given sample was estimated as the sum of the
product of the zooplankton density and inferred organismal dry weight for each recorded

taxon.

2.2.2.14 Plankton community diversity

Insights into the relative biodiversity of zooplankton communities from each of the four
pilot treatments were gained by calculating the Shannon diversity index (H’) of Shannon

(1948) according to Equation 2.4 below.

H == (P x (loge P)) (Equation 2.4)

where: P; = proportion of individuals of the ith species and estimated as n;/N
n; = number of individuals of species i
N = total number of individuals of all species

log. is the natural logarithm
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2.3 Data assessment, manipulation and statistical analysis
In accordance with the prior recommendations of Haas (1996), all ‘average’ indicator

organism values will be reported as arithmetic means + 1 standard deviation (SD) unless
otherwise stated. Indicator organism data (FC and E. coli) was log;o transformed prior to
data analysis using the transformation y =logjo(y + 1); where y=the number of
microorganisms (expressed as MPN 100ml ). Average percentage removal efficiencies
for each parameter and across all pilot treatments were calculated according to Equation

2.5:
% removal = 100 — (Cetayent / Cinfluent) X 100] (Equation 2.5)

where Cinfiuent = concentration of measured parameter in the pilot plant influent

Cetiuent = concentration of measured parameter in the effluent

In order to demonstrated the long-term variability of both influent water quality and
subsequent pilot treatment performance, average percentage removal efficiencies for
each measured parameter are provided with their corresponding 95% confidence

intervals (CI’s) to allow for evaluation of treatment performance consistency.

Prior to performing any statistical testing, data set normality was firstly assessed using
Kolmogorov—Smirnov or Shapiro—Wilk testing in addition to supplemental Q—Q normal
probability plot analysis in some instances. Homogeneity of data variances were also
checked using Bartlett’s or Levene’s tests (depending on the statistical software used).
Where raw data satisfied the underlying assumptions of normality and homoscedasticity,
parametric statistical analyses were always performed on the raw un-transformed data.
Where these assumptions were not satisfied, data transformations (commonly log;o or V)
were performed in an attempt to normalise the data (except for temperature and pH),
followed again by normality testing and parametric statistical analysis where
appropriate. In these instances, significant performance differences between treatments
were assessed via standard parametric 1-way ANOVA with Tukey’s honestly significant
difference multiple comparison post hoc testing. For all ANOVAs, the variance ratio (F)
and associated degrees of freedom between (,) and within groups (g) are provided along

with the corresponding sample size (n) and corresponding p value. Where data
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transformations failed to normalise data distributions and/or variance heterogeneity,
non-parametric statistical analyses were employed. In these instances, significant
differences between treatments were assessed by way of non-parametric Kruskal-Wallis
testing with Dunn’s multiple comparison post hoc testing. All Kruskal-Wallis test
results are provided with the corresponding Chi-square approximated test statistic (x°),
associated a significance level (p05), between-groups degrees of freedom (,) and

corresponding p value.

Where appropriate, parametric, one sample #-tests were used to identify differences
between average daily percent parameter removal efficiencies and a theoretical ‘zero
mean’ removal efficiency. Where data were non-normal, non-parametric Wilcoxon
signed-rank tests were used for the same purpose as for f-testing above. Simple
correlation analysis was used to identify any significant associations between measured
water quality parameters; either by way of parametric Pearson’s correlation (r) or non-
parametric Spearman rank correlation (r) according to the assumptions of data
normality as above. Where appropriate, differences between the slopes of multiple fitted
regression lines were assessed by way of Analysis of Covariance (ANCOVA) using
PRISM 4.03 and according to the methods of Zar (1996). All significance testing was
performed at or below o < 0.05 level. All statistical computations were performed using
either PRISM 4.03 or SPSS 15.0.0 (SPSS Inc., Chicago, Illinois, USA). Graphical data
was compiled using both PRISM 4.03 and Microsoft® Office Excel 2003. Data tables

were formulated using Microsoft® Office Excel 2003.
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3 Relative performance of duckweed ponds and rock
filtration for the upgrading of WSP effluent

Parts of this chapter have been published elsewhere (see Appendix A).

3.1 Introduction

As introduced in Chapter 1, WSPs represent an extremely robust, low-maintenance,
cost-efficient wastewater treatment alternative. A major issue affecting WSP
performance, however, is the unpredictable and often high concentrations of algal-based
SS and accompanying BODs in their effluent. Further upgrading of WSPs is therefore
required if pond effluent is to be of a reliably high quality for either final waterway
discharge or quaternary treatment processing prior to reuse applications (as is the case
for the Bolivar WWTP). This chapter describes the experimental performance data from
pilot plant operational monitoring Period I (July-December, 2005; see Table 2.1)
comparing DW, OP, and RF treatments; of which in-depth reviews are provided within
the relevant Sections of Chapter 1. The treatment efficacies of the three experimental
interventions are detailed and discussed below, with special reference given to the
discrete and relative treatment performances of each system, as well as the reliability or
consistency of performance. As outlined within the thesis aims of Chapter 1, research
presented in this chapter aimed to investigate in parallel the treatment efficacies of these
pilot-scale WSP upgrades. Within these performance evaluations, and in line with the
thesis aims, special reference will also be made to the algal removal efficacy of each

pilot WSP upgrade methodology.

3.2 Materials and Methods

A detailed description of pilot plant construction, configuration, operation and

monitoring protocols, is provided in Chapter 2.
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3.3 Results and Discussion

3.3.1 Pilot plant hydraulics

It is well understood that pond efficiency is a function of both the biochemical
transformations as well as the hydraulic processes occurring within the pond (Polprasert
and Bhattarai, 1985). Although BODs attenuation is achieved predominantly through
algal-bacterial interactions, hydraulic flow patterns can also have a significant bearing
on WSP treatment performance (Polprasert and Bhattarai, 1985); therefore, the hydraulic
flow regime within each of the pilot-scale pond systems was characterised. It was not the
specific aim of this work to investigate the potential impact(s) of flow hydraulics on
treatment performance, rather hydraulic conditions were assessed to aid the
understanding of aspects of pilot plant performance which may have been influenced by
specific hydraulic regime. Methods used to determine pilot pond hydraulic flow regime
are detailed in Section 2.1.2.1. In order to allow direct comparison of multiple tracer
runs performed under different flow rates, the fluorescent tracer data from Figures 3.1 to
3.3 was normalised so that the area under the curve was unity. The procedure involved
dividing the raw tracer time—concentration data by the area under the non-normalised
residence time distribution (RTD) curve to produce a ‘normalised RTD curve’ with an
area equal to 1. RTD curves from corresponding hydraulic tracer experiments for each

of the three pilot pond treatment systems are given in the Figures 3.1 to 3.3 below.

2 —— Tracer 1

—=— Tracer 2

Normalized fluorescence

L] L) L) ] | 1
0.00 0.25 0.50 0.75 1.00 1.25 1.50 1.75
Time (days)
Figure 3.1. Duckweed treatment system: duplicate single pond normalised residence
time distribution curves showing normalised thodamine WT fluorescence (A.U). Tracer

experiments performed under a standing duckweed plant biomass density of no less than
2kg m* (wet weight).
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Figure 3.2. Open Pond treatment: duplicate single pond normalised residence time
distribution curves showing normalised rhodamine WT fluorescence (A.U.).
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Figure 3.3. Rock filters: duplicate single pond normalised residence time distribution
curves showing normalised rhodamine WT fluorescence (A.U.).

The single-pond RTD curves represented in Figures 3.1-3.3 all show a relatively well
dispersed hydraulic flow pattern consistent with that of a completely mixed tank reactor;
with a maximum asymmetric fluorescence peak near to the y-axis followed by a slow
and steady decrease within a pronounced tail (Levenspiel, 1999). The long tails
represent the tracer dye quickly becoming well mixed, and then slowly being diluted and
washed out of the pond as the entire contents is gradually turned over. Maximum tracer
fluorescence was observed in the pond outflow after only a fraction of the theoretical

hydraulic residence time (HRT), suggesting that the flow pattern is more mixed than
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plug (Naméche and Vasel, 1996; Torres et al., 1999). This initial fluorescence peak seen
in Figures 3.1-3.3, whilst being representative of a completely mixed tank reactor, is
also indicative of a combination of short-circuiting and the existence of dead spaces
within all pilot ponds (Bischoff and McCracken, 1966; Uhlmann, 1979; Levenspiel,
1999; Torres et al., 1999). The presence of small-scale accessory peaks within the tail of
the RTD curves is also indicative of some degree of localised recirculation within the

pilot pond reactors.

Overall, the RTD curves of Figures 3.1 to 3.3 are similar to what would be expected
from a relatively well-mixed pond reactor. The theoretical HRT () for each treatment
pond varied according to variations in the precise flow rate at which individual tracer
experiments were conducted (refer Table 3.1). Data from within-treatment duplicate
tracer runs were first averaged in order to yield one value for both 7 and actual mean
HRT (7). Using Equation 2.1 in conjunction with the RTD curve data from Figures 3.1—
3.3, 7 for single DW, OP and RF pond reactors was then calculated for each tracer
experiment. Then, using this information together with Equation 2.2, the dead volume
for each pilot pond system was calculated. Quantitative analysis of the tracer data from
Figures 3.1-3.3 revealed differing v values for each treatment based on individual
treatment void volumes and tracer experiment flow rates. Mean residence times under
the respective tracer experiment flow rates for individual DW, OP and RF reactors 0.96,
0.78 and 0.37 days respectively (note that for actual monitoring Period 1 mean residence
time values, see Table 3.2 below). Calculated dead volumes within each pilot pond
treatment were in the order of 13.2, 13.6 and 27.9% for DW, OP and RFs respectively.

A summary of these hydraulic characterisations is provided in Table 3.1.

Although there have been reports of improved hydraulic conditions under a duckweed
surface cover compared with un-covered open ponds (Benjawan and Koottatep, 2007),
tracer data suggested that flow patterns were very similar in both duckweed-covered and
uncovered ponds; an observation in line with that of Zimmo (2003) for similar scale
pilot pond systems. Flow hydraulics also appeared to be more ideal in the unoccupied
DW and OP reactors, with the presence of large volumes of rock media apparently

degrading the flow conditions and doubling the reactor’s dead volume. Poor patterns of
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flow distribution and hydraulic short-circuiting have been reported for rock filters

elsewhere (Swanson and Williamson, 1980).

Table 3.1. Hydraulic characterisation of individual pilot ponds for the three treatment
systems: Duckweed (DW); Open Pond (OP); and Rock Filter (RF). Individual parameter
values represent the mean of duplicate tracer determinations.

Experimental treatment

Hydraulic parameter

DW OP RF
Gross reactor volume (m3) 2.56 2.56 2.56
Hydraulic flow rate (m® day™) 2.21 2.76 2.76
Hydraulic loading rate (m® m™ day™")" 0.86 1.08 2.08
Void space volume (V,; m3) 2.56 2.56 1.43
Void space volume (% total) 100 100 55.86
Theoretical residence time (z,; days) 1.16 0.93 0.52
Actual mean residence time (z; days) 0.96 0.78 0.37
Dead volume (% V) 13.16 13.63 27.86

T Based on gross reactor volume not void space volume

As can be seen from the data of Table 3.1, 7 <7y for all treatments, indicating the
existence of dead volume within each of the pilot pond series. Somewhere in the range
of 13-28% of reactor void space volume was realised as ‘dead volume’ within the pilot
ponds. Whilst not ideal, dead volumes recorded for the current pilot ponds were
significantly lower than the approximate 60% dead spaces reported by Zimmo (2003)
following hydraulic characterisations of similar pilot-scale duckweed and open control
ponds. Although there is no #ruly dead space in a real system (since even in a completely
non-moving region, transport of matter would eventually occur by molecular diffusion),
regions of the reactor vessel with fluid retention times of 5-10 times more than that of
the bulk of the fluid are for practical purposes referred to as dead, and are essentially

seen as ‘wasted space’ (Bischoff and McCracken, 1966).

Dead volumes of the orders seen in Table 3.1 were likely to have had a measurable
impact on the hydraulic efficiency and subsequent treatment performance of each of the
pond reactors, but this was neither quantified nor corrected for here. Despite the initial
design of the pilot pond systems adhering to several recognised elements of good
hydraulic design, such as: the use of rectangular reactors; positioning the inlets and

outlets as far from each other as possible; and the use of multiple inlet and outlet ‘ducts’
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(Moreno, 1990); the observed flow conditions were far from optimal. According to
Shilton et al. (2000), any change to the hydraulic operation (e.g. by baffling or the
inlet/outlet configuration) that can effectively delay the arrival of the tracer peak at the
outlet, if only for a short period, has the potential to significantly improve the overall
pond performance. It was later thought that the inclusion of baffled inlet and outlet
manifolds may have significantly improved the hydraulic flow regime within the pilot
pond reactors, but in this instance, the post hoc nature of hydraulic characterisations
prohibited the assessment of this. Even though flow conditions were proven to be non-
ideal, data from Figures 3.1-3.3 did show good reproducibility between duplicate tracer
tests; suggesting that hydraulic conditions recorded over the short duration of each tracer
experiment were likely to have been relatively consistent during the extended six month

experimental duration.

Although wind effects have the potential to adversely influence hydraulics flow patterns
within large-scale shallow basins (e.g. Sweeney et al., 2003), the small scale of the
current pond reactors allowed only a very narrow wind fetch (<3m); such that wind
effects were not taken into consideration during hydraulic assessments. Additionally, the
10cm head space above the water surface in the current pilot pond vessels would have
most likely served as a ‘wind buffer’—further reducing the effects of wind-induced flow
alterations within the pilot-scale reactors. Similarly, and although thermal stratification
is also known to be capable of influencing flow hydraulics within exposed shallow
basins (Uhlmann, 1979), thermal stratification was unlikely to have played a significant
role in dictating flow hydraulics within these pilot-scale reactors; based on the relatively
large hydraulic throughput, and also due to the above-ground nature of the pond reactors
most likely moderating and improving convective heating processes throughout the

entire water column.

3.3.2 Pilot plant loading conditions and influent wastewater
characteristics
During operational Period I (July-December, 2005), average pilot plant influent flow

rate was 78 L h™', with an average daily inflow across all treatments of 1.87m> d"'. This

corresponded to an average daily hydraulic loading rate (HLR) for all treatments of

99



0.73m’ m™ d' (note that in this instance, the hydraulic loading (m* m~ d™') and aerial
surface loading (m® m > d ") rates were identical due to the Im hydraulic depth in all
pilot reactors). DW and OP HLRs are given as m® of wastewater per m® of gross pond
volume per day, and RF loading rates are stated in a similar way in terms of m’ of
wastewater per m° of gross (submerged) rock volume per day. Corresponding single
pond theoretical mean HRTs under monitoring Period I flow rates were 1.37 days for
the OP and DW systems and 0.76 days for each RF pond (based on RF void space
volume of 55.86%). It should be noted that these theoretical residence times are longer
than those given in Table 3.1 because the tracer experiments were performed post hoc
under a somewhat higher flow rate (115L h™'). A summary of these and other

operational parameters for the pilot-scale treatments are provided here in Table 3.2.

Table 3.2. Summary of the hydraulic and organic loading characteristics of the
individual pilot-scale WSP upgrade treatment reactors during operational Period 1.

Treatment
Parameter DW OP RF
Hydraulic flow rate (m®d™") 1.87 1.87 1.87
Hydraulic loading rate (m®* m™=d™")® 0.73 0.73 0.73
Aerial surface loading rate (m* m™2 d™")? 0.73 0.73 0.73
Theoretical fluid velocity (m d_1) 1.56 1.56 2.84
Theoretical mean HRT (d) 1.37 1.37 0.76
Actual mean HRT (d)T 1.19 1.15 0.54
Influent organic strength (g BOD; m'?’)I 5.75 5.75 5.75
Organic loading rate (g BODs m™ d™")*@ 4.20 4.20 4.20

7 Implied from the ratio of 7 :ty measured during tracer experiments
* Based on median influent BOD5 concentration during the operating period

@ Based on gross reactor volume not void space volume

The hydraulic loading rate used here (0.73m” m> d ') was generally higher than those
reported in the relevant literature for pilot-scale DW, OP and RF systems. The reasoning
for operating the experimental pilot plant under such elevated HLRs was that the organic
strength of the influent wastewater—from a tertiary level maturation WSP—was very
low. According to the classifications outlined by Metcalf and Eddy (1991), the pilot
plant influent feed wastewater was of ‘weak’ organic strength, but is within the reported

range for tertiary maturation pond effluent with respect to BODs and SS. A summary of
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the influent loading and water quality parameters during monitoring Period 1 is

provided in Table 3.3 below.

Due to the refined nature of the pilot plant influent, and in order to achieve an organic
loading rate (OLR) comparable with those reported in the relevant literature, the HLR
was increased several fold compared with reported HLRs for other pilot-scale rock filter
and duckweed pond research. For example, HLRs for rock filters are most commonly
<0.5m’> m> d' (see Section 1.2.8.6.1) and the guideline HLR for a rock filter treating
maturation pond effluent in the United Kingdom is 0.3m> m™ d™' (Mara, 2003). The
only exceptions to this appear to be the work of Mara et al. (2001) and von Sperling et
al. (2007), where rock filter hydraulic loadings were in the very high range of 1.0-2.0m’
m> d'. Similarly, other pilot-scale duckweed pond systems have generally been
operated at HLRs in the range of 0.1-0.23m’ m > d™' (Bonomo e al., 1997; Zimmo et
al.,2002; Ran et al., 2004).

Table 3.3. Pilot plant loading conditions and influent water quality for the first pond
reactor of each three-pond treatment series.

Parameter ' Loading range Influent range Median quality
BOD,' 15-22gm>d” 2-30 5.75

Chl. a 4-69mgm>d’ 6-94 pyg L™ 13 ug L™

ss’ 5-35gm>d” 7-48 13

Turbidity (NTU)  4-58 4-58 8.7

NH,*-N* 0.84.1gm°d” 0.5-2.4 1

PO, -P* 41-126gm°d"  21-5 3.7

FC? 45-6m>d" 1.7-3.2 2.4

E. coli® 44-5m°d” 1.5-2.1 1.8

" BODj, biochemical oxygen demand; Chl. a, chlorophyll a; SS, suspended solids;
NH,*-N, ammonia nitrogen; PO,>"-P soluble reactive orthophosphate; FC, faecal coliforms

* Expressed as mg L™’
? Expressed as logs, MPN 100mL™"

As can be seen in Table 3.3, the final Bolivar maturation WSP effluent is of a highly

refined tertiary-level nature, therefore the influent to the experimental pilot plant was

generally of much higher water quality than what is typical for most WSP effluents. In
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fact so highly polished is the final Bolivar wastewater, that there is even evidence to

suggest that the pond network is at times “nutrient-limited” (Cromar et al., 2005).

For the performance data reported in this chapter, the daily influent for both Ponds 1 and
3 is taken as that of the pilot plant influent; as sampled from the header tank (refer
Figure 2.1). Pond 2 effluent data was not used for determining Pond 3 influent loading
conditions due to the lack of analytical data for Pond 2 treatments across some
monitored parameters (see Section 2.2.2.4). Pond 1 effluent data was also not used to
define Pond 3 influent because of the desire for a ‘down-the-line’ treatment performance
assessment of each upgrade system compared to a common influent. In addition to this,
the relatively high HLR and subsequently short HRT of each experimental pond meant
that the pilot plant influent was considered to have been relatively stable over the course
of one complete three-pond series hydraulic turnover; that is the influent water quality
should have remained relatively stable over the course of the three to four day HRT of
one entire three-pond treatment series. Therefore, in an attempt to provide a more
consistent and concise analysis and interpretation of the presented performance data,
only the data from Ponds 1 and 3 will be discussed in text. Furthermore, the
comparatively small data set for the second pond in each treatment series precluded the

inclusion of Pond 2 data in some of the performance analyses.

Due to the pilot scale of the experimental pond reactors (<2800 L) and the relatively
deep operational hydraulic depth (1m), the impact of ‘wall effects’ (resulting from high
surface area-to-volume ratios) are thought not to have played a significant influential
role in the observed treatment performance for the current pilot systems. Somiya and
Fujii (1984) cited the potential impact of wall-attached biofilms in the overall waste
treatment process from their work on similar scale pond reactors. In work presented
here, however, and in the absence of any data to the contrary, it was assumed that any
potential ‘wall effects” were similar across all three treatment series due to the identical
nature of the 9 pilot-scale reactors. Wall effects will therefore not be further discussed

except where they may be of specific relevance.
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3.3.3 Duckweed mat properties, and biomass density vs. light
attenuation
Following inoculation, the duckweed multiplied quickly in all ponds and maintained a

robust and complete surface coverage for the entire six month duration from winter
(July) to summer (December). Steady-state operational duckweed surface mat thickness
was in the order of 2cm, with a final mean duckweed mat density of 8.29 (+ 0.43) kg m™
fresh weight (=0.58kg dry weight) for all three ponds in series. The full surface mat
coverage was successfully established during the latter two months of winter (July—
August), during which time the mean DW Pond water temperature was 12.1°C (+ 1.6).
This observation of complete successful winter duckweed growth could go toward
answering an earlier question posed by Leng (1996) (see Section 1.3.1.2), who—
following observations of favourable Lemna performance during the Australian summer
and autumn months—was unsure as to what the survival of duckweed would be during

the Australian winter.

Since the operational Lemna surface mat was in the order of 2—-3cm thick, it is likely that
there was significant self-shading of duckweed fronds in the lower regions of the
floating plant mat. Physical appearance and general ‘healthiness’ of the duckweed Pond
surface mats was periodically assessed over the six month experimental duration.
Generally, individual duckweed frond size decreased as the surface mat aged, reaching
approximately half the initial frond size a few months post-inoculation. Frond colour
was also observed to gradually change from a brilliant green at the outset of mat
formation to a more dull green colouration over time, but remained healthy and in a
vegetative state at all times. Frond root length was observed to generally increase with
duckweed mat age—a likely consequence of an ever-increasing mat thickness. Some
anthocyanin pigmentation (under-frond purple coloration) was observed in ageing
duckweed surface mats over time—a factor attributed to S and Fe deficiencies (Leng,
1996)—but again this was not to the detriment of overall duckweed mat healthiness and

structural integrity.

Another factor known to affect duckweed mat integrity is competition, mainly from
filamentous cyanobacteria and green algae. Filamentous algae and cyanobacteria can

become entangled in the duckweed rootstock, effectively smothering the plants
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(Roijackers et al., 2004) and ultimately resulting in death and disintegration of the
surface mat integrity (Edwards ef al., 1992; Al-Nozaily and Alaerts, 2002). Underlying
filamentous algae and cyanobacteria can also cause disruption of duckweed surface mats
by photosynthetic gas production and subsequent flotation, causing an elevation of the
duckweed above the surface of the water leading to desiccation and nutrient starvation
(Leng, 1996; Ozbay, 2002); however, no such observations were noted here. According
to Edwards et al. (1992), duckweed mats can also be susceptible to insect infestation by
aphids such that surface mat integrity can be compromised. Some degree of aphid
infestation was observed during the current study period, although it was not severe
enough to compromise the plant mat integrity. It is known that species of Lemna are able
to utilise the organic carbon (carbohydrates) secreted by neighboring plants (Gopal and
Goel, 1993) and also from the water column (Hillman, 1976; Frick, 1994) for their own
heterotrophic nutrition. It is possible that such modes of nutrition could have contributed
in some way to the persistent maintenance of a dense and complete duckweed surface

mat during the course of the current work, although this remains purely speculative.

Depth-wise light penetration profiling of the DW and OP systems was performed.
Profiling revealed that under an incident PAR of 600umol quanta m s ', in excess of
99.5% (£ 0.04) of the PAR light spectra was attenuated at a depth of 0.1m below the
surface for the DW Ponds—a result on par with figures reported elsewhere (Giorgi and
Malacalza, 1994; Parr et al., 2002). This is compared to an average 45% (+2.6) PAR
attenuation for the Open Ponds at the same depth (Figure 3.4). Depth-wise profiling also
showed that light extinction was extremely rapid, and based on the data of
Goldsborough (1993), the bulk of light attenuation was likely to have occurred within
just the top 0.5cm of the plant mat. This is a well recognised advantage of duckweed
pond systems, whereby the plant surface mats can dramatically reduce light penetration
to the underlying water to such an extent such that algal growth is suppressed or even

prevented (Zirschky and Reed, 1988; Mara et al., 1992; Hammouda et al., 1995).

104



Incident PAR attenuation (%)
0 25 50 75 1?0

0.0

0.1

0.2+

0.34

0.44

0.54

0.64

Pond depth (m)

0.74

0.84

—— DW
- OP

0.94

1.0-

Figure 3.4. Irradiance—depth PAR profiles for Duckweed (DW) and Open Pond (OP)
systems, showing percent attenuation at 600umol quanta m > s ' incident irradiation and
standing duckweed plant biomass density of 8kg m > (fresh weight). Individual data
points represent mean determinations from three parallel treatment ponds (£ 1 S.D.)

Reduced light penetration as a result of duckweed mat formation is a phenomenon
quantitatively reported by only a few authors. Ngo (1987) stated that a 0.5kg m
duckweed mat will reduce incident light penetration by 35%, whilst a 3.9kg m™
duckweed surface mat reduces incident light penetration by 94%. Janes et al. (1996) also
reported 88.4% incident PAR attenuation under a 1kg m > Lemna mat. Goldsborough
(1993) recorded 99.9% PAR attenuation under a 2.6kg m > Lemna mat at a similar depth
to that reported here, whilst Roijackers et al. (2004) observed that a surface coverage of
Lemna at equivalent fresh biomass densities of 0.27 and 0.41kg m * attenuated 31 and
60% of incident irradiance respectively. It should be noted that the biomass data of
Roijackers et al. (2004) was given as dry weight, and a correction factor subsequently
applied for conversion to fresh weight based on an average water content of 93%
(Landolt, 1986; Leng et al., 1995; Goopy and Murray, 2003). When these reported
values for duckweed biomass density versus light attenuation are plotted against values

recorded here, the resultant curve displays a very good single-phase exponential fit to
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the data (1’ =0.90; n=9) suggesting a probable exponential relationship between

duckweed mat biomass density and incident light attenuation (Figure 3.5).
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Figure 3.5. Exponential fit of available duckweed biomass density vs. incident light
attenuation data (broken lines represent 95% confidence intervals for the fitted line).

This relationship was consistent with that of Westlake (1964), who found light
extinction to be a logarithmic function of plant (Ranunculus pseudofluitans) biomass
density. Interestingly, Westlake (1964) also noted that not only was there greater total
light energy attenuation under aquatic plant cover, but also a greater portion of the PAR
light spectra was absorbed; presumably through photosynthetic interception by the
overlying plant biomass. This is no doubt another contributing factor as to why
overlying aquatic macrophytes are renowned for reducing or minimising the potential

for underlying algal growth.

Where appropriate, duckweed biomass values from the fitted curve of Figure 3.5 could
provide commercial duckweed pond operators with additional insight into optimal plant
biomass harvesting regimes based on the plotted minimum biomass density coverage
required for maximum light attenuation and greatest pond performance (i.e. in the order
of 1-2kg m %). This critical biomass density value could be of considerable importance,
given that incomplete Lemna surface coverage (<50% coverage or <0.6kg m ) is known
to be an ineffective algal growth inhibitor (Leng et al., 1995; Szabd et al., 1998).

Incidentally, this critical value (somewhere within the range of 1-2kg m2) was similar
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to the operational biomass density of 1.3kg m > chosen by Bonomo e al. (1997) during
their large-scale pilot duckweed pond trials, and also that of Alaerts et al. (1996) who
adopted a standing biomass density of 1.6kg m > (fresh weight) during their full-scale

duckweed pond operations.

As highlighted in Chapter 1 (Section 1.2.8.5.2), it is a commonly associated operational
requirement for duckweed ponds to have a floating containment ‘grid’ system to prevent
wind-dispersion of the tiny plants—a structure that constitutes an additional capital input
for duckweed WSPs. Results from the current work, however, have shown that if there is
no ongoing harvesting of accumulated duckweed biomass, then the surface mat is
capable of reaching very high standing biomass densities and mat thicknesses of 2—3cm.
Under such circumstances, the structural integrity of the duckweed mat was found to be
very robust and resilient to physical disruption; suggesting that such that a floating
containment system may not be necessary in small-scale installations. This was
commented on by Rich (2003), who claimed that several duckweed pond systems had
been operating in the United States without floating containment systems. This may
offer an additional cost benefits for duckweed systems, particularly in instances where it
is used solely for algal solids removal and duckweed biomass production is not an

operational objective.

3.3.4 Environmental and physicochemical parameters
The pilot plant site received a daily average of 9.8 hours of sunlight in the summer

season (December—February) and 5.3 hours during winter (June—August) at an average
annual daily solar irradiance of 17MJ m* (data based on that recorded at the nearby
Edinburgh Air Force base, 34°42'40"S 138°37'20"E; Australian Government Bureau of
Meteorology). A summary of the prevailing weather conditions experienced at the

Bolivar WWTP during monitoring Period I of 2005 is provided below.
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Figure 3.6. Selected mean monthly site weather conditions from July—December of
2005. Left y-axis shows average daily wind speed and monthly precipitation, and the
right y-axis shows mean monthly evaporation (data courtesy of the Australian
Government Bureau of Meteorology).

As outlined in Section 2.2.2.1, various physicochemical water quality parameters were
monitored for the pilot plant influent and three experimental treatments during the 2005

monitoring Period 1. Results from these analyses are provided below.
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Figure 3.7. Water temperature data for pilot plant: Influent (H); Rock Filters (A); Open
Ponds (O); and Duckweed Ponds (<>). For ease of interpretation, data points show only
the mean temperature (£ 1 S.D) averaged across each three-pond treatment series, with a
line fitted only to the influent data set.
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Figure 3.8. Water temperature box-plot data for pilot plant: Influent (INFL); Rock
Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and
Duckweed Ponds 1, 2, 3 (DW-1, DW-2, DW-3). The shaded ‘box’ represents the
interquartile data range (IQR), the horizontal bar shows the median value, and the
‘whiskers’ show the absolute data range.

Data from water temperature monitoring is represented in Figures 3.7 and 3.8. During
the course of the six month monitoring period, the pilot plant water temperature
increased steadily from around 11.5°C in July 2005, to approximately 26°C by the end of
December, 2005. Generally speaking, the water temperature in the RF and OP treatment
systems was—compared to influent temperature—reduced on average by less than 1°C
during pilot plant passage. DW treatment train water temperature was reduced by an
average of 2.0°C compared with the influent temperature; although as for the RF and OP
systems, this was not a significant reduction (1-way ANOVA; F9311)= 0.873; p = 0.55).

Qualitatively, this slight reduction in temperature within the DW Ponds is in agreement
with the reporting of others. Zimmo et al. (2002) reported similar magnitude
temperature reductions in their pilot-scale duckweed ponds compared with uncovered
ponds. Dale and Gillespie (1976) commented on an increased capacity for thermal
stability under a surface cover of duckweed, whereby the plant mat reflects more and
transmits less energy than open water—creating less extreme temperature fluctuations
and also lower temperatures at greater depths beneath the duckweed mat. Although not
significant in the pilot-scale system here, it is thought that temperature would be

significantly reduced in larger-scale duckweed pond systems. Generally speaking, the
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effects of long-term temporal changes in water temperature were thought to have been
applied evenly across all three pilot treatments, and no attempts were made to distill the
potential effects of temperature on the treatment performance of each pilot-scale WSP

upgrade.

Figure 3.9. Dissolved oxygen data for pilot plant: Influent (l); Rock Filters (A); Open
Ponds (O); and Duckweed Ponds (<). For ease of interpretation, data points show only
the mean DO concentration (= 1 S.D.) averaged across each three-pond treatment series.
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Figure 3.10. Dissolved oxygen box-plot data for pilot plant: Influent (INFL); Rock
Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and
Duckweed Ponds 1, 2, 3 (DW-1, DW-2, DW-3).
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Data from DO monitoring is given in Figures 3.9 and 3.10. During the six month
monitoring period, the pilot plant influent DO levels displayed a fluctuating pattern
according to localised environmental conditions. Long term trends in pilot pond DO
levels mimicked that of the influent (Figure 3.9), although DO generally: decreased
slightly for DW Ponds; increased slightly for Open Ponds; and decreased substantially
for RFs (Figure 3.10). Average influent DO concentration was in the order of 10.5
(+ 1.7) mg L', with three-pond mean DW, OP and RF dissolved oxygen concentrations
of 7.9 (£ 1.8), 11.2 (£ 2.9), and 5.7 (£ 2.2) mg DO L' respectively. DO levels generally
decreased down the respective pond series for both the DW and RF treatment trains, and
increased for the OP series (although not significantly in any case; p > 0.05). In the DW
treatment train, DO decreased significantly compared to influent concentrations only in
Ponds 2 and 3 (Kruskal-Wallis test; x%0.0s.0 = 166.6; p < 0.01) but not after the first pond
(p > 0.05). In the OP series, the small DO increase was not significant in any of the three
ponds (p > 0.05), and for the RFs, the average 45% reduction in the levels of inflowing
DO was highly significant across all three filters (p <0.001), something which is clearly
shown in Figure 3.10. With respect to between-treatment DO levels, the OP series had
significantly elevated oxygen concentrations than did the DW treatment for Ponds 2 and
3 only (p < 0.01) and significantly higher DO concentrations across all three ponds when
compared to RF concentrations (p <0.001). Between the DW and RF treatments,
oxygen concentrations were greater in both DW-1 and DW-2 (p <0.01) but were
effectively similar for the third pond of both series (p > 0.05).

This observed trend for a reduced DO concentration in duckweed systems has been
reported elsewhere. Early work has already demonstrated the ‘smothering’ effect of a
complete duckweed surface cover on the underlying aqueous oxygen concentration
(Lewis and Bender, 1961; Morris and Barker, 1977); with the reduced DO concentration
a result of inhibited surface re-aeration potential, impeded oxygenic algal
photosynthesis, and also because duckweeds exchange the bulk of photosynthetically-
evolved oxygen with the atmosphere and not the underlying water (Morris and Barker,
1977; Giorgi et al., 1998; Al-Nozaily et al., 2000a). Zimmo et al. (2000; 2002)—
interpreting data from both laboratory- and pilot-scale reactors—reported that the DO
concentration in duckweed ponds was consistently around half that of parallel algal-

based ponds. The magnitude of DO reduction observed here was about half that of
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Zimmo and co-workers, however, this was likely to be a consequence of the organic

loading rate being some 10-fold lower for the Duckweed Ponds reported here.

Whilst many authors have reported on a generally severe restriction of DO levels
resulting from a floating duckweed cover, it is not universally the case. As can be seen
in both Figures 3.9 and 3.10 above, all DW Ponds continuously maintained fully-aerobic
(i.e. >3mg L'; Arunachalam et al., 2004) conditions at an average of 80% saturation
during the entire monitoring period. The higher than anticipated DO concentrations
within these DW Pond systems is most likely a reflection of the refined nature of the
tertiary-level Bolivar influent wastewater imparting a relatively low organic (BODs)
loading on the pilot system, and also a consequence of their relatively high hydraulic
throughput. Interestingly, this trend for continued aerobic duckweed pond operation was
also observed by Alaerts et al. (1996) following the four year operation of a full-scale
duckweed pond system. According to the authors, aerobic conditions were able to be
maintained throughout the entire pond depth at all monitoring periods; something again
almost certainly a consequence of their relatively low BODs organic loading regime
(4.8-6g BODs m > d')—a similar order of magnitude to that of the current systems.
Nhapi et al. (2003) actually reported a significant re-aeration in duckweed ponds fed
with anaerobic pond effluent, with inflowing DO concentration increasing from an
average of 1.8 to 6.5mg L' in full-scale ponds. Despite this apparent exception, it
appears that in low-organic-strength wastewaters, DO conditions can remain fully

aerobic even with a complete duckweed surface mat in place.

The slight but non-significant increase in DO down the pond series for the OP treatment
was most likely a consequence of some additional photosynthetic re-oxygenation during
the temporary impoundment of inflowing wastewater. This result was considered to be
of no great interest in the context of the current work, and merely served to demonstrate
an effective maintenance of in situ WSP conditions within the ex sifu pilot ponds.
Similar to the DW Ponds, influent DO levels were again reduced within all three RFs.
This trend for a reduction in DO concentration following RF treatment is a well
recognised operational disadvantage associated with the technology, whereby RF
anaerobsis can lead to undesirable H,S production, NH4+-N remineralisation, and can

also necessitate post-filter effluent aeration prior to discharge in many cases

112



(Middlebrooks, 1988). Many studies have reported that RF effluent can be significantly
de-oxygenated, commonly to <0.5mg L' and even to the point of anoxia (Hirsekorn,
1974; USEPA, 1983; Saidam et al., 1995; Mara et al., 2001; Tanner et al., 2005);

however, reductions in DO were not so extreme in the pilot-scale filters reported here.

Unlike the above reports, some authors have reported on the maintenance of aerobic
conditions rock filter operation. Swanson and Williamson (1980) for example recorded a
general decline in rock filter effluent DO from 11.0 to 3.5mg L™ but DO concentration
was always >1.8mg L' and most commonly above 3mg L™'. Strang and Warcham
(2005) reported a general decline in DO (commonly by ~3mg L") following rock filter
passage in full-scale systems operating in New Zealand. The authors also reported that
their rock filters remained aerobic during the 7 month monitoring period; although there
were a few reported instances of very low (< Img L) DO concentrations. For Rock
Filters here, DO was able to be maintained at a relatively high average concentration of

5.7mg L', and was always >1.5mg L™".

Some authors have suggested a reduction treatment performance capacity at greatly
reduced DO concentrations. Tanner et al. (2005) suggested that very low DO levels
(~1mg L") were likely to have reduced the rates of organic matter decomposition as
well as having limited the development of microbial nitrifier populations within their
pilot-scale wetland—rock filter systems. DO concentrations within the entire RF
treatment train were maintained at much higher levels than those observed by Tanner et
al. (2005), and there was no evidence to suggest that the reduced in situ oxygen
concentration had a negative impact on Rock Filter BODs removal performance (see
Section 3.3.5) or on resident microbial nitrifier populations (see Section 3.3.7.1). Tanner
et al. (2005) went on to suggest that in addition to its effect on the composition and
activity of microbial communities, very low DO conditions were likely to have a
negative impact on protozoan, zooplankton and other higher invertebrate grazer
communities. Whilst such low-level DO conditions were not recorded here, it is possible
nonetheless that the significantly reduced levels of oxygen—particularly within the RF
treatment train—might have had an influential role on the resident zooplankton

community structure. This concept will be investigated further in Chapter 5.
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The higher than anticipated DO concentrations observed within both the DW and RF
systems were most likely a reflection of the refined nature of the tertiary-level Bolivar
WSP effluent. This highly ‘polished’ wastewater therefore imparted only a relatively
low organic (BODs) loading on the shaded DW and RF pond reactors, allowing DO
levels to remain higher than what would be expected if they had been fed with higher
organic strength wastewater. Another likely contributing factor to the relatively high in
situ DO concentrations is that all DO measurements were taken as one-off ‘daytime’
measurements at 1200 + 2 hours. Although these daily spot measurements were not
recording the peak of daily DO (and no doubt accompanying pH) fluctuations (refer to
Section 4.3.3 for more information), it is likely that the 24 hour average DO
concentration would have been significantly lower than these daytime measured values.
In spite of the precise magnitude of daily mean DO concentrations, and given that all
daily physicochemical monitoring was performed at the same time on any given
sampling interval, it was assumed that the recorded DO and pH values for each
experimental pond provided an accurate reflection of the ‘between-treatment’

differences in these water quality parameters.
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Figure 3.11. pH box-plot data for pilot plant: Influent (INFL); Rock Filters 1, 2, 3 (RF-
1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed Ponds 1, 2, 3
(DW-1, DW-2, DW-3).

Data from the monitoring of water pH is shown above in Figure 3.11. Recorded pH was

always alkaline, and was commonly >7.7 across all treatments (based on lower 95% CI
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of mean). Wastewater pH generally decreased slightly during both DW and RF
treatment; dropping approximately 0.5 units from 8.4 to 7.9 by the final pond both
series. Conversely, pH within the OP treatment train steadily increased through the pond
series by roughly the same order of magnitude, from ~8.4 up to 8.8. Statistically, this
decrease in pH through the respective pond series was significant for both the DW and
RF treatment trains (Kruskal-Wallis test; xzo,os,g =120.2; p<0.001); however, the 0.4
unit pH increase was not significant for the OP series (p > 0.05). Wastewater pH was
also significantly elevated following passage through the OP treatment series relative to
the DW and RF treatments (p < 0.001), but overall, wastewater pH of both the DW and

RF treatments was similar (p > 0.05).

Caicedo et al. (2000) and Tanner et al. (2005) both reported on a stabilising effect on the
underlying water pH (i.e. both lowering pH and making it more stable over time) from a
duckweed cover. A similar trend was observed here (Figure 3.11), as evidenced by the
declining median pH within the DW Pond series, as well as the stable interquartile range
of the pH data for the DW Pond series compared to an increased variability in pH down
the un-covered OP treatment train. This slight decrease in pH for DW Ponds was most
likely due to the reduced rates of primary production and suppression of normal algal
photosynthesis within the shaded environment of these ponds. This was supported by the
lack of a significant relationship between DO and pH through the pond series within the
DW treatment train; going from a highly significant relationship in the pilot plant
influent (Pearson r = 0.74; p <0.0001), to a less significant correlation within DW Pond
1 (r=0.53; p<0.01), and finally no relationship in DW Pond 3 (r = 0.33; p > 0.05).

The observed decrease in wastewater pH during RF passage is a trend also noted by
others during long-term RF operation (Hirsekorn, 1974; Swanson and Williamson, 1980;
Mara et al., 2001). This pH reduction during rock filtration was thought to be a result of
several factors, namely: the dark suppression of algal photosynthesis; an increase in CO,
and carbonic acid production as a result of enhanced microbial respiration within the
filter; and also from a small amount alkalinity consumption and H' ion production
during the oxidation of a limited amount of ammonia via microbial nitrification (Heard
et al., 2002; see also Section 3.3.7.1). In general, a pH shift within these pilot systems in

the order of <0.5 units was thought to be of limited consequence with respect to the
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treatment efficacy of each system. The small pH increase in the OP series was far from
that which is required to effect pH-induced flocculation of SS (Ayoub et al., 1986;
Elmaleh et al., 1996) and so pH was thought not to have had any significant bearing on

the overall treatment performance of any pilot pond system investigated here.
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Figure 3.12. Specific conductivity data for pilot plant: Influent (H); Rock Filters (A);
Open Ponds (O); and Duckweed Ponds (<>). For ease of interpretation, data points show
only the mean conductivity (£ 1 S.D.) averaged across each three-pond treatment series,
with a line fitted only to the influent data set.
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Figure 3.13. Specific conductivity box-plot data for pilot plant: Influent (INFL); Rock
Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and
Duckweed ponds 1, 2, 3 (DW-1, DW-2, DW-3).
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Data from the monitoring of specific conductance is shown in Figures 3.12 and 3.13.
Specific conductivity of the influent wastewater, and also that of all treatments, steadily
increased from the start of the monitoring period in July of 2005 up until the end of the
monitoring period in December of the same year. This increase coincided with the
seasonal shift from winter in July to summer in December, and was a result of an
increased evaporation rate during the increasingly warmer conditions (see Figure 3.6);
something supported by the strong correlation between influent water temperature and
conductivity (Spearman ry=0.888; n=33; p<0.0001). This corresponded to an
increase in wastewater salinity from 0.8¢ L' in July, to 1.2g L™ in early December.
Conductivity varied minimally within all treatments compared with pilot plant influent
readings. Specific conductivity values ranged from 1500-2400uS cm ' (average of
~2000xS cm '), with individual treatment train variation from influent readings of less
than 1% from one pond to the next. This low-level variation was considered unlikely to
be of any significant biological relevance in the current research context, and so
conductivity data is not discussed further. Finally, for a concise statistical summary of
the full listing of physicochemical parameter correlations, the reader is directed to the
corresponding correlation matrices for the pilot plant influent as well as the three

upgrade treatments (Appendix B).

3.3.5 Wastewater treatment performance: removal of
particulate organics and oxygen demand
Data from the monitoring of BODs within the three pilot treatment systems is shown in

Figure 3.14.
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Figure 3.14. BODs box-plot data for pilot plant: Influent (INFL); Rock Filters 1, 2, 3
(RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed Ponds 1, 2,
3 (DW-1, DW-2, DW-3). The shaded ‘box’ represents the IQR, the horizontal bar shows
the median value, and the ‘whiskers’ show the absolute data range.

As shown in Figure 3.14, pilot plant influent organic strength was both low and at times
highly variable, with a median BODs concentration of 5.75mg L' and a mean of 7.38mg
L. This sporadic and sometimes high-level variability in the Bolivar WSP effluent (i.e.
pilot plant influent) is a common feature of such systems. Significant short-term
fluctuations in WSP effluent quality for parameters such as BODs and SS, can be largely
apportioned to the relative ecological instability of WSP environments and also to their
high sensitivity to changes in localised meteorological conditions; something
exacerbated by their universally shallow depth and susceptibility to variable
hydrodynamic conditions (Uhlmann, 1980). The result of these factors is a near-
permanent ‘transient’ mode of operation, whereby a biological equilibrium ‘stable-state’
is neither reached nor maintained (Uhlmann, 1980). Although there was a single
statistically-extreme (i.e. >3x the interquartile data range from the 75™ percentile value)
outlying BODs value within the influent data set (30mg L'; see Figure 3.14), this
particular data point was retained for the purposes of the following data analyses.
Despite this event being associated with a higher than average daily SS value, because it
did not directly coincide with a wind-induced outlying SS spike event (see Section 3.3.6)

it was considered to reflect the normal variability in WSP effluent quality and so was
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retained for data analyses. Given the highly skewed distribution for the influent BODs
data, the median value will be used for all subsequent treatment performance
comparisons. This influent median concentration of 5.75mg L ~'—taking into account the
mean HLR—translated to a median BODs organic loading during the monitoring period

of 42g BODsm > d .

As described in Section 3.3.2, the daily influent loading for both Ponds 1 and 3 was
taken as that of the primary pilot plant influent sampled from the header tank (see Figure
2.1). Pond 2 effluent data was not used for determining Pond 3 influent loading
conditions due to the lack of analytical data for Pond 2 for some parameters (see Section
2.2.2.4). Furthermore, the high HLR and subsequently short HRT meant that pilot plant
influent should have been relatively stable over the course of one complete three-pond
hydraulic turnover (=4.1 days); that is the influent wastewater quality was assumed to
have been relatively stable over the course of the three to four day HRT for one entire

three-pond treatment train.

Statistical analysis of the data from Figure 3.14 showed that there was no significant
BODs removal in the DW Pond series for any of the three ponds (1-way ANOVA;
Fo,107y = 8.845; p > 0.05). Similarly, no significant BODs removal was achieved by the
OP treatment train for any pond (p > 0.05). In contrast, the RF train showed significantly
reduced BODs concentrations in all three filters compared with that of the influent
(» <0.001). Moreover, by the end of each pilot treatment train, the BODs of RF-3
effluent was significantly lower than that of both OP-3 (p <0.001) and DW-3 (p <0.05).
It should be emphasized that whilst median values were invariably used to calculate
parameter mass loading rates throughout this chapter, transformation of performance
data often allowed for parametric statistical analyses, such that these were used in
preference to non-parametric tests wherever possible. Relative percentage BODs
removal efficiencies for the three treatments are shown in Figure 3.15. Due to the low
number of sample replicates for Pond 2 BODs data (DW-2 n=3; OP-2 n=7; RF-2
n = 6; refer to Section 2.2.2.4), percentage performance data are not shown for the

second pond of the respective treatments.
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Figure 3.15. Box-plots showing daily percentage BODs removal performance relative to
pilot plant Influent concentration for Ponds 1 and 3 of each pilot treatment system
(n > 12 for all plots).

Long term mean percentage BODs removals for Pond 1 data of Figure 3.15 were 36, 24
and 69%, for DW, OP and RF systems respectively and for Pond 3 data, 45, —10 and
84% for DW, OP and RF systems respectively. As described above, BODs effluent
concentrations were not significantly different from the pilot plant influent concentration
for both the DW and OP series. When compared statistically to a theoretical zero
average BODs removal, however, mean percentage BODs removals for DW Ponds 1 and
3 were found to be significantly ‘non-zero’, whereas they were only slightly greater than
zero for OP-1 (p =0.03) and were effectively equivalent to zero removal for OP-3
(Table 3.4). This implied, on average, that greater-than-zero BODs removals were
achieved within the DW treatment series but not within the Open Ponds. Unlike the
other two treatment trains, the RFs always yielded positive BODs removals; with the
DW and OP treatment series both experiencing net BODs increases on at least two of the
12 or more sampling intervals. This was reflected in the corresponding coefficient of
variations (CV’s) with respect to percentage BODs removal efficiency, where there was
shown to be considerably less variability in BODs removal performance for the RFs than
for the other two treatments (Table 3.4). The same analysis also showed the Duckweed

Ponds to be more reliable than the parallel Open Ponds at removing loaded BODs.
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Table 3.4. Summary of BODs performance data across all pilot plant treatments for
Pond 1 and 3 data only.

Pilot treatment pond
DW-1 DW-3 OP-1 OP-3 RF-1 RF-3

BOD; performance parameter

Median influent BOD5 (mg L™"; g m™) 58 5.8 5.8 5.8 5.8 5.8
Mean influent BODs (mg L™"; g m™) 7.4 7.4 7.4 7.4 7.4 7.4
Median effluent BODs (mg L™"; g m™) 4.2 3.1 44 5.1 2.2 0.7
Mean effluent BODs (mg L™'; g m™)"" 4.6 4.0 4.7 6.4
Median daily BODs removal (% day ™) 46 60 27 0 74 90
Mean daily BODs removal (% day™)*’ _ 24 -10
Long-term CV for BODg removal (%) 100 80 163 702 38 23

T Effluent BOD; concentration was tested relative to mean pilot plant influent BOD5 concentration (1-way ANOVA)
IAverage BODs removal % tested against a theoretical 'zero' daily mean (one sample t-test)
’ Shading intensity shows significance level: p>0.05 (no shading); p <0.05 (light); p <0.01 (medium); p<0.001 (black)

The above analysis of performance reliability through comparing the corresponding
BODs removal CV’s, highlighted the enhanced consistency in performance delivery of
the RF system over both the DW and OP treatments. Not only did the RF treatment
series deliver a better quality final effluent in terms of BODs concentration, but it did so
with enhanced consistency compared with both the DW and OP treatments.
Interestingly, this trend for a high degree of consistency in performance delivery has
been noted elsewhere. Hirsekorn (1974; pp. 7-8, in quoting Martin, 1970) noted that
“once the (rock) filters reached a state of equilibrium, the quality of the treated effluents
would remain fairly uniform” regardless of influent loading rate; something also
observed by Swanson and Williamson (1980) during their rock filter investigations. This
is in effect evidenced by the very stable effluent BODs and also low CV of performance,
and demonstrates the good buffering capacity that RFs have against a notoriously

unpredictable WSP effluent water quality.

Whilst the above table and figures serve to reduce the long-term monitoring data into
discrete statistical integers, they provide no real insight into the effects of BODs loading
rate on performance efficiency. In order to gain a more comprehensive understanding of
the relationship between BODs loading versus percentage removal efficiency, the
condensed data from Figures 3.14 and 3.15 have been expanded and can be seen for

Ponds 1 and 3 of the respective treatments in Figures 3.16 and 3.17 respectively.
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Figure 3.16. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. mass
removal (as a percentage of daily loading rate) for Pond 1 data only. Individual data
points represent performance data for: Duckweed Pond 1 (O); Open Pond 1 (%); and
Rock Filter 1 (@).
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Figure 3.17. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. mass
removal (as a percentage of daily loading rate) for Pond 3 data only. Individual data
points represent performance data for: Duckweed Pond 3 (O); Open Pond 3 (%); and
Rock Filter 3 (@).

As evident in the above figures, there was a general trend for a greater percentage

removal as well as reduced variation in BODs removal performance at higher influent
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mass loads. This trend was most apparent for the lower performing OP and DW
treatment series, where percentage BODs removals were commonly low and highly
variable under low influent mass loads. This is a likely reflection of the first-order-type
removal kinetics governing BODs removal in such environments; whereby BODs
removal is largely load-dependent, especially at elevated mass loadings. The same
removal patterns meant that treatment performance at low BODs loads was commonly
more variable at low influent loads—particularly for the less efficient DW and OP
treatments. Because the influent wastewater was already so highly refined in this
instance, and under the predominantly low BODs loading conditions, the wastewater
was effectively being moved through the Open Ponds in particular at an equilibrium
‘steady-state’ with little further treatment being achieved. This trend was actually
commented on by Imhoff (1984), where it was noted that “low-loaded (maturation WSP)
systems show smaller removal rates” because at low substrate concentrations there is
inherently less scope for contaminant removal against normal background ‘steady-state’
levels. In other words, the potential for removal of a finite mass of loaded BODs is
effectively substrate-limited at reduced influent concentrations as a result of the ever-

reducing concentration gradient between influent and steady-state BODs levels.

An exception to the above discussed effect is found in the RF performance data, where
100% removals of loaded BODs were frequently recorded (even at low mass loading
rates). This suggests that the maximum capacity for BODs removal is somewhat greater
for the RFs than for the DW and OP treatments, and that the ‘steady-state’ concentration
for RF effluent BODs is significantly lower than in the DW or OP reactors. This is
where it is also important to take into consideration mass removals in addition to those
on a percentage basis. For example, on the 17™ of December 2005, the RF train received
a relatively low organic loading of 2.3g BODs m > d ' and removed 100% of this loaded
BODs across all three RFs. On the other hand, the 6" of September 2005 saw the RF
train loaded at a 10-fold higher rate of 22¢g BODs m ™ d™' followed by some 15% lower
removal of loaded BODs (85% removal efficiency). On a mass basis, the 2.3g m> d™'
BODs removal of the 17" December was 8-fold lower than the ~19¢g m> d’! BODs
removal on the 6" September, despite the higher percentage performance efficiency.
Figures 3.18 and 3.19 below show the same data as for Figures 3.16 and 3.17 above, but

this time on a mass loading versus mass removal basis.
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Figure 3.18. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. total
mass removal for Pond 1 data only. Individual data points represent performance data
for: Duckweed Pond 1 (O); Open Pond 1 (%); and Rock Filter 1 (@®). Linear regression
lines were fitted to the entire data set, but for ease of presentation are shown only to the
point of x- and y-axis breaks.
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Figure 3.19. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. total
mass removal for Pond 3 data only. Individual data points represent performance data
for: Duckweed Pond 3 (O); Open Pond 3 (%); and Rock Filter 3 (@®). Linear regression
lines were fitted to the entire data set, but for ease of presentation are shown only to the
point of x- and y-axis breaks.
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When represented on a mass basis, there was again a noticeable relationship between
mass loading and the mass of BODs removed, indicating again the first-order-type load-
dependent removal of BODs across all treatment series. On a mass basis, this loading
versus removal relationship was slightly more apparent for the higher performance RF
and DW treatments compared to the less efficient OPs. By the last pond of each
treatment series, there was a highly significant correlation between mass BODs load and
mass removal for RF-3 (Pearson r=0.988; n=14; p <0.0001), an equally significant
correlation for the final DW-3 pond data (r=0.913; n=12; p<0.0001) and a less
significant relationship for the OP-3 data of Figure 3.19 (r=0.749; n=15; p <0.01).
This highlighted again the higher level of performance for the RF and DW systems over
that of the OP treatment, whereby the quantity of BODs removed by the RF and DW
systems was more closely associated with the amount flowing into the systems. The
reduced significance of this relationship for the OP treatment train again reflected the

increased variability in BODs removal performance for this system.

The fitted regression lines of Figures 3.18 and 3.19 provide some additional insights into
the relationship of mass loading versus mass BODs removal. Critical analysis of both the
slopes and elevations of the fitted trendlines allows for more detailed between-treatment
performance assessments than is afforded by the discrete correlation coefficient integer
above. Looking at the linear regression data from the above Figures 3.18 and 3.19, there
were again significant positive linear associations between the amount of loaded BODs
and the mass removed within each pilot treatment system. Regression coefficients were
identical to the Pearson correlation coefficients above, with the slopes of all regression
lines from both figures significantly greater than zero (p <0.0001). For the Pond 1 and
Pond 3 data of Figures 3.18 and 3.19 respectively, there were no apparent differences
between the slopes of the fitted regression lines (ANCOVA; F235) < 0.872; p > 0.427).
With respect to the elevations of the regressed lines, however, there were significant
differences between treatments for both the Pond 1 and Pond 3 data (ANCOVA;
F37y>7.04; p <0.003). For the Pond 1 data of Figure 3.18, the elevation of the best-fit
line was significantly greater for RF-1 than for both DW-1 and OP-1 (p <0.01), but
elevations were equal for the DW and OP treatments (p = 0.72). Similarly, for Pond 3
data (Figure 3.19) the elevation of the fitted line for RF-3 was again greater than both
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the DW and OP treatments (p < 0.002), but was again similar for both DW-1 and OP-1
(p =0.09).

Results from the above regression analyses effectively meant that whilst all three
treatments displayed an equally linear pattern for BODs loading versus removal, the RFs
were able to remove a greater mass of loaded BODs at any given mass loading rate than
were the other two treatments; given that treatment performance in the above figures is
effectively measured by the degree of y-axis elevation for each data point above (or
indeed below) the point of zero removal (x-axis intersection). With respect to the work
of others, there appears to be no published information regarding the treatment
performance of duckweed ponds or rock filters on a ‘loading versus removal’ basis.
Tanner et al. (2005) did report BODs and total nitrogen ‘influent versus effluent’
concentration plots for their pilot-scale rock filter and duckweed pond systems;
however, these provided no real insights into mass removals relative to loading rate for
these water quality parameters. It is recommended that future investigations into the
nature of treatment performance for both duckweed ponds and rock filters include
information regarding the ‘loading versus removal’ capabilities of these systems under a
range of influent mass loadings. This would serve to provide greater insights into the
variability of performance efficiency under a given loading rate, particularly at low mass

loads.

According to Mara (1974), Uhlmann (1979) and Kilani and Ogunrombi (1984), WSPs
can for most practical purposes be seen as biochemical reactors in which BODs removal
can be adequately described by first-order kinetics. It is interesting to note that for the
OP-1, the observed BODs removal rates were close to what was predicted using
published first-order removal rate constants. According to Uhlmann (1979; 1980), the
first-order BODs removal rate coefficient (K;) for WSPs operating at an average
temperature of 20°C, an HRT < 2.5 days, and an OLR ~4.2g m> d', is approximately
0.24 d”'. Using this K, value combined with the model of Uhlmann (1980) (Equation
3.1) for equal volume completely mixed reactors arranged in a series, the predicted
BODs concentrations in OP-1 effluent were very close to what was observed during the
monitoring period (see Figure 3.20). The use of a completely mixed reactor equation

was justified here by the results of hydraulic tracer studies presented in Section 3.3.1.
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SO
S=
( Kl . t n
L+ n (Equation 3.1)

where s, = influent BODs concentration (mg L’l)
s = effluent BODs concentration (mg L ™)
K| = BODs removal rate coefficient (day ")
t = reactor hydraulic residence time (days)

n = number of succeeding ponds

Actually, the slope of the fitted regression line for OP-1 data in Figure 3.20 was identical
(ANCOVA; F(123=0.026; p=0.873) to that of the theoretical perfect data fit
(represented by the thin dashed line; slope = 1). Although the number of data points was
not ideal (n = 16), the high significance level of this comparison suggests that BODs
dynamics within Pond 1 of the OP treatment train was on average being adequately

described by normal WSP first-order-type removal kinetics.

25+

—— OP-1 line (slope =1.06) ®
204 45°line (slope =1)
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BOD; predicted (g m™)
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Figure 3.20. Scatter-plot of observed vs. predicted BODs effluent concentrations for
Open Pond 1 based on the model of Uhlmann (1979; 1980) for equal volume pond
reactors arranged in a series. The solid line represents the fitted regression line for OP-1
observed and predicted data (= 95% CI’s; thick broken lines), and the thin broken line
shows the theoretical perfect fit line for the data.

127



When considering the data from OP-3, however, this relationship broke down and no
longer did observed and predicted values agree. In this case, the slope (m = 0.23) of the
fitted regression line for OP-3 data for ‘observed versus predicted’ BODs values was
extremely different (ANCOVA; F(126)=22.85; p <0.0001) to that of the theoretical
perfect fit line. This meant that the processes governing BODs dynamics within OP-3
were certainly not following the classical first-order pattern. This breakdown in
relationship for OP-3 is hardly surprising, given that there was a much less significant
relationship between OP-3 mass loading and mass removal (r=0.75; p<0.01)
compared with OP-1 (r=10.91; p <0.0001) and also no apparent removal of inflowing
BODs within OP-3 (see Figure 3.15 and Table 3.4).

The above analysis has shown that the small but insignificant 20% average removal of
inflowing BODs within OP-1 was indeed predictable according to classical first-order-
type kinetic analysis; however, further down the line within OP-3, this was no longer the
case. This posed the question then as to what was the source of this apparent separation
of the fundamental treatment processes occurring within what were two presumably very
similar ponds. If the majority of WSP effluent BODs is known to be algal-based (see
Section 1.2.5) and the processes governing solids removal in WSPs are also thought to
be predominantly physical and hence single-phase exponential or first-order-type in
nature (Sakata and Silveston, 1974; Stutz-McDonald and Williamson, 1979; Uhlmann,
1979; Reynolds et al., 1990), then one would have expected the BODs removals within
the OP series to have continued in a linear fashion down-the-line. Instead of this,
removal rates were observed to decrease even further in OP-3; as outgoing BODs
concentrations commonly exceeded that of OP-1 effluent and often even that of the
influent. Uhlmann (1980) commented that WSP effluent BODs often deviates from
predicted values (based on calculated removal efficiencies) as a result of stochastic
short-term variations in the in situ hydrodynamic conditions, and also due to the fact that
the biological treatment processes within the pond environment are forced to function in

a near-permanent transient state.

The curious ‘worsening’ of effluent quality with respect to BODs concentration down
the pond series within the OP treatment train was in this case thought to have been a

result of a limited amount of algal re-growth and/or zooplankton proliferation within the
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OP reactors as a result of above-ground quiescent impoundment. Incidentally, a similar
conclusion was drawn Ouazzani (1995) following operation of pilot-scale ponds in
Marrakesh, where it was suggested that poor particulate COD removals were a result of
algal and zooplankton productivity exceeding the rates of normal solids sedimentation
and microbial decomposition. These theories will be revisited within the coming

sections and quantitatively assessed within Chapter 5.

One of the recognised limitations within the literature with respect to duckweed ponds,
is their reduced capacity for organic matter removal—compared with that of
conventional WSPs—as a result of the often low DO concentrations (Reed et al., 1995).
This can lead to a reduction in the level of achievable organic loading rates and also
potential increases in the pond area required in order to achieve the same level of
treatment (Caicedo et al., 2002). The role of duckweed in the removal of organic
materials and BODs has been a subject of past controversy (Koérner et al., 2003).
Although some species of Lemnaceae have been shown to be capable of direct uptake of
simple organic compounds (see Chapter 1, Section 1.2.8.5.1), the direct role of
duckweed in the attenuation of wastewater BODs is thought to be minimal (Korner et
al., 1998). Indeed the findings of Al-Nozaily et al. (2000a) concluded that the role of
duckweed in chemical oxygen demand (COD) removal within their duckweed pond
system was marginal. The duckweed biomass is, however, thought to indirectly
contribute to the overall removal process via the transfer of oxygen to underlying
heterotrophic populations (Korner et al., 1998) as well providing a limited amount of
physical substrate for attached periphyton and other microbial growth (Rao, 1986;
Korner and Vermaat, 1998; Hamersley et al., 2003) which can then carry out treatment
via the direct assimilative removal of small organic compounds during normal

heterotrophic nutrition.

In instances where duckweed ponds are operated at a tertiary level (i.e. for final
maturation pond effluent upgrading and algal solids removal), this reduced capacity for
BODs loading and subsequent removal may not pose such a significant problem due to
the more refined nature of the wastewater in question. Operating a tertiary-level
duckweed pond for algal removal could therefore feasibly be achieved using the same

physical pond configuration as a conventional WSP (in terms of surface area and depth).
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Furthermore, tertiary-level duckweed ponds operated under a relatively low organic
loading, may—unlike secondary-level duckweed pond systems—be less prone to the
development of pond anoxia as a result of their modest organic loading regime. This was
in effect what was observed by Alaerts et al. (1996) following the four year operation of
a full-scale duckweed pond system operated under a similarly low organic loading
regime (4.8-6g BODs m > d'), where aerobic conditions were reportedly maintained
throughout the entire pond depth at all times. Given that this OLR is very similar to that
of the current pilot Duckweed Ponds, and considering the DO data of Figure 3.10 above,
it is reasonable to assume that aerobic conditions could also be maintained in a full-scale

duckweed pond system at Bolivar.

Published BODs performance data for duckweed pond systems varies largely with
factors such as: reactor volume; hydraulic loading regime; and influent waste
characteristics; although BODs removal efficiencies are commonly in the range of 60—
80% at organic loading rates in the order of 15-30g BODs m™ d' (USEPA, 1988;
Alaerts et al., 1996; Karpiscak et al., 1996; Bonomo et al., 1997; van der Steen et al.,
2000; Baldizén et al., 2002; Zimmo et al., 2002; Ran et al., 2004). Arguably the most
crucial factor regarding the comparison of published performance data to that of the
current work is the physical dimensions and corresponding volume of the pond reactors
used elsewhere. There exists a large body of work on duckweed pond systems that has
been carried out using reactor vessels of a significantly smaller and arguably non-
representative size (Harvey and Fox, 1973; Sutton and Ornes, 1975; Oron et al., 1984;
Oron et al., 1986; Oron et al., 1987a; Oron et al., 1987b; Oron et al., 1988; Oron and
Willers, 1989; Mandi, 1994; Oron, 1994; Korner et al., 1998; Korner and Vermaat,
1998; van der Steen et al., 1998; Vermaat and Hanif, 1998; Boniardi et al., 1999; van
der Steen et al., 1999; Al-Nozaily et al., 2000b; Al-Nozaily et al., 2000a; Caicedo et al.,
2000; van der Steen et al., 2000; Zimmo et al., 2000; Awuah et al., 2001; Al-Nozaily
and Alaerts, 2002; Caicedo et al., 2002; Obek and Hasar, 2002; Awuah et al., 2004).
This significant volume of research has all involved the assessment of duckweed pond
wastewater treatment efficiency using pond reactors of no larger than 170L and most
commonly <40L. In addition to their small size, many of these pond systems have been
operated in ‘batch mode’—a hydraulic regime arguably not representative of the typical

flow-through nature of WSP hydraulics.
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There are several important factors that come into play when dealing with such small-
scale pond systems. Firstly the depth of so-called ‘mini-ponds’ is greatly reduced
(commonly 20cm or less). This has obvious and significant implications with respect to
the wvertical sedimentation depth for suspended particulates and organics, and
considering that the removal processes for such contaminants are almost exclusively
physical, the subsequent effects of a greatly reduced hydraulic depth on the duckweed
pond treatment efficiency are likely to be great (especially for physical water quality
parameters such as particulate BODs, algal biomass (chlorophyll a), SS and turbidity).
The second factor is the likelihood of so-called ‘wall effects’ having a greater influence
on measured treatment performance. It can be appreciated that with a decrease in pond
reactor volume, comes an associated increase in the apparent surface area of physical
pond surfaces (i.e. bottom and walls) relative to water volume. This increased surface-
area-to-volume ratio in small-scale pond reactors has the potential to influence its
overall treatment performance (e.g. Somiya and Fujii, 1984), particularly for treatment
processes that are more heavily reliant upon the density of microbial biofilms (e.g.
nutrient removal). The third factor is similar to the second and relates to the relative
influence of the duckweed plant biomass on overall treatment performance in small
reactors. As for factor two above, a reduction in experimental duckweed pond volume
can have a significant influence on the plant ‘biomass-to-volume’ ratio within the
system; something that can influence both the intensity of direct plant uptake and also
the relative treatment activity of attached periphyton (K&érner and Vermaat, 1998). This
is especially important when pond reactors are not only small in volume but are very
shallow, since this increases the ratio even further, and is also amplified by the operation
of small-scale reactors in ‘batch’ mode, whereby the contact time between the duckweed
biomass and the wastewater itself is significantly increased compared to that of a ‘flow-

through’ pond.

The above size-related performance issues have been discussed in more detail elsewhere
(Korner and Vermaat, 1998; Vermaat and Hanif, 1998). It has been made apparent by
these authors that the overall result of using small-scale mini-ponds for investigations
into wastewater treatment with duckweed is that there is significant potential for
overestimating the true performance of such systems, particularly with respect to

dissolved nutrient uptake. Whilst very small-scale batch reactors are useful for studies
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more concerned with delineating the process chemistry and/or biology of duckweed
ponds (e.g. Korner et al., 1998; Korner and Vermaat, 1998; Vermaat and Hanif, 1998;
Bonardi et al., 1999; Caicedo et al., 2000; Obek and Hasar, 2002), extrapolating
duckweed pond performance data obtained from experiments involving these small-
scale batch reactors to the performance of much larger systems should only be done
whilst considering the obvious applied limitations of such comparisons. Following this,
performance comparisons will only be drawn between the current work and the work of

others where similar scale or larger pond reactors have been used.

BODs performance results for the DW system here were similar to those of other pilot-
scale research of comparable or larger volumes. Zimmo et al. (2002) operated a very
similar scale pilot duckweed pond system comprising four 3m’ ponds in series instead of
the three 2.8m’ ponds used here. The authors reported an approximate 60% BODs
removal after the first duckweed pond and =85% removal after the third pond in the four
pond series. These removals were comparable to those observed here; with median
removals of 46 and 60% BODs for DW Ponds 1 and 3 respectively. It should be noted
that the pilot plant of Zimmo and co-authors above was loaded at a 4-fold higher OLR
(x20g BODs m> d ') but had a 6-fold lower HLR (0.13m’ m> d ') and was also
operated under a weekly duckweed biomass harvesting regime. It is thought that the
lower flow rate combined with the regular and permanent removal of accumulated plant
biomass, could have contributed to the slightly higher BODs removal performance of
their pilot-scale duckweed pond system. Duckweed Pond performance reported in this
thesis was also similar to that of Karpiscak et al. (1996) following six month monitoring
of a large pilot-scale (700m’) duckweed pond. The authors recorded a mean BOD;
removal efficiency of 53% at a slightly lower but similar OLR to that used here of 3.3g
BODsm”>d .

Performance results from the current Duckweed Ponds were again similar to those
reported by Bonomo et al. (1997) from large-scale (400m®) pilot duckweed pond
operation. The authors also observed a similar organic (COD) removal efficiency for
their duckweed pond in the range of 55-75%. As was the case for Zimmo et al. above,
the duckweed pond of Bonomo and co-workers was operated under a monthly biomass

harvesting regime—possibly facilitating the slightly higher organic removal rates. The
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pond was also loaded again at a much lower HLR (0.1m’ m™ d") that the current ponds,
and was also operated under a slightly reduced OLR (=3g BODs m™ d ') despite the
higher organic strength of their influent wastewater (42mg BODs L) compared to that
used here (5.8mg BODs L™"). Ran ef al. (2004) operated a similar scale pilot series of
duckweed ponds to those here under an 8-fold higher BODs loading regime (33g BODs
m > d "), a 3-fold lower HLR (0.23m’ m™ d™") and also under a weekly partial duckweed
biomass harvesting regime. The authors reported good BODs removal performance for
their pilot duckweed ponds, with a two month average removal of around 70%—slightly
higher than that achieved here. Baldizon et al. (2002) achieved 52% (+ 25) BODs
removal efficiency relative to influent loads in a larger-scale duckweed pond system
with a significantly higher BODs influent concentration (=110mg L'); although the
authors give no indication of the HLR of the system and concluded themselves that the
large degree of ‘noise’ in their performance data makes it difficult to draw definitive
comparisons. Finally, Alaerts et al. (1996) have reported a BODs removal efficiency of
95-99% in a full-scale duckweed pond system loaded at a comparable OLR (=5.5g
BODs m™ d ') but under an increased retention time of 20 days and again with frequent
duckweed harvesting (2—3 times per week). These discrepancies between the operating
conditions of other systems and that reported here could have again contributed to the

slight differences in BODs treatment performance when compared to the current system.

The importance of routine harvesting of duckweed plant biomass for maximal pond
performance has already been introduced (Section 1.2.8.5.1). Some authors have
reported on the potential for a decline in the efficiency of BODs removal in duckweed
pond system over time due to the accumulation and steady degradation and
remineralisation of accumulated plant biomass (Bonomo et al., 1997). According to
Szabo et al. (2000), the complete degradation and decomposition of sludge-accumulated
duckweed plant biomass is likely to take place on timescales greater than the current 6
month experimental monitoring duration (i.e. >200 days); with the half-life of organic
matter degradation for decaying duckweed biomass in wastewater found to be in the
order of 68 days. The data of Szabd et al. (2000) also suggested that the decaying
duckweed biomass contributes significantly to effluent COD during the first 50 days of
the long-term oxidative degradation process. Others have also shown that duckweed

(Lemna) can leach somewhere in the order of 2.6% of the total daily fixed inorganic
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carbon as DOC back into the water column (Baker and Farr, 1987); although this DOC
was thought to be readily metabolised by attached periphyton and would therefore be
unlikely to contribute significantly to aqueous BODs. Considering the above factors, it
may have been anticipated that the long-term performance of the DW Pond system
would start to decline after approximately the first two months of continuous operation.
Looking at the performance data, however, there was no evidence of a long-term decline
in treatment performance within the current Duckweed Ponds during the course of the
six month monitoring period. It is likely that the rate of duckweed biomass production
was somewhat suppressed in the current pond system as a result of the absence of
continuous plant harvesting and subsequently suppressed plant growth rates, such that
this reduction in duckweed productivity could have somewhat dampened the effects of

internal biomass/BODs recycling within the pilot Duckweed Ponds.

In instances where a duckweed surface coverage is desired purely for the attenuation of
algal populations, the continual harvesting of plant biomass from the WSPs could be
considered a burden on the overall treatment plant operation. In these cases, if the
duckweed surface cover is not periodically harvested, then there is the possibility that
continual turnover of the standing duckweed biomass could lead to accelerated rates of
sludge accumulation as well as potentially undesirable increases in effluent SS and
BODs from decaying plant matter. Szabo ef al. (2000) found that the degree of sludge-
accumulated duckweed biomass over the course of their 200 day degradation experiment
was minimal, with only 3% of the total initial duckweed biomass organic carbon
accumulating in the sediment and 83% solubilising into DOC. The results of Szab6 and
co-workers tie in well with the biochemical constitution of duckweed, given that
duckweed is in the order of 93% water (w/w) and is recognised to possess very little
structural tissue (i.e. recalcitrant organic carbon); meaning that they should be largely

biodegradable.

As discussed above, a steady worsening of effluent water quality was not seen during the
six month operation of Duckweed Ponds here. From this, it is thought that the use of a
floating duckweed cover for algal solids removal would be unlikely to result in a
significantly accelerated rate of sludge accumulation; taking into account the likely

restriction of algal productivity and algal-derived solids accumulation. Although the 6
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month monitoring duration here was probably too short to assess the true impact of this
phenomenon, Rich (2003), following long-term operational experience in South
Carolina, suggested that it was neither necessary to periodically harvest the duckweed
biomass, nor did the decaying duckweed appear to result in a reduced effluent quality or
significant benthic sludge accumulations. It is suggested that future investigations into
duckweed pond treatment efficiency could incorporate assessments of both sludge
accumulation and also sludge characterisation, in order to provide further insights into

the above factors.

Interestingly, the duckweed degradation data of Szabo et al. (2000) raises an interesting
point about the kinetics of duckweed biomass oxidation and its corresponding oxygen
demand. The very slow rate of duckweed plant biomass degradation in domestic
wastewater recorded by Szabo et al. (2000), highlights the apparent redundancy of the
five-day ‘BODs’ test for assessing the frue degradative oxygen demand of any
suspended plant biomass present within a typical duckweed pond effluent. Qualitative
visual and microscopic observations made during daily analyses frequently recorded the
presence of suspended decaying duckweed plant tissue. In line with the above
discussion, however, it appears that these particulate plant organics were unlikely to
have exerted any significant oxygen demand during routine BODs analysis. This
apparent understating of the total oxygen demand of suspended duckweed biomass in
this instance was, however, thought to be representative of the general oxidative
requirements of the wastewater; given that only a small fraction of the COD in WSP
effluent is recognised as being biochemically labile under the conditions of the BODs
test (Davies-Colley et al., 1995). Whilst no attempts were made to correct for this, it was
considered necessary to raise the issue here, as the presence of duckweed plant tissue in
collected samples has follow-on implications for later performance assessments. It
would, therefore, be a final recommendation that all future performance assessments of
duckweed ponds include COD as well as both soluble and total BODs testing.
Measurement of these parameters would allow for a more detailed assessment of total

oxidative demand of both the suspended particulate and dissolved wastewater fractions.

With respect the BODs treatment performance comparisons of the RFs, Swanson and

Williamson (1980) recorded a lower mean BODs removal efficiency of 55% (compared
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with 84% mean removals here) during one year monitoring of their full-scale rock filter.
Interestingly, this performance figure comes from a filter with a 5-fold higher average
influent BODs concentration (35g BODs m ) but an almost identical OLR (5.6g BODs
m> d') due to the significantly lower hydraulic loading of their rock filter system
(~0.16 compared with 0.73m> m~> d"). Saidam e al. (1995) again reported a lower
average BODs removal efficiency in their large-scale (300m®) rock filters, achieving
approximate 45% removal efficiencies for filters with a similar rock media size (=12cm

diameter) but significantly higher OLR (30g BODs m™ d ).

Mara et al. (2001) operated similar scale experimental rock filters to that of the current
system at hydraulic loadings of 1.0 and 2.0m* m” d', but reported a significant
reduction in overall filter BODs removal efficiency (32% drop) when operated at
increased hydraulic loadings. This decline in filter performance efficiency was probably
not surprising in the case of Mara and co-workers, given that at the highest HLR, the
corresponding OLR was in the order of 56g BODs m > d'—some 13-fold greater than
that applied to the current RFs—and was therefore likely to have been organically
overloaded. von Sperling et al. (2007) have also reported substantial reductions in
average BODs removal efficiency from =40% down to just 3% in their similar sized
pilot-scale rock filters when the hydraulic loadings were increased from 0.5 to 1.0m® m
d!. Once again, and as was the case for the rock filters of Mara and co-workers above,
the rock filters of von Sperling et al. were probably organically overloaded at the highest
HLR; given that at 1.0m® m™ d”' the OLR was again in the order of 55g BODs m > d '—
although no information regarding filter DO concentration was provided. O’Brien and
McKinney (1979, cited in Swanson and Williamson, 1980) also tested rock filters at
HLRs in the range of 0.5-3.0m> m> d' and reported generally poor filter performance
efficiency at higher volumetric loadings. The above performance comparisons suggest
that the relatively high HLR applied to the rock filters reported in this thesis (i.e.
0.73m® m ™ d') had no significant negative impact on filter performance with respect to
BODs removal capacity; with the entire three unit RF train achieving consistently high
removal performance. Whilst this was the case for the current rock filters, the much
lower organic strength of the influent was likely to have imparted favourable effects on
overall filter performance, and so this must be taken into consideration when comparing

the efficiency of these systems.
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Although it was not directly investigated here, others have reported on the ability of rock
filters to attenuate soluble organics from the infiltrating wastewater. According to the
data of Hirsekorn (1974), there was negligible potential for soluble COD removal within
rock filters (10-15%). Similarly, Swanson and Williamson (1980) reported no
significant change in the concentration of soluble BODs within their rock filter; citing
the removal of particulate BODs as the reason for the high observed total BODs removal
efficiencies. This provides further support to the idea that rock filters are indeed reactors
for physical treatment and solids separation rather than ‘biological’ filters in the true
sense (e.g. Swanson and Williamson, 1980; Rich, 1988). It should be noted that the
frequent observation of ‘zero’ BODs concentrations for rock filter effluent (as seen in
the ‘100% removal’ data points of Figures 3.16 and 3.17) did not necessarily mean that
the wastewater was devoid of soluble or dissolved organic materials. Periodic total
organic carbon analyses of the effluent revealed that there were significant quantities
(commonly 25-35mg L") of dissolved organic carbon (DOC) within final RF effluents.
Recognising that only a small fraction of the total organic oxygen demand—and hence
DOC—in WSP effluent is biochemically oxidised during the BODs test (Davies-Colley
et al., 1995), this again serves to highlight the efficiency of the current RFs for
particulate organic removal rather than DOC removal, and also highlights again the

extraordinarily refined and recalcitrant nature of the final Bolivar WSP effluent.

Performance monitoring of the three pilot treatment systems has shown a general trend
for a decline in the extent of BODs removal within the pilot pond series from Pond 1 to
Pond 3 of all treatments. Where significant removals occurred, typically the greatest
removal of inflowing BODs was realised following the first pond in each treatment train,
after which the relative degree or ‘rate’ of BODs removal diminished. This was a
manifestation of the first-order-type processes governing BODs removal in such
environments, and resulted in both percentage and mass removals generally being
highest under elevated influent BODs loads. In finishing, it is concluded from the above
performance analyses that the overall ranking of treatment performance with respect to
BODjs removal potential places the RF system 1%, the DW treatment series 2" and the
OP treatment 3™ in terms of BOD;s removal rate along the pond series, absolute removal

efficiency, and also performance reliability.
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3.3.6 Wastewater treatment performance: suspended solids,
turbidity and algal biomass removal
Aqueous SS, turbidity, as well as the levels of suspended algal biomass, were

periodically monitored during the course of the pilot plant performance assessments.
Algal biomass dynamics were monitored during the course of this work by the proxy
measure of chlorophyll a; since this parameter is widely recognised to be directly
correlated with algal biomass density (Reynolds, 2006). Furthermore, because algal cells
are known to rarely exist as discrete ‘planktic’ entities (Knoechel and Kalff, 1978), and
due to the inseparable nature of algal cells and detritus/aggregate flocs within
wastewater systems (Barley et al.,, 2005), accurate quantitation of algal biomass
densities via direct cell counting methods was considered to be both impractical and
unachievable. Although algal community dynamics were periodically assessed on a
species basis, the relative complexity and probable lack of quantitative precision
associated with this sort of analysis meant that it was not performed in parallel to daily
chlorophyll @ measurements. As a result, the correspondingly low number of
determinations for algal species dynamics meant that this data could not be discussed in
the context of regular and more quantitative chlorophyll a treatment performance data
here. Reference will instead be made to this population data set in a more ecological

context within Chapter 5.

It should be noted first of all that for the purposes of results presentation and discussion
here, the water quality parameters SS, turbidity, and chlorophyll @ have been grouped
together within the one section. This was firstly done for SS and turbidity due to their
direct linear correlation within both the pilot plant influent (r=0.990; n=24;
p <0.0001) and also the pooled pilot plant data from all 9 ponds of the three treatment
trains (rs=0.878; n=204; p <0.0001). Since the performance trends for turbidity data
mirrored exactly those of SS, only the SS performance data will be referenced with
respect to the performance of others treatment systems. This omission of turbidity data
from the general discussion, therefore, served to avoid duplication of pilot upgrade
performance assessments. Secondly, the chlorophyll a data was also grouped together
with the SS and turbidity performance data for presentation and discussion purposes
because of the highly significant interrelationship of these three water quality parameters

in the influent data set; the extent of which can be seen in Table 3.5. The BODs
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performance data was discussed separately within the preceding section due to the weak
nature or indeed absence of such correlations between that particular parameter and: SS
(p =0.045); turbidity (p =0.039); and chlorophyll a (p = 0.905) within the pilot plant
influent. The cause of this apparent breakdown in relationship between what are
commonly found to be interrelated water quality parameters will be discussed in more

detail later.

Table 3.5. Pearson’s correlation matrix for pilot plant Influent water quality parameters:

suspended solids (SS); turbidity; chlorophyll a; and BOD:s.

i i - Turbidity | Chlorophyll BOD;
Pilot plant influent ssmgL™) | Ty ool | (mgL™)
Pearson r
SS (mg L'1) a Sig. level (2-tailed)

n
Pearson r .990(***)

Turbidity (NTU) a Sig. level (2-tailed) 0.000
n 24
Pearson r B657(**) TTA()

Chlorophyll a (ng L™) o Sig. level (2-tailed) 0.001 0.000

n 21 21
Spearman r 0.524 0.538 0.035

BOD; (mg L™ a Sig. level (2-tailed) 0.045(*) 0.039(*), 0.905
n 15 15 14

* Correlation is significant at the p <0.05 level (2-tailed); ** Correlation is significant at the p<0.01 level (2-tailed);
*** Correlation is significant at the p <0.001 level (2-tailed).

Prior to the presentation of the pilot plant performance data, it should be noted that
during the six month monitoring period there were several instances of extreme influent
SS and accompanying turbidity and chlorophyll a loading; with four recorded spikes in
excess of 100mg SS L™ (55-96 NTU) and one of those as high as 270mg SS L™ (147
NTU). Likewise, these extreme SS spiking events corresponded to one spike of 93ug
chlorophyll ¢ L™ and three spikes in excess of 270ug chlorophyll ¢ L™'. With the
exception of the turbidity spike of 58 NTU and the chlorophyll a spike of 93ug L', all
of these events were classified as statistically-significant outliers within the general data
set (i.e. they were >1.5x the IQR from the 75™ percentile value), with several identified
as statistically-extreme outliers (>3 the IQR from the 75™ percentile value)—providing

statistical justification for their exclusion from the performance data analyses.

According to Uhlmann (1980), such high-magnitude short-term fluctuations in WSP
effluent quality can be largely apportioned to the relative ecological instability of WSP
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environments, as well as their heightened sensitivity to changes in localised
meteorological conditions; something exacerbated by their universally shallow depth.
With respect to the water quality spike events reported here, and more importantly than
the above statistical basis for their exclusion, these spiking events were—as per
Uhlmann (1980) above—all observed to be the direct result of extreme localised weather
conditions (i.e. temporary wind-induced resuspension) and as such were not considered
to be representative of the long-term average influent water quality. This observation
was supported by a strong negative correlation between pilot plant influent (WSP
effluent) SS and the relative proportion of volatile suspended solids (VSS) within each
sample (rs=-0.531; n=24; p=0.008). In other words as the SS concentration
increased, proportionally less of the total solids were volatile (i.e. they were more ‘fixed’
or inorganic in nature), suggesting that resuspension of recalcitrant materials was the
likely cause of increased SS concentrations rather than algal biomass production.
Furthermore, and in respect of the between-treatment performance of each upgrade
system during these isolated spiking events, the order of treatment efficiency remained

unchanged (i.e. the RF and DW Pond systems consistently out-performed the OP train).

Following on from the above factors, it was concluded that the omission of these
extreme loading events served not to change the relative treatment efficiencies of the
three-pond upgrades to each other, but rather provided a more accurate reflection of the
relative performance of each system under ‘normal’ low-range influent loading
conditions. This is reflected in Figures 3.21 and 3.22 (and in later Figure 3.29) whereby
the influent SS, turbidity and chlorophyll a concentrations are all highly negatively

skewed in terms of the overall data distribution.
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Figure 3.21. Suspended solids box-plot data for pilot plant: Influent (INFL); Rock

Filters 1, 2, 3

(RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and

Duckweed Ponds 1, 2, 3 (DW-1, DW-2, DW-3). Filled circles (®) above the INFL data
represent the four extreme spike outliers >3xIQR from the 75" percentile value.
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Figure 3.22. Turbidity box-plot data for pilot plant: Influent (INFL); Rock Filters 1, 2, 3
(RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed Ponds 1, 2,
3 (DW-1, DW-2, DW-3). Filled circles (®) above the INFL data represent the three
extreme spike outliers >3xIQR from the 75" percentile value.

As shown in Figure 3.21, pilot plant influent SS levels were generally low but also

highly variable in some instances, with a median SS concentration of 13.0mg L' and a
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mean of 20.3mg SS L. Similarly to SS, influent turbidity showed an identical pattern of
being predominantly low but also displaying high-level variability at times (Figure
3.22), as reflected in the mean of 14.8 and median of 8.7 NTU. This random and high-
level variability in SS and associated turbidity within the Bolivar WSP effluent (i.e. pilot
plant influent) is a widely recognised and indeed common feature of such systems. The
sources of such large-scale variability in effluent water quality have been discussed
previously (Section 3.3.5). Given the highly skewed nature of the SS data, the median
influent concentration of 13.0mg L' translated to a median mass solids loading during

the six month monitoring period of 9.5¢ SSm™ d .

Statistical analysis of the data from Figure 3.21 showed that influent SS was reduced
significantly in the second and third ponds of the DW treatment series (Kruskal-Wallis
test; %%0.0s9 = 107.1; p <0.01) but not within DW Pond 1 (p > 0.05). Qualitatively, the
OP series displayed slightly higher and more varied effluent SS levels than the other two
treatments. This increased variability was reflected in the slightly lower SS removal
efficiencies within the OP treatment series, with no significant removal within OP-1
(p > 0.05) and small but significant average removals in both OP-2 and OP-3 (p < 0.05).
For the RFs, highly significant reductions in SS concentration were recorded in all three-
pond units relative to influent levels (p <0.001). These analyses suggested that final
effluent concentrations of both the RF and DW treatment series were very much reduced
compared to pilot plant influent levels (p <0.001) but were only slightly reduced along
the OP series (p <0.05). With respect to the between-treatment performance
comparisons, the SS concentration of the final RF-3 effluent was significantly lower
than that of OP-3 (p <0.001), although it was similar to DW-3 (p > 0.05). There was
also no apparent difference in the final effluent quality of DW-3 and OP-3 with respect
to SS concentration (p > 0.05). Based solely on HLR, average SS removal efficiencies
for the RF treatment here were some 15-20% more advanced than that predicted by the
model of Swanson and Williamson (1980); suggesting a relatively high-level of
treatment performance at the relatively low solids loading rates. The data of Figure 3.21
is represented below as percentage removal efficiencies for each pilot treatment pond

(Figure 3.23).
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Figure 3.23. Box-plots showing daily percentage suspended solids removal performance

relative to pilot plant Influent concentration for all ponds and across all 3 pilot treatment
systems (n > 20 for all plots).

Long term median percentage daily SS removals for Pond 1 data across the three
treatments were 32, 41 and 68% for DW, OP and RF systems respectively, and for Pond
3 data, 74, 67 and 86% for the respective DW, OP and RF systems. When compared
statistically to a theoretical zero median SS removal, these average percentage SS
removal efficiencies were all found to be significantly ‘non-zero’ across all treatment
series (Table 3.6), indicating that all SS removals were on average greater than zero. As
was the case for BODs performance assessment in Section 3.3.5, the RF system was
once again the only treatment to always yield a positive SS removal efficiency. The DW
system was not far behind the performance of the RFs, however, with the DW Pond
series realising just one single net increase in effluent SS (DW-1). The OP treatment
series performed significantly worse in this regard, recording zero removals or net
increases in effluent SS on at least three (OP-2) and up to six (OP-3) occasions. This
trend is reflected in the corresponding CV’s for SS removal performance (Table 3.6),

where OP performance is seen to be more variable than both the DW and RF treatments.
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Table 3.6. Summary of suspended solids performance data for all pilot plant treatments
for Ponds 1 and 3 only.

Pilot treatment pond

SS performance parameter DWA _DW.3 OP1 OP3 RF1 RF3

Median influent SS (mg L™"; g m™) 13.0 13.0 13.0 13.0 13.0 13.0
Mean influent SS (mg L™'; g m™) 203 203 203 203 203 203
Median effluent SS (mg L™'; g m™)"" 9.5 4.4 8.6 7.6 5.1 2.5
Mean effluent SS (mg L™"; g m™) 11.9 4.7 10.8 8.4 2.8 6.4
Median daily SS removal (% day™")*" 32 74 67 68 86
Mean daily SS removal (% day™") 35 70 31 43 64 81
Long-term CV for SS removal (%) 85 25 134 96 27 19

T Effluent SS concentration was tested relative to median pilot plant influent SS concentration (Kruskal-Wallis test)
iAverage SS removal % tested against a theoretical 'zero' daily median (Wilcoxon signed-rank test)
’ Shading intensity shows significance level: p>0.05 (no shading); p <0.05 (light); p <0.01 (medium); p<0.001 (black)

Comparison of individual treatment CV’s for SS removal efficiency again provides
insight into the overall performance reliability of each WSP upgrade system. As can be
seen in both Figure 3.23 and Table 3.6 above, the enhanced consistency in performance
delivery of the RF system over both the DW and OP treatments—as was the case for
BODs performance—was again apparent. Not only was the RF treatment capable of
delivering a better quality final effluent in terms of its SS concentration, but it was able
to do so with an enhanced consistency compared with the DW Ponds, and was
considerably more reliable than the OP treatment train. This trend for both a greater
consistency and superior reliability of treatment performance for the pilot RFs with
respect to SS removal was similar to that for the BODs data which was discussed above
(Section 3.3.5). As was done for the BODs performance data, the SS data from Figures
3.21 and 3.23 is again represented on a loading versus removal basis. This data is shown

for all treatments in Figures 3.24-3.27 for Ponds 1 and 3 of the respective treatments.
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Figure 3.24. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. percentage mass removal (relative to daily loading rate) for Pond 1 data only (note
the condensed y-axis scale for values below zero). Individual data points represent mean
performance data for: Duckweed Pond 1 (O); Open Pond 1 (%); and Rock Filter 1 (@).
Individual data points show the mean of duplicate determinations.
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Figure 3.25. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. percentage mass removal (relative to daily loading rate) for Pond 3 data only.
Individual data points represent mean performance data for: Duckweed Pond 3 (OJ);
Open Pond 3 (*); and Rock Filter 3 (@). Individual data points show the mean of

duplicate determinations.
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When considered on a mass loading versus percentage removal basis, there were similar
trends for the SS performance data as were recorded for BODs removal earlier.
Qualitative visual analysis of Figures 3.24 and 3.25 showed a general trend across both
Ponds 1 and 3 for an increase in percentage SS removal efficiency at higher influent
solids loads, as well as a decrease in the variability of SS removal performance at higher
mass loadings. This was again likely to be a reflection of the concentration-dependent
“first-order-type’ processes governing solids removal in aqueous environments (Sakata
and Silveston; 1974; Reynolds et al., 1990)—an identical phenomenon to that previously

discussed for BODs removal above (Section 3.3.5).

As can be seen in Figures 3.24 and 3.25, under very low SS loading conditions (i.e.
<15g m™> d") the effluent quality of the DW and especially the OP treatment ponds
appeared to be largely independent of influent SS. This was again likely to be an effect
of the concentration gradient effect above, whereby low-level SS loading conditions
promoted an inherently greater potential for variability in percentage removal
performance, even to the point of yielding negative solids removals at very low influent
SS loads. These net negative solids removals were also thought to have been a result of
primary and/or secondary biomass production during pilot plant passage. In support of
this theory, Ouazzani et al. (1995) also noted the negative influence of primary and
secondary biomass production on the SS balance of conventional algal-based WSPs
compared with macrophyte (water hyacinth) ponds. The authors attributed the poor SS
and particulate COD removals in their large pilot-scale open WSPs to the fact that algal
and zooplankton production rates often exceeded those of normal SS sedimentation and

microbial degradation within their ponds.
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Figure 3.26. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. total mass removal for Pond 1 data only. Individual data points represent mean
performance data for: Duckweed Pond 1 (O); Open Pond 1 (%); and Rock Filter 1 (@).
Fitted lines represent best-fit lines from simple linear regression analyses. Individual
data points show the mean of duplicate determinations.
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Figure 3.27. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. total mass removal for Pond 3 data only. Individual data points represent mean
performance data for: Duckweed Pond 3 (O); Open Pond 3 (3); and Rock Filter 3 (@).
Fitted lines represent best-fit lines from simple linear regression analyses. Individual
data points show the mean of duplicate determinations.
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When the SS data is represented purely on a mass basis (Figures 3.26 and 3.27), and as
was previously the case for BODs performance, there was again a noticeable direct
relationship between mass loading and the mass of SS removed; particularly under
elevated SS loads. When the data for all three ponds of each treatment were combined,
this correlation between mass solids load and mass removal was highly significant
across all treatments (Pearson r>0.90; n>60; p<0.0001). This reinforced the
qualitative trends from Figures 3.26 and 3.27 above, and suggested that effluent SS was
generally a direct reflection of influent concentration. As can also be seen in Figures
3.26 and 2.27, under conditions of low SS loading (i.e. <15g m™ d') the OP treatment
performed considerably worse in terms of overall solids removal potential than both the

DW and RF treatments—a trend again reflected in the earlier Figures 3.24 and 3.25.

As was performed during BODs data analyses in the previous section, simple linear
regression analysis was performed and is shown for the data of Figures 3.26 and 3.27.
Looking at the fitted regression data from these figures, there were again significant
positive linear associations between the SS load and the mass removed within each pilot
treatment system. Regression coefficients were identical to the Pearson correlation
coefficients above (i.e. r>0.90), with the slopes of all fitted regression lines
significantly greater than zero (p <0.0001). For the Pond 1 and Pond 3 data of Figures
3.26 and 3.27 respectively, there were no apparent differences between the slopes of the
fitted regression lines (ANCOVA; Fu59) < 1.61; p > 0.21). With respect to the elevations
of the regressed lines, however, this time there were significant differences between
treatments for both the Pond 1 and Pond 3 data (ANCOVA; F61)>9.90; p <0.0002).
For the Pond 1 data of Figure 3.26, the elevation of the best-fit line was significantly
greater for RF-1 than for both DW-1 and OP-1 (p < 0.001), but elevations were equal for
the fitted lines of DW-1 and OP-1 (p = 0.59). For Pond 3 data (Figure 3.27) the elevation
of the fitted line for RF-3 was again greater than for DW-3 and OP-3 (p <0.001), but
this time the elevation of the DW-3 regression line was significantly greater than that

fitted to the OP-3 performance data (p < 0.001).

Results from the above regression analyses suggested that whilst all three treatments
displayed an ‘equally linear’ association between mass SS removal versus loading, the

RFs were able to remove a greater mass of loaded SS at any given mass loading rate
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compared with the other two treatments (remembering again that treatment performance
in these figures is measured by the degree of y-axis elevation for each data point above
or below the point of zero removal). Results also showed that by the end of the three-
pond series, the DW treatment was more effective at removing SS under a given mass
loading rate than was the OP treatment—a trend reflected in earlier performance

analyses.
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Figure 3.28. Relative volatile suspended solids fraction data (as a percent of total SS)
for: pilot plant Influent (INFL); Rock Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1,
2,3 (OP-1, OP-2, OP-3); and Duckweed Ponds 1, 2, 3 (DW-1, DW-2, DW-3).

Statistical analysis of the data from Figure 3.28 showed that influent VSS fractions were
typically low, with a median volatile solids fraction of just 50%. Within both the DW
and OP treatments, and despite appearing to increase slightly through the pond series, no
significant change in influent VSS levels were recorded in any of the DW or OP reactors
(1-way ANOVA; Foag) =6.84; p>0.05). This lack of change in the relative
proportions of ‘fixed’ and ‘volatile’ SS fractions within the OP series suggested that it
was indeed performing adequately as an ‘open control’ pond treatment, in the sense that
the nature of the SS within the inflowing WSP effluent was not changing significantly
down the pond series as a result of temporary pilot plant impoundment. Unlike the DW
and OP treatments, however, the relative VSS fraction in RF train effluent was increased

significantly in both RF-2 (p <0.01) and RF-3 (p <0.001) relative to influent levels.
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This increasingly ‘volatile’ nature of the SS within RF effluents suggested that the
inorganic or fixed SS were accumulating more so within the confines of the RF than
within the DW and OP treatments, and was also likely to have reflected some additional
biomass production and sloughing within the RFs. This indicated that not only were the
RFs removing more of the inflowing SS, but they were also producing a final effluent of

a more labile or biodegradable nature.

This trend for an approximate 30% increase in the fraction of VSS within RF effluent
was unlike that reported by Hirsekorn (1974) and later Swanson and Williamson (1980),
who both observed overall trends for a slight decrease (=<8%) in the fraction of VSS
following RF passage; indicating the retention and degradation of a greater portion of
the organic solids fraction within their RFs. The reasoning for an increasingly volatile
effluent SS during RF treatment here was unclear; although it was thought to have been
a reflection of the differing nature of the Bolivar WSP effluent compared to that of the
previous authors, as well as a small amount of biomass production and subsequent

sloughing within the higher flow velocity rock filters investigated here.

Interestingly, both of the above authors, as well as von Sperling et al. (2007) more
recently, have reported on the presence of a biological “slime layer” on the internal
surfaces within their rock filters, and both suggested that this biofilm could in some way
be aiding overall filter performance (particularly with respect to the retention of settled
materials). In a similar vein, Meiring and Oellermann (1995) suggested that algae
passing through a shaded WSP environment would be expected to lose its vitality,
thereby potentially making itself more susceptible to being adsorbed onto a biofilm such
as that within a rock filter. Incidentally, this theory of Meiring and Oellermann was
partly supported by the research findings of a later thesis Chapter (Chapter 9), in which
the implications of dark-exposure on algal vitality and sinking velocity are rigorously
discussed. Despite the suggestions of the above authors, Swanson and Williamson
(1980)—following their observation of normal rock filter performance immediately after
start-up—concluded that rock filters have no requirement for biological ‘pre-
conditioning’, such that the primary mechanism behind effective filter performance is
physical sedimentation. Following partial deconstruction of the current RF reactors, no

biofilm was visually evident in any of the three filters (see Plate 3.1 and 3.2 for RFs 1
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and 3 below respectively)—a likely consequence of their much lower organic loading
regime. Based on this observation, it was thought that substrate biofilms were unlikely to

have been contributing significantly to solids retention within the current RFs.
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Settled detritus == =%

Plate 3.1. Detail of the relatively ‘clean’ biofilm-free internal rock media surfaces of
RF-1, showing non-attached accumulations of flocculated materials. Broken lines
indicate the water surface level.
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Plate 3.2. Detail of the relatively ‘clean’ biofilm-free internal rock media surfaces of
RF-3, showing non-attached accumulations of flocculated materials. Broken lines
indicate the water surface level.

151



Similar to the above findings for SS, influent chlorophyll a data showed that there were
generally low levels of suspended algal biomass, but again that levels were highly
variable in some instances; with a very low median chlorophyll a concentration of
24.6ug L' and a mean of 36.8ug L™'. The sources of this random and high-level
variability in both SS and algal biomass density within the Bolivar WSP effluent (i.e.
pilot plant influent) have already been discussed (see Section 3.3.5). Given the skewed
nature of the influent data, this median concentration of 24.6ug L' translated to a
median mass loading during the monitoring period of 18mg chlorophyll @ m > d'. The

chlorophyll a performance data is shown below in Figure 3.29.
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Figure 3.29. Chlorophyll a box-plot data for pilot plant: Influent (INFL); Rock Filters 1,
2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed Ponds
1, 2,3 (DW-1, DW-2, DW-3). Filled circles (®) above the INFL data represent the three
extreme spike outliers >3xIQRfrom the 75" percentile value.

Statistical analysis of the data from Figure 3.29 showed that influent chlorophyll a levels
were reduced significantly down the pond series in DW-2 (1-way ANOVA;
Fo,158=8.51; p<0.05) and DW-3 (p <0.001) but not DW Pond 1 (p>0.05). An
identical trend was also seen for the OP treatment series, with no significant chlorophyll
a removal in OP-1 (p>0.05) but significant removals in both OP-2 and OP-3
(p <0.001). Unlike the DW and OP treatments, the RF train displayed slightly more
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advanced chlorophyll a removal potential; yielding significant removals in RF-1
(» <0.05) as well as Rock Filters 2 and 3 (p <0.001). With respect to the between-
treatment performance comparisons, and despite the RF train qualitatively appearing to
deliver greater performance, there were no significant differences in chlorophyll a levels
for any of the three treatments down the pond series (p > 0.05); implying that all three
pilot treatment upgrades were producing an effluent with similar amounts of suspended
algal biomass. This data is represented below as daily percentage removal efficiencies

for each pilot treatment pond (Figure 3.30).
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Figure 3.30. Box-plots showing percentage chlorophyll @ removal performance relative
to pilot plant Influent concentration for all ponds and across all 3 pilot treatment systems
(n =15 for all plots).

Long-term median percentage chlorophyll a removals for Pond 1 data across the three
treatments were 22, 35 and 50% for the DW, OP and RF systems respectively, and for
Pond 3 data, 65, 75 and 71% for the respective DW, OP and RF treatments. When
compared statistically to a theoretical zero median chlorophyll a removal, these average
percentage chlorophyll a removal efficiencies were all found to be significantly ‘non-
zero’ across all ponds of all treatment series except for the 22% removal of DW-1 (Table
3.7), suggesting once again that algal removals across all treatments were by the end of
each the three-pond series greater than zero. As was the case for prior BODs

performance assessments, the RF system was once again the only treatment train not to
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yield consistently negative removal efficiencies (i.e. RF-2), with just three daily negative
chlorophyll @ removals experienced for RFs 1-3, compared with a total of six for the
DW and seven for the OP treatment train during the course of the 2005 monitoring
period. This trend is reflected in the corresponding CV’s for treatment performance with

respect to chlorophyll a removal efficiencies (Table 3.7).

Table 3.7. Summary of chlorophyll @ performance data across all pilot plant treatments
for Ponds 1 and 3 only.

Pilot treatment pond
DW-1 DW-3 OP-1 OP-3 RF-1 RF-3
Median influent Chl. a (ug L™"; mg m™) 24.6 24.6 24.6 24.6 24.6 24.6
Mean influent Chl. a (ug L™"; mgm™) 36.8 36.8 36.8 36.8 36.8 36.8
Median effluent Chl. a (ug L™"; mg m™) 15.0 84 156 64 114 7.2
Mean effluent Chl. a (ug L™"; mg m=)" 26.0 10.2 23.1 8.4 15.0 8.9

Chl. a performance parameter

Median daily Chl. a removal (% day™")*’ 22 65 35 50 71
Mean daily Chl. a removal (% day™") 15 56 26 56 47 61
Long-term CV for Chl. a removal (%) 357 64 145 104 65 56

T Effluent chlorophyll a concentration was tested relative to mean pilot plant influent concentration (1-way ANOVA)
IAverage chlorophyll a removal % tested against a theoretical 'zero' daily median (Wilcoxon signed-rank test)
’ Shading intensity shows significance level: p>0.05 (no shading); p <0.05 (light); p <0.01 (medium); p<0.001 (black)

Comparison of the performance CV’s for chlorophyll a removal (Table 3.7) together
with the data of Figure 3.30, again showed an enhanced consistency in performance
delivery for the RF system over both the DW and OP treatments—a trend noted
previously for both BODs and SS removal. Considering Pond 1 data only, RF-1 was the
only pilot treatment series capable of consistently producing an effluent that contained
significantly less chlorophyll a than its influent. Overall, however, and unlike the trends
for BODs and to a lesser extent SS removal efficiency above, the entire three-pond RF
treatment series was in this case no more efficient at removing inflowing algal biomass
than either the DW or OP pilot treatments; with all treatments producing an effluent
containing significantly less chlorophyll a than that of the pilot plant influent at the
p<0.001 level.

It is apparent for the chlorophyll a data, that although each treatment series was capable
of removing a similar amount of loaded chlorophyll a, the RF treatment was able to
remove suspended algal biomass at a greater rate down the three-pond series than both

the DW and OP treatments (i.e. significant chlorophyll removals were realised in RF-1
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but not DW-1 or OP-1). This trend for an increased ‘rate’ of removal down the pond
series has been evident in all of the respective performance parameter plots so far
(Figures 3.14, 3.21, 3.22, and 3.29) and suggests a greater capacity for rapid treatment
within a rock filter compared with either a duckweed-covered or standard ‘open pond’.
The above chlorophyll a data is represented again on a mass loading versus removal

basis (Figures 3.31-3.34) for Ponds 1 and 3 of the respective treatments.
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Figure 3.31. Scatter-plot showing chlorophyll ¢ mass loading (pilot plant Influent) vs.
percentage mass removal (relative to daily loading rate) for Pond 1 data only (note the
truncated y-axis scale for values below zero). Individual data points represent mean
performance data for: Duckweed Pond 1 (O); Open Pond 1 (%); and Rock Filter 1 (@).
Individual data points show the mean of triplicate determinations.
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Figure 3.32. Scatter-plot showing chlorophyll @ mass loading (pilot plant Influent) vs.
percentage mass removal (relative to daily loading rate) for Pond 3 data only (note the
truncated y-axis scale for values below zero). Individual data points represent mean
performance data for: Duckweed Pond 3 (LJ); Open Pond 3 (%); and Rock Filter 3 (@).
Individual data points show the mean of triplicate determinations.

Comparison of the performance on a mass loading versus percentage removal basis
revealed similar trends for the chlorophyll a performance data to those reported for both
BODs and SS removal earlier. Visual analysis of Figures 3.31 and 3.32 reveals a general
trend across both Ponds 1 and 3 for an increase in chlorophyll @ removal efficiency at
higher influent algal biomass loads. This again suggested that chlorophyll a removal was
largely governed by concentration-dependent first-order-type removal processes, of
which a detailed description has already been provided (Section 3.3.5). Another trend
again evident in Figures 3.31 and 3.32 above was that under very low chlorophyll a
loading (i.e. < 15mg m™ d'), the removal performance and subsequent effluent quality
of all treatments appeared to be largely independent of influent algal load. This again
reflected the first-order removal processes, whereby very low-level chlorophyll a
loading conditions promoted greater percentage variability in removal performance
against normal background ‘steady-state’ effluent levels, to the point of sometimes

yielding negative chlorophyll a removals at very low influent loads.
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Figure 3.33. Scatter-plot showing chlorophyll ¢ mass loading (pilot plant Influent) vs.
total mass removal for Pond 1 data only. Individual data points represent mean
performance data for: Duckweed Pond 1 (O); Open Pond 1 (3); and Rock Filter 1 (@).
Fitted lines represent best-fit lines from simple linear regression analyses. Individual
data points show the mean of triplicate determinations.
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Figure 3.34. Scatter-plot showing chlorophyll ¢ mass loading (pilot plant Influent) vs.
total mass removal for Pond 3 data only. Individual data points represent mean
performance data for: Duckweed Pond 3 ([J); Open Pond 3 (%); and Rock Filter 3 (@).
Fitted lines represent best-fit lines from simple linear regression analyses. Individual
data points show the mean of triplicate determinations.
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When the chlorophyll a data is represented on a mass only basis (Figures 3.33 and 3.34),
and as was the case for both BODs and SS removal performance data above, there was
again a noticeable direct positive association between mass loading and the mass of
chlorophyll a removed, particularly under high influent loads. When the data for all
three ponds of each treatment series were combined, this correlation between mass
chlorophyll a load and mass removal was again highly significant for the DW Pond
series (r=0.843; n=45; p <0.0001) the OPs (r=0.890; n=54; p <0.0001) and also
the RF treatment train (r = 0.964; n = 51; p <0.0001).

Regression analyses of Figures 3.33 and 3.34 yielded equally high-level regression
coefficients to the Pearson correlation coefficients above, with the slopes of all three
fitted lines significantly greater than zero (p <0.0001). For the Pond 1 and Pond 3 data
of Figures 3.33 and 3.34 respectively, there were no apparent differences between the
slopes of the fitted regression lines (ANCOVA; F2.44) < 0.908; p > 0.41). With respect to
the elevations of the regressed lines, however, there were significant differences between
treatments for the Pond 1 data of Figure 3.33 (ANCOVA; Fp61) = 3.38; p <0.05) but not
for the Pond 3 data of Figure 3.34 (p = 0.58). For the Pond 1 data, the elevation of the
best-fit line was significantly greater for RF-1 than for both DW-1 and OP-1 (p <0.033),
but elevations were equal for the fitted lines of the DW and OP treatments (p = 0.65).
For Pond 3 data (Figure 3.34) the elevations of the fitted regression lines this time were
equal for all three treatments (ANCOVA; F 46 = 0.552; p=0.58); implying that all
three treatments by the end of the three-pond series removed equivalent amounts of

loaded chlorophyll @ under the range of mass loading rates tested.

Results of the above regression analyses suggested that whilst all three treatments
displayed an equally linear pattern for mass chlorophyll a removal versus loading,
following the first pond of each three-pond series the RFs were able to remove a greater
mass of the loaded algal biomass at any given mass loading rate than were the other two
treatments (remembering again that treatment performance in Figures 3.33 and 3.34 is
measured by the degree of y-axis elevation for each data point relative to the point of
zero removal). Results also showed that by the end of the three-pond series, all three
treatments were equally effective at removing chlorophyll a under a given mass loading

rate; something supported by the data of Table 3.7. As mentioned previously (Section
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3.3.5), published data regarding loading versus removal performance of duckweed ponds
and rock filters is lacking, and so the trends reported here cannot be directly compared to
those of other similar systems. It s again a recommendation that future work aims to
present performance data on a ‘loading versus removal’ basis in order to provide

additional insights into the nature of treatment efficiency for these upgrade systems.

The above results again suggest a trend for higher level treatment performance from the
Rock Filters (at least as far as the first reactor in each series) compared with both the
Duckweed and Open Ponds—a trend noted above for the performance parameters BODs
and SS. Tanner et al. (2005) noted a similar trend for their pilot-scale pond systems
consisting of one open maturation pond and one planted wetland system with a
duckweed surface cover. Both of their pilot pond systems experienced highly variable
treatment performance and final effluent quality with respect to BODs, SS, and
chlorophyll a. Interestingly, once a rock filter was added to the end of both treatment
series (occupying 25% of the total pond length), both the total performance and also the
performance consistency of both systems rose dramatically (50% improvements in SS,
>50% increase in BODs removal, and >80% increase in chlorophyll a removals) to the
point where the overall performance of the two treatments was virtually
indistinguishable. This example serves to highlight the advanced treatment capacity and
performance reliability of rock filters for upgrading final WSP effluent (with respect to
BODs, SS and chlorophyll a) over other systems such as macrophyte-based and

conventional ‘open’ or algal-based ponds.

Whilst the heightened variability in chlorophyll a removal performance for the DW and
OP systems was indeed a real outcome, these frequent and large-scale negative
chlorophyll a removals experienced by both the DW and OP treatments were thought to
have been influenced by both primary (algal for OPs and duckweed for DW Ponds) and
also secondary (zooplankton) biomass production during pilot plant passage. As
mentioned earlier during the discussion of BODs performance data, and in spite of
coarse filtration through a 2mm stainless steel mesh sieve (see Section 2.1), small
suspended fragments of decaying duckweed plant material was regularly observed in the
daily DW Pond samples. It was considered likely then that this plant tissue could have

been contributing to the total measured chlorophyll @ for DW Pond samples, and was
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also likely to have been contributing to measured SS, as algal solids were partially
replaced with decaying duckweed biomass. The extent of root development and root

fragment shedding beneath a healthy duckweed plant mat can be seen below in Plate 3.3.

Plate 3.3. Photograph showing the highly developed root network of a low-density
duckweed (Lemna) surface mat.

Following on from this suspicion, an analysis was later performed whereby triplicate
samples of 15 medium-sized (1.5cm) duckweed roots were collected and acetone-
extracted as per the standard chlorophyll a assay (Section 2.2.2.6). Results of this test
showed that at a density of 15 whole root fragments L', the amount of chlorophyll a
coming from the duckweed plant tissue was in the order of 11-23% of the daily total.
Furthermore, and as a result of steadily declining chlorophyll a levels from Pond 1 to
Pond 3, the relative contribution of this duckweed biomass chlorophyll a to the total
daily figure increased along the pond series from an average of 11.7% in DW-1, to
23.7% in DW-3. Considering the combined data from all three DW Ponds, the average
contribution of suspended duckweed tissue to daily chlorophyll a measurements was
thought to be in the order of 18% (£ 6). Whilst no attempt was made to try and correct
for this post hoc, it should be noted that the algal removal capacity of the duckweed was
likely to have been significantly underestimated as a result of the above factor, such that
the true algal removal capability of the DW Ponds would be expected to be significantly
greater than that quantified by chlorophyll a analysis here.
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Although it was an initial aim of the current research to specifically investigate algal
solids removal, following the performance data analysis it was apparent that there were
significant difficulties involved with the analytical separation of chlorophyll a from a
sample containing both suspended algal and duckweed biomass. Following this
realisation, it was deemed unreasonable to attempt to separate the two chlorophyll a
fractions based on that implied from published ratios of WSP chlorophyll a to SS or
BOD:s. Instead, it can only be recommended that all future investigations specifically
concerned with assessing algal biomass removal within duckweed ponds should adopt a
direct microscopic approach for the regular monitoring of algal biomass density in
addition to the standard chlorophyll a, SS and BODs analyses. This would enable the
investigator to more accurately determine the relative proportions of suspended
phytoplankton and macrophyte biomass, and would then allow for a more accurate
assessment of both the algal removal efficiency as well as providing information on the

relative contribution of senescent duckweed biomass back into the final pond effluent.

In addition to the likely contribution from duckweed tissue, the large-scale variability in
percentage OP chlorophyll a removal efficiency could be related to the regular
occurrence of zooplankton blooms within these ponds. The role of herbivorous
zooplankton in the reduction of algal concentrations within WSPs is well documented
(Kryutchkova, 1968; Hussainy, 1979; Mitchell, 1980; Uhlmann, 1980; Hathaway and
Stefan, 1995; Cauchie et al., 1999; Tanner et al., 2005). Sometimes very dense
populations (up to 490 organisms L") of macrozooplankton were periodically recorded
within the OP series in particular, and it was thought that the grazed algal biomass
contained within their gastrointestinal tracts might have contributed to daily chlorophyll
a measurements—particularly for non-selective substrate grazers (see below). This issue
was raised by Hirsekorn (1974, p. 57) in that “any crustaceans (zooplankton) present in
the sample also contribute to the chlorophyll concentration, because algae consumed as

a food source are present within the animal” at the time of sample processing.

Following this, measurements were conducted in order to estimate the fraction of
zooplankton-sequestered chlorophyll @ in daily samples under zooplankton bloom
conditions. Briefly, at a sampling interval where macrozooplankton density was in the

order of 200 organisms L, both raw unfiltered and filtered (350um) OP train samples
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were processed for chlorophyll a analysis following the standard protocol (Section
2.2.2.6). Results of this analysis showed that individual macrozooplankton (Daphnia
species) contained in the order of 6.5x10ug chlorophyll a organism'. Using OP-3 as
an example, and under a mean OP-3 chlorophyll a concentration of ~9ug L', this
translated to somewhere in the order of 10% of the average daily measured chlorophyll a
being contained within the macrozooplankton biomass itself. Furthermore, and on a day-
to-day basis, the contribution of Daphnia to the total chlorophyll a figure was anywhere
in the range of 1-70% depending on the population density of the zooplankton bloom
and also the influent chlorophyll a levels. Additionally, it is likely that this figure was a
somewhat conservative estimate of the actual total zooplankton contribution, given that
only the contribution from Daphnia species was taken into account and considering that

Daphnia comprised on average only 60% of the total daily zooplankton biomass figure.

The above results suggest that a potentially concentrating effect is exerted on measured
chlorophyll a levels by suspended zooplankton populations; something that is especially
relevant for species capable of substrate grazing (e.g. Daphnia and ostracods; Horton et
al., 1979; Mitchell, 1980; Langis et al., 1988). As also noted by the previous authors,
substrate grazing was observed on a regular basis within the OP treatment train, whereby
zooplankton populations were seen to be heavily—often preferentially—grazing on the
internal surfaces of the HDPE reactors (shown in Plates 3.4 and 3.5). Furthermore, some
macrozooplankton (e.g. copepods and Daphnia) are known to be ‘strong swimmers’ as
well as having a tendency to swim against the direction of flow. This observation was
made here for both copepods and Daphnia species, and incidentally, was also reported
by Mitchell (1980) during experimental monitoring of a local WSP system in
Gumeracha, South Australia. Mitchell (1980, p. 113) stated that “observations made
during a bloom of Daphnia carinata in pond 1 suggested that animals (actively) avoided
the area immediately surrounding the outflow pipe.” Even at moderate activity levels,
Daphnia are capable of swimming at velocities in excess of 20m h™' (Dodson et al.,
1997). Similarly, copepods of similar size to the species encountered during the current
work are reportedly capably of swimming at speeds in the order of 30-90m h™' (Enright,
1977). Under the highest HLRs tested here, the in situ fluid velocities were no greater
than 3m d' for any treatment pond, and so it is reasonable to suggest that these

macrozooplankton were indeed capable of maintaining their position within the pilot
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ponds despite the continuous hydraulic turnover. This meant that these organisms were
almost certainly able to avoid being flushed out of the pilot ponds and may have been

effectively accumulating in numbers within the pilot ponds.

Considering the above, it can be appreciated that if large numbers of these substrate
grazers were withdrawn during daily pond sampling, the measured chlorophyll a from
pilot pond samples would include both suspended and also non-suspended/attached
(grazed) algal biomass fractions, whereas pilot plant influent chlorophyll a
measurements represented the suspended ‘planktonic’ fraction only. This would have
effectively resulted in an overstating of the true suspended chlorophyll a concentration
within the pilot ponds, and a subsequent underestimation of planktonic algal removals
within these systems. Whilst no attempt was made to apply a correction factor to the
chlorophyll a performance data in order to account for the potentially confounding
effects of zooplankton grazing, it is recommended that future work dealing with
assessing algal dynamics in small-scale pond systems in the very least consider the
likely influence of this phenomenon on the measured levels of chlorophyll a. Ideally,
investigators could perform chlorophyll a analyses on filtered (=300-400um) versus
unfiltered influent and effluent samples in order to gauge the relative proportions of

suspended and grazed chlorophyll fractions within their samples.
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Plate 3.4. Aerial view looking down into one of the Open Ponds; showing the high
densities of both pelagic (suspended) and substrate-grazing zooplankton populations
(note the heavy grazing on pond wall biofilms).
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Plate 3.5. Aerial view looking down into another of the Open Ponds; once again
showing the high densities of both pelagic (suspended) and substrate-grazing
zooplankton populations (note again the dense congregation of zooplankton close to the

pond wall biofilm).
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In addition to the likely effects of zooplankton on measured chlorophyll a concentration,
the high-level variability in chlorophyll a levels within the OP series was thought to also
be a consequence of periodic filamentous algal blooms which developed within these
aboveground ponds; commonly under conditions of elevated temperature and irradiance
(Plate 3.6). These filamentous green (chlorophyte) algae were identified during the
course of the monitoring period as both Cladophora and Hydrodictyon species.
Following their periodic appearance, these filamentous blooms were manually removed
from the OP system because of an assumed potential for significant adverse impacts on
pond hydraulics (e.g. short-circuiting) and incident irradiance. For example, Sand-Jensen
(1989) reported that a 1.2mm thick cyanobacterial surface mat reduced the levels of
incident irradiance by 93-99.9%; hence it was deemed necessary to quickly remove
these algal blooms so as to reduce the potential for shading of underling suspended algal
populations. Mitchell and Williams (1982) reported significant blooms of the
filamentous green alga Cladophora in local WSPs at Gumeracha, South Australia, and
although the authors found that such algae can play a definable role in WSP nutrient
dynamics, the small scale of the current pilot ponds was thought to have significantly
reduced the potential for natural wind-induced bloom dispersion, such that its immediate
removal was necessary. It should also be noted that such algal blooms were never

experienced in the DW or RF treatments.

Cladophora sp.

Plate 3.6. Photograph of the periodic filamentous green (Chlorophyceae; Cladophora
and Hydrodictyon) algal blooms experienced within the Open Pond series.
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Throughout the above SS and chlorophyll a performance data analyses, as well as during
the previous BODs analyses, there has been a general trend for more advanced
parameter removals within the first pond of each treatment series, followed by a less
dramatic or more gradual reduction (where significant removals were recorded) within
the following two ponds. This general trend can be seen in the respective Figures 3.14,
3.21, 3.22 and 3.29, and is most apparent within the higher performance RF treatment
series in particular. This observation ties in with the reporting of Reed et al. (1988), who
stated that the majority of wastewater SS and associated BODs “will be removed in the
primary cell of a pond system.” Reed and co-authors also commented that the removal
of SS in a WSP system is achieved primarily through gravity sedimentation (i.e. physical
means). Given the statistically significant correlation between influent SS and BODs
(rs=0.524; p =0.045) as well as influent SS and chlorophyll a (r=0.657; p =0.001),
this implies that predominantly physical mechanisms were likely to have been
responsible for the attenuation of both BODs and chlorophyll a (as well as SS and
turbidity) within all three pilot plant treatments (although physically settled organic
solids must ultimately undergo biological degradation; something supported by the
reduced DO levels in both the RFs and DW Ponds). Furthermore, the largely inorganic
nature of the pilot plant influent (average VSS fraction of 50%; Figure 3.28) implies that
roughly half of all influent SS were effectively ‘biologically inert’ or colloidal in nature,
such that the processes governing solids removal in general would be expected to be

predominantly physical.

The qualitative observation of an apparent ‘mirroring’ of removal patterns down the
pond series for BODs, SS and chlorophyll @ within the treatment ponds is also supported
by the highly significant correlation between percentage SS and BODs removal
efficiency (rs=0.538; n=74; p <0.0001), as well as the same high-level relationship
between percentage SS and chlorophyll a removal (r,=0.470; n=132; p <0.0001)
when the data from all 9 experimental ponds is combined. This correlation of
performance relationships for the above parameters implies that the most dominant or
controlling removal mechanism governing BODs, SS and chlorophyll @ removal within
all pilot treatments was indeed physical sedimentation. This finding is in agreement with
the relevant literature, whereby effective treatment in both duckweed (Oron et al.,

1987b; Zirschky and Reed, 1988; Mara et al., 1992; Smith and Moelyowati, 2001) and
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rock filter systems (Hirsekorn, 1974; Stutz-McDonald and Williamson, 1979; Swanson
and Williamson, 1980; Rich, 1988) is delivered through predominantly physical rather
than biological processes; although once again all physically settled biomass must
ultimately be biologically degraded. This finding also suggested that the potential
contributions from other biologically-based treatment mechanisms toward the observed
algal removals within the DW (e.g. antagonistic allelopathy) and RF (e.g. biofilm-
entrapment) systems were insignificant. Having said this, the likely contribution from
grazing interactions remained of potential significance, given that Hillman and Culley Jr.
(1978) reported that a Lemna surface cover—when properly maintained—can provide
favourable growth conditions for populations of Daphnia and other grazing metazoans.
The likely importance of grazing on observed algal removals within all three pilot

treatments will be discussed in Chapter 5.

It is appropriate here to highlight the work of Stutz-McDonald and Williamson (1979, p.
279), where it was said that temperature was likely to be “an important, if not dominant,
factor in influencing the settling rate of algae in rock filters” due to temperature-related
water density effects and their subsequent effects on water viscosity and particulate
settling rate. Interestingly, Hirsekorn (1974) also observed an increase in rock filter
performance under increased temperature, but offered the enhancement in biochemical
reaction rates as an explanation for the increased performance rather that the physical
reasoning of the previous authors. This implies that temperature could potentially have
had a significant impact on the rate of particulate settling within the RFs (and
presumably also within the quiescent DW Ponds) and could therefore be linked to both
SS and chlorophyll a removal performance. Interestingly, a slight but non-significant
negative correlation between temperature and SS removal efficiency was actually
observed for the RF performance data here (Pearson r=-0.268; n=>51; p=0.06);
something in apparent contradiction to the work of Stutz-McDonald and Williamson
(1979). Similarly, no relationship was found between temperature and chlorophyll a
removals (Spearman r,=-—0.016; n=51; p=0.92). These results suggest that
temperature alone may not be such a strong governing factor behind effective rock filter
treatment, and is therefore unlikely to serve as a general predictor of rock filter

performance efficiency.
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In comparing the overall SS and chlorophyll a performance data of the current section to
the work of others, it is first of all necessary that the same ‘exclusion criteria’ be applied
to this body of research as was outlined for the BODs treatment performance data
comparisons above (Section 3.3.5). Briefly, SS and algal removal performance
comparisons are only made between the current data and that derived from research
conducted using pond reactors of a comparable or larger volume. This once again served
to minimise the potential confounding effects resulting from performance comparisons
made between studies involving pond reactors several orders of magnitude smaller in

volume.

Average SS removal performance data for the DW treatment here was similar to that
reported by Ran et al. (2004) during the operation of a similar pilot-scale duckweed
pond system. The authors reported similar scale SS removals, with a two monthly
average of 80% when operated under a comparable but slightly higher influent SS
loading (=16g SS m™ d ') and longer HRT (8.6 days for two tanks in series). Similarly,
Bonomo et al. (1997), following the operation of pilot-scale (430m®) duckweed pond
system, reported similar magnitude SS removal efficiencies to those seen here, with 50—
80% removals over their five month monitoring period; although these solids removals
were achieved under a two-fold lower SS loading rate of ~4g SS m > d'. Baldizon et al.
(2002) achieved slightly lower solids performance results to those recorded here,
reporting an average 52% (+ 29) SS removal efficiency from a large-scale duckweed
pond system with an HRT in the order of 5 days and a significantly higher SS influent
concentration (~185mg L™'); although no information was provided regarding the

hydraulic loading of the pond.

Zimmo et al. (2002) operated a very similar sized pilot duckweed pond system
comprising four x 3m® ponds arranged in series (as opposed to the three 2.8m’® ponds
used here) and under a roughly two-fold higher SS mass loading rate of ~22g SSm™ d .
The authors reported an annual average SS reduction of 71% —almost identical to the six
month average of 70% seen here. Interestingly, Zimmo and co-workers also observed
that the vast majority of the total four pond duckweed train SS removal was realised
after the first pond in series; something again mirrored by the current observations.

Furthermore, their pilot plant also included the parallel operation of a standard algal-
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based ‘open pond’ treatment train alongside the duckweed pond series, with this system
yielding an average SS removal in the order of 37% —again very similar to the six

month average OP train SS removal of 43% seen here.

With respect to the SS performance data of the RF treatment, results have again been
comparable to those within the literature. von Sperling and de Andrada (2006),
following the 8 month operation of an equivalent volume pilot-scale rock filter, reported
a slightly lower magnitude SS removal efficiency of 73% (compared with 81% solids
removal here). Although their rock filter was given a 30% lower HLR (0.5m> m™ d™), it
received a 10-fold greater solids mass loading (=90g SS m™ d ') and so this was thought
to have contributed to the reduced SS removal performance. Saidam et al. (1995)
reported much lower average SS removal efficiencies for their large-scale (300m”),
achieving approximate 45% solids removal efficiencies for filters with a similar rock
media size distribution (=12cm diameter) but a five-fold higher SS mass load (50g SS
m> d"). Swanson and Williamson (1980) recorded a mean SS removal efficiency of
75% following 12 month monitoring of their full-scale rock filter. This was again a very
similar magnitude percentage removal to that recorded for the current RF treatment
train, and although the mean influent SS concentration of Swanson and Williamson
(1980) was somewhat higher at 50mg L', the current rock filters were actually loaded at

a slightly higher average SS mass loading rate (<10 compared with ~8g m> d™").

The above performance data comparison suggests that the approximate 5-fold higher
HLR applied to the current rock filters (compared with that of Swanson and Williamson,
1980) had a negligible impact on filter performance with respect to its ability to remove
infiltrating solids. This observation is contrary to the suggestions of Swanson and
Williamson (1980), who proposed a linear decline in the SS removal efficiency of
another pilot-scale rock filter from 90% down to 70% with an increasing HLR from 0.1
to 0.5m® m~ d'. Interestingly, even the highest HLR of Swanson and Williamson
(1980) was still some 30% lower than the 0.73m> m > d”' HLR adopted here, and yet SS
removals in the order of 70% were still able to be maintained. Similar to the suggestions
of Swanson and Williamson (1980), the work of von Sperling et al. (2007) also reported
a 30-35% decline in the BODs and SS removal efficiencies of their pilot-scale rock

filters with an increase in HLR from 0.5 to 1.0m> m> d"'. In contrast, however, the work
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of Mara et al. (2001) is in apparent agreement with the RF performance data reported
here, whereby 63% SS removals were achieved at an HLR ~25% higher that that used
here (1.0m> m~ d™'); although Mara and co-workers did observe a further 13% reduction
in SS removal efficiency when the HLR was increased from 1.0 to 2.0m> m> d'. This
shows that the apparent large-scale linear decline in SS removal efficiency with
increasing HLR above the guideline value of 0.3m® m~ d' (Mara, 2003) is not
necessarily a universal phenomenon that applies to all rock filters. Instead, the efficiency
of SS removal is likely to be influenced by both the concentration and physical nature of
the wastewater solids in question (i.e. organic or inorganic, dispersed or aggregated) as
well as the rate of hydraulic loading and corresponding interstitial flow velocity within

the void spaces of the rock bed; something that is a direct function of rock media size.

Following a literature survey, it was found that there exists only a very limited amount
of performance data specifically regarding chlorophyll a removal in duckweed pond
systems (see Section 1.2.8.5.3). Whilst many researchers have implied an advanced
capacity for algal removal (via ‘algal-associated’ SS and BODs removals) in duckweed
pond systems (Hillman and Culley Jr., 1978; Ngo, 1987; Oron et al., 1987b; Zirschky
and Reed, 1988; Mara et al., 1992; Mandi, 1994; Bonomo et al., 1997), very few have
attempted to assess this claim quantitatively through the reporting of either chlorophyll a
levels (Ozbay, 2002; Zimmo et al., 2002), direct cell counts (Valderrama et al., 2002), or
by carrying out investigations into algal photo-physiology (Parr ef al., 2002) under a
duckweed cover. Following this, one of the aims of this research (outlined in Section
1.2.8.5.3) was to investigate the capacity of a duckweed pond system to attenuate
suspended algal populations using flow-through pilot-scale ponds operated without

duckweed biomass harvesting.

Following the somewhat variable chlorophyll a performance data, it was identified that
aqueous chlorophyll measurements were often skewed by the presence of chlorophyll-
containing duckweed plant tissue, meaning that accurate assessments of in situ algal
biomass dynamics were prevented. While direct cell counts and algal speciation data
was periodically recorded during the course of this research, and despite this data
revealing <0.5-log;o order reductions in influent algal cell counts by DW Pond 3 (refer

to Figure 5.3), as highlighted earlier, the complexity and relative subjectivity of this sort
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of analysis meant that it was performed infrequently; such that sample sizes were
considered too small to allow for meaningful statistical analysis. Consequently, no
attempt was made to link the chlorophyll a performance data of the DW treatment Ponds

to that of the limited literature base defined above.

Interestingly, Zimmo et al. (2002) reported similarly variable trends for chlorophyll a in
their pilot-scale duckweed pond systems. The pilot pond system of Zimmo and co-
workers was very similar in both size and configuration to the current pilot plant (see pp.
168 above) and consisted of parallel duckweed and algal-based treatment trains. The
authors reported that under influent concentrations of 8-71ug chlorophyll @ L™, the
duckweed pond train yielded a net increase in the levels of chlorophyll a, with effluent
concentrations in the range of 42—157ug L™'. Whilst chlorophyll a levels in their
duckweed pond train were some 6—15 times lower than in the parallel ‘open pond’
system (270-2390ug L"), it still suggested that negative chlorophyll @ removals were
frequently experienced within their duckweed ponds. Although the authors offered no
discussion regarding their negative ‘algal’ removals, results from this chapter suggest
that suspended fragments of plant biomass were almost certainly contributing to the
undue elevation of chlorophyll @ levels in their duckweed pond samples. It can only be
reiterated that all future work concerned with assessing algal biomass removal within
duckweed ponds should adopt a direct microscopic approach for the regular monitoring
of algal biomass density in addition to the standard suite of chlorophyll a, SS and BODs
analyses. This approach represents the only means of accurately determining the relative

proportions of suspended algal and DW biomass within the final effluent.

In passing, and to the author’s knowledge, there does not appear to be any previous work
concerned with assessing the algal removal efficacy of a floating macrophyte cover
compared with that of a synthetic pond cover. Whilst large-scale synthetic covers have
been implemented for odour control and biogas production (DeGarie et al., 2000), as
well as algal control in potable water reservoirs (Hunter, 2002), there has so far been no
comparisons between living and synthetic pond covers for algal control in WSPs. Given
that Zirschky and Reed (1988, p. 1254) have said that “mat formation is probably the
most significant contribution that the duckweed plant makes to wastewater treatment”,

and taking into account the relatively high labour inputs required for continuous biomass
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harvesting (Ward, 1987), there could be significant scope for artificial surface covers;
especially in instances where it is required solely for algal control. Although it was the
intention of research reported by Zirschky and Reed (1988) to compare the treatment
efficacy of a duckweed cover with a synthetic pond liner, the follow-up monitoring was
never performed. Given that unharvested dead and dying plant biomass has the potential
to return significant amounts of BODs and SS back to the WSP system, future research
could look at assessing the two surface covers side-by-side so in order to determine

corresponding ‘cost—benefits’ of each.

Unlike that for duckweed systems above, there is considerably more quantitative
performance data available regarding chlorophyll a removals in rock filters. Hirsekorn
(1974) achieved a lower average mean chlorophyll a reduction of 56% (compared with
the 61% removals recorded here) in their ‘large rock’ media (2.5-3.8cm diameter) filters
at a somewhat reduced HLR of 0.24m> m™ d™'. Mara et al. (2001) recorded 28% higher
mean chlorophyll @ removal efficiency for their pilot-scale RFs under a comparably high
hydraulic loading (1.0m* m™ d™") but a 20-fold greater algal biomass loading (383mg
chlorophyll @ m™ d™"). Whilst the rock filters of Mara and co-workers did achieve 28%
greater average chlorophyll @ removals than the current filters at 27% greater hydraulic
loadings, the vastly different mass loading rates of these filters must be taken into
consideration when drawing performance comparisons between the two systems. The
much higher influent chlorophyll a concentrations for the rock filters of Mara and co-
workers almost certainly contributed to the higher average percent removals; given that
their mean rock filter effluent chlorophyll a concentrations were more than double the
median influent concentrations here. In other words, the concentration-dependent nature
of algal removal processes afforded their filters more scope for chlorophyll a removal
against the low-level steady-state background concentrations frequently seen during the
current work. Since the previous authors offered no data regarding mass loading versus
removal rock filter performance, it can only be assumed that this was the reason for the

apparent performance differences between these two systems.

Swanson and Williamson (1980) observed very high mean chlorophyll a removal rates
in their full-scale (8500m”) large rock media (=10cm) filter, with mean influent levels of

~310ug L' and mean effluent algal biomass concentrations of ~50ug L' chlorophyll a.
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The minimum chlorophyll a removal rate for their work was in excess of 50%, with
average algal biomass removals in the order of 81% over the 12 month monitoring
period—slightly more efficient than the 71% six month median RF train removal
recorded here. Interestingly, their performance data comes from a rock filter with a 10-
fold higher average influent algal biomass concentration (310ug chlorophyll « L™") but
only a 2.5-fold higher chlorophyll @ mass loading rate (49 compared with the 18mg
chlorophyll @ m™ d™' reported here)—a consequence of the 5-fold lower HLR of their
filter (=0.16 compared with 0.73m> m™ d'). This suggested again that the 5-fold higher
HLR applied to the current rock filters had only a slight negative impact on filter

performance with respect to its ability to attenuate algal solids.

Chlorophyll a removals of von Sperling ef al. (2007) were slightly lower that those of
the current RFs, with a median removal of 55% observed within their similar sized pilot-
scale rock filters when loaded at a comparably high HLR of 1.0m> m™ d™'. Tanner ef al.
(2005) reported an approximate 30% improvement in the chlorophyll a removal
efficiency of their pilot-scale open maturation pond system when fitted with a rock filter
on the back-end of the system. Such large-scale differences between the chlorophyll a
removal performance of the OP and RF treatment trains were not seen here, although an
approximate 20% greater average chlorophyll a removal efficiency was seen for the RF
over the OP system when considering only the data from the first pond in each treatment
series (Table 3.7). The reasons for a reduced gap in total three-pond train performance
between the RFs and OPs here have already been discussed and relate to the

concentration-dependent removal processes for chlorophyll a in the pilot pond systems.

As for SS above, there was again a general trend for reduced rock filter chlorophyll a
removal performance with an increased HLR. Mara et al. (2001), following the
operation of similar scale experimental RFs at HLRs of both 1.0 and 2.0m* m> d',
reported a 32% reduction in chlorophyll a removal efficiency in when operated at an
increased hydraulic loading. This drop in rock filter performance efficiency was perhaps
not surprising in the case of Mara and co-workers, given that at the highest HLR, the
corresponding chlorophyll ¢ mass loading rate was in the order of 650mg chlorophyll a
m > d' (some 35-fold greater than that applied to the current RFs) and so the rock filters
were probably overloaded at the higher flow rates. Given that the guideline HLR for
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rock filters treating maturation pond effluent in the United Kingdom is 0.3m’ m> d™'
(Mara, 2003), and as was the case for SS performance data comparisons above, this
suggested that the relatively high HLR applied to the current RFs (0.73m® m™> d ') had a
negligible impact on percentage treatment performance with respect to their ability to

remove infiltrating algal biomass.

Performance monitoring of the three pilot treatment systems has shown a general trend
for a decline in the extent of SS, turbidity and chlorophyll a removal within the pilot
pond series from Pond 1 to Pond 3 of all treatments. Where significant removals were
recorded, typically the greatest removal of loaded parameters was realised within the
first pond of each three-pond treatment series, after which the relative degree or ‘rate’ of
removal generally diminished as concentrations approached steady-state levels. This was
said to be a manifestation of the concentration-dependent removal of SS and chlorophyll
a, and resulted in both percentage and mass removals generally being highest under
elevated influent mass loads. Following detailed SS and chlorophyll a analyses, it is
concluded that the overall ranking of treatment performance potential places the RF
system 1%, and both the DW and OP treatment series equal 2™ in terms of SS and
chlorophyll a removal rate down the pond series, absolute removal efficiency, and also
performance reliability. There was some evidence to suggest slightly enhanced and more
reliable removals of SS for the DW Ponds over the OPs, and likewise some data that
suggested greater chlorophyll a removal performance for the OPs over the DW series
(e.g. Table 3.7 and Figure 3.25); however, the overall performance of these two
treatments was largely indistinguishable. Finally, for a more concise statistical summary
of the overall performance parameter correlations as discussed throughout this and the
preceding section, in addition to some others not referenced during the discussion of
results here, the reader is directed to the corresponding correlation matrices for the pilot

plant influent as well as the three upgrade treatments (Appendix B).

3.3.7 Wastewater treatment performance: nutrient removal
Phytoplankton productivity is inherently governed by the availability of some 40 or so

dissolved inorganic micronutrients. Amongst this consortium of nutritional
requirements, N and P are generally regarded as the most essential ‘limiting’ nutrients

(Reynolds, 2006). Typically, WSP systems are generally classified as being
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hypereutrophic in terms of their elevated nutrient resource status. With respect to the
Bolivar system, however, and following the 2001 activated sludge treatment plant
upgrade, the same trophic classification does not universally apply. So effective has the
up-stream activated sludge plant installation been at sequestering nutrients, that the
Bolivar WSPs are at times thought to actually be nitrogen-limited (Cromar et al., 2005).
Following the already low levels of dissolved nutrients within the influent wastewater,
the levels of both NH4-N and PO, -P were periodically monitored during the course of
the pilot plant performance assessments. Although the primary aim of the research was
directly focused on algal biomass control through predominantly physical means, the
monitoring of essential inorganic nutrient levels may provide for further insights into
algal productivity control mechanisms arising from potential shifts in resource

availability brought about by the respective pilot treatments.

3.3.7.1 Inorganic nitrogen dynamics
Data from six month performance monitoring of ammonia-, nitrite-, and nitrate-nitrogen

are shown in Figures 3.35-3.37 respectively.
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Figure 3.35. Ammonia-nitrogen box-plot data for pilot plant: Influent (INFL); Rock
Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and
Duckweed Ponds 1, 2, 3 (DW-1, DW-2, DW-3). The shaded ‘box’ represents the IQR,
the horizontal bar shows the median, and the ‘whiskers’ show the absolute data range.
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Figure 3.36. Nitrite-nitrogen box-plot data for pilot plant: Influent (INFL); Rock Filters
1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed
Ponds 1, 2, 3 (DW-1, DW-2, DW-3).
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Figure 3.37. Nitrate-nitrogen box-plot data for pilot plant: Influent (INFL); Rock Filters
1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed
Ponds 1, 2, 3 (DW-1, DW-2, DW-3).

As evidenced in Figure 3.35, influent NH,-N levels were generally very low, with a
median value of 1.0 and a mean of 1.2mg L. This corresponded to a median mass
influent loading of approximately 0.73g NH;-N m > d"'. Visual analysis of the data from
Figure 3.35 showed that influent NH,-N levels decreased by approximately 20% by the
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last pond of the DW treatment series; although this apparent removal was not significant
in any of the three DW Ponds (1-way ANOVA; Fg 100y = 2.70; p > 0.05). The same was
again true for the OP treatment train, with no significant change in any of the three OPs
relative to influent NH,-N loads (p > 0.05). Unlike the other two treatments, the RF
train did achieve significant removals of loaded NH,-N in both RF-2 and RF-3
(» <0.05) but not for RF-1 (p >0.05); although there were no apparent differences
between the final pond levels of NH,-N in DW-3, OP-3 and RF-3 (»>0.05).
Interestingly, this observation of significant NH,-N removal in the current RFs is unlike
the general trends reported in the literature. Most commonly, rock filters are thought to
be incapable of NH4+-N removal, and in some instances actually release ammonia

following the anaerobic digestion and remineralisation of settled organic materials.
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Figure 3.38. Box-plots showing daily percentage ammonia removal performance
relative to pilot plant Influent concentration for all ponds and across all 3 pilot treatment
systems (n = 11 for all plots).

Long term mean percentage NH, -N removals for Pond 1 data of the three treatments
were approximately 7, 5 and 30%, for DW, OP and RF systems respectively and for
Pond 3 data, 23, -2 and 39% for the respective DW, OP and RF upgrade systems
(Figure 3.38). As described above, there was no statistically-apparent decline in the

influent NH4+-N concentration within individual ponds of the DW Pond series. When
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compared statistically to a theoretical ‘zero’ average removal efficiency, the average
23% NH, -N removal for DW Pond 3 was found to be significantly ‘non-zero’, whereas
mean NH,-N removals remained effectively equivalent to ‘zero removals’ for Ponds 1
and 3 of the OP treatment series (Table 3.8). As was the case for previously reported
performance parameters, the RF system once again always yielded positive NH,-N
removals, whereas the DW and OP treatment series both experienced net NH4+-N gains
on at least two (DW-2) and up to five (OP-2, OP-3) of the 11 sampling intervals (Figure
3.38). This is reflected in the corresponding CV’s for treatment performance with
respect to percentage NH4-N removal efficiency. Pond 1 CV’s for NH4-N removal
performance were 243, 532, and 77% for the DW, OP, and RF treatment systems
respectively, and Pond 3 CV’s were 112, 2290, and 77% for the respective DW, OP, and

RF treatment systems. This performance data is summarised in Table 3.8 below.

Table 3.8. Summary of ammonia removal performance across all pilot plant treatments
for Pond 1 and 3 data only.

Pilot treatment pond
DW-1 DW-3 OP-1 OP-3 RF-1 RF-3

NH,*-N performance parameter

Median influent NH,"-N (mg L™"; g m™) 1.00 1.00 1.00 1.00 1.00 1.00
Mean influent NH,*-N (mg L™"; g m™) 1.20 1.20 1.20 1.20 1.20 1.20
Median effluent NH,*-N (mg L™"; g m™) 0.77 0.60 0.84 0.71 0.61 0.50
Mean effluent NH,*-N (mg L™"; g m™)"’ 1.03 0.78 1.00 1.00 0.69 0.53
Median daily NH,*-N removal (% day™) 4.1 25 6.5 3.8 39 49
Mean daily NH,"-N removal (% day™")*’ 6.7 23 4.8 —2.4_
Long-term CV for NH,"-N removal (%) 243 112 532 2290 77 77

T Effluent NH,*-N concentration was tested relative to mean pilot plant influent NH,"-N concentration (1-way ANOVA)
IAverage NH,"-N removal % tested against a theoretical 'zero' daily mean (one sample ¢-test)
’ Shading intensity shows significance level: p>0.05 (no shading); p <0.05 (light); p <0.01 (medium)

There are three general pathways for NH;-N removal in WSP environments:
volatilisation; biomass sequestration (microbial and algal); and nitrification—
denitrification (Ferrara and Avci, 1982; Middlebrooks ef al., 1982; Maynard et al.,
1999). Historically, the majority of inorganic nitrogen removal in WSPs was considered
to be achieved via NH, -N volatilisation, whereby an elevated pH results in a decrease in
the degree of ammonia ionization and a subsequently increase in its volatility and loss to
the atmosphere (Kreft ez al., 1958; Hemens and Mason, 1968). More recently, studies

have shown biomass uptake and nitrification—denitrification to be more important
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factors in WSP nitrogen removal than volatilisation (Ferrara and Avci, 1982; Baskaran

and Farago, 2007; Camargo Valero and Mara, 2007a; 2007b).

With respect to DW Ponds, nitrogen removal is said to be achieved primarily via:
ammonification; microbial nitrification—denitrification; plant biomass assimilation; and
volatilisation (van der Steen et al., 1998; Benjawan and Koottatep, 2007). In the absence
of biomass harvesting, the small and largely variable NH,-N removals achieved here for
the DW treatment were thought not to have been from direct plant uptake. Similarly, the
nitrite- (NO;-N) and nitrate-nitrogen (NO;-N) data from Figures 3.36 and 3.37 suggest
that biological nitrification—denitrification was unlikely to have been responsible for
removing any significant amount of NH,-N. Furthermore, ammonia volatilisation was
deemed unlikely to have been occurring within the pilot DW Ponds due to the relatively
low aqueous pH (see Figure 3.11) and because of the thick (2-3cm) plant mat which
blanketed the water surface having presumably prevented normal water—air gaseous
exchange processes (van der Steen ef al., 2003). Although significant NH,-N removals
are widely reported in the relevant duckweed WSP literature, since there was no strong
evidence of consistent NH4+—N removals in the current DW Ponds, no discussion of these

performance results in the context of the others’ findings is offered.

Unlike duckweed ponds, NH4-N removals are not commonly associated with rock
filters. The observation of significant NH,-N removal within the current RFs was unlike
the more common trends for zero or negative removal efficiencies reported in the
literature. With respect to the potential mechanisms of ammonia removal in rock filters,
they are presumably the same as has already been discussed for WSPs above (i.e.
volatilisation, biomass sequestration, and microbial nitrification—denitrification). As was
the case for the DW Ponds above, volatilisation was considered unlikely to have played
a significant role in RF NH,;-N removals. Once again, the pH data (Figure 3.11)
recorded a steadily declining RF pH from an influent of 8.4 to 7.9 by the end of RF-3.
Furthermore, volatilisation is thought not to be a significant loss factor for NH;-N
removal at pH values less than 8.0 (Vermaat and Hanif, 1998) due to the relatively low
percentage (=3%) of unionized free ammonia at pH <8.0 (20°C; Boyd, 1990).

Additionally, because there was no apparent NH,-N removal in the OP treatment series
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under significantly higher average pH values (8.5-9.0), it again seems unlikely that the

significant RF ammonia removals were achieved via high-pH-mediated volatilisation.

Whilst volatilisation was unlikely to have contributed to NH,-N removal, there was
evidence to suggest that microbial nitrification was occurring within the RFs. This
included: a decreased pH; aerobic in situ conditions; relatively low BODs; the sequential
decline in both NH4+—N and NO;-N; and a corresponding general increase in NO3 -N—
all of which are associated with the occurrence of biological nitrification. Ammonia
removal is known to correlate well with a decline in pH due to the consumption of
alkalinity and production of H' ions during the biological oxidation of ammonia (Lui,
1997; Heard et al., 2002). Therefore, the slight reduction in pH through the RF treatment
train (Figure 3.11) was likely to have been associated with microbial nitrification;
although pH remained well above the levels at which it can impact negatively on
nitrification (pH <5.5; Baskaran et al., 1992). The DO data (Figures 3.9-3.10) also
suggested that sufficient levels of oxygen were indeed present within the RFs to allow
for NH,-N removal via nitrification, given that Manthe et al. (1988) have stated that
rock filter nitrification will generally not occur at DO levels below 2.0mg L.
Furthermore, the stoichiometric oxygen demand for the biological oxidation of 1mg
NH,-N is in the order of 3.5mg O,—a requirement again satisfied by the observed in

situ rock filter DO levels.

All of the above factors strongly suggested that the RFs were indeed nitrifying, and were
capable of removing NH,-N even at very low mass ammonia loadings. In passing, and
given the very low loading rates, the specific rates of NH,-N removal within the RFs
here were thought to be comparable to other reported removal rates for attached-biofilm
processes in WSPs. At the median mass influent loading of 0.73g NH;-N m?® d*,
average removal rates for the RFs were calculated to be in the order of 2.7x107° mg
NH4-N ecm? h''; approximately two orders of magnitude lower than the 1-3x10~° mg
NH4-N ¢cm 2 h™! removals reported by Baskaran ef al. (1992) for attached in situ algal-
bacterial biofilms. Given that the influent NH,-N concentrations here were some 100-
fold lower here than for the above authors, and considering that microbial nitrification

processes were likely to have been substrate-limited as a result, the RFs were thought to
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have been relatively good at removing inflowing ammonia—especially under the

reduced DO concentrations.

Following this evidence for biological nitrification occurring within the RFs, there was
no data to suggest that the RFs were also denitrifying (i.e. no significant decrease in
NO;-N down the RF treatment series). It is possible that denitrification was not
occurring within the RFs a consequence of the elevated DO concentrations not allowing
for anaerobic microbial processes, and also the probable lack of a readily available
carbon source to drive denitrification. It was also uncertain as to whether the daytime RF
ammonia removals were able to be sustained nocturnally, given that 24 hour logging
data showed the RFs to approach DO levels in the order of Img L' or less during the
night (refer to Figure 4.7). In the absence of 24 hour NH,-N data, the extent of nocturnal

ammonia dynamics within the RFs remains unclear.

The highly variable NH,-N removals observed within the OP treatment train were
considered to have been due, in part, to variable rates of both primary and secondary
biomass production. As presented in the previous Section (Plates 3.4-3.6) there were at
times very high levels of both primary (algal) and secondary (zooplankton) biomass
production within the OP system. Periodic filamentous algal blooms were thought to
have been large enough such that during times of prolific growth, they could have been
influencing the N dynamics within the relatively small volume pilot ponds. This theory
is supported by the findings of Mitchell and Williams (1982), who reported that blooms
of the same filamentous green alga (Cladophora species) can play a definable role in

WSP nutrient dynamics.

With respect to secondary (zooplankton) biomass production, Cauchie et al. (2000)—
following the three year monitoring of a full-scale aerated WSP—noted that the lack of
significant NH,-N removal was likely to have been linked to the occurrence of dense
populations of the large grazing zooplankton Daphnia magna. The authors indicated that
these significant zooplankton blooms were thought to have counteracted the removal of
NH,;-N through efficient feeding and remineralisation of a significant quantity of the

organically-bound nitrogen assimilated by suspended algae and bacteria; something

181



highlighted previously by Ejsmont-Karabin (1983). The authors went on to say that as a
result of this feeding activity, Daphnia can excrete significant quantities of NH4-N
which can then severely counteract any positive ammonia removals coming from algal
or microbial biomass assimilation. Cauchie et al. (2000, citing Ejsmont-Karabin, 1984)
quoted an average excretion rate for Daphnia of 1.6ug NH,-N mg dry weight ' h™', and
combining this with the corresponding zooplankton biomass data for OP-3 for example
(refer to Section 5.3.2; Figure 5.58), an average 7.6% of the corresponding daily influent
NH,4-N flux could be attributed to recycling by Daphnia species alone; although on a
day-to-day basis the figure was within the range of 1-20% of the daily influent NH,-N
value according to daily variations in Daphnia population density. Based on this
information, it is highly likely that the conclusions of Cauchie and co-workers also
applied here with respect to the generally poor and largely variable OP treatment
ammonia removals. Furthermore, this daily average contribution of 7.6% is also thought
to be a conservative estimate because it does not take into account the consortium of
other zooplankton species commonly co-inhabiting the OPs; given that Daphnia on

average comprised only 60% of the total daily zooplankton biomass value.

Whilst the average NH,-N removal efficiencies of each of the three treatments were not
as great as those seen for other performance parameters above (i.e. BODs, SS,
chlorophyll a), they do suggest that the RFs were significantly more advanced in their
ammonia removal capacity than either of the other pilot treatments. This general trend
across the Pond 1 as well as Pond 2 and 3 data is again evident on a mass loading versus
percentage removal performance basis within Figures 3.39 and 3.40 respectively. In this
instance, and due to the relatively low number of daily samples for the NH,-N data set

(n=11), the data of Ponds 2 and 3 are combined in Figures 3.40 and 3.42 below.
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Figure 3.39. Scatter-plot showing NH,-N mass loading (pilot plant Influent) vs. percent
mass removal (relative to daily loading rate) for Pond 1 data only. Individual data points

represent mean performance data for: Duckweed Pond 1 (J); Open Pond 1 (%); and
Rock Filter 1 (@). Individual data points show the mean of triplicate determinations.
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Figure 3.40. Scatter-plot showing NH, -N mass loading (pilot plant Influent) vs. percent
mass removal (relative to daily loading rate) for the combined data of Ponds 2 and 3.
Individual data points represent mean performance data for: Duckweed Ponds 2 and 3
(OJ); Open Ponds 2 and 3 (3); and Rock Filters 2 and 3 (@). Individual data points
show the mean of triplicate determinations.
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In spite of the low sample sizes, the above Figures show again that the RF treatment
series demonstrated a greater overall capacity for NH4 -N removal than did the DW or
OP treatments. Interestingly, and like the respective figures for BODs, SS and
chlorophyll a (Figures 3.16-3.17, 3.24-3.25 and 3.31-3.32), there were again visually
apparent positive associations between mass loading rate and percentage removal
performance in all three treatments for Pond 1 (Figure 3.39) and the combined Pond 2
and 3 data (Figure 3.40). Percentage NH;-N removals were again observed to be
generally higher under elevated ammonia mass loads—a consequence of the

concentration-dependent removal kinetics as previously discussed.
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Figure 3.41. Scatter-plot showing NH,-N mass loading (pilot plant Influent) vs. total
mass removal for Pond 1 data only. Individual data points represent mean performance
data for: Duckweed Pond 1 (O); Open Pond 1 (%); and Rock Filter 1 (@). Fitted lines
represent best-fit lines from simple linear regression analyses, with regression slopes
shown alongside the respective figure legends. Individual data points show the mean of
triplicate determinations.
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Figure 3.42. Scatter-plot showing NH,-N mass loading (pilot plant Influent) vs. total
mass removal for the combined data of Ponds 2 and 3. Individual data points represent
mean performance data for: Duckweed Ponds 2 and 3 (OJ); Open Ponds 2 and 3 (3);
and Rock Filters 2 and 3 (@). Fitted lines represent best-fit lines from simple linear
regression analyses, with regression slopes shown alongside the respective figure
legends. Individual data points show the mean of triplicate determinations.

When the NH,-N data was plotted on a mass basis only (Figures 3.41 and 3.42), there
were again striking relationships between mass loading and the mass of NH,-N
removed for each pilot treatment and across all ponds of each series; something noted
for all of the previous water quality parameters. On a mass basis, this direct ‘loading
versus removal’ relationship was slightly more apparent for the higher performance RF
series compared with the other two treatments. Statistically, there was a very high-level
association between mass load and mass NH4+-N removal for the RF-1 data of Figure
3.41 (Pearson r=0.989; n=11; p <0.0001), a slightly less significant relationship for
the OP-1 data (r=0.895; n=11; p <0.001) and a less significant relationship again for
the DW-1 data of Figure 3.41 (r=10.812; n=11; p <0.01). Similar trends were seen for
the combined Pond 2 and Pond 3 NH,-N data of Figure 3.42, with a highly significant
relationship between mass load and mass removal for RFs 2 and 3 (r=0.915; n=22;
p <0.0001) as well as for DW Ponds 2 and 3 (r =0.822; n =22; p <0.001), but this time
a less significant relationship was apparent for the more variable OP-2 and 3 data

(r=0.607; n=22; p <0.01).
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Regression analyses of Figures 3.41 and 3.42 yielded identical high-level regression
coefficients to the Pearson correlation coefficients above. Unlike trends for the previous
water quality parameters, this time the slopes of the fitted regression lines for NH;-N
data were significantly different between the three treatments for Pond 1 data
(ANCOVA; Fpa7=11.48; p<0.001) as well as for the combined Pond 2 and 3 data
(Fo,60)=6.41; p=0.003). The slopes of the regressed lines for the RFs of both Figures
3.41 and 3.42 were significantly greater than those of the DW and OP data (p <0.01),
but were equal between the DW and OP treatments (p > 0.16). This suggested that whilst
the patterns between mass load and mass removal were indeed significantly linear for all
treatments, there was an apparent breakdown in the interrelationship of NH,-N removal
processes between the three treatments. In this instance, the difference in slopes of the
respective regression lines from Figures 3.41 and 3.42 reflected the differing capacity of
each system for NH,-N removal based on their variable biological nitrogen removal
capabilities, because unlike BODs, SS and chlorophyll a above, NH,-N removal is not
so heavily reliant on physical processes. The significantly greater NH,-N removal slope
for the RFs over the other two treatments effectively meant that they were removing
proportionally more NH,-N at any given mass loading rate (given that a theoretical
slope of 1.0 would represent 100% ammonia removal). This observation was further

supported by the earlier performance data of Figure 3.38 and Table 3.8.

As highlighted earlier (Section 3.3.5), published data regarding the ‘loading versus
removal’ performance of both duckweed ponds and rock filters is lacking, and so the
above performance trends cannot be directly compared to those of other systems.
Interestingly, it seems that the ability of the current RFs to remove inflowing NH,;-N
was apparently limited at or below =~0.5g NH;-Nm?d’ (Figures 3.41 and 3.42). This
indicated that under very low-level ammonia loadings, the biological capacity of the RFs
to oxidise inflowing NH;-N became effectively ‘rate-limited’ by the presumably
shallow concentration gradient. It is anticipated then that with respect to the Bolivar
WSPs, no significant NH, -N removals would be expected at or below ammonia loading
rates of <0.5g m> d'. At the same time, the current data also suggests that NH;-N

production would not be expected within a Bolivar rock filter; something that would be
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highly beneficial in terms of satisfying discharge water quality guidelines and also

reducing the chlorine demand during the disinfection of reclaimed Bolivar effluent.

As shown in the above figures, net ammonia gains were actually observed
approximately 25% of the time in DW ponds and >40% of the time within the OP
system, whereas no net increase in NH4+-N was ever observed in the RF effluent. This
observation of significant NH4+—N removal in the current RFs was is in contrast with
other findings. High levels of NH,-N in rock filter effluents are generally reported as
being a significant performance problem associated with the technology, with effluent
concentrations often exceeding that of the influent (Hirsekorn, 1974; Swanson and
Williamson, 1980; Middlebrooks, 1988; Mara and Johnson, 2006). Mara et al. (2001)
observed a 5% net increase in rock filter effluent NH;-N concentrations when operated
at a similar HLR of 1.0m> m> d' but a 25-fold greater ammonia mass loading rate of
~18g NH;-N m? d compared with the current RFs. In the case of Mara and co-
workers, it was suggested that this overall ammonia increase was possibly due to
anaerobic degradation of accumulated BODs, SS and chlorophyll @ within the RFs at the
dissolved oxygen levels of 0.2mg L', and also due to the inhibition of other ammonia
removal mechanisms such as volatilisation, assimilation and microbial nitrification.
Similarly to Mara et al. (2001), pioneering work by Hirsekorn (1974) also realised net
ammonia gains following rock filter treatment under similarly low ammonia mass
loadings to the current RFs (=1.6g NH,-N m~ d'). In this case, the negative NH;-N
removals seen by Hirsekorn (1974) were thought to have been a consequence of the very
low effluent DO concentrations (< 0.5mg L) and much higher organic strength of their

influent wastewater.

There have, however, been a limited number of reports for zero or indeed small-scale
positive NH,4-N removals in rock filters. Saidam ez al. (1995) showed no evidence of
increased NH4-N in their rock filter effluents (in spite of 3-fold reductions in DO
concentration during filter passage). Strang and Wareham (2005) observed a small
amount of NH,-N removal in full-scale rock filters operated in New Zealand, recording
some 5-8% removals at somewhat higher influent concentrations of 8—20mg L.

Interestingly, no significant NH;"-N removal was recorded for their rock filters when
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loaded at lower NH, -N concentrations; with the authors suggesting that this was a result
of the majority of NH,'-N having already been removed up-stream of the rock filters,
thus providing too low an influent concentration gradient to see any real change
following the relatively low-treatment-rate rock filter process—a similar conclusion to
that made for this research. Finally, Johnson et al. (2007) observed a zero percentage
NH,"-N removal in their smaller pilot-scale (1m’) rock filters when loaded at 6-9mg
NH;-N L' (2.7-3.6g NH;-N m > d ™). In conclusion, whilst there have been a limited
number of reports indicating NH;-N removal during rock filtration, rock filters are
generally not designed nor installed for achieving nitrogen removal, and as such, any
degree of NH4+—N removal whatsoever would be considered an added benefit of what is

primarily a physical solids removal process.

Duckweed pond systems generally achieve poor N removals without aeration (Reed et
al., 1995) or continuous plant biomass harvesting under optimal growth conditions
(Korner et al., 2003). With respect to the DW treatment reported here, the generally poor
capacity for NH,-N removal was thought to be a factor of both the high wastewater
quality as well as the pilot plant operating conditions. Firstly, the absence of continuous
plant biomass harvesting (unlike the conditions for most duckweed pond research) was
thought to have significantly reduced the capacity of these DW Ponds for NH4-N
removal. Secondly, the relatively deep hydraulic depth (1m) of the current DW Ponds
combined with the poorly developed and relatively small (=<1-4cm) plant root stock,
meant that nutrient uptake and mass-transfer potential would have been severely
restricted as a result of the very low plant ‘biomass-to-volume’ ratio. This had the effect
of significantly reducing the degree of physical contact between the duckweed plant mat
and the aqueous nutrients—Ilimiting their uptake potential (see Section 3.3.5 for the
original discussion of this). Third, the relatively short HRT combined with a very low
NH,-N mass loading rate no doubt created a shallow concentration gradient within the
pilot DW Ponds; something which gave the system a very low affinity for dissolved
ammonia. One conclusion which can safely be drawn with respect to the Bolivar WSPs,
is that undesirable duckweed mat die-off resulting from high and toxic levels of free
ammonia would not be of concern should the system be implemented (based on the

ammonia toxicity data of Caicedo et al., 2000). Similarly, and although duckweed is
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recognised to preferentially use NH;-N as the preferred nitrogen source for growth
(over NO;-N for example; Porath and Pollock, 1982; Monselise and Kost, 1993), results
from this work suggest that there should be no problems in maintaining a full duckweed

surface cover even at such low Bolivar NH4+-N levels.

In conclusion, it should be re-stated that these pilot upgrade methodologies were
investigated primarily to assess their capacities for algal solids removal, such that
nutrient removal was not anticipated as an initial performance outcome. Given the
already very low levels of dissolved nutrients in the Bolivar WSP effluent, it is assumed
that any nutrient removals greater than zero efficiency would simply be considered as
‘fringe benefits’ of such pond upgrade systems. Having said this, results did show that
the Rock Filters were significantly more capable of removing loaded NH,-N than the
other treatments, and also that the Duckweed Ponds were no worse at NH,4-N removal
than the non-interventional Open Pond treatment; indicating that there was apparently no
significant remineralisation of accumulated organic nitrogen (e.g. from decaying plant
biomass) back into the system. Following the above analyses, the overall performance
ranking for the three treatments with respect to their capacity for NH,-N removal places
the RFs 1%, the DW Ponds 2", and the OPs 3™ overall in terms of NH,-N removal rate
down the pond series, absolute treatment efficiency, and also performance reliability—a

similar ranking order to that of above performance parameter assessments.

3.3.7.2 Soluble reactive orthophosphate removal

Data from performance monitoring of soluble reactive orthophosphate (PO43_-P) levels is

shown below in Figure 3.43.
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Figure 3.43. Soluble reactive orthophosphate-phosphorous box-plot data for pilot plant:
Influent (INFL); Rock Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-
2, OP-3); and Duckweed Ponds 1, 2, 3 (DW-1, DW-2, DW-3). The shaded ‘box’
represents the IQR, the horizontal bar shows the median value, and the ‘whiskers’ show
the absolute data range.

As can be seen in Figure 3.43, influent PO, -P levels were generally in the order of 3—
4mg L', with a median influent concentration of 3.5mg PO,/ -PL'anda corresponding
average mass influent loading of approximately 2.6g PO, -P m~ d”". Visual analysis of
Figure 3.43 quickly shows that influent levels of PO, -P remained virtually unchanged
through the pond series within the respective pilot treatments. There were no significant
statistical differences between average influent PO, -P levels and those in any of the
experimental treatment ponds (1-way ANOVA; F 00 = 0.282; p=0.98), such that
there were no significant PO, -P removals and also no inter-treatment performance

differences between any combination of the DW, OP and RF treatments.
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Figure 3.44. Box-plots showing percentage orthophosphate-phosphorous removal
performance relative to pilot plant Influent concentration for all ponds and across all 3
pilot treatment systems (n = 11 for all plots).
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On a percentage basis, all ponds across all treatments yielded frequent negative PO, -P
removals (Figure 3.44). Long term mean percentage PO, -P removals for Pond 1 data of
the three treatments were approximately —10, —5 and —9% for DW, OP and RF systems
respectively, and for Pond 3 data, —12, —10 and —17% for the respective DW, OP and
RF systems. Although long-term average trends for PO, -P removal were both negative
and highly variable across all treatments, when compared to a theoretical zero mean
removal rate, RF-3 was actually delivering a significant negative removal performance
(t0.052)10 = 0.27; p=0.024), whereas all other negative PO437-P removals remained
effectively equivalent to ‘zero’ (Table 3.9) Whilst this was the case, when this slight
negative removal efficiency was combined with the non-significant difference between
RF-3 effluent and pilot plant influent PO, -P levels above, it was concluded that there
was no real change in PO, -P concentration down-the-line within the RFs. Therefore,
and since there were no performance trends of significant interest with respect to the
PO437—P data, no further breakdown of treatment performance (i.e. mass-basis
performance) is provided. A brief discussion of some factors relating to PO, -P

dynamics in the DW, OP and RF systems is, however, offered below.
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Table 3.9. Summary of orthophosphate-phosphorous performance data for all three
treatments for Pond 1 and 3 only.

Pilot treatment pond
DW-1 DW-3 OP-1 OP-3 RF-1 RF-3

P043'-P performance parameter

Median influent PO,*-P (mg L™"; g m™) 3.5 35 35 35 35 3.5
Mean influent PO,*-P (mg L™"; g m™) 3.7 3.7 3.7 3.7 3.7 3.7
Median effluent PO,>™-P (mgL™"; g m™) 3.9 3.8 4.0 44 4.0 4.2
Mean effluent PO,*-P (mg L™"; g m™%)"" 4.1 4.1 3.9 4.0 4.0 4.3
Median daily PO,*-P removal (% day™) -1.0 -15 -1.0 -9.5 -11 =21
Mean daily PO,>-P removal (% day ')’ -10 -2 -51 -97 -9.0 —17
Long-term CV for PO,*-P removal (%) 188 209 430 394 238 124

T Effluent PO43'-P concentration was tested relative to mean pilot plant influent PO43'-P concentration (1-way ANOVA)
JtAverage PO,%-P removal % tested against a theoretical ‘zero' daily mean (one sample t-test)
’ Shading intensity shows significance level: p>0.05 (no shading); p <0.05 (light)

While phosphorous is generally a minor constituent of water, it is nevertheless an
essential inorganic micronutrient for biological growth; so much so that its availability
often governs the productivity of a given waterway (Boyd, 1990). Common mechanisms
for phosphate removal in typical WSP environments include: biological assimilation;
high-pH-mediated phosphate precipitation; and co-precipitation with carbonates
(Surumpalli et al., 1995; Mara et al., 2001; Dodds, 2003). Co-precipitation of
phosphates with calcium is known to be induced by high pH (Hemens and Mason,
1968), yet in spite of regularly recording daytime OP treatment pH values in excess of

9.0 (see Figure 3.11), significant PO, -P removals were not observed.

Similarly, and in spite of a long-standing recognition for the potential of duckweed to
assimilate wastewater-derived P (Harvey and Fox, 1973; Sutton and Ornes, 1975), there
was no observed PO437-P removal in the current DW Ponds. Non-removals for these DW
Ponds was thought to have been a result of a number of factors, namely: a suppressed
pH; the relatively deep pond depth and low HRT; and most notably because of the
absence of continuous biomass harvesting. Indeed Zirschky and Reed (1988)—
following a compressive review of duckweed in wastewater treatment—concluded that
frequent and continuous biomass harvesting is the only way of guaranteeing permanent
nutrient removals from a duckweed pond system. It should be re-stated that the
operational regime of no biomass harvesting was chosen based on the assessment of the

technology purely as an algal control mechanism. Since regular and ongoing duckweed
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harvesting is the single biggest capital and operational demand associated with the
technology, and since the economic viability of recovering these outlaid costs through
the sale of harvested duckweed plant biomass (either for animal feed or for biogas
production) has been brought into question (Ward, 1987), the efficiency of duckweed for

upgrading the Bolivar WSP effluent was specifically investigated without harvesting.

With respect to the RF data, no significant overall decrease (biological assimilation) or
increase (anaerobic remineralisation) in the levels of PO, -P was observed within the
RF treatment train. This suggested that whilst phosphorous is not likely to be removed
during RF treatment, at the same time there would be no real possibility of PO, -P
levels significantly increasing a result of rock filter anoxia in the current Bolivar setting.
Hirsekorn (1974) also noted no significant change in phosphorous levels following rock
filter treatment, instead the author proposed a possible ‘equilibrium state’ of rock filter
operation, with an apparent balance between the rates of biological assimilation and

organic PO437-P remineralisation within the rock filter.

It should be re-emphasized that nutrient removal was not expected to be the primary
treatment outcome of these WSP upgrade systems. Given the already low levels of
dissolved nutrients within the Bolivar ponds, any significant non-zero nutrient removals
would be considered as secondary to the primary goal of solids removal. Based on
results presented here for both the NH4+-N and PO437-P data, it would not be expected
that passage through either a duckweed pond or rock filter upgrade would impart any
significant adverse impacts upon resident algal populations from a nutritional standpoint.
In both cases, the combined levels of NH4+—N + NO3-N and PO437—P following DW or
RF treatment would be expected to be high enough not to restrict the levels of algal
productivity within the Bolivar WSPs. The overall performance ranking for the three
treatments with respect to their capacity for PO, -P removal places all treatments on an
equal footing in terms of: PO, -P removal rate down each pond series; absolute
treatment efficiency; and also performance reliability; although the RF train did
demonstrate a slightly ‘more negative’ treatment efficiency than the other two

treatments.
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3.3.8 Wastewater treatment performance: indicator organism
removals
While there are numerous so-called ‘indicator organisms’ used as surrogate microbial

pathogens in water quality monitoring, the monitoring of thermo-tolerant faecal
coliforms (FC) and E. coli was adopted here following a general recognition—
particularly for E. coli—of these organisms being the superior indicators of faecal
pollution and wastewater treatment efficacy (Yanko, 2000). Data from performance
monitoring of both FC and E. coli density is shown in Figures 3.45 and 3.46
respectively. As described earlier (Section 2.3), all average indicator organism densities
are reported here as arithmetic mean values in accordance with the recommendations of

Haas (1996).

4-

Es-TTTT

£ o7 TTTTTT
2 i T -
ol— — —

T T T
N D N DY N D
Q‘\/
FELES TS

Figure 3.45. Faecal coliform box-plot data for pilot plant: Influent (INFL); Rock Filters
1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed
Ponds 1, 2, 3 (DW-1, DW-2, DW-3). The shaded ‘box’ represents the IQR, the
horizontal bar shows the median value, and the ‘whiskers’ show the absolute data range.
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Figure 3.46. E. coli box-plot data for pilot plant: Influent (INFL); Rock Filters 1, 2, 3
(RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Duckweed Ponds 1, 2,
3 (DW-1, DW-2, DW-3).

As shown in Figure 3.45, pilot plant influent FC densities were consistently very low,
with an average of approximately 2.4-logjo (£ 0.4) and a maximum of 3.2-log;o MPN
100ml™". Overall Pond 1 average FC removals were similar, with a less than 1-logjo
removal observed across all three treatments. Individually, average removals were in the
order of 0.6-logjp units for DW-1, 0.5-log;p for OP-1, and 0.3-log;o for RF-1. With
respect to Pond 3 data, mean FC removals down the pond series were in the order of 1.5-
logio for DW-3, 1.2-logjo for OP-3, and 0.8-log;o for RF-3. Statistically, however, the
only significant FC removals were seen for DW-3 (1-way ANOVA; Fo)=3.32;
p <0.01) and OP-3 (p <0.05), with no significant removal for RF-3 (p > 0.05). There
were also no significant differences between the FC densities of any pond for any of the

three treatments (p > 0.05).

With respect to E. coli performance data (Figure 3.46), influent counts were again very
low, with an average of 1.8-logjo (+ 0.2) and a maximum of 2.1-log;o MPN 100ml .
Pond 1 average log;o MPN E. coli removals were again similar for all treatment series, at
0.7-logjo for DW-1, 0.8-logjo for OP-1, and 0.5-log;o for RF-1. In respect of Pond 3

data, mean E. coli removals relative to daily influent levels were in the order of 1.3-log;
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units for DW-3, 1.8-log;o for OP-3, and 1.4-log;o for RF-3. Statistically, the 0.5-0.7-
logip unit Pond 1 E. coli removals were significant for all three treatments (1-way
ANOVA; Foo1)=11.77; p <0.01). Similarly, for the Pond 3 performance data, the >1-
logio E. coli removals were again highly significant for all three treatments (p <0.01).

Indicator organism performance data is summarised in Table 3.10 below.

Table 3.10. Summary of indicator organism removals across all pilot plant treatments
for Pond 1 and 3 data only.

Pilot treatment pond
DW-1 DW-3 OP-1 OP-3 RF-1 RF-3

Microbial performance parameter

Mean influent FC (logso MPN 100mI™") 24 2.4 24 24 24 24
Mean effluent FC (logso MPN 100mI™)" 18008 19 12 21 16
FC removal (logso MPN 100mI™" d™") 0.6 1.5 0.5 1.2 0.3 0.8
Mean influent E. coli (logso MPN 100mI™") 1.8 1.8 1.8 1.8 1.8 1.8
Mean effluent E. coli (logio MPN 100mi~")""
E. coli removal (log:o MPN 100mI™" d™") 0.7 1.3 0.8 1.8 0.5 1.4

T Effluent organismal density was tested relative to mean pilot plant influent organism density (1-way ANOVA)
: Shading intensity shows significance level: p >0.05 (no shading); p <0.05 (light); p <0.01 (medium); p <0.001 (black)

As introduced in Chapter 1 (Section 1.2.1), there are numerous factors that have been
associated with microbial disinfection in WSPs, including: microbiological attack (lytic
bacteria and phage); predation (protozoan and metazoan); nutrient stress and algal
competition; algal population structure; photosynthetically elevated pH; hydraulic
retention time, wind action and the subsequent sedimentation rate; UV degradation;
humic substances together with high dissolved oxygen leading to photo-oxidation; and
also from an elevated temperature. Whilst the relative contributions of each of these
factors toward overall pathogen die-off in WSPs remains under debate, it has been
suggested that the sunlight-mediated factors (i.e. UV disinfection, photo-oxidation and
photosynthetic pH and DO shifts) are the primary regulators of disinfection (Pearson et
al., 1987).

Performance data from the above Figures and Table shows that although the influent
levels of both FC and E. coli were of a very low order of magnitude in the context of
WSPs in general, significant ~1.5-log;o FC removals were able to be achieved for both
the DW and OP treatment, as well as a similar magnitude ~1.5-log;o removal across all

three treatments for E. coli. It was anticipated that the OP treatment would display an
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advanced disinfection capacity over the other two treatments, given that there was
considerably more scope for the primary light-mediated mechanisms of pathogen die-off
in this exposed treatment system. In spite of the obvious absence of incident sunlight in
both the DW and RF treatments, similar magnitude significant FC removals were seen
for both the DW and OP treatment series, as well as having observed equivalent E. coli
removals across all three treatments (Table 3.10). This implies that the so-called “dark
removal” processes (i.e. biological attack and/or antagonistic interactions, protozoan and
zooplankton grazing, biofilm attachment, flocculation and sedimentation; Ehrlich, 1966;
Starkweather et al., 1979; Moeller and Calkins, 1980; Pedros-Alio and Brock, 1983;
Seaman et al., 1986; Boon and Shiel, 1990; Curtis et al., 1992; Briicker et al., 1998;
Maynard et al., 1999; Kim et al., 2000; Davies-Colley et al., 2003; Stevik et al., 2004;
Stott and Tanner, 2005; Tanaka et al., 2005) were largely responsible for organism
removals in both the DW and RF series, and also that the total disinfection efficiency of
these dark processes was—at least under low microbial densities—equivalent to that of

the light-mediated ones.

In comparing these results to the work of others, FC removals for the current DW Ponds
were similar to those reported by Falabi ef al. (2002) who observed a mean < 0.5-log
FC reduction in their outdoor duckweed pond operated under a significantly lower HLR
to those here (0.1m® m™ d "), a similar hydraulic depth (0.9m), but significantly greater
influent FC density (10° MPN 100ml™"). Baldizén et al. (2002) also recorded similarly
low FC removals of < 1-logjo units during the operation of a full-scale duckweed pond
system under an HRT in the order of 5 days but again with a significantly higher influent
FC density (10° MPN 100ml ™). van der steen et al. (2000) recorded in the order of 2-
logip FC removals in their integrated duckweed pond system once again at significantly
higher influent FC densities (10° MPN 100ml"). Interestingly, van der steen and co-
workers observed a slightly better (=0.5-log;p) FC removal efficiency in their parallel
algal-based pond system—a result comparable to that recorded for the OP treatment
here. Zimmo et al. (2002) operated parallel algal- and duckweed-based pond trains of a
similar scale to those of the current research, and observed somewhat higher (=4-logio
unit) FC removals for their open algal ponds compared with only 2-log;o removals for

the duckweed pond train at higher influent organism densities of 10* MPN ml .
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Karpiscak et al. (1996), following the six month monitoring of a large pilot-scale
(700m’) duckweed pond system, recorded similarly low FC removal rates of ~0.5-logo
units. These low removals were observed in spite of being fed a significantly greater
influent FC density (10° MPN 100ml ") and a much lower HLR (0.12m> m~> d™).
Interestingly, Karpiscak and co-workers did report greater removal efficiencies of 1-
logio units for the larger protozoan pathogens Giardia and Cryptosporidium; with the
authors suggesting that pathogen removal in duckweed ponds is achieved primarily by
physical sedimentation and hence removal efficiency is likely to be related to the size of
the organism in question. Contrastingly to all of the above reports, Dewedar and Bahgat
(1995) recorded no FC decay in a large wastewater reactor (15m’) over a period of five
days when under a duckweed (Lemna) mat, in comparison with complete FC decay in
their uncovered control. These results were unlike those observed during this research,
with comparative removals seen for FC and E. coli in both the duckweed-covered and

exposed ‘OP’ treatments.

With respect to rock filter performance comparisons, others have also reported
commonly low-order removals for both FC and E. coli during rock filter treatment.
Saidam et al. (1995) achieved equally low less-than 1-log;y reductions in total FC
densities following rock filter passage for their large pilot-scale filters when operated at
a two-fold lower HLR but a significantly greater influent FC density (10°-10° MPN
100ml™"). Mara et al. (2001) also achieved very low magnitude ~0.2-log;o FC removals
in their pilot-scale rock filters under a comparable hydraulic loading (1.0m* m™ d™") and
similarly low-magnitude influent FC density (10> MPN 100ml™"). Tanner et al. (2005)
again reported similarly low order E. coli removals (< 1-log;o units) in their pilot-scale
rock filters when operated on the back end of both an open WSP and a planted wetland
system. Finally, von Sperling and de Andrada (2006) reported a low E. coli removal
efficiency of < 0.5-log;o units in their pilot-scale rock filters in spite of being fed influent

wastewater of a significantly higher microbial density (10° MPN E. coli 100ml™).

The data reported here, in addition to that of other similar studies, has indicated that
effective pathogen removal would not be a predicted performance outcome of rock filter
treatment. The relatively low-order FC and E. coli removal efficiencies in comparison

with that achieved by a classical open WSP system suggest that the so-called dark
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removal processes for pathogen removal in WSPs are significantly less efficient that
light-mediated processes. Regardless of absolute treatment efficiency, all pilot upgrade
treatments were producing a final effluent of sufficient quality to satisfy both the local
and also World Health Organisation’s minimum requirement for unrestricted irrigation
of less than 3-logjo MPN E. coli 100ml™' (WHO, 1989). Additionally, all pilot upgrade
systems were also, on average, producing a ‘Class A’ final effluent in terms of
microbiological quality (i.e. median < 1-logjy MPN E. coli 100ml") suitable for

unrestricted irrigation reuse according to local water quality guidelines (SAEPA, 1999).

As was the case for dissolved nutrients (Section 3.3.7), it must be remembered that the
chosen WSP upgrade methodologies were not implemented to achieve pathogen
removal nor improve the general microbiological quality of the final Bolivar effluent.
Low efficiency indicator organism removals were somewhat anticipated for the DW and
RF treatment systems, given that there was a fundamental exclusion of the primary
ingredient for pathogen die-off—sunlight. Because of this, it was expected that there
would be reduced scope for indicator organism removal, such that any additional
removal performance above ‘zero’ reductions would be considered an added bonus of
the overall Bolivar effluent upgrade process. Additionally, and following passage
through the most expansive WSP network in the Southern Hemisphere, the
microbiological quality of the final Bolivar effluent was already at such high levels that
high magnitude organism removals (> 3-log;o units) were unattainable. Further to this,
the heterotrophic microbial density in the pilot plant (final Bolivar effluent) was found to
be in the order of 7x10* CFU ml"' (based on one-off heterotrophic plate counts);
highlighting again the very low-level microbial activity and highly refined general
nature of the Bolivar wastewater. Following assessment of indicator organism removal
capacity, the final treatment performance ranking for the pilot upgrade methodologies
places the OP and DW treatment series equal first, and the RFs 2™ in terms of absolute
attenuation efficiency and also performance reliability; although the RF performance

was not far behind that of the OP and DW treatments.
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3.4 General research findings and chapter summary
This chapter was concerned with investigating the relative treatment efficacy of a

duckweed surface coverage and rock filtration in comparison to a non-interventional
Open Pond ‘control’ treatment for the upgrading of maturation WSP effluent. Whilst
there has been much prior research on both duckweed and rock filtration for upgrading
WSPs, this work has presented the first known direct comparison of a RF and DW
system for the upgrading of final maturation WSP effluent. Although Mara et al. (2001)
used water lettuce (Pistia species) and rock filters in the same experimental study, both
were fed with differing influent wastewaters, hence there was no way of making direct
performance comparisons between the two upgrade methodologies in that instance.
Similarly, work by Neder et al. (2002) assessed the algal removal efficacy of rock
filtration and aquatic macrophytes side-by-side; however, the test macrophyte species
was the exotic water hyacinth and there was also no attempt made to quantify algal
biomass dynamics within their pilot systems (e.g. by monitoring chlorophyll a or algal

cell density).

Early chapter results from hydraulic tracer analyses revealed each pilot pond treatment
to be operating under a similarly well-mixed flow pattern, such that any subsequent
differences in between-treatment performance efficiency were considered to have
occurred independently of hydraulic operation. Significant reduction in DO levels in
both the DW and RF treatment ponds compared with both the influent and also the OP
treatment, with DO concentrations in the RFs being similar to levels in the DW Ponds
by the end of pilot plant passage. Conversely, pH was significantly elevated within the
OP treatment series compared with that in the DW and RF pond systems, but once again

was effectively similar for both the DW and RF trains.

Pilot plant performance data presented during this chapter has shown an overwhelming
trend for a generally enhanced treatment performance by rock filtration over a number of
water quality parameters. Not only was the absolute treatment efficiency significantly
greater for the RFs across a number of water quality parameters, but the reliability of
treatment delivery was also significantly enhanced over both the DW and OP series—
something evidenced in the corresponding performance CVs. In spite of reduced DO

levels, the RF treatment series displayed a significantly more advanced BODs removal
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capacity than both the DW and OP treatments. Some factors relating to the high and
often variable wastewater BODs within the OP series were also discussed. Similar
performance trends were observed also for both SS and chlorophyll a removals, with the
RFs generally out-performing both the DW and OP treatments as well as displaying a
higher ‘rate’ of removal down the pond series compared with both the DW and OP
systems. Algal biomass removal was shown to be significantly more advanced down the
pond series within the RFs over both the DW and OP systems; although the overall
three-pond removals were similar (this will be discussed further in Chapter 10). These
results suggest a greater capacity for algal solids removal during rock filtration

compared with the other upgrade systems.

In the absence of plant harvesting, the duckweed surface mat attenuated in excess of
99% of incident light such that algal growth in the pilot ponds would have been greatly
suppressed. In spite of this, sometimes highly variable chlorophyll a removals were
recorded for the DW and OP treatment ponds. Variability in chlorophyll @ measurements
from confounding factors like duckweed plant tissue and high density zooplankton
populations made absolute quantitation of free suspended algal biomass difficult in the
DW and OP treatment series in particular. Methods for overcoming this problem were
suggested, and could involve the analysis of both coarsely filtered and unfiltered
wastewater samples as well as direct microscopic algal cell counts. Monitoring of pilot
plant nutrient dynamics showed that the RFs were again significantly more capable of
removing infiltrating ammonia than the DW or OP series; however, no significant
phosphorous removals were evident in any of the three treatments. Indicator organism
data revealed that this time the OP and DW systems were equally effective at microbial
disinfection than was the RF treatment; however, Rock Filter performance was deemed

to be not far behind that of the Open and Duckweed ponds.

Representation of parameter loading data for BODs, SS, chlorophyll a, and NH,-N on a
mass basis allowed for additional insights into the nature of treatment performance for
each upgrade technology, and showed a general trend for increasing performance with
an increased mass loading rate. This trend was seen across all of the above parameters
and across all treatments (where significant parameter removals were recorded) and

reflected the concentration-dependent removal kinetics for these parameters; resulting in
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the greatest magnitude removals most commonly being realised within the first pond
each three-pond series. The same analyses also revealed a greater separation of treatment
efficiency at lower mass loadings, such that RF performance was consistently higher
than the other two treatments at low loading rates. Conversely, and under conditions of
high influent solids, algal or BODs loading, there was a reduced separation in treatment
efficiency, such that the relative performance differences between each of the three
treatments were significantly reduced. These trends inferred that predominantly physical
mechanisms were governing BODs, SS and chlorophyll a removal within the pilot
ponds; something backed up by the significant interrelationships observed for these three
water quality parameters. Although treatment mechanisms were shown to be
overwhelmingly physical, there was also evidence for biological treatment activity too;
with complete microbial nitrification occurring in the RFs, as well as evidence of

zooplankton grazing interactions within the OP series.

Performance rankings for each of the water quality parameters showed that the RFs were
the most efficient of the three investigated WSP upgrade methodologies across all
monitored parameters except faecal coliforms and possibly PO437—P, where performance
results were found to be similar or marginally less efficient. Furthermore, and in spite of
no plant biomass harvesting at any stage, the DW Pond system delivered a statistically
equivalent or better quality final effluent than the OP treatment series with respect to all
monitored parameters; although DO levels in DW Ponds were significantly reduced
compared with OPs. In spite of being more effective than the OP treatment, however,

reliability of performance was more variable in the DW Ponds than within the RFs.

3.5 Experimental improvements and suggestions for future
research
Throughout this chapter, there were a number of suggested improvements in

experimental analyses or indeed suggestions for future scientific investigation. Below is
a summary of these concepts in addition to several new ideas which could form the basis

of future research into this area:
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There is scope for improvements with respect to chlorophyll a analyses of
duckweed pond samples. This could come either in the form of direct algal
counts, or could possibly involve the use of spectral chlorophyll absorption and
fluorescence ‘signatures’ to identify and quantify chlorophyll a fractions from
the various contributing groups (e.g. Yentsch and Yentsch, 1979; Staehr and
Cullen, 2003);

Future work could also allow for separation of various chlorophyll a fractions
(i.e. zooplankton-sequestered and free planktonic chlorophyll) from the total
suspended pool. It is thought that this sort of analytical breakdown could be

especially relevant for tertiary-level maturation WSPs;

Future investigations into duckweed pond wastewater treatment could
incorporate assessments of both the sludge accumulation rate and also sludge
characterisations, in order to provide further insights into the likely effects of
internal biomass recycling on overall treatment performance (particularly in the

absence of sustained biomass harvesting);

Future work could look at the efficacy of duckweed versus synthetic pond
covers for WSP algal control. Synthetic systems could perhaps offer potential
advantages over living macrophyte systems, especially for small-scale

installations;

Future pilot-scale investigations into WSP treatment process efficiency could
include preliminary validation of in situ hydraulic flow conditions (rather than
the post hoc verifications here) in order to optimise flow conditions and limit

the degree of dead volume within experimental pond reactors;

Future work with similarly refined wastewaters (as was the case here) could
adopt the use of a 20 day ‘BOD,,’ test rather than the standard BODs assay.
This would seek to more accurately assess the oxygen demand of the refined
WSP effluent over a more extended timescale. Additionally, future work could
also include monitoring of wastewater COD together with soluble BODs in

order to accurately characterise the oxidative requirements of the effluent;
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® [t is suggested that there is a need for a greater standardisation of experimental
scale when it comes to reporting on WSP-related research. Future work could
adopt a classification system based on specific the pond reactor scale (e.g.
‘micro-pond’ for reactors with a volume less than 10 litres, ‘mini-pond’ for 10—
1000 litre reactors, ‘pilot-pond’ for ponds in the range of 1000—-100,000 litres,
and ‘full-scale’ for ponds with of a greater than 100m’ capacity). This
classification system would instantly allow for more standardised and insightful
comparisons between reported results from a wide range of experimental pond

systems of varying volume.
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4 Relative performance of horizontal flow attached-
growth media and rock filtration for the upgrading of
WSP effluent

4.1 Introduction

As introduced in Chapter 1 (Section 1.2), WSPs represent an extremely robust, low-
maintenance, cost-efficient wastewater treatment alternative. A major issue affecting
WSP performance, however, is the unpredictable and often high concentrations of algal-
based SS and accompanying BODs in their effluent (see Section 1.2.5). Further
upgrading of WSPs is therefore required if pond effluent is to be of a reliably high
quality for either final waterway discharge or quaternary treatment processing prior to
reuse applications (as is the case for the Bolivar wastewater treatment plant). This
chapter describes the experimental performance data from the 2006 pilot plant
monitoring Period 2 (February—August 2006; see Table 2.1) under RF-OP-AGM
treatment setup. For an in-depth review of these upgrade systems, the reader is directed
to the relevant Sections in Chapter 1. The treatment efficacies of the three experimental
interventions are detailed and discussed during this chapter, with special reference given
to the discrete and relative treatment performances of each system, as well as the
reliability or consistency of performance. As outlined in Chapter 1 (Section 1.4), the
research presented here aimed to investigate, in parallel, the treatment efficacies of these
selected pilot-scale WSP upgrades. Within these performance evaluations, and in line
with the research aims, special reference is also made to the algal removal efficacy of

each pilot WSP upgrade methodology.

Ellis (1983, p. 98) highlighted the fact that much of the prior work investigating rock
filters for upgrading of WSPs “has been the result of unrealistically extended retention
periods.” Whilst this statement was made some 25 years ago, the sentiments of Ellis still
remain true to the present day, in that much of the data on rock filter performance has
previously and continues to come from systems loaded at relatively low hydraulic rates.
Whilst it was not a direct aim of this research to investigate the effect of HLR on rock
filter performance, high volumetric loadings were inadvertently—by virtue of the highly
refined nature of the tertiary-level maturation pond effluent—required in order to apply

comparable organic loadings to the pilot-scale treatments (see Section 3.3.2 for the
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initial reasoning). Therefore, results from this chapter serve to provide insights into both

rock filter and AGM upgrade system performance at relatively high HLRs.

4.2 Materials and methods
For a detailed description of pilot plant construction, configuration, operation and

monitoring protocols, please refer to Chapter 2.
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4.3 Results and discussion

4.3.1 Pilot plant flow hydraulics

As described in Section 2.1.2.1, the hydraulic operation of each pilot treatment pond was
probed and characterised with the aid of the fluorescent dye rhodamine WT and an
online fluorometer. It is reiterated that it was not the specific aim of this work to
investigate the potential impact(s) of flow hydraulics on pond treatment performance.
Rather, hydraulic flow patterns were characterised as part of the general description of
the pilot plant itself, and also to aid in the identification of any particularly anomalous
reactor flow patterns; something which might aid the later discussion of experimental

results.

For a detailed description of pilot pond flow hydraulics for the RF and OP treatments,
refer to Section 3.3.1. Otherwise, a detailed description of the flow patterns within the

AGM reactors is provided below.

4.3.1.1 Pilot pond flow hydraulics: attached-growth media
reactors
Duplicate residence time distribution (RTD) curves from corresponding hydraulic tracer

experiments for the pilot-scale AGM treatment reactors are given in Figure 4.1.
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Figure 4.1. Duplicate single reactor normalised RTD curves for the Attached-Growth
Media treatment; showing normalised rhodamine WT fluorescence (A.U.; y-axis) and
time (days; x-axis).
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As described previously (Section 3.3.1), tracer data from within-treatment duplicate
tracer runs was averaged in order to yield one value for both the theoretical (zx) and
actual mean residence time (7), with tracer data also normalised to unity prior to RTD
curve plotting in order to allow for direct comparison of the duplicate tracer
experiments. Using Equation 2.1 in conjunction with the RTD curve data from Figure
4.1, 7 for single AGM reactors was calculated. Then, using this information together
with Equation 2.2, the corresponding dead volume for AGM ponds was calculated (this

was previously described for RF and OP reactors in Section 3.3.1).

As was the case for the DW, OP and RF treatment ponds of Chapter 3, duplicate single-
pond RTD curves of for AGM reactors (Figure 4.1) again displayed a dispersed flow
pattern similar to what would be expected from a relatively well-mixed tank reactor;
with a maximum asymmetric fluorescence peak near to the y-axis followed by a slow
and steady fluorescence decrease throughout an elongated tail (Levenspiel, 1999).
Maximum tracer fluorescence was recorded in the AGM reactor effluent after only a
fraction of the theoretical residence time, suggesting once more that the flow pattern
within the AGM ponds was more mixed than plug—reflecting common in situ WSP
hydraulics (Naméche and Vasel, 1996; Torres et al., 1999). The asymmetric
fluorescence peak, whilst being representative of a completely mixed tank reactor, was
also indicative of a combination of short-circuiting and the existence of dead spaces
within all pilot ponds (Bischoff and McCracken, 1966; Uhlmann, 1979; Levenspiel,
1999). The long tails for the same RTD curves represent the tracer dye quickly
becoming well mixed and then slowly being diluted and washed out of the pond as the
entire pond volume is gradually turned over. For a more detailed discussion of the
hydraulic flow patterns of the pilot ponds in relation to in situ WSP hydraulics, the

reader is referred to Section 3.3.1.

Duplicate tracer runs for AGM reactors recorded the rhodamine WT tracer arriving at
the pond outlet within one and a half hours following inlet injection, with peak
fluorescence recorded at an average time of 0.21 of 7y. Quantitative analysis of the
duplicate tracer data from Figure 4.1 revealed relatively good hydraulic distribution
within the AGM ponds, with 7 calculated from duplicate tracer runs of 19.93 and 20.94

hours compared to a 7y of 22.27 hours at 95.7% void space and an influent flow rate of

208



115L h™'. Calculated dead volume within each AGM reactors was in the order of 11 and
6% of pond void volume from the duplicate tracer studies respectively; or an average of
8.5%. This indicated the existence of dead volume and some degree of hydraulic short-
circuiting within the AGM reactors, but overall flow conditions were considered to be
more optimal than flow patterns within RF and OP reactors. A summary of hydraulic

characterisations for all three treatments is provided below in Table 4.1.

Table 4.1. Hydraulic characterisation of individual pilot pond reactors for the three
treatment systems: Rock Filter (RF); Open Pond (OP); and Attached-Growth Media
(AGM). Individual parameter values represent the mean of duplicate tracer
determinations.

Experimental treatment

Hydraulic parameter

RF OP AGM
Daily mean inflow rate (m3 day™) 2.76 2.76 2.76
Gross reactor volume (m3) 2.56 2.56 2.56
Void space volume (V,; m3) 1.43 2.56 2.45
Void space volume (% total) 55.9 100 95.7
Theoretical residence time (zy,; days) 0.52 0.93 0.89
Actual mean residence time (z; days) 0.377 0.787 0.85
Dead volume (% V,) 27.9" 13.637 8.50

T Based on previously described hydraulic characterizations of Chapter 3

As can be seen from the data of Table 4.1, 7 < ry, for all three pilot treatments; indicating
the existence of dead volume within each of the pilot pond series. Results of tracer
experiments showed that hydraulic flow conditions within the AGM ponds were
apparently more ideal than those in both the RF and OP reactors (evidenced by the
closer reflection of 7y, in 7); although regions of dead volume still existed. For a more
detailed discussion of factors relating to the existence of dead volume in these pilot
ponds, the reader is redirected to Section 3.3.1. The same Section also contains a
discussion of the potential effects of wind-induced mixing and thermal stratification on
WSP flow hydraulics and also defines the likely impacts of these factors on the
hydraulic conditions within these pilot reactors. Given the overwhelmingly similar
hydraulic flow patterns within each of the pilot pond reactors, all subsequent
performance differences between the three treatments reported within this chapter are

considered to have occurred independently of hydraulic processes, and as such, the

209



hydraulic flow regime of each pilot system is not discussed in the context of later

research findings.

4.3.2 Pilot plant loading conditions and influent wastewater
characteristics
During the second operational Period 2 (i.e. RF-OP—AGM configuration), average pilot

plant influent flow rate was approximately 110 L h™', corresponding to an average HLR
across all treatment ponds of 1.03m* m~ d". It should be noted that this Period 2 HLR
was some 45% greater than that applied to the experimental pilot plant during
monitoring Period 1 of the previous Chapter 3 (see Table 2.1 for definition of
monitoring Periods 1 and 2). At this elevated HLR, corresponding theoretical mean
HRTs for each single pond were 0.54 days per pond for the RF treatment, 0.97 days for
each OP reactor, and 0.93 days for each AGM pond (based on RF and AGM void space
volumes of 55.86% and 95.7% respectively). It should be noted that these theoretical
residence times are actually longer than those given in Table 4.1 because the tracer
experiments were performed post hoc under a slightly elevated flow rate (115L h™"). A
summary of these and other operational parameters for the pilot-scale treatments is

provided in Table 4.2.

Table 4.2. Summary of hydraulic and organic loading characteristics of the individual
pilot-scale WSP upgrade treatment reactors during operational Period 2.

Treatment
Parameter RF OoP AGM
Hydraulic flow rate (m> d™") 2.64 2.64 2.64
Theoretical fluid velocity (m d_1) 4.02 2.24 2.33
Hydraulic loading rate (m*> m™ d'1)a 1.03 1.03 1.03
Aerial surface loading rate (m®* m™2d™"? 1.03 1.03 1.03
Theoretical mean HRT (d) 0.54 0.97 0.93
Actual mean HRT (d)T 0.39 0.82 0.89
Influent organic strength (g BODj m'3)I 3.90 3.90 3.90
Organic loading rate (g BODs m™ d”")*? 4.02 4.02 4.02

" Implied from the ratio of z:zy, measured during tracer experiments
¥ Based on median influent BOD5 concentration during the operating period

@ Based on gross reactor volume not void space volume
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Hydraulic loading rates used here are significantly higher than those reported in the
relevant literature for pilot-scale OP, RF and AGM systems. The reasoning behind the
adoption of this higher volumetric loading regime was primarily based on the low
organic strength of the pilot plant influent, and the corresponding need to obtain a
comparable organic loading regime (see Section 3.3.2 for the initial discussion of this).
The 1.03m> m™ d”' HLR adopted here was in the order of 25 times greater than those
generally reported for rock filters and pilot-scale ‘open pond’ systems, and was some 3-
fold higher than the recommended HLR for rock filters treating maturation WSP effluent
in the United Kingdom (refer again to Section 3.3.2 for the initial review). The only
exceptions to this are the rock filters of von Sperling et al. (2007) and Mara et al.
(2001), where respective HLRs of 1.0 and 1.0-2.0m> m ™ d' were adopted.

In respect of reported HLRs for other AGM systems, Zhao and Wang (1996) operated
similar pilot-scale attached-growth WSPs (AGWSPs) although at a significantly reduced
HLR to that reported here (0.14m> m™ d ™). McLean et al. (2000) operated large pilot-
scale (9000m®) AGWSPs again at reduced HLRs in the range 0.07-0.14m’ m> d;
however, since the specific surface area of McLean and co-workers’ attached-growth
ponds was only 2m’ m, this work is hesitantly included in the general ‘AGM’
literature. Lapolli et al. (2006) operated a pilot-scale AGWSP at an HLR of 1.75m’ m™>
d™'; however, their so-called ‘biomass attachment’ ponds again had a specific surface

area of only 2m> m™

, such that they too are probably more accurately grouped together
with the ‘hydraulic baffle’ research and are therefore tentatively considered part of the
AGM literature base. The closest work from a volumetric loading perspective appears to
be that of Shin and Polprasert (1987; 1988) who operated a similar pilot-scale AGWSP

at HLRs in the range of 0.16-0.32m’ m> d"".

A summary of the influent loading and water quality parameters during the six month
monitoring Period 2 is provided in Table 4.3 below. As described in Section 3.3.2, the
pilot plant influent feed wastewater was classified as being of ‘weak’ organic strength
according to Metcalf and Eddy (1991). Bearing in mind that the final Bolivar effluent is
a highly refined tertiary-level maturation pond effluent, it is important to remember

during the interpretation of performance data that the pilot plant influent is at the very
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‘high-end’ of the typical WSP effluent water quality spectrum (see Section 3.3.2 for the

initial discussion of this).

Table 4.3. Pilot plant loading conditions and pilot plant Influent water quality for the
first pond reactor of each three-pond treatment series.

Parameter ' Loading range Influent range  Median quality
BOD;’ 0.3-18gm>°d™" 0.3-17 3.9

Chl. a 6.9-96 mgm>d”’ 6.7-93 ug L™ 146 ug L™

Ss¥ 2.3-35gm>d" 2.2-34 7.9

Turbidity (NTU) 1.9-24 1.9-24 3.7

NH,*-N* 0.6-1.6gm>d” 0.6-1.5 0.67

PO -P* 3.1-7.4gm°d” 3.0-7.2 3.8

Fc? 1.2-27m>d™ 1.2-2.6 1.9

E. coli ® 1.1-26m°d”" 1.1-2.5 1.6

f BODjs, biochemical oxygen demand; Chl. a, chlorophyll a; SS, suspended solids;
NH,"-N, ammonia nitrogen; PO43_-P soluble reactive orthophosphate; FC, faecal coliforms
¥ Expressed as mg L™ unless otherwise indicated

@ Expressed as logqo MPN 100mL"™" unless otherwise indicated

In order to simplify the interpretation and discussion of pilot plant performance results,
and as was done during Chapter 3, in-depth discussion of treatment performance for the
three pilot upgrade systems (i.e. RF, OP and AGM) is only provided for Pond 1 and
Pond 3 of each three-pond series. Additionally, and since the bulk of inter-study
treatment performance comparisons have already been thoroughly discussed for the
pilot-scale RF and OP systems in Chapter 3, no further detailed cross-references will be
provided here. Instead, reference to the performance of these treatment systems will only
be made regarding the work of others where comparable hydraulic loading regimes were
applied and where similar or larger volumetric scale pond systems were used. For inter-
study comparisons of AGM treatment performance, the same general exclusion criteria
were applied to this body of research as was described during the previous Chapter
(Section 3.3.5); in other words, performance comparisons between the current work and
the results of others are primarily made where research was conducted using pond
reactors of a comparable or larger volume. This again served to minimise the potential
confounding effects resulting from performance comparisons made between studies

involving pond reactors several orders of magnitude smaller in volume.
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Regarding performance comparisons made between the RF and AGM systems, these
were made with no consideration of the prior six month operational conditioning of the
RFs compared with the newly established AGM ponds. Although the RF treatment train
had already been operational for six months prior to commissioning of the AGM system,
this was thought to have had no significant impact on the validity of performance cross-
comparisons made between the two pilot treatments. Given that rock filters have been
shown to require no biological ‘pre-conditioning’ for optimal physical SS and BODs
removal performance (Swanson and Williamson, 1980), the same was also assumed for
the current AGM systems, such that AGM ponds should be operating at full physical
treatment capacity immediately after start-up. Finally, for additional information
regarding some other factors relating to pilot plant performance data analysis and

interpretation, the reader is referred to Section 3.3.2.

4.3.3 Environmental and physicochemical parameters
The pilot plant site received a daily average of 9.8 hours of sunlight in the summer

season (December—February) and 5.3 hours during winter (June—August) at an average
annual daily solar irradiance of 17MJ m™* (see Section 3.3.4 for data sourcing). A
summary of the prevailing weather conditions experienced at the Bolivar WWTP during

the 2006 monitoring Period 2 is provided below.
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Figure 4.2. Selected mean monthly site weather conditions from February—August of
2006. Left y-axis shows average daily wind speed and monthly precipitation, and the
right y-axis shows mean monthly evaporation (data courtesy of the Australian
Government Bureau of Meteorology).
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As outlined in Section 2.2.2.1, various physicochemical water quality parameters were
monitored for the pilot plant influent and three experimental treatments during the 2006

operating Period 2. Results from these analyses are provided below.
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Figure 4.3. Water temperature data for pilot plant: Influent (H); Rock Filters (A); Open
Ponds (O); and Attached-Growth Media (<) Reactors. For ease of interpretation, data
points show only the mean temperature (= 1 S.D.) averaged across each three-pond
treatment series, with a line fitted only to the influent data set.
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Figure 4.4. Water temperature box-plot data for pilot plant: Influent (INFL); Rock
Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and
Attached-Growth Media Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3). The shaded ‘box’
represents the interquartile data range (IQR), the horizontal bar shows the median value,
and the ‘whiskers’ show the absolute data range.
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Data from water temperature monitoring is given in Figures 4.3 and 4.4. During the
course of the six month monitoring period, the pilot plant water temperature decreased
steadily from around 23.5°C in February of 2006, to approximately 12°C by late July—
early August. Generally speaking, and as was the case during monitoring Period I of
Chapter 3, water temperature within the pilot pond systems varied minimally compared
with that of the influent wastewater. Temperature was reduced on average by less than
1°C during pilot plant passage across all three treatments, and was not significantly
different from that of the influent in any instance (1-way ANOVA; F317=0.301;
p=0.97). Generally speaking, these small and insignificant changes in water
temperature along each pond series were thought to have been applied evenly across all
three treatments, and were therefore thought to have had little or no influence on

between-treatment performance outcomes.
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Figure 4.5. Dissolved oxygen data for pilot plant: Influent (ll); Rock Filters (A); Open
Ponds (O); and Attached-Growth Media (<>) Reactors. For ease of interpretation, data
points show only the mean DO concentration averaged across each three-pond treatment
series.
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Figure 4.6. Dissolved oxygen box-plot data for pilot plant: Influent (INFL); Rock Filters
1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Attached-
Growth Media Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3).

Data from DO monitoring is given in the above Figures 4.5 and 4.6. During monitoring
Period 2, as was the case for Period I of Chapter 3, pilot plant influent DO levels again
displayed significant temporal fluctuation according to localised meteorological
conditions. Pilot plant treatment pond DO patterns mirrored that of the influent,
generally: decreasing substantially for RFs; increasing slightly for OPs; and decreasing
slightly for AGM Reactors. Average influent DO concentration was in the order of 7.8
(+ 1.4) mg L', with three-pond mean RF, OP and AGM concentrations of 3.1 (+ 1.2),
8.5 (£ 1.8), and 4.8 (+ 1.3) mg L' respectively. Within treatments, DO levels remained
relatively stable across all three-pond trains; with no significant changes in DO levels

down the pond series from Pond 1 to Pond 3 in any treatment series (p > 0.05).

In the RF treatment train, DO decreased significantly compared to influent
concentrations in all three ponds (Kruskal-Wallis test; X20_05,9 =247.2; p<0.001). In the
OP series, the small approximate lmg L™ DO increase was not significant in any of the
three ponds (p > 0.05), and for the AGM system, the average 40% reduction in the levels
of inflowing DO was again highly significant across all three ponds (p <0.001). With
respect to between-treatment DO levels, the OP series had significantly elevated oxygen
concentrations than did the RF and AGM treatments across all three ponds in series

(» £0.01). Between the RF and AGM series, DO levels were similar for ponds 1 and 2
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(p > 0.05) but significantly greater by the end of the line for AGM-3 compared with RF-
3 (p <0.01). The significant decline in DO concentration within the rock filters is a well
recognised operational disadvantage associated with the technology and has been
discussed in detail elsewhere (see Section 3.3.4). The small but non-significant increase
in DO down the pond series within the OP treatment train was most likely a reflection of
a limited amount of photosynthetic re-oxygenation during the temporary impoundment
of inflowing wastewater. This result was again considered to be of no great interest in
the context of this research, and merely served to demonstrate an effective maintenance

of in situ WSP effluent oxygen conditions within the ex situ pilot ponds.

As for DO concentrations in the RFs, oxygen levels in AGM ponds were also
significantly reduced down the pond series compared with influent levels. This trend has
been reported elsewhere for other AGM systems (Shin and Polprasert, 1987; McLean et
al., 2000), whereby the elevated attached-biomass densities exert an increased oxygen
demand on the system, leading to suppressed DO concentrations. Given the 4-fold
greater surface area-to-volume ratio of the AGM ponds compared with the RFs, it may
have been anticipated that DO levels would have been lower in the AGM ponds than in
the RFs; however, DO concentration in AGM-3 was significantly higher than in RF-3. It
was thought that this may have been a reflection of a greater accumulation of sediment
oxygen demand during the previous six month Period I operation for the RFs compared
with the newly commissioned and comparatively sludge-free AGM reactors. It was also
likely that the RF series was subjected to a greater respiratory oxygen demand as a result
of the higher standing biomass density of resident invertebrate biota compared with the
AGM system (refer to Section 5.3.2; Figure 5.58). Overall, the higher than anticipated
DO concentrations observed within both the RF and AGM systems were most likely a
consequence of the refined nature of the tertiary-level Bolivar WSP effluent. Given that
this issue was discussed previously (see Section 3.3.4), no further explanation is

provided here.

As referred to in Chapter 3 (Section 3.3.4), it was again likely that daily measured values
for DO and pH in particular did not represent the daily maxima for each treatment pond
series. It has been reported elsewhere that a daily peak in DO and accompanying pH

concentration (according to photosynthetic processes) occurs somewhere during 1400—
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1600 hours (Pearson et al., 1987; Kayombo et al., 2002). This classical ‘wax and wane’
daily cycle in DO and accompanying pH levels is a common phenomenon associated
with WSP environments (Fritz et al., 1979; Uhlmann, 1980) and relates directly to the
levels of available sunlight and subsequent intensity of in situ photosynthetic processes.
Given that DO concentration was measured daily at 1200 (% 2) hours (Section 2.2.1), it
was likely that the DO levels (as well as corresponding pH) reported here were
somewhat lower than the daily maximum values. Critical evaluation of 24 hour online
DO data from a number of time intervals during the 2006 monitoring Period 2 supported
this concept and revealed that the maximal DO (and likely accompanying pH)
concentration generally occurred between 1600—-1900 hours, with daily minimum DO
levels recorded around 0700-0900 hours (see Figures 4.7 and 4.8 below). This suggested
that that the daily DO concentrations measured at 1200 (+2) hours represented
approximately 70-80% of the daily maximum value. No attempts were made to correct
for this 20-30% underestimation of maximum daily levels, rather the midday sampling
interval appeared to coincide nicely with the approximate half-way-point between daily

maximum and minimum oxygen concentration.
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Figure 4.7. 24 hour online dissolved oxygen data from part of monitoring Period 2 of
2006 for pilot plant: Influent (INFL); Rock Filter 1 (RF-1); and Open Pond 1 (OP-1).
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Figure 4.8. 24 hour online dissolved oxygen data from part of monitoring Period 2 of
2006 for Attached-Growth Media Reactor 1 (AGM-1) only.

Data from Figures 4.7 and 4.8 shows that the levels of DO (and probably pH; although
not monitored) in the influent, RF-1, OP-1, and AGM Pond 1, followed the typical
diurnal pattern of oscillation. Twenty four hour DO concentrations in OP-1 were far
more variable than for RF-1 and AGM-1, with recorded oxygen concentrations
commonly fluctuating in the order of 6-8mg L' over a single day period. Interestingly,
the online data showed that the RFs (at least as far as RF-1) did not appear to be sinking
into nighttime anoxia; suggesting that anaerobic NH,-N and sulphide production would
not be common place in these RFs. This goes toward answering an earlier question
posed in Section 3.3.7.1 as to whether there might be nocturnal anoxic NH4-N
production, and, in the absence of complete RF anoxia being observed, results suggest

that this would be unlikely to occur.

Further backing for the suggested absence of anoxic conditions within the rock filters
comes from zooplankton population data presented in Chapter 5. The persistent
observation of rotifers populations within the RF train suggests that aerobic conditions
were effectively maintained within the rock filters (see Figures 5.26 and 5.30). Rotifers
possess no respiratory organs and hence respire via their whole body surface. For this

reason they are generally unable to persist in anaerobic environments, with only a few
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very resistant species able to tolerate microaerobic or hypoxic habitats (Sladecek, 1983).
Since rotifers are recognised to be one of the more sensitive macrobiotic indicators of
the level of organic pollution and subsequent aerobic status (Gannon and Stemberger,
1978), their presence within the RFs was taken as further evidence of continuous aerobic
operation. Based on the online DO data of Figures 4.7 and 4.8, it was apparent that
influent DO concentration was the primary governing force behind the patterns of daily
oxygen fluctuations within all pilot treatment ponds, with the treatments themselves

simply defining the specific magnitude of diel DO variation.
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Figure 4.9. pH box-plot data for pilot plant: Influent (INFL); Rock Filters 1, 2, 3 (RF-1,
RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Attached-Growth Media
Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3).

Data from Period 2 monitoring of wastewater pH is shown above in Figure 4.9.
Recorded pH values were always alkaline and were commonly >8.1 across all treatments
(based on lower 95% CI of mean). Average influent pH was in the order of 8.6, with pH
appearing to decrease slightly during both RF and AGM treatment (<0.4 units for the
RFs and =0.3 units in AGM ponds) and increase down the pond series within the OPs by
roughly the same magnitude. Statistically, the only significant change in influent pH was
recorded for RF-3 (Kruskal-Wallis test; X20_05,9 =43.31; p <0.05), with none of the other
treatment ponds having a pH significantly different from influent levels (p > 0.05).

Regarding between treatment pH values, Open Pond pH was significantly greater across
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all three ponds compared with pH in all three RFs (p <0.01), but was similar to parallel
AGM ponds (p > 0.05). Likewise, there was no significant difference between RF and
AGM pH in any of the three pilot ponds (p > 0.05).

Factors relating to the common observation of a decline in wastewater pH following RF
treatment, as well as those surrounding the small increase in OP pH, have already been
discussed (Section 3.3.4) and so the reader is referred there for additional information.
Data on pH dynamics within attached-growth WSP systems is lacking. Zhao and Wang
(1996) did report on relatively high (photosynthetically elevated) pH values of 7.8-9.3
within their pilot AGWSPs; however, their AGM was different to the current
arrangement in that it comprised discrete lengths of AGM suspended vertically within
the ponds and was therefore exposed to high levels of incident irradiance (as opposed to
the darkened AGM Reactors here). McLean et al. (2000) reported pH values for their
large pilot-scale AGWSPs to be in the range of 7-8.7; with a daily mean of 7.7—a
similar range to those observed here. The reasons behind the small but insignificant drop
in pH within the current AGM system were thought to be largely similar to those
previously discussed for the RFs (Section 3.3.4).

Sp. cond. (us cm™)

Figure 4.10. Specific conductivity data for pilot plant: Influent (H); Rock Filters (A);
Open Ponds (O); and Attached-Growth Media (<) Reactors. For ease of interpretation,
data points show only the mean conductivity (£ 1 S.D.) averaged across each three-pond
treatment series, with a line fitted only to the influent data set.
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Figure 4.11. Specific conductance box-plot data for pilot plant: Influent (INFL); Rock
Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and
Attached-Growth Media Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3).

Data from monitoring of specific conductance is shown in Figures 4.10 and 4.11.
Specific conductivity of the influent wastewater, and also that of all treatments, steadily
declined from the start of the monitoring period in February of 2006 up until the end of
pilot plant monitoring in early August of the same year. Patterns of wastewater
conductivity again closely mirrored the monthly rates of evaporation (see Figure 4.2)
and were a simple reflection of the seasonal shift from summer in February to winter in
August. This was again supported by the strong correlation between wastewater
temperature and conductivity for the combined 9 pond pilot plant data (3= 0.640;
n=326; p<0.0001) but was considered to be of no great significance in the overall
research context. Corresponding wastewater salinity was in the order of from 1.1g L' in
February, after which it decreased slightly to approximately 0.9g L™ in early August of
2006. Conductivity varied insignificantly across all treatments relative to initial pilot
plant influent readings (Kruskal-Wallis test; X20.05,9 =4.085; p=0.91) and also remained
identical between the three treatments (p > 0.05). Specific conductivity values ranged
from 1700-2250uS cm ' (average of ~1900uS cm'), with variation from influent
readings less than 1% down each pond series. As discussed in Section 3.3.4, this low
level variation was again considered unlikely to have had any significant biological
relevance in the context of the current work, and so results for conductivity are not

further discussed. For a concise statistical summary of the full listing of physicochemical
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parameter correlations, the reader is directed to the corresponding correlation matrices

for the pilot plant influent as well as the three upgrade treatments (Appendix C).

4.3.4 Wastewater treatment performance: removal of
particulate organics and oxygen demand
Data from Period 2 performance monitoring of BODs within the pilot plant influent and

the three pilot treatment upgrade systems is shown in Figure 4.12.
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Figure 4.12. BODs box-plot data for pilot plant: Influent (INFL); Rock Filters 1, 2, 3
(RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Attached-Growth
Media Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3). The shaded ‘box’ represents the
IQR, the horizontal bar shows the median value, and the ‘whiskers’ show the absolute
data range.

As shown in Figure 4.12, pilot plant influent organic strength was generally very low but
spiked to much higher levels on occasion, with a median BODs concentration of 3.7mg
L' and a mean of 4.5mg L. This sporadic and sometimes high-level variability in the
Bolivar WSP effluent (i.e. pilot plant influent) is a common feature of WSP systems in
general; with the reasons for such variability discussed elsewhere (Section 3.3.5). Given
the highly skewed non-normal distribution of the influent BODs data, the median value

is again used for all subsequent loading rate calculations. This median influent
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concentration of 3.7mg L™, factoring in the mean HLR of 1.03m> m> d', translated to

an average organic loading rate during monitoring Period 2 of 3.8g BODsm > d .

Statistical analysis of the normalised data from Figure 4.12 showed that influent BODs
was reduced significantly down the pond series in all three RFs (1-way ANOVA;
F205=18.97; p<0.001). The same was true for the AGM train, with significant
removals of influent BODs in AGM-1 (p <0.05) as well as AGM Reactors 2 and 3
(» <0.001). Unlike the other two treatment pond series, however, no significant removal
of loaded BODs was achieved in any of the OPs (p > 0.05)—a similar trend to that noted
for OPs during Chapter 3. Qualitatively, the OP series appeared to have an even more
variable BODs than the influent (shown by the larger interquartile data ranges);

however, this increased variability was not statistically significant to that of the influent.

Regarding between-treatment performance comparisons, effluent BODs was
significantly lower across all three RF and AGM Ponds relative to the corresponding
levels in parallel OPs (p <0.01); however, between the RF and AGM treatment series,
effluent BODs values were statistically similar for all respective ponds down the
treatment train (p > 0.05). Unlike Chapter 3, BODs data from Pond 2 of each treatment
series has been included in this Chapter’s performance analyses due to increased
equipment availability and a greater number of analytical sample replicates (n>21
across all 9 ponds). Furthermore, and although the most extreme influent BODs data
point of 17.3mg L' was classified as an ‘extreme outlier’ within the influent data set
(i.e. >3x IQR from the 75" percentile value), given that it did not coincide with an
extreme outlying SS spike event (as was the case for the highest influent BODs value of
Chapter 3), this particular influent data point was retained within the influent BODs data
set because it was considered to reflect the normal variability in Bolivar WSP effluent

quality.
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Figure 4.13. Box-plots showing percentage BODs removal performance relative to pilot
plant Influent concentration for all three ponds of each pilot treatment system (n > 21 for
each plot).

Long term median percentage daily BODs removals for Pond 1 data of the three
treatments were 72, —6 and 52% for the RF, OP and AGM systems respectively, and for
Pond 3 data, 90, 6 and 69% for the respective RF, OP and AGM treatments (Figure
4.13). When average BODs removals were compared to theoretical zero median BODs
removals, RF and AGM removal performance was again highly significant (p <0.001)
but remained equivalent to zero BODs removals for all ponds of the OP series (p > 0.05;
Table 4.4). Unlike the other two treatment trains, the RF system always yielded positive
BODs removals, with the OP and AGM treatments both experiencing net BODs
increases at some stage (on two occasions each for AGM Reactors 2 and 3, and on
average 8 times in each Pond for the OP series). This performance variability was
reflected in the corresponding CV’s for percentage BODs removal efficiency (Table
4.4), where the OPs were shown to be considerably more variable in BODs treatment

performance than both the RF and AGM treatments.
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Table 4.4. Summary of BODs performance data across all three pilot plant treatments
for Ponds 1 and 3 only.

Pilot treatment pond

BOD; performance parameter
RF-1 RF-3 OP-1 OP-3 AGM-1 AGM-3

Median influent BODs (mg L™"; g m™) 3.7 3.7 3.7 3.7 3.7 3.7
Mean influent BODs (mg L™'; g m™) 4.5 45 4.5 45 45 45
Median effluent BODs (mg L™"; g m™) 2.0 0.3 4.0 4.5 24 1.7
Mean effluent BODs (mg L™"; g m™)"" 1.6 1.0 5.0 4.7 2.1

Median daily BODs removal (% day™')*’ 72 90 -5.8 6.3

Mean daily BODs removal (% day™')* 65 78 -12 -18 51 57
Long-term CV for BODs removal (%) 39 32 372 350 51 73

T Effluent BODs concentration was tested relative to mean pilot plant influent BOD5 concentration (1-way ANOVA)
IAverage BODs removal % tested against a theoretical 'zero' daily median (Wilcoxon signed-rank test)
’ Shading intensity shows significance level: p>0.05 (no shading); p <0.05 (light); p<0.001 (black)

The above analysis of performance reliability, through comparing the corresponding
BODs removal CV’s, highlighted the enhanced consistency in performance delivery of
both the RFs and AGM upgrade systems over the OP treatment. Not only did the RF and
AGM treatment series deliver a better quality final effluent in terms of BODs
concentration than the Open Ponds, but they achieved this with an enhanced degree of
performance consistency as well. This trend has already been discussed in detail for the
RFs in Chapter 3 (Section 3.3.5) and since it applies again to the RFs, as well as the
AGM Reactors, it will not be re-described.

With respect to the treatment performance of other rock filters, only the work of others
is referenced where similarly high HLRs were applied. Mara et al. (2001) operated
similar scale experimental rock filters to the current system at very high HLRs of 1.0
and 2.0m> m> d'. The authors reported a significant reduction in overall rock filter
BODs removal efficiency (from 46 down to 14%) when operated at the increased
hydraulic loading of 2.0m> m™> d'. This decline in filter performance efficiency was
arguably not surprising in the case of Mara and co-workers, given that at the highest
HLR, the corresponding OLR was in the order of 56g BODs m > d'—some 15-fold
greater than that applied to the current RFs—and was, therefore, probably organically
overloaded. Similar to the rock filters of Mara et al. (2001) above, von Sperling et al.
(2007) also reported substantial reductions in average BODs from =40% down to just
3% in their similar sized pilot-scale rock filters when the hydraulic loadings were

doubled from 0.5 to 1.0m> m > d™'. Once again, however, the RFs of von Sperling et al.

226



were likely to have been organically overloaded at the highest HLR, given that at the
hydraulic loading of 1.0m®> m™ d' the corresponding organic loading rate was in the
order of 55g BODs m > d '—a rate similar to that of Mara et al. above. Despite the
equivalent HLR of 1.03m’ m > d"', the 40-95% greater mean BODs removal efficiency
of the current Rock Filters over those of the above authors was almost certainly a
reflection of the much lower OLR of the filters here. This 15-fold lower organic loading
afforded the current RFs >90% higher DO concentrations than those of Mara and co-
workers, for example, with increased oxygen reserves presumably allowing for a more
complete oxidation of loaded BODs (a theory supported by the average 60% decline in
DO concentration within the RFs; see Figure 4.6).

With respect to the absolute efficiency and performance reliability of other AGM
systems, performance results are variable according to factors such as organic loading,
volumetric scale, and specific surface area of the attached-growth media itself. Shin and
Polprasert (1987) operated a similar pilot-scale AGWSP, with a specific surface area of
1220m” m™ and at organic loadings in the range of 10-20g COD m™ d', and reported
only a slight enhancement in organic (COD) removal efficiency in their pilot-scale
AGM ponds compared with open control ponds (=5%). Given that common COD:BODs
ratios for WSP influent wastewater are in the order of 2.2:1 (Alaerts ef al., 1996), this
suggests an equivalent OLR for the work of Shin and Polprasert in the order of 4.6-9.2¢g
BODs m™ d'—the same order of magnitude to the organic loadings applied to the
current AGM Ponds. Like the performance of current AGM Ponds, however, Shin and
Polprasert did report that their AGWSPs consistently produced an effluent of lower
organic (COD) concentration than control ponds; suggesting a greater performance
reliability of attached-growth ponds over open control ones. The authors went on to
suggest that the increased microbial density within attached-growth systems provided
for an increased resilience or ‘buffering capacity’ against hydraulic and organic shock-

loadings—a notion later echoed by Peishi et al. (1993).

Peishi et al. (1993) reported 32% greater BODs removals in an anaerobic AGWSP
compared with a parallel anaerobic control pond when operated an OLR of =42g BODs
m> d' and 2% AGM packing density (AGM:water; v:v); although the authors offered

no information regarding the specific surface area of their attached-growth pond
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systems. Zhao and Wang (1996) observed some 15% improved BODs removals in their
pilot-scale AGM ponds compared to control ponds when operated at roughly twice the
specific media surface area (270m” m ) and an approximate 7-fold lower HLR (0.14m’
m™ d') to the current AGM system. Unlike the enhanced BODs performance reliability
of the current AGM ponds, levels of reported variability in BODs removal performance
appeared to be similar for both AGM and control ponds of Zhao and Wang.
Furthermore, since the authors failed to state the organic concentration of their pilot
AGWSP influent, no cross-comparisons can be made with respect to removal versus

organic loading rate of these systems.

Rakkoed et al. (1999), following the operation of laboratory-scale (0.29m’) AGWSPs
with 2-fold greater specific media surface area (300m2 m73) than the AGM used here,
achieved very high BODs removal efficiencies in the order of 96% when loaded at an
organic loading of 36g BODs m™ d ' and a 40-fold lower HLR to that applied here
(0.025m> m~ d™"). In a second experiment, the authors doubled the HLR—increasing the
OLR to 83g BODs m~ d"'—and still achieved BODs removal efficiencies in the order of
97%. Following practically identical performance results from parallel control ponds,
however, the authors concluded that the organic treatment efficiency of both attached-
growth and conventional WSPs were similar. In the case of Rakkoed et al. (1999), it was
thought that the reactor volumes were too small and HRTs too long (2040 days) to
enable proper comparisons of treatment performance between conventional and AGM
pond systems, such that any direct performance comparisons made between that system
and the AGM reactors reported here are made tentatively. Following a final ‘shock-
loading’ experiment with a greatly increased OLR (>200g BODs m> d') and
significantly reduced hydraulic retention time (4 days), Rakkoed and co-workers were
able to conclude that the AGM system did demonstrate a slightly better capacity to deal
with organic and hydraulic shock loads; suggesting that the greater biomass densities

facilitated higher rates of treatment under such conditions.

McLean (1999) achieved some 30% greater average organic (COD) removals in large
pilot-scale (9000m’) AGWSPs compared with parallel control ponds when loaded at
comparable organic loadings to those used in this research (7-15g COD or =3.2-7g

BOD m d'). Like observations made during the current work, the monitoring data of
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McLean also indicated a greater reliability in the final effluent organic quality of AGM
ponds compared with standard control ponds; however, the very low specific surface
area (2m* m ) of their attached-growth WSPs should be taken into consideration when

comparing these results with those of the current system.

In order to gain a more comprehensive understanding as to the nature of BODs loading
versus removal efficiency, the data from Figures 4.12 and 4.13 were plotted on a mass
loading versus percentage removal basis, and are shown for Ponds 1 and 3 of each

treatment in Figures 4.14 and 4.15 respectively.
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Figure 4.14. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. mass
removal (as a percentage of daily loading rate) for Pond 1 data only. Individual data
points represent performance data from single determinations for: Rock Filter 1 (@);
Open Pond 1 (%); and Attached-Growth Media Reactor 1 (OJ).
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Figure 4.15. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. mass
removal (as a percentage of daily loading rate) for Pond 3 data only. Individual data
points represent performance data from single determinations for: Rock Filter 3 (@);
Open Pond 3 (*); and Attached-Growth Media Reactor 3 (O).

As described in Section 3.3.2 and later in more detail within Section 3.3.5, the daily
influent loading for both Ponds 1 and 3 is taken as that of the daily pilot plant influent
sampled from the header tank (see Figure 2.1). As can be seen in the above Figures, the
RFs and AGM Reactors were capable of delivering relatively high-level BODs removal
efficiency even at low influent loadings, whereas the BODs removal performance of the
OPs was far more variable and less efficient at the same loading rates—yielding
negative removals on many occasions. Despite there only being two data points above
7g BODs m~° d', there was again an apparent trend for higher-level treatment
performance with increased organic loading (especially for the less efficient OPs). This
was again a reflection of the first-order physical processes governing BODs removal
(described in Chapter 3). Figures 4.16 and 4.17 below show the same data as Figures
4.14 and 4.15 above, except the data is represented on a mass loading versus mass

removal basis.
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Figure 4.16. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. total
mass removal for Pond 1 data only. Individual data points represent performance data
from single determinations for: Rock Filter 1 (@); Open Pond 1 (%); and Attached-
Growth Media Reactor 1 (O). Linear regression lines were fitted to the entire data set,
but for ease of presentation are shown only to the point of x- and y-axis breaks.
Individual treatment regression lines are shown with corresponding slope (m).
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Figure 4.17. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. total
mass removal for Pond 3 data only. Individual data points represent performance data
from single determinations for: Rock Filter 3 (@); Open Pond 3 (%); and Attached-
Growth Media Reactor 3 (O). Linear regression lines were fitted to the entire data set,
but for ease of presentation are shown only to the point of x- and y-axis breaks.
Individual treatment regression lines are shown with corresponding slope (m).
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When represented on a mass only basis, there was again a noticeable positive
relationship between mass loading and the mass of BODs removed. As seen in the above
Figures 4.16 and 4.17, the relationship was evidently stronger for the higher
performance RF and AGM treatments, with considerably greater variability for the OPs
at low BODs loadings. There was a highly significant positive relationship between mass
load and mass removal for Pond 1 data of Figure 4.16 for the RF treatment (Pearson
r=0.912; n=22; p<0.0001), an equally significant correlation for the AGM-1 data
(r=0.944; n=21; p<0.0001) and a slightly less powerful relationship for OP-1 data
(r=0.688; n=21; p<0.001). Similar trends between mass loading and BODs mass
removal were evident for the Pond 3 data of Figure 4.17, with a highly significant
relationship for RF-3 (r=0.931; n=22; p <0.0001), an equally high-level correlation
for the AGM-3 data (r=0.943; n=21; p<0.0001) and again a less powerful
relationship for OP-3 data (r = 0.693; n = 22; p < 0.001).

The fitted regression lines of Figures 4.16 and 4.17 provided additional insights into the
relationship of mass loading versus mass BODs removal. Critical analysis of both the
slopes and elevations of the fitted trendlines provides for a more detailed between-
treatment performance assessments than is afforded by the discrete correlation
coefficient integer above. Looking at the linear regression data from Figures 4.16 and
4.17, there were again significant positive linear associations between the amount of
loaded BODs and the mass removed within each pilot treatment system. Regression
coefficients were identical to the above Pearson correlation coefficients, with the slopes
of all regression lines from both figures significantly greater than zero (p <0.001). For
the Pond 1 data of Figure 4.16, there were small-scale significant differences between
the overall slopes of the fitted lines (ANCOVA; F»s5y=3.394; p=0.041), with the
AGM-1 trendline slope (m = 0.85) significantly ‘steeper’ than both the OP-1 (m =0.51;
p=0.028) and RF-1 data slopes (m=0.63; p=0.031). There were, however, no
apparent differences between the slopes of the OP-1 and RF-1 data (p = 0.43). For the
Pond 3 data of Figure 4.17, this time there were no significant differences between the

slopes of all three treatment regression lines (ANCOVA; F(p56)=2.323; p=0.11).

Even though the slope of AGM Pond 1 data from Figure 4.16 was greater than that of

RF-1, this did not necessarily mean that the performance of AGM treatment Pond 1 was
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better than RF-1. As can be seen in Figure 4.16, the y-axis intercept of the RF-1
regression line was actually greater than that of AGM-1 data (inferring greater BODs
removals at lower loadings) and so a greater regression line slope does not mean greater
BODs removal performance unless the intercepts are equal. Given that the above
regression difference between AGM-1 and RF-1 performance was only just outside the
‘p <0.05° cut-off (p = 0.041), the small-scale Pond 1 slope difference was assumed to be
of no real importance, especially in light of there being no significant differences

between the slopes of the Pond 3 data regression lines (Figure 4.17; p = 0.11).

Ignoring the small-scale differences between the slopes of the regressed lines of Figure
4.16, there were more importantly large-scale differences between the elevations of
these fitted lines. Although the slopes were statistically equal, the elevations of the RF-1
regression line was much greater than for OP-1 data (ANCOVA; F{3s) =44.88;
p <0.0001). Because the AGM-1 regression slope was significantly different to that of
RF-1 and OP-1, it was not possible to test for differences between the elevations;
although based on the above discussion, the performance of AGM-1 and RF-1 were
considered equal and so AGM-1 performance can be ruled more advanced than OP-1.
Similarly, and in spite of equivalent slopes for all treatment Pond 3 data, the elevations
of both RF-3 and AGM-3 data were significantly greater than the parallel OP-3 data
(ANCOVA; Fi 33 >30.92; p<0.0001). This suggested that by the end of each three-
pond series, whilst all treatments displayed an equivalent linear pattern for BODs
loading versus removal, the RFs and AGM Reactors were able to remove a greater mass
of loaded BODs at any given mass loading rate than were the parallel OPs (recalling that
treatment performance in the above figures is essentially measured by the degree of y-
axis elevation for each data point relative to the x-axis point of zero removal). As was
the case during the Chapter 3 discussion of results, published data regarding the ‘loading
versus removal’ performance of both rock filters and AGM ponds—for any parameter—
is again lacking. Therefore, the above performance trends cannot be directly compared

to those of other systems.

It was interesting to note that for the correlation analyses of Figures 4.16 and 4.17, one
single high-level BODs loading event was apparently responsible for maintaining the

‘strong’ relationship between mass loading and mass removal in the OP treatment data.
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When this one-off statistically-extreme outlying loading event was removed from the
overall analyses, the strength of the previous associations were greatly diminished to the
point of statistical insignificance for the OP treatment Pond 1 data (r=0.111; n=20;
p=0.64) and also for OP-3 (r=0.288; n=20; p=0.21) whilst the relationships
remained unaffected in the RF and AGM treatments for both Pond 1 and 3 data
(r>0.685; n>20; p<0.0006). This can be most easily seen in Figure 4.18, wherein
there was no significant correlation for the combined three-pond OP series data in the
absence of the outlier (Pearson r=0.201; n=158; p=0.13), but highly significant
relationships for both the RF and AGM three-pond performance data remained
(r>0.635; n>57; p<0.0001). This served to again highlight the significantly greater
BODs removal performance of both the RF and AGM treatments over the OPs,

particularly at reduced influent mass loads.
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Figure 4.18. Scatter-plot showing BODs mass loading (pilot plant Influent) vs. total
mass removal for the combined three-pond data of each treatment train (excluding the
single extreme outlying loading event across all treatments). Individual data points
represent performance data from single determinations for: Rock Filters (@); Open
Ponds (*); and Attached-Growth Media Reactors ().
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Presentation of BODs performance data on a mass loading versus removal basis has
highlighted the elevated performance of both the RF and AGM systems over that of the
OP treatment. The quantity of BODs removed by both the RF and AGM systems was
more strongly associated with the amount flowing into the systems, as well as being
removed more completely under any given mass BODs load. The invariably reduced
significance of associations between mass BODs load and mass removal in the OP
treatment train again reflected the increased variability in treatment performance for this
particular pond system, and meant that BODs effluent quality was far less predictable for

the Open Ponds—especially under low loading rates.

Whilst it was not investigated, it should be noted that others have reported on an
increase in AGWSP treatment performance efficiency with an increase in the ‘packing
density’ of AGM into the system. Zhao and Wang (1996) found that pilot-scale AGWSP
treatment performance increased with increasing AGM packing density from 0, 11 and
22% (AGM:water; v:v); with COD and BODs removals increasing in efficiency under
increased AGM packing densities. Peishi ef al. (1993) observed a similar trend between
AGM packing density and the corresponding COD and BODs removal efficiencies in a
small-scale model AGWSP, with pond performance consistently increasing up to the
maximal AGM packing density of 40% (v:v). It is important to note, however, that with
an increased AGM packing density (v:v) comes a corresponding decrease in hydraulic
volume and accompanying HRT, such that performance efficiency of the AGWSP must
therefore increase at a rate equal to (or indeed greater than) the rate of reduction in

treatment efficiency owing to the reduced HRT.

The general upper-limit of AGM packing density within the literature appears to be in
the order of 40%, with Shin and Polprasert (1987) finding an AGM packing density in
the range of 5-10% to be most effective for organic (COD) removal and Zhao and Wang
(1996) reporting an optimal figure of 22% for BODs, COD and ammonia removal. Shin
and Polprasert (1987) also discussed that whilst AGWSPs with 20 or 40% media
packing density may have had a greater density of attached microbial biomass, the AGM
itself blocked the majority of the pond environment from incident light penetration. This
then restricted the degree of oxygenic algal photosynthesis—further limiting the already

increased oxygen requirements of this bolstered microbial biomass and ultimately
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stifling their capacity to oxidise organic materials. One can also appreciate that at very
high standing biomass densities, the AGWSP would be increasingly vulnerable to the
development of anaerobic conditions. It is suggested that the appropriate AGM packing
density should be carefully pre-calibrated against the pond organic loading regime prior

to installation, in order to ensure an appropriately balanced oxygen budget.

Performance monitoring of the three pilot treatment systems has shown a trend for
greater absolute BODs removals and also enhanced treatment consistency for the RF and
AGM pond systems compared with the more conventional Open Ponds. Under the
commonly low organic loadings, the RF and AGM series were invariably more efficient
at attenuating inflowing BODs than were the parallel Open Ponds, with the OP series
frequently yielding negative BODs removal efficiencies. Based on the above
performance analyses, the overall ranking of treatment performance with respect to
BOD;s removal potential places the RF and AGM systems equal 1¥, and the OP
treatment 2™ overall in terms of BODs removal rate, absolute treatment efficiency, and
also performance reliability; although RF treatment efficiency was probably slightly

more advanced than the AGM reactors.

4.3.5 Wastewater treatment performance: suspended solids,
turbidity and algal biomass removal
As done for Chapter 3 (see Section 3.3.6), and for the purposes of results presentation

and discussion here, the water quality parameters SS, turbidity and chlorophyll a have
been grouped together within the one section. This was firstly done for SS and turbidity
due to their high-level direct correlation within both the pilot plant influent (s = 0.842;
n=36; p <0.0001) and also the pooled Period 2 pilot plant data from all 9 ponds of the
three treatments (rs=0.840; n=312; p <0.0001). Since the performance trends for
turbidity data mirrored exactly those of SS, and as introduced in Section 3.3.6, only the
SS performance data will be referenced during the coming discussion of results so as to
avoid duplication of performance assessments. Secondly, the chlorophyll a data was also
pooled together with SS and turbidity performance data in this instance because of the
highly significant interrelationship of these three water quality parameters in the influent

data set. The extent of these co-correlations can be seen in Table 4.5. Once again, the
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BODs performance data was discussed within the preceding section due to the
uncharacteristic absence of such correlations between that particular parameter and: SS
(p =0.172); turbidity (p =0.926); or chlorophyll a (p =0.707); within the pilot plant
influent. Reasons for the absence of interrelationships between these commonly
associated wastewater quality parameters have been discussed in Chapter 3 and were

considered to have related to the highly refined nature of the Bolivar WSP effluent.

Table 4.5. Spearman’s correlation matrix for pilot plant influent water quality

arameters: suspended solids (SS); turbidity; chlorophyll a; and BOD:s.
i i -1 Turbidity | Chlorophyli BOD;
Pilot plant influent SS(mgL™) (NTU) 2ol | (mgL™
Spearman rg
SS(mgL™) a Sig. level (2-tailed)
n
Spearman r .842(***)
Turbidity (NTU) a Sig. level (2-tailed) 0.000
n 36
Spearman r 760(***) TA1(*)
Chlorophyll a (ug L™") |a Sig. level (2-tailed) 0.000 0.000
n 36 37
Spearman r 0.302 -0.021 -0.085
BOD; (mg L'1) a Sig. level (2-tailed) 0.172 0.926 0.707
n 22 22 22

*** Correlation is significant at the p <0.001 level (2-tailed).

As was the case for the data analyses of Chapter 3, there were again instances of extreme
outlying data points (i.e. >3x IQR from 75" percentile value) for both the SS and
chlorophyll @ influent data sets: two outliers for the SS data set of 43 and 54mg L™ (24
and 27 NTU); and one for chlorophyll @ (111xg L ™). These outlying ‘spike’ events were
again observed to be isolated incidents resulting from extreme wind-induced
resuspension of benthic materials within the up-stream Bolivar WSP. This observation
was again supported by the significant negative relationship between SS concentration
and VSS fraction (r;=—0.411; n =36; p = 0.013), indicating that SS spikes were largely

fixed solids and not the result of algal blooms (see Section 3.3.6 for original discussion).

As for Chapter 3 performance analyses, these extreme outlying influent parameter
values were again excluded from the current statistical analyses because it was thought
that they did not accurately reflect the normal influent water quality state; an assumption

further supported by the highly negatively skewed influent solids data (Figure 4.19). As
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was also the case for previous Chapter 3 analyses, the order of treatment efficiency with
respect to the between-treatment performance of each upgrade system during these
outlying spike events remained unchanged, with the RF and AGM systems consistently
out-performing the OPs during high solids and chlorophyll a spike loadings. Hence the
omission of these extreme influent loading events did not alter the relative treatment
efficiencies of the three-pond upgrades compared to each other, but instead served to
provide a more accurate reflection of the performance of each system under normal low-

level influent loading conditions.
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Figure 4.19. Suspended solids box-plot data for pilot plant: Influent (INFL); Rock
Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and
Attached-Growth Media Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3). The shaded ‘box’
represents the IQR, the horizontal bar shows the median value, and the ‘whiskers’ show
the absolute data range. Filled circles (®) above the INFL data represent the two extreme
spike outliers >3xIQR from the 75" percentile value.
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Figure 4.20. Turbidity box-plot data for pilot plant: Influent (INFL); Rock Filters 1, 2, 3
(RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Attached-Growth
Media Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3). Filled circles (®) above the INFL
data represent the two extreme spike outliers >3xIQR from the 75" percentile value.

As shown in Figure 4.19, pilot plant influent SS levels were generally very low but also
highly variable on occasion, with a median SS concentration of 7.9mg L' and a mean of
10.0mg SS L. This random and sometimes high-level variability in SS concentration
within the Bolivar WSP effluent (i.e. pilot plant influent) is a common feature of such
shallow pond systems; the sources of which have been discussed elsewhere (Section
3.3.5). Given the highly skewed nature of the influent SS data, the median influent
concentration of 7.9mg L' translated to a median mass solids loading during the six

month monitoring period of 8.14g SSm™ d .

Statistical analysis of the data from Figure 4.19 showed that influent SS was reduced
significantly down the pond series in all three RFs (1-way ANOVA; Fo318)=31.52;
p <0.001) and similarly in all three AGM ponds (p < 0.001), but only within Pond 2 and
3 of the OP series (p <0.05). The reasons behind the non-significant removal in OP-1
and less significant SS removals in Open Ponds 2 and 3 can be seen in Figure 4.19,
whereby the OP series displayed both higher and more varied effluent SS levels than the
other two treatments. Regarding between-treatment performance comparisons, the

effluent SS concentration of all three RFs and all three AGM ponds was significantly
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lower than that of the corresponding OPs (p <0.001). Between the RFs and AGM
treatments, however, no such differences were apparent; with statistically identical
effluent SS levels between the two treatment series across all pilot ponds (p > 0.99). The
data of Figure 4.19 is represented below as percentage removal efficiencies for each

pilot treatment pond (Figure 4.21).
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Figure 4.21. Box-plots showing percentage suspended solids removal performance
relative to pilot plant Influent concentration for all ponds and across all 3 pilot treatment
systems (n > 32 for all plots).

Long term median percentage SS removals for Pond 1 data across the three treatments
were 72, 35, and 74% for RF, OP and AGM treatments respectively, and for Pond 3
data, 79, 45 and 79% for the respective RF, OP and AGM treatments. When compared
statistically to a theoretical zero median SS removal, these average percentage SS
removal efficiencies were all found to be significantly ‘non-zero’ across all treatment
series (Table 4.6), indicating that all SS removals were on average greater than zero. As
was the case for BODs performance assessment in Section 4.3.4, the RFs were once
again the only treatment system to always yield positive SS removal efficiencies. The
AGM system was not far behind the performance of the RFs, however, returning one
single net increase in effluent SS for AGM-2. The OP treatment series performed
significantly worse in this regard, recording zero removals or net increases in effluent SS

on at least three (OPs 2 and 3) and up to five (OP-1) occasions. This trend for less
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reliable treatment efficiency is again reflected in the corresponding CV’s for treatment
performance with respect to SS removal efficiencies (Table 4.6), where both RF and
AGM treatments delivered significantly more consistent solids removal performance

than the parallel OP series.

Table 4.6. Summary of suspended solids removal performance across all pilot plant
treatments for Pond 1 and 3 data only.

Pilot treatment pond

SS performance parameter RF-1 RF-3 OP-1 OP-3 AGM-1 AGM-3

Median influent SS (mg L™'; g m™) 7.9 7.9 7.9 7.9 7.9 7.9
Mean influent SS (mg L™"; g m™) 10.0 10.0 10.0 10.0 10.0 10.0
Median effluent SS (mg L™"; g m™)" 2.2 2.0 5.0 4.6 2.3 1.8
Mean effluent SS (mg L™"; g m™) 6.0 5.3
Median daily SS removal (% day™")* 72 79 35 45 74 79
Mean daily SS removal (% day™") 71 76 30 34 69 73
Long-term CV for SS removal (%) 18 17 119 107 25 29

T Effluent SS concentration was tested relative to mean pilot plant influent SS concentration (1-way ANOVA)
iAverage SS removal % tested against a theoretical 'zero' daily mean (one sample t-test)
’ Shading intensity shows significance level: p>0.05 (no shading); p <0.05 (light); p<0.001 (black)

Comparison of individual treatment CV’s for SS removal efficiency again highlighted
the enhanced consistency in treatment performance for the RF and AGM systems over
the OPs. Not only did the RFs and AGM reactors deliver a better quality final effluent in
terms of SS levels, but they achieved this with enhanced consistency compared with the
OP treatment train. These trends for both greater absolute treatment efficiency, as well
as enhanced performance reliability for the pilot RFs and AGM reactors were similar to
the trends observed BODs performance data of Section 4.3.4, and so will not be
described in detail again. Suspended solids performance data from Figures 4.19 and 4.21
is re-presented below on a loading versus removal basis in order to provide a more
detailed account of treatment performance relative to daily solids loading rate. This data

is shown for all treatments in Figures 4.22—4.25 for Ponds 1 and 3 accordingly.
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Figure 4.22. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. percentage mass removal (relative to daily loading rate) for Pond 1 data only (note
the reduced y-axis scale for values below zero). Individual data points represent mean
performance data from duplicate determinations for: Rock Filter 1 (@); Open Pond 1
(%); and Attached-Growth Media Reactor 1 (OJ).
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Figure 4.23. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. percentage mass removal (relative to daily loading rate) for Pond 3 data only (note
the reduced y-axis scale for values below —50). Individual data points represent mean
performance data from duplicate determinations for: Rock Filter 3 (@); Open Pond 3
(%); and Attached-Growth Media Reactor 3 (OJ).
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When considered on a mass loading versus percentage removal basis, there were again
similar trends for the SS performance data as were recorded for BODs performance data
above. Visual analysis of Figures 4.22 and 4.23 above shows a general trend across both
ponds 1 and 3 for an increase in percent SS removal efficiency at higher influent solids
loads and vice versa. This meant again that under conditions of high influent SS loading,
there was inherently more scope for greater solids removal, and so the larger the
percentage magnitude removals were (again obviously up to the point of influent
overloading). This noted trend was again a reflection of the first-order-type
‘concentration gradient’ effect, suggesting that SS removals within the pilot ponds were
again governed by first-order-type processes as for BODs above. Given that this issue

was discussed at length in Chapter 3, no further explanation is provided here.

As can be seen in the Figures 4.22 and 4.23, SS removal efficiencies were especially
variable for the lesser performing OP treatment at low influent loads. As was described
in the previous Chapter (Section 3.3.6), these highly variable and sometimes negative SS
removals were again thought to have been a result of primary and/or secondary biomass
production during quiescent pilot plant passage. Periodically, and during favourable
conditions, sometimes dense blooms (up to 490 individuals L") of large bodied
metazoan zooplankton were observed within the OPs. During these times, the secondary
biomass production rates would have exceeded those of normal SS sedimentation and
microbial degradation within the ponds (see also Figures 5.35 and 5.39); an effect that
would have been further amplified during periods of low influent SS concentrations. In
addition to these factors, enhanced SS removals within the RF and AGM systems were
somewhat anticipated. Given that the processes governing SS (including algal biomass)
removal in wastewater environments are overwhelmingly physical in nature, and
considering that particulate settlement is a direct function of water column depth
(Swanson and Williamson, 1980; Reynolds, 1991), the RF and AGM treatments

possessed an inherently greater capacity for solids retention than the OP reactors.
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Figure 4.24. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. total mass removal for Pond 1 data only. Individual data points represent mean
performance data from duplicate determinations for: Rock Filter 1 (@); Open Pond 1
(%); and AGM Reactor 1 (). Linear regression lines were fitted to the entire data set,
but for ease of presentation are shown only to the point of x- and y-axis breaks.
Individual treatment regression lines are shown with corresponding slope (m).
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Figure 4.25. Scatter-plot showing suspended solids mass loading (pilot plant Influent)
vs. total mass removal for Pond 3 data only. Individual data points represent mean
performance data from duplicate determinations for: Rock Filter 3 (@); Open Pond 3
(%); and AGM Reactor 3 (). Linear regression lines were fitted to the entire data set,
but for ease of presentation are shown only to the point of x- and y-axis breaks.
Individual treatment regression lines are shown with corresponding slope (m).
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When the SS data is represented on a mass loading versus mass removal basis (Figures
4.24 and 4.25), and as was the case for BODs performance data in the previous section,
there was a noticeable direct positive relationship between mass loading and the mass of
SS removed; the relationship being particularly strong under elevated solids loads. For
the Pond 1 data of Figure 4.24, there were highly significant correlations between mass
load and mass solids removals across all three treatments: for RF-1 (Pearson r = 0.986;
n=33; p<0.0001); AGM-1 (r=0.991; n=32; p<0.0001); and OP-1 (r=0.779;
n=33; p<0.0001). Similarly, and for the Pond 3 data of Figure 4.25, there were again
highly significant relationships for mass load versus mass SS removal in all treatments:
RF-3 (r=0.994; n =33; p<0.0001); AGM-3 (r=0.993; n =32; p <0.0001); and OP-3
(r=0.923; n=33; p <0.0001). The existence of these significant correlations suggested
that effluent SS was most commonly a direct reflection of influent concentration (i.e.
concentration-dependent solids removal) and that mass removals were very predictable
for all three treatments; although the strength of the relationship appeared qualitatively
to be most robust for the RF and AGM treatments.

Looking at the fitted regression data from Figures 4.24 and 4.25 above, there were
significant positive associations between the SS load and the mass of solids removed
within each pilot treatment system. Regression coefficients were identical to the Pearson
correlation coefficients above, with the slopes of all fitted regression lines significantly
greater than zero (p <0.0001). For the Pond 1 and Pond 3 data of Figures 4.24 and 4.25
respectively, there were significant differences between the slopes of the fitted
regression lines (ANCOVA; F(92)>3.91; p <0.023); with the slopes of both the RF and
AGM treatment regression lines significantly greater than the respective OP treatment
data fits. Given that the y-axis intercepts of the RF and AGM trendlines were also both
greater than the respective OP lines, this inferred a more advanced SS removal
efficiency for the RF and AGM treatments over the OPs. There were, however, no
differences between the slopes of the RF and AGM regression lines of either Figures
424 or 425 (ANCOVA; Fue<3.03; p>0.089), implying equivalently linear

relationships between SS loading and removal for these two upgrade systems.

With respect to the elevations of the regressed lines from Figures 4.24 and 4.25, and

since the regression slopes of OP-1 and OP-3 data were significantly different from the
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corresponding RF and AGM data, it was not possible to test for differences between
regression line elevations between the OP and other treatments. Regarding Pond 1 and
Pond 3 RF and AGM data, however, there were no significant differences between the
elevations of the fitted lines of Figures 4.24 and 4.25 (ANCOVA; F 6 <0.154;
p =>0.70), suggesting equivalent mass SS removals for these two treatments at all
loading rates. Is should be pointed out here that the slope of 0.99 for the AGM-3 of
Figure 4.25 does not imply near perfect solids removals across all mass loading rates.
Because the regression line does not pass through the axial origin (i.e. 0,0) a slope of 1.0
in these plots does not infer complete SS removal. To illustrate this, when the regression
line of AGM-3 is forced trough the origin, the slope reduces from 0.99 to 0.86.
Regardless of the precise magnitude of regression slopes, the greater the slope of the
fitted lines for the above mass loading versus mass removal data, the greater the SS

removal performance of that system is.

Results from the above regression analyses have shown the SS removal performance of
both the RF and AGM treatments to be significantly more advanced than that of the
parallel OP system. Generally speaking, the RF and AGM treatments were capable of
removing a greater mass of SS under any given solids mass load than were the Open
Ponds. This trend was reflected also in the earlier Figure 4.21, whereby SS removal
efficiency in the OP series was shown to be both lower and more variable compared

with the respective RF and AGM pond systems.
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Figure 4.26. Relative volatile suspended solids fraction data (as a percent of total SS)
for pilot plant: Influent (INFL); Rock Filters 1, 2, 3 (RF-1, RF-2, RF-3); Open Ponds 1,
2, 3 (OP-1, OP-2, OP-3); and Attached-Growth Media Reactors 1, 2, 3 (AGM-1, AGM-
2, AGM-3).

Data on the relative volatile fractions of total SS for the pilot plant influent and treatment
ponds is shown in Figure 4.26. It should be stated that the sometimes high-level
variability in VSS data from Figure 4.26 was considered to have been a reflection of the
generally very low SS concentrations (commonly <2mg L) and resultant increase in
the degree of measurement error applied to such measurements when dealing with such
small weights in the laboratory. A similar observation was noted by Martin (1970), with
the author finding turbidity to be a more accurate measure of rock filter performance
than SS at very low solids concentrations. Notwithstanding this, analysis of the data
from Figure 4.26 showed that influent VSS fractions typically constituted about half of
the total solids figure, with a median volatile solids fraction of 55%. No significant
change in percentage VSS down the pond series within any of the OPs was recorded
(Kruskal-Wallis test; xzo,os,g =42.5; p>0.05); however, there were significant increases

in VSS fraction within all three RFs (p <0.01) and also AGM Ponds 1 and 3 (p <0.05).
This lack of change in the relative proportions of ‘fixed’ and ‘volatile’ SS fractions
within the OP series suggested—as for Chapter 3—that this system was indeed

performing adequately as an ‘open control’ pond treatment in the sense that the nature
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of the SS within the inflowing WSP effluent was not changing significantly down the
pond series as a result of temporary pilot plant impoundment. The increasingly volatile
nature of the SS within the RF and AGM effluent suggested that the inorganic or fixed
solids were being removed more effectively within these systems than within the parallel
OPs; allowing the RF and AGM trains to produce a final effluent both lower in total SS
and also relatively more organic or ‘biodegradable’ in nature. In addition to this, it was
likely that the increase in VSS within these two treatments was also a result of a small
amount of biomass production and subsequent sloughing within these high specific

surface area systems; especially so for the higher fluid velocity Rock Filters.

As for conventional WSPs, sludge accumulation in both RFs and AGM systems is a part
of the overall treatment process resulting from accumulation of detached or ‘sloughed’
biomass and also sedimentation and entrapment of both fixed and volatile SS. As is the
case for rock filters (e.g. Rich, 1988), anaerobic digestion of accumulated particulate
organics is also thought to take place within AGM systems (Zhao and Wang, 1996).With
reference to the work of others, Polprasert and Sookhanich (1995)—reporting on
laboratory-scale (0.01m’) AGWSPs—observed that greater than 90% of total SS were
volatile in nature, suggesting that the majority of the SS within their attached-growth
ponds were comprised of organic biomass (presumably as a result of significant biomass
sloughing). Although the fraction of VSS within the current AGM system did increase
slightly down the pond series relative to influent levels (Figure 4.26), the failure to
observe such high fractions of VSS was considered to have been a consequence of the
vastly reduced organic strength of the Bolivar wastewater (< 5mg BODs L) compared
with the >1000mg COD L' wastewater of Polprasert and Sookhanich above; something
that in turn prevented the development of such high-density attached-biomass. In this
sense, the AGM ponds here were behaving less like a classical attached-growth pond
system and more like the parallel RFs, in that they were predominantly acting as
physical reactors for particulate settlement with very limited attached-growth biofilm
development and an equally restricted biological treatment activity. Unlike a rock filter,
however, the horizontal-flow AGM would offer the added advantages of an
approximately 4-fold greater specific surface area and an approximate 100% increase in
void space volume (Table 2.2), resulting in a reduction in dead volume and a subsequent

increase in HRT and decrease in fluid velocity for more effective physical treatment.
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Ignoring the respective 10- and 40-fold plus increases in bio-available substrate surface
area within the respective RF and AGM systems compared to the OPs (Table 2.2), both
the RF and AGM Reactors provide a significant increase in the number of horizontal
‘planes’ for physical sedimentation processes. Adding large numbers of sedimentation
planes to the water column also has the effect of greatly reducing the discrete settlement
depth for suspended particulates, and given that SS removal is known to be a direct
function of settling depth (Reynolds, 1990), this alone could explain the higher solids
removal performance of these two treatment systems over the OPs. In addition to this
physical aspect, the effective ‘layering’ of substrate zones throughout the water column
depth also serves to provide multiple sediment—water interfaces for acceleration of the
recognised and important microbial and chemical exchange processes occurring within
these zones. In this sense, having multiple ‘benthic sludge’ layers throughout the depth
of the pond water column could offer potential benefits to overall pond treatment
efficiency, given that sediments are recognised to contribute significantly to the overall
wastewater treatment process through their role in N, P and heavy metal removal, as
well as by supporting high-density micro- and macrobiotic populations (Naméche et al.,
1997). 1t is reasonable to conclude that these factors might have also contributed to the
improved BODs treatment performance for the RF and AGM systems described in
Section 4.3.4.

Similar to SS above, analysis of the chlorophyll a data showed that there were again
generally low levels of suspended algal biomass within the pilot plant influent
wastewater. Although chlorophyll a levels were commonly very low, there were
instances of high-level variability, as shown by the large-scale difference between the
median chlorophyll a concentration (14.6ug L") and corresponding mean (23.9ug L™).
The sources of such random and high-level variability in both SS and algal biomass
density within the Bolivar WSP effluent (i.e. pilot plant influent) have already been
discussed (see Section 3.3.5). Given the negatively skewed nature of the influent
chlorophyll a data distribution, the median concentration of 14.6ug L™ was again used
to calculate the mass loading rate; with an average loading during monitoring Period 2
of 15.0mg chlorophyll @ m™ d™'. The pilot plant chlorophyll ¢ data is shown below in
Figure 4.27.
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Figure 4.27. Chlorophyll a box-plot data for pilot plant: Influent (INFL); Rock Filters 1,
2, 3 (RF-1, RF-2, RF-3); Open Ponds 1, 2, 3 (OP-1, OP-2, OP-3); and Attached-Growth
Media Reactors 1, 2, 3 (AGM-1, AGM-2, AGM-3). The filled circle (@) above the INFL
data represents the single extreme outlying spike >3xIQR from the 75" percentile value.

Quantitative analysis of the data from Figure 4.27 showed that influent chlorophyll a
levels were reduced significantly in all three RFs (Kruskal-Wallis test; %%0.0s.0 = 135.6;
p<0.001) and all three AGM Reactors (p <0.001). For the OP treatment, however,
there was no apparent reduction in chlorophyll a levels within OP-1 (p > 0.05) but there
were significant removals in both Open Ponds 2 (p <0.01) and 3 (p <0.05). Regarding
between-treatment performance comparisons, the RFs and AGM ponds produced an
effluent with significantly lower levels of chlorophyll a than the parallel OPs for all
three respective ponds (p < 0.01); however, chlorophyll a concentrations between the RF
and AGM treatments were statistically identical for all parallel ponds down the
treatment series (p > 0.05). Considering the above chlorophyll a data, not only did the
RFs and AGM ponds remove significantly more of the loaded algal biomass than the
OPs, but they were also able to remove this inflowing algal biomass at a significantly
enhanced rate down the pond series than were the OPs. This trend for an increased speed
of removal down the pond series has been evident in all of the respective performance
parameter plots so far (Figures 4.12, 4.19, 4.20 and 4.27) and suggests a greater capacity
for rapid treatment within RFs and AGM systems compared with a standard OP Reactor.
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The data of Figure 4.27 is again represented below as percentage removal efficiency for

each pilot treatment pond (Figure 4.28).
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Figure 4.28. Box-plots showing percentage chlorophyll @ removal performance relative
to pilot plant Influent concentration for all ponds and across all 3 pilot treatment systems
(n > 34 for all plots).

Long term median percentage daily chlorophyll a removals for Pond 1 data across the
three treatments were 64, 39 and 67% for RF, OP and AGM treatments respectively, and
for Pond 3 data, 73, 54 and 72% for the respective RF, OP and AGM treatments (Figure
4.28). When compared statistically to a theoretical zero median chlorophyll a removal,
these average percentage chlorophyll a removal efficiencies were all found to be
significantly non-zero across all ponds of all treatment series at the p < 0.05 level (Table
4.7), suggesting that average long-term algal removals across all treatments were
statistically greater than zero. Unlike prior performance analyses, this time the AGM
pond system was the only treatment train not to yield negative parameter removals on at
least one occasion; although the RFs were not far behind, with just two daily negative
chlorophyll a removals of less than 3.5% each. Conversely to the AGM and RF series,
the OP treatment frequently yielded net increases in chlorophyll a concentration down
the pond series, with a treatment average of four negative removals per pond. This trend

can be seen within the magnitude of the corresponding CV’s for chlorophyll a removal
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performance (Table 4.7), where both the RF and AGM treatment series delivered much

more consistent chlo