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Summary 

Managed aquifer recharge (MAR) is increasingly becoming a component of water resource 

management in water stressed arid and semi-arid countries. Surface waters e.g. stormwater or 

treated wastewaters injected into the aquifer for storage may contain pathogenic bacteria and 

viruses and engineered nanoparticles, which pose a risk to public health upon subsequent surface 

reuse. Understanding the behavior of enteric pathogens and engineered nanoparticles in aquifers 

contributes to the management of this human exposure risk.  

In this study, MS2 F-RNA bacteriophage, Escherichia coli (E.coli) and graphene oxide 

nanoparticles were applied as model virus, bacteria and nanoparticles, respectively. Physically 

simple and chemically clean sand grains, quartz sediments and limestone sediments were also used 

as collectors in batch and column studies. RO water with desired pH and ionic strength and treated 

wastewater obtained from Mount Barker, South Australia were used as aqueous media. 

Additionally, batch experiments of MS2 inactivation by attachment onto the surfaces of pristine 

and biofilm-conditioned limestone sediments were conducted at different contact times, initial 

virus concentrations (103-107 PFU/mL), limestone particle size distributions (0.25-0.5, 0.5-1 and 

>1 mm), temperatures (4 and 22 °C), agitation status (static and dynamic) and aqueous media (RO 

water and treated wastewater). The column experiments were conducted in saturated water 

conditions to mimic the real aquifers. The convection-dispersion equation (CDE) model was used 

to describe the experimental data of tracer (bromide) transport in sand and limestone columns.  

The results of batch studies revealed higher affinity of MS2 to the biofilm-conditioned limestone 

sediments than the pristine ones. Furthermore, in column experiments of tracer and virus transport, 

higher biofilm accumulation in sand columns caused higher virus attachment onto the collectors. 

However, long-term irrigation of limestone columns led to more discharge of virus into the 



xix 

effluents, due to changing the structure of limestone column by causing heterogeneities, due to 

calcite dissolution. Moreover, the biofilm growth and proliferation increased the physical and 

biological clogging of porous media, caused decreasing saturated hydraulic conductivity of 

columns.  

GONPs transport and retention was significantly governed by mineralogical features of porous 

media, in which higher metal oxide/hydroxides enhanced their retention in columns. Moreover, 

high ionic strength of solution not only decreased the transport of GONPs in all columns, but also 

changed the shape of retention profiles (RPs) of GONPs from linear, at low ionic strength, to 

hyper-exponential at high ionic strength. The presence of biofilm in columns also not only 

increased the attachment of nanoparticles onto the surfaces of collectors, but also led to physical 

straining in the column.  

The co-presence of microorganisms in nanoparticle suspension may have a significant influence 

on the transport and retention of GONPs. At high ionic strength, no changes were observed in the 

transport behavior of GONPs, due to the aggregation of microorganisms and nanoparticles. 

However, at low ionic strength, simultaneous enhanced transport and decreased retention of 

GONPs were obtained in the columns, due, primarily, to the competition between microorganisms 

and nanoparticles to occupy surface reactive sites of collectors. 

The presence of biofilm onto the surfaces and interpores of columns, at both batch and columns 

systems, caused higher virus and nanoparticle attachment which can be acted as a biofilter in a real 

MAR site for prevention of pathogenic and engineered nanoparticles discharge in the groundwater. 
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1. Introduction 

Managed aquifer recharge (MAR) is increasingly becoming a component of water resource 

management in water stressed arid and semi-arid countries. Surface waters e.g. stormwater or 

treated wastewaters injected into the aquifer for storage may contain pathogenic bacteria, viruses 

and emerging contaminants, which pose a risk to public health upon subsequent surface reuse. 

Suspended solids and nutrients cause severe physical, chemical and biological clogging of aquifers 

via the production of biofilm. Understanding the behavior of enteric pathogens and emerging 

contaminants e.g. engineered nanoparticles in aquifers conditioned with biofilm contributes 

significantly to the management of this human exposure risk. The following chapter reviews effect 

of different mechanisms on attachment and transport behavior of microorganisms and 

nanoparticles in aquifer sediments.  

 

1.1. Managed aquifer recharge (MAR) 

One of the principal areas proposed by Integrated Water Resources Management (IWRM) is 

reusing wastewater resources to achieve the environmental sustainability (Lazarova et al., 2001). 

In recent years, there is an increasing trend towards reclamation and reuse of wastewater in 

different parts of the world. Extensive growth in population, urbanization and climate change, has 

caused a significant change in the balance between water supply and human demand (e.g., 

agricultural, industrial and domestic) which has led to an increasing demand for drinking water 

resources (Connor et al., 2017). To supply required demand for human water resources, 

groundwater has attracted the attention of hydrologists (Angelakis and Gikas, 2014). Managed 

aquifer recharge (MAR) has been a particular focus, which is a combination of different techniques 
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such as aquifer storage, transfer, and recovery (ASTR) or aquifer storage and recovery (ASR) 

(Ayuso-Gabella et al., 2011). In Australia, there is widespread growth in application of recycling 

urban stormwater via ASR and irrigation of agricultural lands (Vanderzalm et al., 2016).  

Stormwater harvesting and ASR was started in 2003 at Parafield Airport, South Australia at the 

city of Salisbury. The conventional method of water storage such as dam construction has several 

drawbacks including high evaporation, land availability for constructing dam, sediment 

accumulation and spreading human diseases (Bouwer, 2002). However, MAR is a water 

management approach in which a huge volume of low quality water resources such as stormwater 

and treated wastewater are injected directly into the aquifers for compensating groundwater 

scarcity (Dillon et al., 2010). Furthermore, it has been shown that the quality of influents can be 

improved via various, chemical, physical and biological processes in the aquifers (Dillon et al., 

2012). This practice has been applied in different countries such as Israel, the Netherlands, the 

United States and Australia (Rinck-Pfeiffer et al., 2000). In those countries, treated water resources 

are injected into the aquifers and stored for subsequent reuse. The MAR design is site specific. 

Direct injection at predefined aquifer depths, water infiltration ponds, river bank filtration (RBF) 

and farm flooding are considered the most applicable processes applied in MAR schemes. The 

principal benefits of MAR techniques are (a) natural filtration of pathogenic contaminants, (b) 

excessive recharge rates for small surface areas and (c) preventing pollution and loss by 

evaporation of water resources (Tzoraki et al., 2018).  

 

1.2. Different approaches to MAR 

Different approaches in groundwater recharge have been applied in MAR schemes. Generally, 

increasing the groundwater resources using MAR was achieved thereby recharging water in 
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confined and unconfined aquifers via, i) vadose zone infiltration, ii) direct injection and iii) surface 

infiltration. In injection in vadose zone and surface infiltration methods, the subsurface layer plays 

an important role in improvement the water quality of influent through various physical, chemical 

and biological filtration mechanisms (Stuyfzand, 2011). The subsurface infiltration of recharge 

water decreases the amount of total organic carbon, nutrients and chemical pollutants with 

simultaneous saving in the cost of energy and system maintenance (Drewes, 2009). Surface 

infiltration systems are applicable in some zones with highly permeable top layer and a subsurface 

layer without presence of fine particles which limited vertical water movement (Bouwer, 2002). 

Furthermore, in some urban areas, where an increase in the level of the water table may cause 

damage to the infrastructure, the application of surface infiltration is not suitable. In some zones 

which lack  top soil, vadose zone infiltration systems such as multiple recharge trenches and vadose 

zone wells can be implemented (Bouwer, 2002). When top soil is not permeable whereas the layer 

2-3 m below the surface is permeable, the application of recharge trenches would be economical. 

The quality of applied water for vadose zone infiltration is critical which should have negligible 

amounts of suspended particles, nutrients and microorganisms, so the pre-treatment of water 

resources is of great importance (Bouwer, 2002). Both surface and vadose zone infiltration systems 

are economical and applicable for sites with lower lands. However, there is a restriction is 

application of these approaches in aquifers with high water table. Therefore, the application of 

direct injection is common where, i) no permeable top soils and sufficient land areas present for 

surface infiltration, ii) the vadose zone conditions are not appropriate for infiltration and iii) 

aquifers are confined and deep (Bouwer, 2002). It may have two wells for separate injection and 

recovery or single well for doing both of them at the same time.  
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1.3. MAR in limestone aquifer sites in Australia 

In South Australia, there is a widespread consumption of surface and groundwater resources for 

irrigated horticulture and urban populations. Therefore, the abundance of water resources is a 

critical factor for future development in majority regions of the state. In South Australia, the 

research on improving the groundwater resources via MAR has been foregone because of restricted 

and site specific knowledge of water quality to inject into the unconsolidated aquifers (Page et al., 

2011, Page et al., 2014). The practical application of MAR have focused on fractured rock and 

limestone aquifers (Page et al., 2011). From the point of view of clogging, limestone aquifers have 

higher tolerance toward low quality influent water because matrix dissolution maintains hydraulic 

conductivity (Page et al., 2011). Although fractured rock aquifers have shown more complexity 

for characterization of permeability, no comprehensive study has been carried out in Australia. 

Difficulties have been observed in maintaining injection rates in ASR wells in unconsolidated, 

fine-grained aquifers (Jeong et al., 2018). 

Dissolution or precipitation of minerals in limestone aquifer sites change the media permeability 

at various temporal and spatial scales (Dijk et al., 2002). Many studies have reported the presence 

of preferential flow paths in limestone columns, due to mineral dissolution (Buijse, 1997, Hill et 

al., 1995, Dijk et al., 2002). The created macropores and preferential flow paths have a significant 

role in accelerating transport of solutes, microorganisms and engineered nanoparticles and 

changing their breakthrough curves (BTCs) (Eriksson et al., 1997). The rapid transport processes 

decrease the chemical degradation and retardation with matrix media and increase the risk of 

pathogenic and engineered nanoparticle transport from influent to the groundwater resources 

(Morris and Mooney, 2004). Understanding the effect of treated wastewater or stormwater on 
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mineral dissolution in limestone aquifers and the consequent changes to their hydraulic properties 

and structure is a critical for the sustainability of MAR schemes.  

 

1.4. The drawbacks of MAR 

Treated wastewater would be an appropriate MAR alternative source in urban environment, 

although several practical and public health issues have been identified (Page et al., 2018). The 

practical restrictions include clogging of aquifers via the presence of high volumes of suspended 

organic and inorganic materials, microbial mass growth and proliferation and particle precipitation 

by changing pH and redox potentials. Public health considerations are groundwater contamination 

by pathogenic and chemical contaminants such as engineered nanoparticles present in the injected 

water resources. Therefore, if water is not well treated, it may lead to the quick failures of this 

technique. Moreover, the presence of pathogenic contaminants and engineered nanoparticles in the 

wastewater pose a potential risk to humans (Symonds et al., 2009). The nature and dosages of 

microbial contaminants in a typical wastewater is highly dependent on various agents such as, the 

pathogen occurrence in the community, the seasonality of most of pathogens and social economic 

factors where in low socio-economic groups the rate of infection by microbial contaminants is 

high (Toze, 1999).   

 

1.4.1. Aquifer clogging mechanisms 

The term "clogging" which is one of the most critical disadvantages of MAR technique is defined 

as a reduction in porosity and permeability of porous media via different physical chemical and 

biological processes (Bouwer, 2002). The processes operating in porous media clogging are 
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complicated and diverse and the related mechanisms are categorized into three different sections 

physical clogging,  chemical clogging and biological clogging, (Rinck-Pfeiffer et al., 2000, Mays 

and Hunt, 2007). The related processes associated with MAR clogging are as follows: the 

accumulation of suspended particles in the collectors (Rinck-Pfeiffer et al., 2000), mineral 

precipitation via either chemical or biological processes (Baveye et al., 1998), clays swelling and 

dispersion (Konikow et al., 2001), the production of biofilm via growth and proliferation of 

microbial mass by nutrient elements present in the influent (Rinck-Pfeiffer et al., 2000) and air and 

gas entrapment. Results of research on 40 aquifer wells show that over 80 % of them suffer from 

clogging where the role of suspended solids and gas bubbles, microbial mass and chemical 

precipitations is around 70, 15 and 10 %, respectively (Dillon et al., 1994).  

 

1.4.1.1. Physical clogging 

In general, physical clogging occurs by entrapment and attachment of fine suspended solid 

materials into the aquifer grains interpores and surfaces, clay materials dispersion and fine 

materials rearrangement within the porous media (Platzer and Mauch, 1997). The most important 

factor affecting physical clogging is the size of suspended particles in the stormwater and porous 

media (Wang et al., 2012). The intensity of physical clogging has a direct relationship with the 

diameter of suspended solids (Siriwardene et al., 2007). The clogging caused by suspended solids 

can be further categorized as superficial, inner and mixed clogging based on the ratio of effective 

medium pore diameter and suspended solids median grain size (Du et al., 2014). Clay minerals are 

the other ubiquitous particles in aquifers, which exacerbate porous media physical clogging by 

swelling, migration and swelling-induced migration (Konikow et al., 2001). In addition to 

suspended particles size, the ionic strength of solution and hydrodynamics alter the media 
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hydraulic conductivity thereby changing the morphology and stability of retained colloidal 

particles (Mays and Hunt, 2005). The higher permeability happens when larger fluid velocity 

transport a  huge mass of suspended solids (Veerapaneni and Wiesner, 1997). 

Gas bubbles produced by entrapped air and biogenic activities is another factor contributing in 

porous media physical clogging (Beckwith and Baird, 2001). The clogging by gas bubbles can be 

inferred by a significant increase in water level after injection of stormwater (Martin, 2013). The 

biogenic gases (e.g., CO2, N2, H2S and CH4) can be produced by microorganism's metabolism 

which clog the pore throat of large pores, causing increasing water level and decreasing 

permeability of media. The sum of entrapped air and biogenic gases may occupy 7-20 % of pore 

space (Beckwith and Baird, 2001).   

 

1.4.1.2. Chemical clogging 

The concentrations of different ions, solution pH, redox potential and mineralogical characteristics 

of aquifer materials influence pore stability and shape and also determine the saturated hydraulic 

conductivity of aquifers. A decrease in ionic strength of solution and enhancement of the sodium 

adsorption ratio (SAR) causes dispersion of clay particles leading to the pore clogging (Rengasamy 

et al., 1996). The precipitation of different minerals such as carbonate, sulfate and phosphate may 

lead to the chemical clogging of porous media. In most cases, it is not the major cause of porous 

media clogging and may develop after a very long time (Martin, 2013). The presence of 

microorganisms in iron and manganese-bearing media causes the precipitation of Fe(III) and Mn 

oxides. In a typical medium, either carbonate and sulfate or iron and manganese precipitation can 

be observed. Carbonates are easily dissolving in acidic conditions, but sulfate minerals are resistant 

against dissolution, even at low pH values. The iron precipitation has a firm relationship with the 
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concentration of dissolved oxygen in solution. Indeed, mixing aerated shallow groundwater with 

anoxic deep groundwater leads to oxidation of two to three valent iron and subsequently iron oxide 

precipitation, as shown in equations below (Majkić-Dursun et al., 2015): 

Fe2+ + O2 + 2H+ ↔ Fe3+ + 2OH-                (1-1) 

Fe3+ + 3H2O ↔ Fe(OH)3(s) + 3H+              (1-2) 

As discussed above, the precipitation of iron is highly depended on redox potential and calcium 

dissolution is closely related to the solution pH. Therefore, to better understand the chemical 

clogging processes, the measurement of pH and redox potential has to be performed. 

 

1.4.1.3. Biological clogging 

Microbial activities in the aquifers can produce some solid, gas and gel phases. The solid materials 

are their cells and by-products precipitated from their activities such as iron sulfide and iron 

hydroxides (Van Beek and Van der Kooij, 1982). While, the gas phase includes some soluble 

gaseous compounds like dinitrogen or methane (Oberdorfer and Peterson, 1985, Lance and 

Whisler, 1972). The gel phase may be the extracellular polymers, which are known as exo-

polymers that are intrinsically polysaccharide (Cagle, 1975). This phenomenon is extensively 

observed in in-situ bioremediation of different contaminants, aquifer storage management and 

permeable reactive barriers (PRB) construction (Liang et al., 2000, Calderer et al., 2014). Bio-

clogging can be triggered by discharge of recycled water containing large amount of organic 

carbon, nitrogen and phosphorous. The ‘traditional’ view was that the microbial biomass was as a 

biofilm distributed uniformly onto the solid surfaces (Seifert and Engesgaard, 2007). While, others 

stated that microbial micro-colonies are mainly responsible of bio-clogging. Baveye and Valocchi, 
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(1989) proposed three different models for distribution of biofilm in porous media: (i) the unique 

uniform distribution of biofilm, (ii) the non-uniform distribution of micro-colonies and (iii) a 

microscopic approach which assumes that biomass is in a bulk state. Some studies stated that 

bacterial biomass can be non-uniformly -as an aggregate- attached to the porous media (Baveye 

and Valocchi, 1989). Therefore, they attributed the saturated hydraulic conductivity (Ks) reduction 

in porous media to the accumulation of bacterial mass (either as biomass or microbial colonies) 

into the pore structures (Vandevivere and Baveye, 1992a, Vandevivere and Baveye, 1992b). Plate 

1-1 is a schematic diagram that shows different steps of bio-clogging where micro-colonies grew 

from initial phase (Phase I) to the Phase II and III that led to the bio-clogging of porous media 

(Seifert and Engesgaard, 2007). Accordingly, the growth of micro-colonies are observed in which 

the continuous attachment and detachment cause changing the water flow and hydrological 

features of porous media. Additionally, in other articles, the reduction of Ks by 2-3 orders of 

magnitude as a results of pore-clogging with biomass has been reported (Seki et al., 2002). In 

nearly all studies, a similar trend for Ks reduction was reported where it dropped suddenly then 

was followed by a constant trend until the end of experiments. Indeed, there was a remarkable drop 

in Ks ascribed to the accumulation of biomass near the injection point which decrease Ks in the 

inlet end, compared to the outlet end (Baveye et al., 1998). The amount of microbial mass and 

bacteria has a pivotal role on the extent of biological clogging of porous media. Research has been 

performed to find a correlation between number of bacteria and reduction in Ks. Gupta and 

Swartzendruber, (1962) found no significant changes in the Ks of column, when the concentration 

of bacteria was 0.4  106 CFUg, while by increasing the bacteria concentration to 1.3  106 

CFU/garound 100 times reduction was seen in Ks (Gupta and Swartzendruber, 1962). Furthermore, 

Vandevivere and Baveye, (1992d) studied the role of biomass densities of Arthrobacter sp. biofilm 
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on Ks reduction, in which no reduction was seen in Ks at 4 mg/cm3 of biomass density (Vandevivere 

and Baveye, 1992d). However, as biomass densities increased to 10, 20 and 35 mg/cm3, the 

reduction rates of Ks were one, two and three orders of magnitude, respectively. The percentages 

of amount of microbial mass occupied in the columns were 2.4, 4.8 and 8.5 %, respectively.  

As it is obvious, although microbial mass occupied a negligible fraction of pore space, they could 

cause huge reductions in the Ks of columns. So, it can be postulated the specific and direct influence 

of microbial mass on the hydraulic properties of columns (Seki et al., 2002). The microbial mass 

can trigger severe clogging if they grow in the grain contacts or at pore necks of columns. Results 

of Vandevivere and Baveye, (1992d), Vandevivere and Baveye, (1992a), Vandevivere and 

Baveye, (1992c) revealed that the strategic localization of bacterial cells would be due to the 

characteristics of lots of microorganisms to create aggregates of different sizes (Vandevivere and 

Baveye, 1992d, Vandevivere and Baveye, 1992a, Vandevivere and Baveye, 1992c). Particularly, 

no biofilm was produced by Arthrobacter AK19 onto the surfaces of sand grains, while three-

dimensional aggregates were formed at the pores lumen (Vandevivere and Baveye, 1992d).   

Furthermore, bio-clogging of porous media in bioremediation initiatives will not only prevent or 

at least inhibit contaminant transport, but also deviate groundwater flow from its paths to the 

contaminated area (Taylor and Jaffé, 1990). The economic damage of bio-clogging should also be 

considered. For example, in Microbial-Enhanced Hydrocarbon-Recovery (MEHR) treatment 

approach, it can potentially cause significant economic loss to the well bores (Brown, 2010). 

Moreover, biological factors like growth of microbial mass into the aquifers cause huge 

operational costs such as increase in energy required for pumping and well re-development and 

disinfection of microorganisms to prevent clogging (McCarty, 1993, McCarty et al., 1998). 
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Plate 1-1. Schematic diagram depicting biomass growth in porous media (Seifert and 

Engesgaard, 2007) (Reproduced with permission). 

 

1.4.2. Water quality criteria 

All water resources used as influents for MAR need some degree of treatment, due to the presence 

of different chemicals and contaminants. A large number of organic and inorganic colloidal 

particles namely, bacteria, viruses, clay minerals, engineered nanoparticles, humic materials and 

iron and aluminum oxides present in subsurface environment. Groundwater contamination by 

pathogenic microorganisms has led to the pollution of drinking water resources causing a risk to 

human health (Fontes et al., 1991, Scandura and Sobsey, 1997). In confined aquifers, the recharge 

source water is the major source of enteric pathogens. In unconfined aquifers, however,  the other 

sources such as manure spread over pastures and sewage contamination would contribute to 

contamination with pathogens (Dillon, 2009). The applied water resources in MAR sites including 

treated wastewater, stormwater and grey water may have different types and concentrations of 
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pathogenic factors which caused serious risks to human health. Between 1971 and 2002, in the 

United States, around 575,457 cases of diseases and 79 deaths related to drinking fecal polluted 

potable water have been reported (Reynolds et al., 2008). Virus can be discharged into the 

subsurface environment either intentionally or accidentally. Some activities like fractured sewer 

lines, application of polluted municipal wastewater for agricultural irrigation, and constructed 

landfill may accelerate the entrance of viruses into the groundwater (Yates et al., 1985, 

Chrysikopoulos and Sim, 1996). Pathogenic organisms can enter the surface water either by runoff 

or discharged into the groundwater by transport through soil profiles and aquifers. The transport 

and retention behavior of microorganisms in soils and aquifers may be influenced by the following 

factors: (1) attachment to porous media particles, (2) transport into the deeper layers or discharge 

into the groundwater resources and (3) death due to undesired environmental conditions. The 

importance of potable water sanitation and the prevention of microbial pollution, transport and 

retention of bacteria, viruses and pathogenic agents has resulted in extensive investigations over 

last decades. 

Besides viruses and bacteria, the other colloidal-sized particles that are ubiquitous either in 

suspended or deposited states in the environment are engineered nanoparticles. The increasing 

application of engineered nanoparticles, specifically the metal oxides, has been drawn significant 

attention to their interactions with soil and marine environment (Babaei et al., 2015). A group of 

these particles such as zero-valent iron nanoparticles (ZVIN), because of their small diameters and 

immense surface areas, which is an advantage to reduce various contaminants, have widely been 

applied for environmental clean-up (Esfahani et al., 2014). Furthermore, in recent years, graphene 

oxide nanoparticles (GONPs) has attracted the attention of environmentalists, since they are being 

used more extensively in medical, energy and environmental fields (Dreyer et al., 2010). 
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According to the literature, GONPs have potential for bacterial toxicity, cytotoxicity and causing 

lung illness in humans. Therefore, knowledge about transport and retention of GONPs in porous 

media and related mechanisms governing their retention is critical. Transport and retention 

behavior of GONPs have been studied in last decade which exhibited a firm relationship with 

physicochemical features of porous media and aqueous solution. However, there is lack of 

information about GONPs transport in natural aquifers, since most research have been carried out 

in artificial porous media or physically simple and chemically clean sand grains. Therefore, the 

related mechanisms of GONPs retention in real aquifer materials have not been elucidated.   

Until some decades ago, a general belief was that only aqueous and gaseous phases can influence 

the transport behavior of chemicals and particles in the porous media. However, it is totally 

accepted that the suspended solid particles can either facilitate or prevent the mobility of other 

chemicals and particles, depending on the chemical conditions of porous media (Saiers, 2002). 

The majority of research on transport of colloidal particle such as bacteria, viruses and metal 

nanoparticles were performed on individual transport behavior of these particles in porous media 

(Esfahani et al., 2014, Saha et al., 2019, Kanel et al., 2015). However, the presence of either 

suspended or deposited manufactured colloidal particles which are quite ubiquitous in aquifers 

may influence their transport and deposition behavior (Malgaresi et al., 2019). In addition, 

colloidal particles, due to their extensive surface area, enhance adsorption of chlorinated organic 

substances like polychlorinated biphenols (PCBs), polycyclic aromatic hydrocarbons (PAHs), 

heavy metals, and radionuclides (Puls and Powell, 1992).   

Several studies have revealed that bio-colloidal particle (i.e., bacteria and virus) transport and 

retention kinetics was significantly dependent on the presence of either suspended or deposited 

colloids like clay minerals (Vasiliadou and Chrysikopoulos, 2011, Cai et al., 2013), natural organic 
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matter (NOM) (Yang et al., 2012a, Yang et al., 2012b) and metal/metal oxide nanoparticles (Yang 

et al., 2013). Colloid-facilitated transport of bio-colloids may improve their transport to larger 

distance, compared to the absence of inorganic colloids. In addition, nanoparticle transport and 

retention are highly affected by co-presence of colloids, due to changing their agglomeration 

status. In other words, the agglomeration status of nanoparticles can be altered by presence of other 

colloids either with similar or different surface charges (Chowdhury et al., 2012).   

Among these effective particles, clay minerals are the most abundant inorganic particles in 

subsurface environment with over thirty different classes namely, bentonite, montmorillonite, 

elite, kaolinite and so forth (Wilson et al., 2014). Regarding their high specific surface area, 

abundant surface charges and influential environmental factors, clay colloidal particles can either 

facilitate or prevent bio-colloids or nanoparticle transport in porous media (Schroth and Sposito, 

1996). Vasiliadou and Chrysikopoulos, (2011) studied cotransport of suspended kaolinite and E. 

coli in water-saturated glass beads packed columns (Vasiliadou and Chrysikopoulos, 2011). They 

found that bacteria deposition was increased in the presence of kaolinite particles, due to their 

retention onto the solid matrix. Virus transport may also be affected by colloidal clay particles at 

different experimental conditions. Syngouna and Chrysikopoulos, (2013) reported that kaolinite 

and montmorillonite, as two model clay colloids, had significant influence of two bacteriophage 

MS2 and фX174 transport in saturated columns packed with glass beads at different pore water 

velocities (Syngouna and Chrysikopoulos, 2013). According to their research, irreversible 

deposition of bacteria onto the porous media surfaces happened in the presence of suspended clay 

particles. Moreover, MS2 compared to фX174, exhibited more inclination to be attached to clay 

particles. As mentioned above, not only bio-colloids transport may be affected by clay particles, 

but also metal/metal oxide nanoparticle transport is relatively dependent on the type and amount 
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of suspended clay particles. Unlike the findings in cotransport of bio-colloids and clay minerals, 

Cai et al., (2014) found that the presence of bentonite and kaolinite enhanced titanium dioxide 

nanoparticles (nTiO2) transport in sand column with NaCl (Cai et al., 2014). However, in CaCl2 

solutions, a different pattern was observed. The breakthrough curves of nTiO2 were lower and 

higher in the presence of kaolinite and bentonite, respectively.  

Additionally, the huge application of engineered nanoparticles in various manufactures have led 

to their widespread release into the environment. These nanoparticles are ubiquitous in aquatic 

environment and may have some physical or chemical interactions (Qi et al., 2014b, Wang et al., 

2013a). To the best of our knowledge, the majority of research have been conducted on transport 

of one type of nanoparticles. However, releasing various sorts of engineered nanoparticles 

simultaneously into the environment would expected to have influence on their transport. 

Therefore, the simultaneous transport of different nanoparticles deserves greater attention. In this 

regards, Cai et al., (2013) investigated transport of nTiO2 and fullerene nanoparticles (nC60) in 

saturated porous media at various ionic strength and two pH values (i.e. 5 and 7) (Cai et al., 2013). 

They found that at pH of 5, in all the studied ionic strengths, cotransport of nC60 had not significant 

effect on nTiO2 breakthrough curves and retention profiles. While, at pH of 7 a decrease was 

observed in BTCs and retention profiles of nTiO2 in the presence of nC60.  

Another facet of cotransport study would be the interactions between engineered nanoparticles and 

bio-colloids. Not surprisingly, bio-colloids will interact with engineered nanoparticles and their 

transport would be either hindered or facilitated. Yang et al., (2013) studied transport of E.coli and 

carbon nanotubes in saturated porous media at different ionic strengths and compositions (Yang 

et al., 2013). Their results revealed that at low ionic strength, no significant changes were observed 

for BTCs of bacteria transport affected by carbon nanotubes, compared to the absence of 
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nanotubes. On the other hand, with increasing ionic strength, the BTCs of E.coli effected by carbon 

nanotubes showed a considerable decrease. Recently, co-transport of E.coli as model bacteria with 

both carboxyl and hydroxyl functionalized multi-walled carbon nanotubes were performed in 

saturated porous media under various ionic strength and compositions (Han et al., 2016). The 

analysis of BTCs and retention profiles of nanoparticles revealed that without consideration of 

ionic strength, nanoparticle retention was high in the presence of bacteria. On the other hand, the 

most recent paper published on cotransport of microorganisms and engineered nanoparticles 

studied the effect of E.coli on multi-walled carbon nanotubes (MWCNTs) (Yang et al., 2013). The 

most important finding of that was the significant effect of bacteria on enhanced transport of 

MWCNTs and a decrease in their retention, due to high inclination of bacteria to occupy surface 

reactive sites.      

Although transport of engineered nanoparticles and microorganisms in pristine sand grains have 

been performed previously, there is a lack of understanding on interaction between GONPs and 

microorganisms in natural porous media and transport and retention behavior. 

 

1.5. Mechanisms influencing colloidal particle transport and retention in porous 

media 

1.5.1. Attachment/Detachment  

The retention of colloidal particles onto the surfaces of substrate is known as attachment. 

Derjaguin- Landau- Verwey - Overbeek (DLVO) is an approach that has been used for explanation 

of colloidal particle attachment process (Derjaguin and Landau, 1993). Based on DLVO theory, it 

is assumed that the attachment of particles occurs in both short (⩽1 nm) and long (5–10 nm) 
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distances which are termed as primary and secondary energy minima, respectively. The zone 

between these two spaces, the maximum electrostatic repulsion forces can be obtained, which has 

an indirect relationship with the ionic strength of solution (Abbott et al., 1983). The attachment of 

colloidal particles on solid surfaces is divided into reversible and irreversible processes. The 

reversible attachment is derived from a weak bonding between colloidal particles and porous 

media via electrostatic and van der Waals forces (Mozes et al., 1987). While, the irreversible 

attachment is considered as a permanent interaction with significant energy (Marshall, 1971). 

Factors influencing the attachment of colloidal particles onto the substrate surfaces are physical 

(e.g., temperature, biofilm and pore water velocity), chemical (e.g., pH and ionic strength and 

composition) and biological (e.g., hydrophobicity and cell surfaces) (Stevik et al., 2004).  

The term detachment is opposite of attachment of colloidal particles in substrate which is defined 

as separation of colloidal particles from a solid matrix. In some cases, the detachment of particles 

from solid surfaces would be impossible, even by decreasing the ionic strength of solution, because 

of increasing the energy well depth which means that the particles should overcome more attractive 

forces in primary energy minimum. In some cases, decreasing ionic strength thereby diluting the 

concentrations of cations in the solution can lead to the detachment of particles. For example study 

of  Wang et al., (2017a) showed detachment of graphene oxide nanoparticles from sand column 

by decreasing ionic strength (Wang et al., 2017a). In general, ionic strength of solution has a 

significant influence on the retention of nanoparticles onto the surfaces of substrate. Based on the 

classic DLVO theory, by increasing the ionic strength a reduction will happen in the electrostatic 

double layer and repulsive forces between nanoparticles and substrate, which causes enhanced 

retention of nanoparticles. When both colloidal particles and solid surfaces have negative charges, 

there is large electrostatic repulsion between the particles and substrate, which is derived from 
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ineffective screening at low ionic strength conditions (Chowdhury et al., 2013). Increasing the 

ionic strength decreases the diffuse double layer thickness and electronegativity of particles, which 

causes simultaneous decrease in the repulsive electrostatic interaction and increases deposition 

behavior.  

 

1.5.2. Blocking and ripening 

These are two opposite mechanisms governing on particle attachment behavior which cause 

decreasing and increasing nanoparticle retention in porous media, respectively. Blocking is 

considered as a decrease in further nanoparticle deposition onto the substrate surfaces caused by 

previously attached nanoparticles occupying the limited reactive surface area. One of the most 

significant index to recognize the role of blocking on retention of nanoparticles is the shape of 

BTC. The shape of BTC of a non-reactive tracer is symmetrical, which is close to 1 without 

skewness. However, the shape of BTC of nanoparticles affected by blocking would be ascending 

which reflects higher eluted particle in the effluents by further injection. Similar papers have 

reported role of blocking on transport and retention behavior of different nanoparticles in porous 

media (Fan et al., 2015). Dong et al., (2017) found that the main mechanism affected graphene 

oxide nanoparticles (GONPs) in limestone-packed columns was blocking (Dong et al., 2017). The 

shape of retention profile (RP) of nanoparticles is one of the most important factors which shows 

the governing mechanisms on nanoparticle retention in porous media. In most studies, the linear 

shape which shows the equal retained nanoparticles in different parts of porous media has been 

obtained for blocking of nanoparticles in collectors. In contrast, ripening occurs when attached 

nanoparticles act as further attachment sites for suspended nanoparticles (Nascimento et al., 2006). 

Irrespective of the contrast between blocking and ripening mechanisms, they can occur 
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simultaneously within a column, due to chemical and physical heterogeneities. A typical BTC of 

nanoparticle transport affected by ripening shows a decreasing trend with time, because of an 

enhancement in the attachment of suspended nanoparticles with recently deposited particles onto 

the collector surfaces. The RP of deposited nanoparticles by repining would be either exponential 

or hyper-exponential in which higher nanoparticles are attached close to the column inlet, due to 

the attachment to the deposited particles or enhanced aggregation. Findings of Chen et al., (2018) 

showed the exponential shape of retained graphene oxide nanoparticles (GONPs) onto the sand 

columns at high ionic strength (Chen et al., 2018). 

     

1.5.3. Straining 

Straining is a process where suspended nanoparticles are trapped in the pore spaces between 

porous media collectors, preventing their passage through the solid phase. Straining affects 

physical filtration of particles with a wide range of diameters (Tufenkji et al., 2004, Bradford et 

al., 2002). In subsurface environment, there is a wide range of sand or soil particles with different 

size distributions, orientation and configuration. There is, however, a linear relationship between 

the intensity of straining and the diameter of colloidal particles and collectors (Bradford et al., 

2013). The effect of straining on particle deposition occurs when the ratio of colloidal particles to 

collector diameters is over 0.002 (Torkzaban et al., 2008b). In most of the time the breakthrough 

curve of nanoparticles affected by physical straining is relatively flat which is completely different 

with BTCs when blocking and ripening happen. However, in most studies, different RP shape was 

obtained for straining in comparison with ripening in which majority of nanoparticles were 

attached in the inlet end of columns which decreased hyper-exponentially with depth. Plate 1-2 

shows different mechanisms affecting colloidal particle retention in porous media. 
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Plate 1-2. Schematic diagram of different mechanisms on colloidal particle retention in porous 

media (Ma et al., 2018) (Reproduced with permission). 

  

1.6. Factors affecting interaction between nanoparticles and biofilm in porous media 

Various factors affect the interactions between colloidal particles and biofilm onto the surfaces of 

porous media such as environmental conditions, colloidal particles and biofilm characteristics.  

 

1.6.1. Effect of colloidal particle characteristics on interaction between colloidal 

particles and biofilm 

The characteristics of colloidal particles including chemical composition, size distribution, dosage 

and surface charges, especially engineered nanoparticles have a significant influence on biofilm-

porous media systems. Regarding the size of nanoparticles, it affects the antimicrobial ability of 

colloidal particles. Results of Morones et al., (2005) revealed that the size and antimicrobial 

activities of nanoparticles had an indirect relationship (Morones et al., 2005). Further research, Pal 

et al., (2007) reported that the changes in biocidal features of nanoparticles were moderated by 

changing the size of the nanoparticle (Pal et al., 2007). Previous research have showed that 
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engineered nanoparticles penetrated easily into the biofilm when their sizes and negative charges 

were high; the larger size and higher negative charges decreased self-aggregation of nanoparticles 

(Peulen and Wilkinson, 2011). Furthermore, findings of Tripthi et al., (2011) showed that the size, 

charge and surface chemistry of nanoparticles have a significant influence on the behavior of 

nanoparticles in biofilm-conditioned substrate (Tripathi et al., 2011). In terms of nanoparticle 

concentration, it is so hard to determine the exact concentrations of nanoparticles present in the 

environment, estimations have been carried out based on the production and release rates, which 

suggest nanoparticle concentration as µg/L (Mueller and Nowack, 2008, Zänker and Schierz, 

2012). Findings of Agarwala et al., (2014) showed the effect of CuO nanoparticle on biofilm 

formation inhibition when the concentration of nanoparticles was in the range of 0.5 to 2 MIC 

(Agarwala et al., 2014). While, at concentrations of less than 0.5 MIC, a reduction was observed 

in the effect of nanoparticles on biofilm. The surface properties of nanoparticles is another 

important factor influencing the interaction between nanoparticles and biofilm (Jastrzębska et al., 

2012). Indeed, there is a high attraction between positively-charged colloidal particles and 

negatively-charged biofilm surfaces by electrostatic forces. 

 

1.6.2. Effect of biofilm features on interaction between colloidal particles and 

biofilm 

The main part of biofilm would be extracellular polymeric substances which controls the features 

and functions of biofilm. EPS contains 10-82 % protein, 30-60 % humic substances, 7-30 % 

carbohydrates, 3-22 % uronic acids and 2-15 % DNA (Jahn and Nielsen, 1995). EPS components, 

surface irregularities and charges, density and thickness of biofilm determine its interaction with 

colloidal particles. It is apparent that the thinner biofilm more easily attracts colloidal particles 
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than the thicker ones (Sahle-Demessie and Tadesse, 2011). The roughness of biofilm surfaces is a 

critical factor which rougher biofilm entraps higher number of the pathogenic agents from aqueous 

media (Janjaroen et al., 2013). The age of biofilm would be effective on the interaction with 

colloidal particles in which the chance toxicity of nanoparticles to young biofilm is higher than the 

older ones due to the lower thickness and density of EPS protected cells. The surface charges of 

biofilm determined the electrostatic interactions between biofilm and nanoparticles. The surface 

charge expresses by zeta potentials and electrophoretic mobility in which by the attachment of 

positive charges nanoparticles onto the biofilm the negative charges would be decreased (Joo and 

Aggarwal, 2018).   

 

1.6.3. Effect of environmental conditions on interaction between colloidal particles 

and biofilm 

The surfaces of nanoparticles can be functionalized in the aqueous matrix which changes their 

surface features. Several studies have reported the creation of ''corona'' layer onto the nanoparticle 

surfaces when discharged into the aqueous media (Cedervall et al., 2007). For example, the 

presence of humic materials in natural organic matters would be adsorbed onto the surfaces of 

ENPs which changes the stability of nanoparticles in aqueous solution (Jastrzębska et al., 2012). 

The biofilm with higher density may limit nanoparticle and solute diffusion in biofilm body 

(Renslow et al., 2010). Results of Tong et al., (2010) showed higher attachment of C60 

nanoparticles onto the silica surfaces conditioned with EPS at different ionic strength and fluid 

velocity in which the deposition of nanoparticles was more influenced by flow rate and ionic 

strength than EPS (Tong et al., 2010). In addition, the nanoparticle retention on biofilm-

conditioned collectors were not interpreted by DLVO forces, revealing the role of non-DLVO 
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forces such as surface roughness and irregularities and C60-protein interaction on enhanced 

nanoparticle deposition. Findings Fabrega et al., (2009) of showed that the presence of Suwannee 

River Fulvic Acids (SRFA) caused higher silver nanoparticles uptake and bioaccumulation on 

Pseudomonas putida biofilm, due to the long-term influence of biofilm structure and function 

(Fabrega et al., 2009). However, in the absence of SRFA, the interaction between silver 

nanoparticles and P.putida biofilms led to considerable biofilm sloughing from the surface. Sahle-

Demessie and Tadesse, (2011) reported the effect of pH on the interaction between TiO2 

nanoparticles and biofilm prepared as superporous spherical beads from agarose in controlled 

environmental conditions (Sahle-Demessie and Tadesse, 2011). Their results showed that the 

attachment of nanoparticles by biofilm at acidic conditions was 40 % higher than neutral 

conditions due to the high colloidal stability of nanoparticles at alkaline environment.  

  

1.7. Effect of biofilm on mechanistic approach of retention of colloidal particles in 

porous media 

Surface conditioning of porous media collectors with biofilm alters transport and retention 

behavior of nanoparticles. Recently, there has been a widespread interest on working on the effect 

of surface conditioning of porous media grains on mechanisms of particle retention. According to 

the literature, the enhanced retention of colloidal particles onto the surfaces of biofilm-conditioned 

porous media can be attributed to the changes in DLVO forces, increasing surface roughness of 

collectors and physical straining.   
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1.7.1. Changing DLVO interaction energies 

The sum of attractive or repulsive forces between nanoparticles and collector surfaces is described 

by classical Derjaguin-Landau-Verwey-Overbeek (DLVO) theory (Deraguin and Landau, 1941). 

In general, high values of maximum energy barriers (Фmax) and less negative value of secondary 

(Фmin2) energy minimum show higher electrostatic repulsive forces between colloidal particles and 

substrate, which prevent particle retention in substrates.  The zeta potential of particles shows the 

dominant surface charges in which the more negative values represent the higher negative surface 

charges on the surfaces of collectors. According to the literature, less negative values of zeta 

potential of biofilm-conditioned collectors have been reported, compared with pristine ones, which 

was attributed to the charge neutralization of surfaces by biofilm growth. Therefore, colloidal 

particles in the presence of biofilm-coated collectors experienced less negative surface charges, 

which decrease the electrostatic repulsive forces between colloidal particles and collectors and 

consequently higher attachment (according to classical DLVO considerations). Figure 1-1 shows 

the calculated DLVO interaction energies between graphene oxide nanoparticles (GONPs) and (a) 

pristine and (b) biofilm-conditioned sand grains at different ionic strengths. Accordingly, higher 

Фmax and less negative Фmin2 were observed in pristine columns than the biofilm-conditioned ones, 

which indicate the role of biofilm on enhanced retention of GONPs by changing the DLVO forces 

(He et al., 2017).  
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Fig 1-1. Calculated DLVO interaction energies between GONPs and (a) pristine and (b) biofilm-

conditioned sand grains (He et al., 2017) (Reproduced with permission). 
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1.7.2. Surface properties 

Chemical and physical heterogeneities of collector surfaces have been recognized as the most 

critical factors affecting particle retention behavior, even at unfavorable attachment conditions 

(Tufenkji and Elimelech, 2005a). Biofilm growth on collector surfaces increase physical 

heterogeneities by producing higher irregularities and surface roughness which produce favorable 

attachment sites for nanoparticle retention at both favorable and unfavorable attachment 

conditions. The produced regions caused less hydrodynamic forces and torques and flow vortices 

for nanoparticles (Taneda, 1979, Vaidyanathan and Tien, 1988). Findings of He et al, (2017) 

showed that the SEM images of biofilm-conditioned sand grains had higher surface irregularities 

than pristine ones which led to the enhancement in GONPs retention in porous media (He et al., 

2017). However, a contradictory result has been reported in the literature. In some cases, biofilm 

growth onto the surfaces of substrates occupies the reactive surface sites, which decrease the 

attachment efficiency of the adsorbent. Findings of Mayotte et al., (2017) showed that the sand 

grains obtained from a MAR site containing 15 times higher organic carbon than the sand from 

the same source had lower MS2 sorption rate (Mayotte et al., 2017). Furthermore, the mechanisms 

of attachment of MS2 onto the sand grains with higher and lower organic was reversible and 

irreversible, respectively. 

 

1.7.3. Physical straining 

It is widely reported in the literature that the growth of microbial biofilm inside of columns, 

especially in pore vacancy causes decreasing porosity and permeability (Dupin and McCarty, 

2000). However, higher microbial biofilm growth and proliferation has been observed in the 
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column inlet, compared to the other parts, which decreases significantly with increasing distance 

from column inlet. Rinck-Pfeiffer et al., (2000) found that total biomass in the inlet end of 

limestone-packed columns was higher than the deeper areas, because of the abundance of oxygen 

and required nutrient elements (e.g., N, P, K and etc) for biofilm growth (Rinck-Pfeiffer et al., 

2000). He et al., (2017) used X-ray micro-computed tomography to find the changes in porosity 

of sand columns conditioned with different sorts of biofilm which obtained a considerable decrease 

in the porosity of biofilm-conditioned columns than pristine ones (He et al., 2017). The critical 

condition for physical straining of colloidal particles is the diameter of the colloidal particles and 

porous media. When the ratio of colloidal particle diameter to the porous media collector is less 

than 0.002, physical straining of particles is insignificant (Torkzaban et al., 2008a). The presence 

of biofilm in columns with a higher ratio than 0.002 causes trapping of particles into the inter 

spaces. The key factor in determining the effect of physical straining on colloidal particle retention 

in porous media is when the retention profiles (RPs) of nanoparticles changes from linear to hyper-

exponential, which indicates the higher attachment of colloidal particle close to the inlet end of 

column. Numerous studies have shown that the presence of biofilm changed the RP shape of 

nanoparticles in comparison with pristine columns. Han et al., (2016) reported the hyper-

exponential shape of RPs for ZnO nanoparticle in biofilm-conditioned sand columns. But, the 

shape of RPs of ZnO in pristine columns was exponential at high ionic strength (Han et al., 2016). 

So, the similarity of RPs of nanoparticles in biofilm-conditioned columns with fine columns in 

which the ratio of nanoparticles to collector diameter is higher than 0.002 shows the similar 

mechanism Therefore, it shows that the physical straining of nanoparticles in biofilm-conditioned 

columns in independent of ratio of nanoparticles to collector, in which nano-sized particles were 

physically trapped in coarse biofilm-conditioned columns.  
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1.8. Comparison with previous literature 

From the review above, it is obvious that the application of treated wastewater in aquifers not only 

triggers porous media physical, chemical and biological clogging, but also causes groundwater 

contamination via pathogens and engineered nanoparticles. However, the effect of biofilm on 

limestone aquifers, as a chemical and geological reactive aquifer, is likely different to that of non-

reactive aquifers. Previous studies on porous media clogging in a simulated managed aquifer 

recharge system mainly focused on the artificial or chemically and physically simple porous media 

(Cunningham et al., 1991). Clean and simple porous media was used in studies focusing on the 

role of biofilm in decreasing the porosity and hydraulic permeability of porous media. Therefore, 

the role of porous media chemical and mineralogical features on clogging of MAR sites, either via 

microbial growth and proliferation or media dissolution, was overlooked. Rinck-Pfeiffer, (2000) 

in a study on limestone aquifer sediments described the role of biofilm on calcite dissolution, which 

maintained a higher saturated hydraulic conductivity, in comparison with sand grains similarly 

modified with biofilm (Rinck-Pfeiffer, 2000). Furthermore, they found that the amount of 

produced microbial mass in authentic aquifer materials was higher than sand grains. This 

phenomenon was due to the preferential attachment of bacteria to the rich-nutrient substrates. 

Furthermore, the surface charges of bacteria and porous media collectors would be another 

possible reason for higher production of microbial mass in native aquifer materials. Therefore, the 

significant difference in the amount of biofilm in native substrates and the subsequent effects on 

porous media dissolution, supports the need for further research using native aquifer materials for 

simulation of a managed aquifer recharge sites. 
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In addition, in most transport studies of colloidal particles in porous media, clean sand grains or 

glass beads have been applied as collectors, which are not the representatives of natural aquifers 

(Sasidharan et al., 2017b, Wang et al., 2018). A native aquifer material contains different species 

and quantities of metal oxide/hydroxides, which have an influence on the attachment behavior of 

colloidal particles, due to the grain surface charge heterogeneities. This is exemplified by the 

finding that 5 % of calcite in the media caused a significant retention of Escherichia coli in 

columns (Foppen and Schijven, 2005). In addition, in some studies the distribution of metal oxides 

(Fe2O3, Al2O3, MgO and CaO) onto the surfaces of collectors increases the attachment of 

microorganisms by one or two orders of magnitude (Schijven and Hassanizadeh, 2000). Moreover, 

regarding matrix dissolution in carbonaceous aquifers, the created preferential flow paths and 

macropores accelerate the transport of microorganisms and engineered nanoparticles in columns, 

which poses a significant risk for groundwater resources. In the literature of colloidal particle 

transport in limestone-packed porous media, no significant attention has been paid on the role of 

preferential flow paths on particle transport in the columns (Stevenson et al., 2015).    

Furthermore, production of natural biofilm in the columns through long-term application of treated 

wastewater containing high amount of total organic carbon (TOC), nutrients and suspended solids 

and microorganisms significantly affects attachment/detachment, transport and retention behavior 

of colloidal particles. In addition to the changing of surface properties of biofilm-conditioned 

aquifer substrate, the growth and proliferation of biofilm in aquifers by application of treated 

wastewater changes the structure of aquifers via either decreasing porosity and permeability or 

increasing the preferential paths by matrix dissolution. Therefore, there is lack of information 

about the relationship between biofilm-induced clogging, transport and retention behavior of 

microorganisms and engineered nanoparticles. The overall conclusion of this review is that much 
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research has been performed on porous media clogging and transport/retention behavior of 

colloidal particles, further research is required on microorganisms and engineered nanoparticle 

retention in native aquifer materials to determine any relationship between transport and retention 

behavior of colloidal particles in a limestone-based managed aquifer recharge site in the presence 

of biofilm.  
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Aims and objectives 

The main aim of this research was understanding the attachment/detachment behavior of 

microorganisms and nanoparticles using natural aquifer substrates in batch and continuous 

systems. Furthermore, this research focused on the role of natural biofilm produced by treated 

wastewater on hydrogeological features of porous media and transport behavior of microorganisms 

and nanoparticles. Finally, the specific objectives of this thesis are outlined below: 

1- Investigate the attachment and detachment of MS2 virus to/from limestone aquifer material 

at different temperature, agitation status, initial virus concentrations and substrate particle 

size distributions. Moreover, study the role of attached biofilm onto the surfaces of aquifer 

material on either enhanced or decreased attachment of virus at different temperature and 

agitation status.  

2- Study effect of short and long-term irrigation of sand and limestone-packed columns with 

treated wastewater on physical, chemical and biological properties of porous media. 

Furthermore, investigate the surface and morphological characteristics of sand and 

limestone aquifer material conditioned with treated wastewater to facilitate growth of 

natural biofilm. Finally, finding the effect of production of natural biofilm on transport of 

virus in limestone-packed column in saturated conditions. 

3- Study the effect of mineralogical features, temperature, ionic strength and composition on 

transport and retention behavior of graphene oxide nanoparticles (GONPs) in saturated 

porous media. In addition, study the role of biofilm on surface and hydrological features of 

porous media and transport behavior of GONPs in saturated porous media. 

4- Investigation of cotransport of GONPs with MS2 and E.coli to find the role of 

microorganisms on transport and retention behavior of GONPs in limestone aquifer 
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material. Furthermore, identifying the mechanisms governing GONPs retention in porous 

media with and without co-presence of microorganism in suspension. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



33 

2. Materials and methods 

This chapter outlines the details of experiments performed in whole parts of this study including 

preparation of colloidal particles (e.g., virus, bacteria and nanoparticles) and porous media (e.g., 

sand, quartz and limestone aquifer materials), batch experiments of MS2 inactivation via 

attachment onto the collectors, virus transport, nanoparticle transport and retention and co-

transport of nanoparticles with virus and bacteria in porous media.  

 

2.1. Preparation of aquifer materials and clean sand grains 

The tertiary limestone aquifer materials were obtained from a site in Virginia, South Australia 

from depth -102 to -108 m at latitude -34 ° 42 ' 44 '' and longitude 138 ° 34 ' 9''. Furthermore, 

quartz sediments were obtained from Muno Para West, South Australia at latitude -34 ° 40 ' 5'' and 

longitude 138 ° 40 ' 31''. The obtained materials from sites were loose and disturbed with different 

size distributions containing small grains to larger blocks and plants and animal residues. The 

materials were extracted, rinsed with reverse osmosis (RO) water (Milli Q) and dried in an oven 

at 40˚C. Then, the materials were crushed using a hammer, ground and passed through a stainless 

steel sieve to attain three different size distributions (e.g., small: 0.25-0.50 mm, medium: 0.5-1 

mm and coarse: 1-2 mm). Although in natural carbonaceous aquifers, water containing colloidal 

particles may pass through fractures, in this study, we used packed columns with disturbed 

limestone grains with specific size distributions to study the interaction between aquifer materials, 

surfaces and colloidal particles. For all transport experiments, uniform limestone grains with 0.25-

0.50 mm particle size were used as porous media, while recognizing this size distribution does not 

represent the natural conditions of obtained materials. The raw materials were used in column 
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experiments without further pre-treatment, except the other materials were conditioned with 

treated wastewater for production of biofilm. The specific gravity of samples was obtained using 

pycnometer method (Gee and Bauder, 1986). Plate 2.1 shows the borehole site from which the 

limestone aquifer materials were obtained. 

In addition, sand grains were applied as a simple and model porous medium and prepared as 

discussed in the literature (Mattison et al., 2011). In this regards, the sand grains were rinsed using 

reverse osmosis (RO) water (Milli Q), 0.1 M hydrochloric acid and 5 % (v/v) hydrogen peroxide 

for removal of organic matter, metal and metal oxide impurities. Then, sand grains were washed 

with RO water for pH equilibration and dried at 90 °C in an oven.  
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Plate 2.1. Borehole site (Virginia, South Australia) from which the limestone aquifer materials 

were collected. 
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2.2. Preparation of colloidal particle suspension  

2.2.1. Bacteriophage  

MS2, F-RNA bacteriophage (ATCC # 15597-B1) was used in all experiments to study its 

inactivation via attachment onto the substrate surfaces. MS2 host Escherichia coli (E. coli) was 

grown (37 °C, overnight) in a 10 mL suspension of tryptone soya broth (TSB) containing 0.15 g 

ampicillin sodium salt and streptomycin sulphate antibiotic stock solution. The ampicillin and 

streptomycin stock solution was prepared by addition of 0.15 g of both ampicillin sodium and 

streptomycin sulphate to 100 mL RO water followed by mixing using a magnetic stirrer. The 

obtained solution was passed through a 0.2 µm syringe filter and kept into some 10 mL yellow-

capped tubes and frozen (-20 °C) for future use. 

To prepare MS2 stock solution, 5 mL of E.coli suspension, grown in TSB and 5 mL of MS2 

suspension was added to 10 mL double strength 1.5% tryptone soya agar (TSA) containing 1% of 

the ampicillin/streptomycin antibiotic stock solution. This suspension was added to a Petri dish 

containing a base layer of TSA, mixed, allowed to set and incubated overnight at 37⁰C.  

Following incubation, MS2 was harvested by flooding the plate with 5 mL 0.5 % tryptone water 

(Oxoid), incubated for 45 min at 37⁰C, over which time the plate was gently swirled 3-4 times. 

The resulted suspension was passed through a 0.22 µm syringe filter to remove of E.coli. The 

obtained MS2 stock solution was kept in 100 mL solution containing 90 mL half strength solution 

and 10 mL glycerol at freezer at -20 °C. 

The concentration of MS2 in the stock solution and in suspensions from experimental treatments 

was measured using the TSB double layer agar (DLA) method adapted from (Noble et al., 2004) 

and (Debartolomeis and Cabelli, 1991). Finally, the grown MS2 were reported as plaque forming 

units (PFU) per 1 mL.  
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2.2.2. Bacteria 

Escherichia coli: Escherichia coli (ATCC # 700891) was used as model bacteria to study its effect 

on transport and retention behavior of GONPs. The E.coli suspension was prepared by addition of 

an E.coli colony to 100 mL tryptone soya broth (TSB; Oxoid) and 0.15 g ampicillin sodium salt 

and streptomycin sulphate antibiotic stock solution and grown at 37 °C overnight. Then, the 

obtained bacteria suspension was centrifuged at 3000 rpm for 15 min. The concentration of E.coli 

in the stock solution was determined (108 MPN/100 mL) using Colilert (IDEXX Laboratories, 

Maine, USA) according to the manufacturer’s instructions.  

 

2.2.3. Graphene oxide nanoparticle (GONPs) 

Single layer graphene oxide with thickness 0.8-1.2 nm prepared by Hummer’s method (according 

to the manufacture) were purchased from ACS Material, Medford, MA. The stock solution of 

nanoparticles was prepared by addition of 100 mg GONPs to 1000 mL RO water which was 

sonicated for 2 h using an ultrasonic bath (Cooper surgical 895, USA). GONPs stock solution was 

diluted to a working solution (25 mg GONP/L) and at different ionic strengths (10 and 50 mM 

NaCl and 1 and 5 mM CaCl2) and used for all transport studies. The pH of nanoparticle suspension 

was adjusted to 7.5 using 0.1 M NaOH and 0.1 M HCl solutions. Finally, the zeta potentials of 

GONPs suspension were determined using a zetasizer instrument (Malvern, Zetasizer Nano Series, 

Nano-ZS) at 4 and 22°C.  

The concentration of GONPs in the solution was measured using a UV-visible spectrophotometer 

(UV-1800 Shimadzu, Japan) at 226 nm wavelength. In this regards, the calibration line was 
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prepared for GONPs by measuring the absorbance at 226 nm of different concentrations of GONPs 

(0-50 mg/L). The residual GONPs concentrations in each effluent sample was determined using 

the linear regression equation of calibration curve. The lack of interference by MS2 (107 PFU/mL) 

and E.coli (108 MPM/100 mL) on the measurement of GONPs was confirmed by comparison of 

absorption at 226 nm following their addition to calibration concentrations of GONPs. The 

calibration curves of GONPs either individually or with co-presence of microorganisms are shown 

in Figure 2-1. 
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Fig 2-1. Calibration curves of GONPs (mg/L) either individually or with co-presence of 

microorganisms (The initial concentrations of MS2 and E.coli were 107 PFU/mL and 108 

MPN/100 mL, respectively). 
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2.3. Analyses of nanoparticles, microorganisms and porous media 

The surface and morphological features of GONPs, pristine and biofilm-conditioned (see below) 

porous media were examined using scanning electron microscopy (SEM, Inspect D50). In this 

regards, for nanoparticles, the suspensions of GONPs either individually or with the co-presence 

of microorganisms at different ionic strengths were prepared. Then, 1 mL of suspension was 

extracted using a pipette and dropped on a grid for drying. However, in terms of porous media, 

samples were first fixed via 2.5 % (v/v) glutaraldehyde solution. Afterwards, a series of ethanol 

with different concentrations (30-100 %) were used to dry the sample. Finally, several grains of 

samples were poured on a grid and their SEM images were taken. The crystalline characteristics 

of porous media grains were also determined using a Bruker Advance D8 Eco XRD instrument 

(Co-Kα radiation, λ = 1.79 Å). Furthermore, X-ray fluorescent (XRF, PANalytical Axios 

Advanced instrument) was applied for determination of the amount of metal oxides in the structure 

of porous media. The presence of different surface functional groups on the porous media grains 

was determined by application of Fourier transformed infrared spectroscopy (FTIR- PerkinElmer/ 

Frontier) technique. Energy dispersive X-ray spectroscope (EDS) installed on a SEM instrument 

was also applied to characterize the elemental analysis of porous media grains.   

The structural visualization of the biofilm on porous media was studied using a confocal laser 

scanning microscope (CLSM, Leica TCS SP5 at Flinders Microscopy and Microanalysis). The 

process of preparation of samples was performed by washing with phosphate buffer solution (PBS) 

and staining via carbohydrate-recognizing lectin concanavalin A (ConA)-Alexa Fluor 488 

(Molecular Probes, Inc., Eugene, OR) for 30 min and then washing with RO water to remove the 

excess ConA. Then, the detection of fluorescent sediments was performed at 488 nm and a PMT 
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detector set to capture 510-610 nm emission. The processing of the initial images to obtain 3-

dimensional images was performed using Imaris software (version 8.3).  

 

2.4. Measurements of the composition of treated wastewater 

In this study, in order to create biofilm onto the surfaces of aquifer materials, treated wastewater 

was obtained from Mount Barker, South Australia. Several chemical and biological characteristics 

of treated wastewater were measured as follows:  

 

2.4.1. Acidity (pH) 

pH of treated wastewater was measured using a pH-meter (Eutech) at room temperature (22±2 °C) 

 

2.4.2. Nutrient analysis 

Total nitrogen (TN) and total organic carbon (TOC) were measured using a total organic carbon 

and nitrogen analyzer (TOC-LCSH TNM-L analyzer, Shimadzu). However, the concentrations of 

nitrate (NO3
-), nitrite (NO2

-), ammonium (NH4
+) and phosphorous (PO4-P) were determined using 

a Foss instrument (FIAstar 5000 Analyzer, Sweden) based on the APHA Standard Methods for 

the Analysis of Water and Wastewater. 

 



42 

2.4.3. Cation and anion analysis 

The concentrations of several cations including calcium (Ca2+), magnesium (Mg2+), sodium (Na+) 

and potassium (K+) and several anions such as chloride (Cl-) and bromide (Br-) were determined 

using ion chromatography (Metrohm, Switzerland).  

 

2.4.4. Turbidity and total suspended solids (TSS) 

The turbidity of treated wastewater samples, before and after experiments were measured using a 

Hach spectrophotometer (DR 2000) at 450 nm wavelength. In this regards, first, 25 mL RO water 

was added to the glass tubes to auto zero instrument. Afterwards, the turbidity of sample was 

measured and reported as FTU. 

The TSS of treated wastewater was measured by filtering 100 mL through a pre-dried (105⁰C 

overnight) and weighed a filter pad (GF/C, 90 mm, Whatman, 1822-090). Afterwards, the filter 

pad was dried and weighed again. Then, the TSS of treated wastewater sample was obtained via 

equation below: 

final initial

1000
TSS(mg/L)=W -W ×

V

 
 
 

            (2-1) 

where, Winitial and Wfinal are the initial and final weigh of filter pad (g), respectively. V is the volume 

of solution (mL). 
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2.4.5. Alkalinity 

A specific volume of water sample before and after experiments was poured into a conical flask. 

Then, several drops of phenolphthalein indicator were dropped into the sample which turned the 

color into pink. Afterwards, the titration was performed by 0.02 M HCl solution while the pink 

color was disappeared. However, for samples which did not show any changes with 

phenolphthalein indicator, some drops of methyl orange indicator were added into the samples 

which changed the color to orange. Then, the titration of sample was done using 0.02 M HCl while 

the solution color turned into red. The amounts of consumed acid were measured and used to 

determine the alkalinity. Finally, the amount of alkalinity was reported based on the concentration 

of calcium carbonate (mg CaCO3/L).   

 

2.5. Batch experiments of virus inactivation 

MS2 inactivation by attachment onto limestone grains was studied in a series of batch experiments 

at different particle size distributions with both treated wastewater and RO water under static and 

dynamic conditions at 4 and 22 ˚C temperatures. A working virus solution was prepared by 

addition of 1 mL of virus stock solution (above) to 1 L RO water and then shaken vigorously to 

create homogeneous virus suspension. Where a range of MS2 concentrations (103-107 PFU/mL) 

were used in the experiments they were prepared from the working solution diluted to the desired 

concentrations with RO water. The pH of the suspension was adjusted to 7.5 using 0.1 M NaOH 

and 0.1 M HCl solutions. The concentration of virus in the solution was measured immediately 

after preparation of virus suspension.  
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To prevent or at least minimize virus inactivation by attachment onto the internal walls, acid 

washed (6 N HCl) sterile (121˚C for 16 min) PyrexTM glass screw-cap tubes were used in all 

incubations. The sterilized glass tubes were filled with 2.5 g limestone and 25 mL virus suspension 

(1:10 w/v), to ensure absence of air bubbles to prevent the effect of air-water interface (AWI) on 

virus inactivation (Chrysikopoulos and Aravantinou, 2012). In addition, parallel control 

experiments, in the absence of limestone, were incubated under the same conditions using 25 mL 

virus suspension. All incubations were conducted in the dark (Sinton et al., 2002). The static 

experiments were conducted in quiescent conditions at both 4 and 22 ˚C. In contrast, in the 

dynamic experiments, the tubes containing virus suspension with limestone aquifer grains and the 

respective control incubations were gently shaken using a rotary shaker for 24 h to establish an 

equilibrium between the aquifer material and MS2. On completion of the incubations, the tubes 

were centrifuged (1000 × g for 10 min; Phonix, Australia) to separate limestone from aqueous 

solution. Then, 1 mL virus suspension was pipetted from the tubes and the equilibrium MS2 

concentration in the suspensions was determined using double layer agar method (Noble et al., 

2004). All experiments were carried out in triplicate and the mean values ± standard deviation 

were reported. The virus inactivation by attachment onto the limestone surfaces was reported as 

log10 fraction removal using Equation (2-2): 

 
 0

10
N

tN
Log                                       (2-2) 

where, N(t) is the virus concentrations (PFU/mL) at time t in reactor and control tubes. While, 

N(0) is the initial virus concentration (PFU/mL).  

Additional batch incubations were performed with limestone ‘conditioned’ by incubation with 

wastewater obtained from Mount Barker, South Australia, to encourage biofilm development. The 



45 

wastewater was stored in non-reactive plastic containers in a cold room at 4 ˚C prior to use. 100 g 

of limestone grains were added to 1 L (10 % w/v) conical flasks containing treated wastewater. 

Then, the flasks were sealed with aluminum foil and shaken (22 °C, 100 rpm, Innova 4) for two 

months to enable the formation of biofilm on the surfaces of limestone particles. In addition, in 

order to keep 10 % w/v solid/solution ratio, the specific amounts of fresh treated wastewater were 

added into the bottles to compensate for evaporative loss. Following the two month incubation the 

wastewater was decanted and used to prepare MS2 suspensions (25 mL) for use in batch 

incubations with the conditioned limestone (2.5 g). The methods where then as described above 

for the RO water incubations. The amount of produced biofilm was measured via a total organic 

carbon (TOC, SSM-5000A, Shimadzu, Japan) analyzer instrument. In addition, the organic matter 

of both pristine and biofilm-conditioned limestone grains as an index of biofilm was measured 

using loss on ignition (LOI) method (Dean, 1974). In this regards, the samples were dried in an 

oven at 105 °C overnight in pre-weight ceramic boats, equilibrated in a desiccator at room 

temperature and weighted (D105). Then, the samples were combusted in a muffle furnace at 550 

°C, followed by reweighting (D550). Finally, the amount of produced microbial mass was obtained 

via the differences between D105 and D550. In order to prevent intervention of biomass of native 

materials, parallel control LOI determinations were conducted on samples from columns 

containing pristine substrates. During the experiments, care was taken on the experimental factors 

which could possibly intervene into the results such as humidity and organic matters attached onto 

the surfaces of the ceramic boats. Therefore, before weighting samples, all ceramic boats were first 

washed with 1 M HCl and RO water, dried in an oven at 105 °C for 12 h and burnt in a muffle 

furnace at 900 °C for 4 h.   
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2.6. Virus transport experiments 

The plexiglass columns with 9 cm length and 2.5 cm inner diameter, with stainless steel mesh 

screens at either end, were wet-packed in separate 1 cm increments with porous media grains, 

gently vibrated and also tapped simultaneously using a small rod in order to prevent preferential 

flow paths and to release air trapped in the interpores. The columns were wrapped in aluminum 

foil to prevent virus inactivation as a result of light penetration (Sinton et al., 2002). Treated 

wastewater from the wastewater treatment plant in Mount Barker, South Australia was passed 

through a filter pad (GF/C, 90 mm, Whatman, 1822-090) and kept in a non-reactive plastic 

container at 4 ˚C, prior to conducting experiments. Wastewater was injected, at a constant flow 

rate using a peristaltic pump (Watson Marlow, UK), upward through the column over different 

durations, short (2 weeks) and long (8 weeks) (Godinez and Darnault, 2011). The specific gravity 

(ρs) of limestone and sand grains was calculated using the pycnometer method (Gee and Bauder, 

1986). The porosity (n) of columns was obtained from the particle density and the bulk density 

(Equation 2-3)  

s

bn



1                     (2-3) 

where, ρb and ρs respectively represent the bulk density (g/cm3) and particle density (g/cm3) of 

the aquifer material.  

In addition, the saturated hydraulic conductivity (Ks) of columns was determined using the falling 

head method, before and after the column experiments (Bagarello et al., 2004). The wastewater 

effluent from the columns was gathered at different time intervals to determine the chemical and 

biological composition. Calcium carbonate and bicarbonate concentrations were also determined 

using the titration method (Federation and Association, 2005). 
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Transport behavior of tracers was studied in saturated sand and limestone-packed columns fed 

with treated wastewater for different time periods (2 and 8 weeks). Breakthrough curves (BTC) 

were constructed by injecting a 10 pore volume (PV) pulse of tracer (10 mg/L Br-) in a background 

solution upward into the column, followed by 10 PVs background solution (treated wastewater) to 

complete the Br- BTCs. The concentrations of Br- in the samples collected were determined by ion 

chromatography (Metrohm, Switzerland).  

10 PVs of MS2 suspension containing 109 plaque forming units (PFU)/mL in treated wastewater 

was prepared and injected upward into the column at a similar flow velocity as that used to 

construct the BTC. After feeding columns with virus suspension, background solution (treated 

wastewater) equivalent to 10 PVs was injected into the columns to complete the MS2 BTCs. To 

determine the detachment behavior of MS2, 10 PVs RO water were injected followed by 10 PVs 

3 % Beef Extract solution (Oxide, UK) at pH 10. Effluents were gathered at every half pore volume 

in 25 mL glass tubes. The obtained data were used to plot BTCs of tracer and MS2 transport as a 

function of dimensionless relative concentration (C/C0), where C0 and C are the initial and 

measured Br- (mg/L) or MS2 concentrations (PFU/mL), respectively, against pore volume. All 

transport experiments were carried out at room temperature (22 ± 2 ˚C).  

Upon completion of the experiments, the columns were excavated and divided to 9 sections each 

of 1 cm length. The produced biofilm was measured using loss on ignition (LOI) method (Dean, 

1974). The porous media grains of different parts of the columns were analyzed using SEM 

technique (SEM, Inspect D50) to visualize their surface morphological characteristics. The CLSM 

analysis was also used for finding the production of biofilm onto the surfaces of biofilm-

conditioned substrates. The apparatus used for the transport experiments is shown in Plate 2.2. 
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Plate 2.2. The experimental setup of virus transport experiments in different porous media (1: 

influent containing treated wastewater, tracer and virus, 2: effluents, 3: experimental column and 

4: peristaltic pump). 
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2.7. Saturated hydraulic conductivity measurement using falling head method 

To find the saturated hydraulic conductivity of pristine and biofilm-conditioned sand and 

limestone-packed columns, the falling head method was applied. In this regards, columns were 

filled completely with porous media grains. Then, a head of water with burette was produced on 

the top of column which was connected to the inlet end of column and the other side of column 

was closed by a clamp. Afterwards, the column was saturated using RO water to maintain a steady-

state flow rate. Then, the water was discharged into the column from burette at specific time 

periods. The decrease in the height of water in burette at different time-intervals were measured. 

Finally, the hydraulic conductivity was measured, based on the following formula: 

1

0

h

h
ln

At

aL
k                                                            (2-4) 

where, a is surface area of burette (cm2), A is surface are of column (cm2), L is length of column 

(cm), t is time of decreasing height of water (min). h0 and h1 are the initial and final heights of 

water in the burette (cm), respectively. The schematic diagram of measuring Ks has been illustrated 

in Figure 2.2. 
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Fig 2.2. Schematic diagram of measurement of saturated hydraulic conductivity using falling 

head method. 
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2.8. Batch sorption of GONPs 

Batch sorption experiments of GONPs onto the surfaces of sand, quartz and limestone sediments 

were carried out at different temperatures (4 and 22 °C) and ionic strengths and compositions (10 

and 50 mM NaCl and 1 mM CaCl2). The experiments were carried out by changing one factor and 

keeping the other factors constant. In this regards, 2.5 g adsorbents were added to acid washed (6 

N HCl), sterile (121˚C for 16 min) PyrexTM glass screw-cap tubes containing 25 mL of 25 mg 

GONP/L at pH 7.5, which was adjusted using 0.1 M NaOH and 0.1 M HCl to the desired ionic 

strength. The tubes were shaken on a rotary shaker for 3 h, which is similar to the time of transport 

experiments (below). At the end of reaction, the residual concentrations of GONPs in supernatants 

were measured using a UV-visible spectrophotometer (UV-1800 Shimadzu, Japan) at 226 nm 

wavelength (Jian-Zhou et al., 2015). Parallel control experiments were performed without 

adsorbents to determine the attachment of GONPs onto the internal surfaces of glass tubes. The 

experiments were performed in triplicate and the results were reported as mean ± standard 

deviation.  

  

2.9. Graphene oxide transport experiment  

In order to perform the transport experiments of GONPs in saturated porous media, initially, the 

columns were flushed with approximately 10 pore volumes (PV) of the respective background 

solution (10 and 50 mM NaCl and 1 mM CaCl2 ionic strength, pH 7.5) at a constant flow rate of 

1.7 mL/min. 10 PVs of the conservative tracer bromide (10 mg/L Br-) were injected, followed by 

10 PVs of the respective background solution to complete the breakthrough curve (BTC) of tracer, 

to obtain the pore volume of column and assess the presence or absence of preferential flow paths 
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within the column. The columns were flushed with 10 PVs of the respective background solution 

to provide a homogeneous surface charge throughout the column.  

The column experiments were conducted, in a thermostatically controlled cold room at 4°C and at 

room temperature (22°C) both at various ionic strengths. A flask containing 25 mg GONP/L was 

sonicated for 30 min to obtain a homogeneous suspension of nanoparticles. Then, 10 PVs of 

GONPs suspension –with the same pH and ionic strength of background solution- were injected 

into the column followed by addition of 10 PVs background solution. The column effluents were 

gathered at different time intervals in 50 mL plastic tubes to determine the GONPs residual 

concentrations. At the end of each breakthrough curve experiment, the spatial distribution of 

retained GONPs in porous media was determined, as discussed in section 2-10 (Lanphere et al., 

2013). The residual GONPs concentrations were measured using a UV-visible spectrophotometer 

(UV-1800 Shimadzu, Japan) at 226 nm wavelength (Jian-Zhou et al., 2015) from calibration 

curves obtained using 0-50 mg GONP/L concentrations (R2=0.99). Finally, the breakthrough 

curves of GONPs were plotted based on relative GONP concentration (C/C0) against pore volume 

(PV). The measurements were performed three times and the results were reported as mean ± 

standard deviation. Furthermore, the colloidal stability of GONPs was measured at 4 and 22 °C in 

10 and 50 mM NaCl and 1 mM CaCl2 solutions. In this regards, 3 mL of 25 mg GONP/L 

suspension at the respective ionic strengths were added in a quartz cuvette and the absorbance was 

measured every 6 min for 3 h under quiescent conditions.    

Similar experiments were also conducted in biofilm-conditioned porous media at 22°C. To 

establish a natural biofilm in the columns, the columns were saturated by upward injection of the 

treated wastewater at 1.7 mL/min for approximately 10 days to ensure that a layer of biofilm was 

generated on the surfaces of substrates. Then, 5 PVs of background solution was injected into the 
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columns to remove any loose bacterial colonies and the adsorption of the effluents at 226 were 

measured using a UV-visible spectrophotometer (UV-1800 Shimadzu, Japan) to ensure low 

background absorbance values of effluents at volumes equivalent to 5 PVs. The other stages of 

transport experiments of GONPs in biofilm-conditioned porous media were as for those described 

above for the pristine porous media.  

  

2.10. Dismantling columns 

After end of each breakthrough curve experiment, the spatial distribution of retained GONPs in 

porous media was determined. In this regards, the columns were excavated in 1 cm increments and 

the material transferred into 50 mL plastic vials, following addition of 20 mL 1 mM NaOH solution 

the vials were shaken using a rotary shaker for 2 h. The supernatants were extracted for measuring 

the residual GONPs concentrations and hydrodynamic diameters and the porous media grains were 

dried in an oven at 60 ᴏC for over 12 h to find their quantities (Lanphere et al., 2013). Different 

steps of dismantling of limestone-packed column after end of GONPs transport tests are shown in 

Plate 2.3.  
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Plate 2.3. Different steps of dismantling limestone-packed columns after end of transport 

experiments (a: extraction of each centimeter of column, b: addition of separated porous media 

in plastic tubes, c: addition of 1 mM NaOH into plastic tube and d: shaking plastic tubes 

containing porous media and 1 mM NaOH for GONPs detachment). 
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2.11. Cotransport experiments of graphene oxide and microorganisms 

The transport experiments of graphene oxide nanoparticles (GONPs) were commenced by 

injection of 5 PVs GONPs either with or without presence of E.coli (108 MPM/ 100 mL) and MS2 

(107 PFU/mL), followed by 5 PVs of particle-free solution to flush all GONPs at 10 mM NaCl and 

5 mM CaCl2. Several experiments were conducted using columns pre-saturated with MS2 or 

E.coli, followed by injection of GONPs at the desired ionic strength to determine the role of surface 

collector's blockage on nanoparticle retention rate.   

Additional experiments were carried out using porous media conditioned with biofilm developed 

using treated wastewater obtained from Mount Barker, South Australia. In this regard, the columns 

were fed continuously with treated wastewater for 10 days to stimulate biofilm development onto 

the surfaces of collectors. Afterwards, similar experiments as described above were performed at 

low ionic strength. Furthermore, following the completion of transport experiments, the columns 

were dissected to find the spatial distribution of retained GONPs. After end of experiments, the 

amount of produced biofilm was measured using LOI method and the residual concentrations of 

retained and eluted GONPs were measured using a UV-visible spectrophotometer at 226 nm (UV-

1800 Shimadzu, Japan) as described above. The surface morphological of collectors and the 

biofilm structure were also studied using SEM (SEM, Inspect D50) and CLSM (Leica TCS SP5) 

instruments, respectively. Finally, the hydrodynamic diameter of retained GONPs were measured 

using a dynamic light scattering instrument (Malvern, Zetasizer Nano Series, Nano-ZS). All 

measurements were performed in triplicate and the results are presented as mean ± standard 

deviation. 



56 

2.12. Data analysis 

2.12.1. Kinetic studies 

In order to study the kinetics of MS2 inactivation under various experimental conditions, the 

Geeraerd and Van Impe (Geeraerd et al., 2005) inactivation model-fitting tool was applied 

(GinaFit, Version 1.5; KU Leuven, Belgium). Following inspection, a non-linear model with 

shoulder and tail was used as shown in Equation 2-5 (Geeraerd et al., 2005):  

               (2-5) 

where, kmax is the virus inactivation rate (h-1), N0 and Nres are the initial and residual virus 

concentrations in the solution (PFU/mL), Sl is the shoulder length (h) which is the required time 

for beginning the inactivation of virus and t is the reaction time (min).  

  

2.12.2. Statistical analysis 

Analysis of variance (ANOVA) was applied for evaluation of the role of agitation status, 

temperature, initial virus concentrations, adsorbent particle size distributions and biofilm on MS2 

inactivation rate. Mean differences were compared through LSD test (p < 0.05). The statistical 

analysis was performed by SPSS software (version 16) for Windows and the Figures were plotted 

using Microsoft Excel. 

 

2.12.3. Transport of tracer 

The tracer transport (Br-) in this study was described using an advection-dispersion equation 

(ADE) (Mallants, 2014). 
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The dispersivity (λ) and dimensionless Peclet number (Pe) were obtained via the following 

equations: 

λ=D/ν                             (2-6) 

eP =L/λ                                      (2-7) 

where, ν is the pore water velocity (cm/min), D is the hydrodynamic dispersion (cm/min2) and L 

is the length of column (cm). 

 

2.12.4. DLVO theory 

Total interaction energy, which is defined as the sum of the attractive Lon-don van der Waals 

(VDW) interaction and the repulsive electrostatic double layer (EDL) interaction was obtained via 

classical Derjaguin-Landau-Verwey-Overbee (DLVO) theory, assuming sphere-plate interaction 

(Derjaguin and Landau, 1993). The zeta potentials of minerals and nanoparticles at different ionic 

strength and conditions in place of surface potentials were measured using a Zetasizer instrument 

(Malvern, Zetasizer Nano Series, Nano-ZS) and used for calculation of interaction energy profiles. 

The calculations for applied energies are as follows: 

ФTOT = ФVDW + ФEDL                         (2-8)                                           

                        (2-9)       

                                                                                                             

(2-10) 

where, A123 is the overall Hamaker constant of the interacting media, which was obtained using  
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the equation below: 

                                                                              (2-11) 

where, Awater, Asand and AGONPs are the individual Hamaker constants for water (3.70 × 10− 20) 

(Israelachvili, 1992), sand (8.86 × 10− 20) (Bergström, 1997) and GONPs (6.34 × 10− 20) 

(Feriancikova and Xu, 2012). Furthermore, h is the separation distance between collectors and 

nanoparticles (nm), rp is the hydrodynamic radius of particles (m), λ is the characteristics 

wavelength (100 nm), ε0 is the vacuum dielectric permeability (8.85×10-12 CV-1m-1), εr is the water 

dielectric constant (78.5). ψp and ψs are the zeta potentials of particles and collectors (mV), 

respectively,  is the reciprocal of Debye length, which can be obtained using the following 

equation: 

 

                                                                                                   (2-12) 

where, T is the temperature (K), kB is the Boltzmann constant (1.38×10-23 J/K), NA is the Avogadro 

number (6.02×1023 mol-1), Is is the ionic strength of solution and e is the electron charge (1.602×10-

19 C).  
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3. Role of biofilm on virus inactivation in limestone aquifers: 

Implications for managed aquifer recharge 
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3.1. Highlights 

 MS2 inactivation by attachment on limestone aquifer at different experimental conditions. 

 Effect of biofilm on MS2 inactivation by attachment onto the surfaces of limestone aquifer 

materials. 

 Role of treated wastewater on inactivation of MS2 on limestone aquifer materials. 

 

This Chapter is based on the following publication: Amirhosein Ramazanpour Esfahani, Okke 

Batelaan, John L. Hutson and Howard J. Fallowfield. Role of biofilm on virus inactivation in 

limestone aquifers: Implications for managed aquifer recharge. Journal of Environmental Health 

Science and Engineering (in-press, DOI: 10.1007/s40201-019-00431-5).  
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3.2. Abstract 

Virus, as nano-sized microorganisms are prevalent in aquifers which threaten the groundwater 

resources quality and human health wellbeing. Virus inactivation by attachment onto the limestone 

surfaces is a determining factor in the transport and retention behavior of virus in carbonaceous 

aquifers. In the present study, the inactivation of MS2 -as a model virus- by attachment onto the 

surfaces of limestone grains was investigated in a series of batch experiments under different 

conditions such as limestone particle size distribution (0.25-0.50, 0.5-1 and 1-2 mm), treated 

wastewater and RO water, temperature (4 and 22˚C), initial MS2 concentrations (103-107 PFU/mL) 

and static and dynamic conditions. The experimental data of MS2 inactivation was also fitted to a 

non-linear kinetic model with shoulder and tailing. The characteristics of biofilm onto the surfaces 

of limestone aquifer materials were assessed using scanning electron microscopy (SEM) and 

confocal laser scanning microscopy (CLSM). The inactivation rate of virus decreased with 

increasing the adsorbent diameter. Furthermore, virus inactivation was greater at room temperature 

(22˚C) than 4 ˚C, in both static and dynamic conditions. The inactivation of virus via attachment 

onto the limestone aquifer materials in dynamic conditions was higher than under static conditions. 

In addition, fitting the experimental data with a kinetic model showed that virus inactivation was 

high at higher temperature, smaller limestone grains and dynamic conditions. Moreover, the 

experiments with treated wastewater showed that in authentic aqueous media, the virus 

inactivation was considerably higher than in RO water, due to the presence of either monovalent 

or divalent cations and surface roughness created by biofilms. Finally, in terms of managed aquifer 

recharge systems, the presence of biofilm increases bacteria and virus retention onto the aquifer 

surfaces. 
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 3.3. Introduction 

Recently, the human demand for clean and safe drinking water resources is strongly increasing 

(Esfahani et al., 2013, Abuzerr et al., 2018). Although groundwater resources, compared to the 

surface waters, are more tolerant of pollution, the discharge of treated wastewater and stormwater 

containing microbial pollutants into the aquifers has been recently considered a great threat for 

subsurface water resources  (Macler and Merkle, 2000). Human pathogenic viruses (and various 

surrogates, MS2,PRD1,фX174) are quite ubiquitous in the subsurface environment, which may be 

derived from either intentional or accidental discharges  (Hundesa et al., 2006). Virus can enter 

groundwater resources through discharge of municipal wastewater, wide application of faecally 

contaminated water and sewage sludge for agricultural activities and leakage of septic tanks 

(Anders and Chrysikopoulos, 2005); (Bradford et al., 2006). In addition, the practice of artificial 

groundwater recharge has grown in order to compensate for the fast depletion of aquifers, which 

has led to the discharging of microbial-polluted water into the subsurface environment (Maxwell 

et al., 2003). Indeed, the release of viruses into the environment is a potential danger for public 

health (Lipson and Stotzky, 1983). Furthermore, their presence in high concentrations in 

groundwater resources can be ascribed to a lack of efficient conventional water treatment 

techniques (Lee and Kim, 2002) (Chen and Elimelech, 2007). Therefore, in order to prevent viral 

diseases, it is critical to identify the various environmental factors influencing virus transport and 

retention in aquifers.  

In general, a large number of factors such as inactivation by attachment and detachment to/from 

solid collectors and environmental factors potentially influences on virus interactions with solid 

surfaces (Anders and Chrysikopoulos, 2006). Additionally, the intensity of interaction between 

viruses and collector surfaces can be determined by different environmental factors such as pH of 



63 

solution, temperature, ionic strength and composition (e.g., presence of mono or divalent cations), 

the amount of organic matter and metal oxides (Sasidharan et al., 2016) (Pham et al., 2009) 

(Bhattacharjee et al., 2002) (Chrysikopoulos and Aravantinou, 2014).  

Furthermore, virus inactivation may demonstrate different behaviors depending upon the physical, 

chemical, mineralogical and surface characteristics of the porous media. Chrysikopoulos and 

Aravantinou (2014) reported that quartz sand grains had an interaction with MS2 and фX174 

viruses under different experimental conditions such as temperature, adsorbent size distributions 

and agitation status (Chrysikopoulos and Aravantinou, 2014). Clay particles are ubiquitous in the 

subsurface environment, which can adsorb viruses, due to their high specific surface areas, 

expandability and ion exchange capacity (Zhang et al., 2010). Bellou et al., (2015) and  Zhou, 

(2011) showed, at different temperatures and ionic strengths, the significant effect of kaolinite and 

montmorillonite on the attachment of human adenoviruses and coliphages (Zhou, 2011, Bellou et 

al., 2015).   

Carbonaceous (limestone and dolomite) aquifers are globally important resources for potable water 

(Mondal and Sleep, 2013). In these aquifers, the groundwater pH is generally buffered at 7. 

However, the surface charges of aquifer minerals at either neutral or high pH values are negative 

which is quite unfavorable for virus removal. Therefore, these aquifers pose a risk for drinking 

water resources from the point of view of pathogenic pollution. In order to manage the risk of 

groundwater resources pollution in carbonaceous aquifers, the interaction between limestone 

material and viruses, under different experimental conditions, needs to be understood. In majority 

of studies on virus interaction with substrate, the surfaces of substrate have been considered 

physically clean and simple. However, natural porous media contains different microbes that can 

produce biofilm on the surfaces of aquifer grains. Biofilm consists of several layers of bacteria 
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which can be accumulated on a surface and surrounded by a matrix of extracellular polymeric 

substances (EPS) (Smirnova et al., 2010). Surprisingly, little attention has been paid by 

hydrogeologists to the interaction between microorganisms and biofilm in the subsurface 

environment. An exception was a laboratory study of the transport of colloidal particles through 

biofilm-conditioned porous media, where the biofilm was produced using a culture of 

Pseudomonas putida  (Jian-Zhou et al., 2015). However, in real MAR sites, the natural biofilm 

derives from a plethora microorganisms with different features. Therefore, in this study, we used 

treated wastewater obtained from a wastewater treatment plant in Mount Barker to produce natural 

biofilm on the limestone aquifer grains  

The MS2 virus, which is not a pathogenic agent and has also been studied in previous research 

(Thompson et al., 1998, Weng et al., 2018, Hijikata et al., 2016), was used in this study as a 

surrogate for pathogenic viruses. It is an F-specific RNA virus with a size of 24–26 nm (Pang et 

al., 2014), a hydrophobic protein coat and an isoelectric point of 4.1. Its host is Escherichia coli 

(E.coli) (Chrysikopoulos and Syngouna, 2012). Although the study of virus attachment onto the 

different solid materials was previously performed (Chrysikopoulos and Aravantinou, 2014) 

(Schiffenbauer and Stotzky, 1982, Tong et al., 2012), to the best of our knowledge, no study 

focused on the role of limestone materials on virus inactivation at different experimental 

conditions. In addition, all previous studies used engineered, pure and synthetic materials to 

evaluate their role on virus removal. While, the novelty of present research is application of the 

authentic subsurface materials in batch tests of MS2 inactivation. Therefore, the principal aim of 

this research was to investigate the inactivation of MS2 virus onto the surfaces of limestone with 

different particle size distributions under different initial virus concentrations and temperatures 

under static and dynamic conditions. The obtained experimental data of virus inactivation were 
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fitted with a log-linear with shoulder and tail kinetic model (Geeraerd et al., 2005). Additionally, 

to simulate the real environmental conditions, treated wastewater collected from a wastewater 

treatment plant in Mount Barker, South Australia was used as an aqueous medium to produce 

biofilm and to determine its influence on surface properties of limestone and consequently MS2 

inactivation.  

 

3.4. Results and discussion 

3.4.1. Characterization of limestone aquifer material 

The calculated specific gravity of limestone aquifer materials was 2.55 g/cm3. Results of XRD 

analysis showed that the aquifer materials consisted of a significant amount of calcite with 

negligible quantities of dolomite and quartz (Fig 3-1a). In addition, based on XRF analysis, the 

aquifer materials contained 46.41 % CaO, 9.59 % SiO2, 2.84 % MgO, 1.63 % Fe2O3, 0.41 % Al2O3, 

0.21 % K2O, 0.20 % SO3, 0.07 % Na2O, 0.03 % MnO, 0.02 % P2O5 and 38.56 % loss on ignition. 

Furthermore, results of EDS analysis revealed the presence of O, Ca, C, Mg and Si in the body of 

aquifer grains (Fig 3-1b). Finally, according to the FTIR spectrum of aquifer materials (Fig 3-1c), 

three sharp peaks were observed in the region of absorption at 712.66, 872.20 and 1404.32 cm-1 

attributed to calcite as the highest proportion of aquifer material. A slight peak was also observed 

between 1000 and 1200 cm-1, indicating the presence of quartz in the limestone aquifer material. 

Furthermore, the FTIR spectrum of dolomite can be characterized at 727 cm-1. But, in this study 

no obvious peak was observed in this domain which may be attributed to the low amount of 

dolomite in the structure of limestone aquifer materials that was confirmed by the results of EDS 

and XRF techniques. 
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Fig 3-1. XRD diagram (a), EDS (b) and FTIR spectra (c) of limestone aquifer materials (C: 

calcite, Q: quartz and D: dolomite). 
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3.4.2. Effect of agitation and temperature 

The agitation status and temperature are two most critical factors affecting virus inactivation in the 

presence of solid surfaces (Chrysikopoulos and Aravantinou, 2014). Fig 3-2 shows the log10 

removal of MS2 over the reaction time, due to the inactivation by attachment onto the surfaces of 

small particle size (0.25–0.50mm) aquifer material under static and dynamic (mixed) incubation 

conditions. MS2 inactivation rate in the presence of limestone was significantly higher than those 

of the controls in the absence of limestone. For example, in 4 °C static treatment, MS2 inactivation 

rate in the control incubation (−0.03) was significantly lower than incubations in the presence of 

limestone (−0.07; p < 0.05). Indeed, in the control experiments, the most likely causes of virus 

inactivation are dark die off inactivation and attachment to the internal surfaces of reactors. 

However, in reactive experiments with the presence of solid surfaces, the removal of virus is the 

sum of the above-mentioned processes together with inactivation by attachment onto the surfaces 

of substrate. The maximum log10 (Nt/N0) removal of MS2 at 22 °C in the presence of limestone 

was −0.38 in the dynamic incubation, compared with −0.15 when incubated statically. Agitation 

in the dynamic incubation increases contact between virus particles and the limestone surfaces 

thereby enhancing the chance of collision between these particles and reducing the resistance to 

mass transfer (Anders and Chrysikopoulos, 2006). Furthermore, this observation can be ascribed 

to the presence of air-liquid and air-solid interfaces in dynamic conditions, which were not 

effective in virus inactivation in static conditions. Similar findings have been reported in other 

studies (Chrysikopoulos and Aravantinou, 2012) (Anders and Chrysikopoulos, 2005). In addition, 

Fig 3-2 shows that virus inactivation in both static and dynamic experiments was higher at the 

higher temperature. Accordingly, the maximum virus inactivation was observed with log10 

removal of −0.38 at 22 °C under dynamic incubation. While, at 4 °C under dynamic incubation, 
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the maximum virus log10 removal was −0.12. This may be damage due to high temperature on 

some viral components that are necessary for infection (Harvey and Ryan, 2004). Bellou et al., 

(2015) similarly reported a considerable increase in MS2 inactivation when increasing the 

incubation temperature from 4 to 22 °C (Bellou et al., 2015).  

Results of kinetic studies of MS2 inactivation on aquifer material in both control and reactive 

experiments under static and dynamic incubation conditions, at both 4 and 22 °C are reported in 

Table 3-1. As can be seen from Table 3-1, the significantly high correlation coefficients (R2) and 

low root mean square error (RMSE) and sum of squared error (SSE) demonstrate the accuracy of 

the model applied to fit the experimental data of MS2 inactivation. Furthermore, kmax, which is a 

reliable virus inactivation index, of the control experiments, in the absence of limestone, is lower 

than reactive experiments, where limestone is present. In addition, although no trend was observed 

for Sl (h), by increasing the temperature and agitation, in both control and reactive experiments, 

the kmax (h
-1) was higher at room temperature than at 4°C and in dynamic, compared with static 

incubations. 
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Fig 3-2. Log10 removal of MS2 due to attachment on small particle size (0.25 -0.50 mm) 

limestone aquifer materials incubated under static and dynamic conditions and at 4 and 22°C 

(initial MS2 concentration: 103 PFU/mL), in the presence (ᴏ) and absence (●) of limestone 

substrate. The error bars smaller than dots are not shown.
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Table 3-1. Kinetic studies of MS2 inactivation in the presence (reactive) and absence (control) of limestone aquifer material at 4 and 

22°C under static and dynamic conditions in RO water (particle size; small (0.25-0.50 mm); medium (0.5-1.0 mm) and coarse (1-2 

mm). 

Experimental 

conditions 

aC0 (PFU/mL) 
Control experiments  Reactive experiments 

bkmax (h-1) 
cSl (h) dR2 eRMSE fSSE Particle size kmax (h-1) Sl (h) R2 RMSE SSE 

4°C static 2.48 × 103 0.74±0.13 0.43±0.34 0.982 0.0024 0.0000 Small 0.64±0.23 0.48±0.28 0.975 0.005 0.0000 

4°C dynamic 2.80 × 103 0.78±0.07 0.68±0.07 0.955 0.0038 0.0000 Small 0.69±0.03 0.88±0.75 0.956 0.0130 0.0002 

22°C static 3.71 × 103 0.86±0.37 1.05±0.67 0.975 0.0044 0.0000 Small 1.22±0.39 0.65±0.26 0.990 0.0069 0.0001 

22°C dynamic 3.28 × 103 0.95±0.65 0.87±0.44 0.983 0.0054 0.0000 Small 1.38±0.72 1.34±0.28 0.982 0.0276 0.0008 

22°C dynamic 3.31 × 104 0.73±0.32 0.57±0.68 0.974 0.0061 0.0000 Small 1.35±0.49 2.06±0.25 0.969 0.0246 0.0006 

22°C dynamic 3.53 × 105 0.68±0.15 0.71±0.44 0.951 0.0083 0.0001 Small 1.25±0.52 2.08±0.30 0.972 0.0221 0.0004 

22°C dynamic 2.73 × 106 0.79±0.14 0.62±0.10 0.935 0.0087 0.0001 Small 1.23±0.25 2.15±0.08 0.960 0.0230 0.0006 

22°C dynamic 3.24 × 107 0.66±0.08 0.72±0.48 0.948 0.0069 0.0001 Small 1.13±0.23 2.24±0.12 0.970 0.0186 0.0003 

22°C dynamic 3.19 × 103 1.05±0.31 1.38±0.08 0.980 0.0065 0.0000 Medium 1.31±0.08 1.45±0.19 0.988 0.0136 0.0001 

22°C dynamic 4.21 × 104 1.03±0.36 1.14±0.39 0.979 0.0055 0.0000 Medium 1.27±0.24 1.55±0.04 0.979 0.0168 0.0003 

22°C dynamic 3.48 × 105 0.94±0.03 1.43±0.09 0.974 0.0060 0.0000 Medium 1.18±0.26 1.58±0.14 0.974 0.0164 0.0003 

22°C dynamic 4.29 × 106 0.90±0.08 1.35±0.05 0.964 0.0064 0.0000 Medium 1.13±0.11 1.70±0.13 0.980 0.0122 0.0001 

22°C dynamic 3.37 × 107 0.89±0.17 1.50±0.75 0.945 0.3236 0.0001 Medium 1.03±0.22 2.02±0.23 0.985 0.0110 0.0001 

22°C dynamic 3.50 × 103 0.97±0.15 0.91±0.17 0.975 0.0064 0.0001 Coarse 1.20±0.15 1.72±0.09 0.965 0.0192 0.0004 

22°C dynamic 3.93 × 104 0.95±0.31 0.91±0.35 0.983 0.0048 0.0000 Coarse 1.15±0.12 1.04±0.12 0.984 0.0110 0.0001 

22°C dynamic 2.80 × 105 0.91±0.31 1.20±0.31 0.962 0.0065 0.0001 Coarse 1.14±0.15 1.83±0.28 0.985 0.0101 0.0001 

22°C dynamic 3.18 × 106 0.86±0.09 1.46±0.45 0.972 0.0045 0.0000 Coarse 1.13±0.37 1.81±0.30 0.969 0.0137 0.0002 

22°C dynamic 4.40 × 107 0.78±0.06 1.68±0.22 0.940 0.0069 0.0001 Coarse 1.04±0.12 1.73±0.37 0.968 0.0121 0.0001 

a Initial MS2 concentration. b Virus inactivation rate. c Shoulder length. d Coefficient of determination. e Root mean square error. f Sum of squared error.
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3.4.3. Effect of particle size distributions and initial virus concentrations 

In a typical aquifer, the medium consists of materials of different particle sizes, which may 

influence on the inactivation of microorganisms. This study determined the inactivation of MS2 at 

five different initial MS2 concentrations (103–107 PFU/mL) by attachment onto the surfaces of 

aquifer materials of different particle size distributions (i.e., small, medium and coarse). The 

results confirmed that the MS2 inactivation in the presence of limestone particles was significantly 

higher than in those incubations where limestone was absent (Fig 3-3, control), irrespective of the 

initial concentration of MS2. In addition, an indirect relationship was observed between the 

particle size and MS2 inactivation rate. At initial virus concentration of 103 PFU/mL in three 

different particle size distributions 0.25-0.50, 0.5-1 and 1-2 mm, the MS2 log10 fraction removal 

were obtained -0.38, -0.24 and -0.19, respectively. Increasing particle size likely reduces, the 

available reactive sites decreasing virus inactivation via attachment onto the adsorbent surfaces. 

Although the grain shape of the aquifer materials with different size distribution was similar since 

they were obtained from the same source, the number of attachment sites on smaller particles is 

higher than larger ones. Chrysikopoulos and Aravantinou (2014) in a research on interaction of 

two bacteriophages MS2 and ΦX174 with quartz sand grains with different diameters also reported 

higher virus inactivation rates in smaller particle size distributions (Chrysikopoulos and 

Aravantinou, 2014). Results of kinetic studies of MS2 inactivation using limestone with different 

particle size distribution are illustrated in Table 3-1. Higher values of kmax (h
-1) were observed for 

reactive treatments than the controls, indicating more MS2 inactivation in reactive treatments, 

compared to the control ones at all initial MS2 concentrations and limestone size distributions. 
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Furthermore, by decreasing the particle size of aquifer materials, an increase in the value of kmax 

(h-1) was observed. 

In addition, MS2 inactivation rate was high at lower initial virus concentrations in both control 

and reactive experiments. Indeed, when incubated with the small particle size material, the mean 

MS2 inactivation rate showed a statistically significant decrease from −0.38 to −0.21, (p = 

0.000361) when the initial MS2 concentration was increased from 103 to 107 PFU/mL. This 

observation can be ascribed to increasing virus aggregation in high virus concentrations (Mattle et 

al., 2011). Increasing the initial virus concentrations in the solution, increases the likelihood of 

creating a virus sub-population, which leads to the presence of virus with high resistance to 

inactivation (Mattle et al., 2011). The findings of kinetic studies also showed that kmax (h
-1) at all 

particle size distributions, showed a decreasing trend with increasing initial MS2 concentration. 

However, an indirect relationship was observed between kmax (h-1) and Sl (h). Where, a sharp 

increase was observed by increasing initial MS2 concentrations. Similar results were reported by 

Ng et al., (2016) who investigated the effect of bromide on the photocatalytic inactivation of 

bacteria in aqueous media (Ng et al., 2016).   

Furthermore, contact time is a very crucial factor for the removal of adsorbate molecules onto the 

solid surfaces (Babaei, 2014, Islam et al., 2019, Ali et al., 2018, Dalvand et al., 2018). Depending 

on the physical and chemical features of adsorbents and intrinsic nature of viruses, the equilibrium 

contact time of virus inactivation is quite different. In this study, the inactivation ofMS2 by 

attachment on the limestone surfaces attained equilibrium at 4 h after which the changes in MS2 

inactivation were negligible. However, results of Bellou et al., (2015) showed that hAdV, MS2 

and ΦX174 inactivation using the kaolinite and bentonite was a slower process and equilibrated 

after 7 days (Bellou et al., 2015).
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Fig 3-3. MS2 inactivation determined simultaneously in the presence of limestone aquifer materials of different particle size 

distributions (reactive), small particles (0.25-0.50 mm; ●), medium (0.5-1.0 mm;   ) and coarse (1-2 mm; ■) and in the respective 

controls in the absence of limestone material. The inactivation rates were determined at five initial MS2 concentrations at 22°C under 

dynamic conditions. The error bars smaller than dots are not shown.
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3.4.4. Effect of biofilm 

Limestone aquifer substrate (0.25–0.50 mm) was pre-incubated for 2 months with secondary 

treated wastewater obtained from Mount Barker Wastewater Treatment Plant, South Australia to 

condition the surface with biofilm. The chemical and biological properties of wastewater, before 

and after incubation with the limestone, are presented in Table 3-2. Batch incubation with MS2 

were performed to determine the effect of conditioning the limestone on MS2 inactivation under 

static and dynamic conditions at 4 and 22 °C. Fig 3-4 shows that, irrespective of other incubation 

conditions, incubation at 22 °C increased the MS2 inactivation rate, which was further increased 

by agitation. -0.46 and − 1.88 MS2 log10 removal were observed in the presence of the conditioned 

limestone substrate at 4 °C static and 22 °C dynamic treatments, respectively.  Furthermore, results 

of kinetic studies of MS2 inactivation in conditioned limestone show that the lowest kmax 1.53 (h−1) 

was obtained at 4 °C in the static incubation (Table 3-3). While, dynamic treatment at 22 °C 

showed the highest kmax 1.94 (h−1). In addition, the inactivation rate of virus in limestone 

conditioned with treated wastewater was higher than those determined with pristine limestone in 

RO water. Accordingly, in the dynamic treatment at 22 °C, the difference in the mean MS2 

inactivation rate in pristine limestone with RO water (−0.38) and conditioned limestone with 

treated wastewater (−1.88) was statistically significant (p = 0.000002). In the same experimental 

conditions, the minimum and maximum values of Sl (h) were observed at 22 °C dynamic and 4 °C 

static treatments, respectively. A most likely explanation of this phenomenon is the presence of 

irregularities and roughness onto the surfaces of conditioned limestone which were created by 

biofilm. Previous research have reported the role of biofilm in changing the surface properties of 

granular substrates which provide low velocity regions with less hydrodynamic forces and torques 
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to adsorb particles, even in unfavorable conditions (Vaidyanathan and Tien, 1988). SEM images 

of limestone aquifer materials, before and after conditioning with treated wastewater are shown in 

Plate 3-1. It is clear that conditioning of limestone in treated wastewater caused an enhancement 

in surface roughness of the limestone, which is attributed to the microbial growth onto the 

limestone surfaces by creation of a biofilm layer of relatively large thickness. CLSM images of 

pristine and biofilm-conditioned limestone grains are shown in Plate 3-2. A very thin layer of 

fluorescent can be seen around the pristine limestone, which is attributed to the negligible amounts 

of microbial mass. However, the CLSM image of biofilm-conditioned limestone grains shows a 

thick layer of fluorescent around the substrate, denoting biofilm production.  

Dika et al., (2013) similarly observed higher virus attachment on the surfaces of adsorbents by 

increasing the attachment sites originating from surface irregularities (Dika et al., 2013). Previous 

research has shown that the deposition of micro and nano-sized colloidal particles was enhanced 

in the presence of surface roughness (Tripathi et al., 2011, Hoek and Agarwal, 2006, Joo and 

Aggarwal, 2018). By conditioning limestone particles with treated wastewater, the amount of total 

carbon increased from 5.22±0.78 to 5.48±0.07 mg/g (Table 3-2), which was due to the production 

of biofilm on the surfaces of limestone grains, originating from bacterial growth. In addition, 

around 0.49 ± 0.21 mg/g organic matter was produced in biofilm-conditioned limestone grains, by 

the conditioning with treated wastewater. In some cases, an increase in organic matter can 

potentially cause a negative relationship with virus removal onto the substrates, due to blocking 

the attachment sites. For example, results of Mayotte et al., (2017) showed that increasing organic 

carbon on sand particles decreased their adsorption capacity towards bacteriophage, because of the 

blockage of surface attachment sites of sand grains which prevented further MS2 attachment 

(Mayotte et al., 2017). In contrast, the results presented here showed increasing virus inactivation 
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in conditioned limestone, which contained higher organic matter. It can be implied that the role of 

surface irregularities and roughness outweigh the blocking of surface attachment sites with organic 

matter on virus inactivation. To further elucidate the potential relationship between the presence 

of biofilm and enhanced virus inactivation, batch experiments were carried out incubating MS2 

with conditioned limestone in RO water at 4 and 22 °C under static and dynamic agitation 

conditions. The lowest and highest MS2 inactivation rates were recorded in 4 °C static and 22 °C 

dynamic conditions, respectively (Fig 3-5). Comparison of kmax (h
-1) and log10 removal of MS2 

onto either pristine or conditioned limestone in RO or treated wastewater are shown in Fig 3-6. 

The minimum and maximum for MS2 log10 removal were -0.32 and -1.31 at 4°C static and 22°C 

dynamic conditions, respectively, which were apparently higher for the pristine limestone 

incubated in RO water in the same temperature and agitation status. Statically incubating MS2 at 

4 °C with limestone conditioned with a biofilm led to a statistically significant increase in MS2 

inactivation, when compared to similarly incubated pristine limestone. This result confirmed that 

the conditioning of limestone increased its potential to adsorb more MS2 from aqueous solution, 

because of enhanced surface irregularities by biofilm growth.  

Zeta potential is another essential parameter which governs the inactivation of MS2 on the 

substrate surfaces. The obtained zeta potentials of MS2 in RO water and treated wastewater were 

-20.3±1.44 and -9.1±0.6 mV, respectively, which shows the role of presence of different cations 

in treated wastewater on charge neutralization of MS2. The zeta potentials of pristine and 

conditioned limestone were -16.9±1.3 and -13.3±3.2 mV in RO water and -11.2±2.7 and -5.1±0.1 

mV in treated wastewater. As can be seen, the zeta potentials of conditioned limestone in both 

solutions were slightly less negative than pristine limestone, indicating the role of biofilm on 

decreasing negative surface charges of limestone and consequently decreasing the electrostatic 
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double layer. Tripathi et al., (2011) observed that biofilm-coated sand particles had less negative 

values of zeta potential than sand grains, which enhanced nanoparticle retention in columns 

(Tripathi et al., 2011). 

The observed increase in MS2 inactivation using the surfaces of the conditioned limestone in the 

presence of wastewater compared with the RO water may be associated with the higher ionic 

strength of the treated wastewater, due to the presence of various cations (e.g. Ca2+ and Mg2+). 

This may contribute to decreasing the thickness of electrostatic double layer, cation bridging, 

neutralization of negative charges of adsorbent and virus particles and binding between calcium 

and some carboxyl functional groups onto the virus surfaces (Chu et al., 2003); (Harvey and Ryan, 

2004, Huysman and Verstraete, 1993, Rahmatpour et al., 2017). Sasidharan et al., (2016) reported 

that the presence of Ca2+ in solution increased significantly virus inactivation in the surfaces of 

sand grains (Sasidharan et al., 2016). In addition, Stevenson et al., (2015) showed that the addition 

of Ca2+ led to higher virus inactivation in the surfaces of granular limestone aquifer materials 

(Stevenson et al., 2015). To test this hypothesis, the amounts of soluble calcium ions (Ca2+) and 

calcium carbonate in the wastewater conditioning solution were measured. Table 3-2 shows that 

Ca2+ and calcium carbonate concentrations were increased in conditioned limestone incubation, 

confirming that the limestone dissolution into the aqueous solution was a dominating process. 

Indeed, the concentrations of Ca2+ and calcium carbonate in treated wastewater after incubation 

with limestone particles showed an increasing trend from 9.55 to 42.55 mg/L and 124 to 151 mg/L, 

respectively. The concentrations of Ca2+ and calcium carbonate in the incubations with treated 

wastewater were higher than for similar RO water incubations (data not shown). That is attributed 

to microbial activities increasing the dissolution of limestone. Rinck-Pfeiffer et al., (2000) 

similarly attributed Ca2+ dissolution in limestone-packed columns to the microbial activity (Rinck-
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Pfeiffer et al., 2000). The concentration of Mg2+ in treated wastewater also increased from 10.63 

to 26.13 mg/L, which may be due to the dissolution of dolomite. pH is influential on calcite 

dissolution. In this study, the initial pH of treated wastewater was 7.21 (Table 3-2), which is quite 

favorable for dissolution of limestone grains. After conditioning of the limestone particles with 

treated wastewater, the solution pH increased to 8.43, which can be ascribed to increasing cations 

in aqueous media. Another effectual process on limestone dissolution in treated wastewater is 

nitrification, due to this process releasing hydrogen ions (H+) into the aqueous media. Nitrification 

was observed during limestone conditioning. NO3
-N concentration increased from 0.243 to 16.85 

mg NO3
-N /L. While, a simultaneous reduction was observed in NO2

--N and NH4
+-N 

concentrations from 0.028 to 0.005 mg NO2
--N /L and 64.4 mg NH4

+-N /L to below detection 

limit, respectively. Total nitrogen, NH4
+, NO3

- and NO2
- concentrations were determined, before 

and after limestone conditioning in wastewater (Table 3-2). It is observed that the amount of total 

nitrogen declined from 74.33 to 23.87 mg N/L, which may be due either to volatilization of  NH+
4 

–N or more likely to transformation to microbial biomass on the surfaces of limestone grains
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Figs 3-4. MS2 inactivation in the biofilm conditioned, small particle size (0.25-0.50mm) 

limestone aquifer materials incubated in treated wastewater for 2 months under static and 

dynamic conditions at 4 and 22°C (initial MS2 concentration 103 PFU/mL), in the presence (ᴏ) 

and absence (●) of limestone substrate. The error bars smaller than dots are not shown.
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Fig 3-5. MS2 inactivation in the biofilm conditioned, small particle size (0.25-0.50mm) 

limestone aquifer materials in RO water incubated under static and dynamic conditions and at 4 

and 22°C (initial MS2 concentration 103 PFU/mL); in the presence (ᴏ) and absence (●) of 

limestone substrate. The error bars smaller than dots are not shown. 
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Fig 3-6. Comparison between MS2 inactivation rate (Kmax) and log removal under different 

treatments. 
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 Plate 3-1. SEM images of pristine (a) and biofilm-conditioned limestone particles (b). 
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Plate 3-2. CLSM images of (left) pristine and (right) biofilm-conditioned limestone with treated 

wastewater (a) and (b): confocal slice images through limestone grains, (c) and (d): transmitted 

light images of limestone shown in (a) and (b), respectively, e and f: 3D view of confocal z-stack 

data set in Imaris software).
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Table 3-2. Chemical and biological parameters of studied treated wastewater, before and after conditioning limestone aquifer 

material. 

Parameter 

Before conditioning After conditioning 

Treated wastewater 

pH 7.21±0.04 8.43±0.02 

Total nitrogen (mg/L) 74.33±0.36 23.87±0.21 

NH4-N (mg/L) 64.40±0.1 Below detection limit 

NO2-N (mg/L) 0.028±0 0.005±0 

NO3-N (mg/L) 0.243±0.001 16.85±0.08 

PO4-P(mg/L) 4.31±0.08 0.54±0.001 

TOC (mg/L) 24.13±0.9 4.70±0.02 

Calcium carbonate (mg/L) 124±7.0 151±10.0 

MS2 (PFU/ml) Below detection limit Below detection limit 

Ca2+ (mg/L) 9.55±0.17 42.55±0.27 

Mg2+(mg/L) 10.63±0.24 26.13±0.18 

 Limestone aquifer material 

Total carbon (mgC/g) 5.22±0.78 5.48±0.07 
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Table 3-3. Kinetic studies of MS2 inactivation by attachment onto the surfaces of conditioned limestone aquifer material at different 

temperatures (4 and 22°C) and agitation (static and dynamic) conditions in RO water and treated wastewater aqueous solution (particle 

size; small (0.25-0.50 mm). 

Experimental 

conditions 

aC0 (PFU/mL) 

Control experiments Particle 

size 

Reactive experiments 

bkmax (h-1) cSl (h) dR2 eRMSE fSSE bkmax (h-1) cSl (h) dR2 eRMSE fSSE 

RO water 

4°C static 2.77 × 103 0.83±0.05 1.76±0.25 0.959 0.0042 0.0000 Small 1.34±0.20 2.08±0.21 0.952 0.0347 0.0012 

4°C dynamic 3.58 × 103 0.88±0.40 0.92±0.60 0.945 0.0060 0.0000 Small 1.46±0.27 1.42±0.20 0.982 0.0423 0.0020 

22°C static 2.91 × 103 0.91±0.25 0.92±0.45 0.947 0.0082 0.0001 Small 1.58±0.34 1.38±0.38 0.989 0.0513 0.0026 

22°C dynamic 3.30 × 103 0.96±0.18 0.57±0.28 0.984 0.0056 0.0000 Small 1.63±0.09 0.87±0.15 0.989 0.0684 0.0052 

Treated  wastewater 

4°C static 3.63 × 103 1.25±0.25 1.73±0.28 0.991 0.0109 0.0001 Small 1.53±0.38 1.95±0.11 0.988 0.0277 0.0008 

4°C dynamic 2.72 × 103 1.38±0.62 1.60±0.26 0.990 0.0136 0.0002 Small 1.57±0.32 1.92±0.22 0.968 0.0899 0.0092 

22°C static 4.15 × 103 1.41±0.17 1.64±0.13 0.988 0.0162 0.0003 Small 1.63±0.16 1.49±0.18 0.989 0.0686 0.0049 

22°C dynamic 3.15 × 103 1.46±0.26 1.39±0.37 0.980 0.0244 0.0006 Small 1.94±0.25 1.34±0.14 0.983 0.1281 0.0191 

a Initial MS2 concentration. b Virus inactivation rate. c Shoulder length. d Coefficient of determination. e Root mean square error. f Sum of squared error.
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3.4.5. Environmental Implications 

The understanding of MS2 inactivation in the aquifer materials is required to use different water 

resources such as stormwater and treated wastewater in a managed aquifer recharge site. Much 

research focuses on physically simple and chemically clean substrates like sand grains and 

different clay minerals interactions with viruses (Chrysikopoulos and Aravantinou, 2012, Bellou 

et al., 2015). However, the interaction between authentic limestone aquifer materials, which are 

representative of an authentic limestone-based MAR site with MS2 has not previously been 

presented. In addition, the presence of biofilm in a MAR site is possible, due to the application of 

stormwater and treated wastewater containing high TOC and nutrient concentrations. Recent 

studies have shown the significant effect of biofilm on enhanced retention of nanoparticles and 

Escherichia coli (E.coli) (Tong et al., 2010, Bozorg et al., 2015). However, no study has paid 

attention to the virus inactivation behavior of biofilm grown onto the surfaces of authentic aquifer 

materials. The present study mainly focused on MS2 inactivation using pristine and biofilm-coated 

aquifer materials in RO water and treated wastewater, to mimic the inactivation of virus in a MAR 

site. Our results revealed the enhanced MS2 inactivation in biofilm-coated aquifer materials 

compared to pristine one, even when RO water was considered as aqueous media. Therefore, 

although application of different water streams in MAR may pose the groundwater resources to 

the risk of pathogenic pollution, the production of biofilm may enhance virus inactivation in 

groundwater and aquifers.  
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3.5. Conclusion 

In this study, virus inactivation in the limestone grains was studied at different experimental 

conditions. Results revealed that virus inactivation was completely dependent on adsorbent 

particle size distribution. As aquifer limestone particle size increased, a sharp decrease occurred 

in virus inactivation. Furthermore, more virus in RO or wastewater were inactivated in the 

presence of limestone grains incubated at 22 ˚C than 4 ˚C, indicating a firm relationship between 

virus inactivation and temperature. Additionally, incubation of limestone aquifer material with 

treated wastewater caused a significant increase in virus inactivation, due to the enhancement of 

adsorbent surface roughness and increasing solution ionic strength. Biofilm production onto the 

substrate surfaces increased the height of roughness that changes the mass transfer rate and lever 

arms associated with torque balance. These findings were confirmed by the SEM images of pristine 

and conditioned substrate. Results of the present research provide a valuable insight about the 

interaction between MS2 bacteriophage with biofilm in natural aquifers. 

This chapter provides results from a mechanistic approach to virus interaction with aquifer 

materials. As mentioned above, in addition to surface attachment, other mechanisms such as 

blocking and physical straining are effective on retention of virus in aquifers. Furthermore, in 

addition to the surface properties of aquifer grains, the hydrological features of aquifers are also 

influenced by biofilm, which may affect virus retention. The influence of these additional 

mechanisms is unable to be determined using batch studies. Moreover, the detachment of 

microorganisms onto the substrate would be either reversible or irreversible. The detachment of 

microorganisms from aquifer materials may potentially threaten groundwater resources via 

pathogenic contamination.  
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Therefore, to have a more realistic view of virus attachment behavior in aquifers, the attachment 

and detachment behavior of virus onto the substrate has to be performed in column experiments 

with authentic aquifer substrates and aqueous media to find sum effect of the various mechanisms 

on retention of virus in porous media. In the following chapter, virus transport behavior is 

determined in saturated and biofilm-conditioned, limestone and sand columns (as a control 

treatment), to understand the mechanisms influencing virus retention in porous media and 

determine the relationship between batch and column studies of virus removal using limestone 

aquifer materials.
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4.1. Highlights 

 Study role of irrigation of sand and limestone aquifer sediments with treated wastewater 

on physical, chemical and biological features. 

 Investigation of effect of biofilm growth on transport parameters of tracer. 

 Study the effect of biofilm growth on virus retention and detachment behavior in saturated 

columns. 

 

This Chapter is based on the following publication: Amirhosein Ramazanpour Esfahani, Okke 

Batelaan, John L. Hutson and Howard J. Fallowfield. Combined physical, chemical and biological 

clogging of managed aquifer recharge and the effect of biofilm on virus transport behavior: A 

column study. Journal of Water Process Engineering (Volume 33, 2020, 101115) (DOI: 

https://doi.org/10.1016/j.jwpe.2019.101115).  

  

https://doi.org/10.1016/j.jwpe.2019.101115
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4.2. Abstract 

In this study, the effect of treated wastewater on physical, chemical and biological clogging of 

porous media and subsequently transport behavior of solutes and virus was studied. Therefore, 

transport experiments of bromide (Br-) and MS2 bacteriophage as tracer and microorganism in 

sand and limestone-packed columns irrigated with treated wastewater at different short and long-

term periods (2 and 8 weeks) were carried out. In addition, some physical, chemical and biological 

features of columns were measured after irrigation with wastewater. Results revealed that injection 

of treated wastewater for around 2 weeks not only led to the physical and biological clogging, but 

also caused a significant increase in MS2 retention in the columns. However, enhancement of 

limestone column irrigation for 8 weeks increased solutes and pathogenic agents discharge into 

the effluents. This is due to increased saturated hydraulic conductivity caused by the formation of 

heterogeneities in the columns, as a result of calcium dissolution and microbial activities. 

Ultimately, from the findings of this research, it can be postulated that long-term application of 

recycled water in limestone aquifers will endanger groundwater resources with pathogenic 

contaminations.  
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4.3. Introduction 

Managed aquifer recharge (MAR) is one of the most promising hydrological techniques for 

improving groundwater resources whereby surface water is transferred to groundwater aquifers 

(Bouwer, 2002). The injection of reclaimed water into the aquifers has been extensively performed 

in various parts of the world such as Australia (Vanderzalm et al., 2010), Israel (Harpaz, 1971) 

and the United States (Rauch-Williams et al., 2010). One of the most practical limitations, 

however, of the application of MAR is aquifer clogging. Physical, chemical and biological factors 

influence aquifer clogging via trapping of suspended solids, gas entrapment, mineral precipitation 

and microbial biomass production caused by nutrient addition (Thullner, 2010). The process of 

bio-clogging caused by growth of microbial biomass (e.g., cell and extracellular polymeric 

substances (EPS)) in the pores of aquifers leads to reduction of hydraulic conductivity, porosity 

and pore size. Avnimelech and Nevo, (1964) found a direct relationship between bio-clogging of 

sand aquifers and growth of exo-polymer. In recent years, further research has been performed on 

the role of microbial activities on bio-clogging of porous media (Avnimelech and Nevo, 1964). 

Similarly, Xia et al., (2016) reported severe bioclogging in sand columns inoculated with different 

bacteria, due to the production of EPS (Xia et al., 2016). In another research, Zhong and Wu, 

(2013) found a significant reduction in hydraulic conductivity of sand-packed column, especially 

close to the inlet end, by microbial growth and proliferation (Zhong and Wu, 2013).  

Another drawback of MAR is the potential presence of pathogens e.g., bacteria, virus and protozoa 

in stormwater and treated wastewater, even at low concentrations, which may pose a risk to human 

health (Costán-Longares et al., 2008) from exposure to the reuse water. However, filtration of 

surface water through soil and aquifer material may act to remove or inactivate bacterial or viral 

pathogenic organisms within the groundwater potentially offering an efficient cost effective 
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method of treatment (Mayotte et al., 2017). The inactivation of virus is the loss of the capability 

to infect or replicate in a susceptible host, due, mainly, to degradation of protein substances in their 

capsid. Various factors including, solution pH, ionic strength and composition, temperature, light, 

and redox conditions and presence of different kinds of organic materials affect virus inactivation 

(Schijven and Hassanizadeh, 2000). While, in porous media, other mechanisms such as 

attachment/detachment to/from collector grains, straining and blocking also influence their 

inactivation (Torkzaban and Bradford, 2016). Previous studies have shown the effect of biofilm 

on transport behavior of solutes and microorganisms, by decreasing hydraulic conductivity and the 

creation of preferential flow paths (Seifert and Engesgaard, 2007). However, the majority of 

research on microorganism transport behavior has been carried out in artificially contaminated 

aqueous solution and porous media –e.g., clean sand grains and glass beads- which are not reliable 

representations of authentic aquifer materials and groundwater resources (Torkzaban et al., 2006, 

Torkzaban et al., 2008b, Chu et al., 2001). Moreover, the transport of virus in a chemically 

heterogeneous porous medium is not well described. Limestone-based aquifer sediments are more 

physically (e.g, size, roughness, pores) and chemically (e.g, minerals and metal oxides) 

heterogeneous than clean sand grains, and potentially have a significant influence on 

microorganisms transport. The results of transport behavior of microorganisms in clean sand 

columns cannot be readily extrapolated to a carbonaceous aquifer, emphasizing the importance of 

conducting studies with authentic aquifer substrates.  

In most of the studies on microorganism transport in limestone aquifers, the experiments were 

conducted over a short time-period, which neglected the role of long-term injection of treated 

wastewater on porous media structure and consequently microorganisms transport behavior 

(Sasidharan et al., 2017a). Although a few studies focused on long-term irrigation of aquifers by 



94 

treated wastewater (Flynn and Sinreich, 2010), no study has been reported on relationship between 

bio-clogging, preferential flow paths of porous media and virus transport and retention in aquifers.  

The main objective of the research reported here was determining the inactivation behavior of MS2 

coliphage in pristine and biofilm-coated natural limestone aquifer sediments irrigated with treated 

wastewater for 2 and 8 weeks. The effects of short and long-term irrigation of aquifer materials 

with treated wastewater on the physical, chemical and hydraulic properties of limestone aquifer 

sediments was also studied.  

  

 

4.4. Results and discussion 

4.4.1. Porous media characteristics 

The specific gravity (ρs) of limestone sediments and sand grains was 2.55 and 2.68 g/cm3, 

respectively. XRD analysis of limestone sediments showed that they contained high quantity of 

calcite with lesser amounts of quartz and dolomite (Fig 4-1). However, sand grains contained > 99 

% quartz with negligible amounts of the other minerals. According to EDS spectrum of sand 

grains, they contained high amounts of Si and O. In contrast, limestone aquifer materials comprised 

significant amounts of Ca and O and very low quantities of Si, C and Mg.  XRF analysis revealed 

that limestone sediments consisted of 46.41 % CaO, 9.59 % SiO2, 2.84 % MgO, 1.63 % Fe2O3, 

0.41 % Al2O3, 0.21 % K2O, 0.20 % SO3, 0.07 % Na2O, 0.03 % MnO, 0.02 P2O5 and 38.56 % loss 

on ignition. The sand grains comprised 98.42 % SiO2, 0.2 % Fe2O3, 0.2 % Al2O3, with only 1.55 

% loss on ignition. Negligible amounts of the other metal oxides were observed in the sand grains.  
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The FTIR spectra of sand grains and limestone sediments at different segments in each 1 cm are 

shown in Fig 4-2. As can be seen in the spectra of sand grains, some sharp peaks were observed at 

778 cm-1 which is ascribed to Si-O-Si intertetrahedral bridging bonds. Moreover, the peaks in the 

absorption bands of around 1000-1100 cm-1 in sand were ascribed to Si-O stretching (Chen et al., 

2014). In the limestone sediments, various peaks in the absorption regions of 1400 cm-1 were 

related to calcite. The presence of quartz in the limestone sediments was marked by a slight peak 

in the range of 1000 to 1200 cm-1. However, the spectra of limestone sediments did not show any 

peak at 700 cm-1, the absorption region characteristic of dolomite. This finding was also confirmed 

by the negligible amount of Mg in limestone materials and lack of Mg in the sediment structure.
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Fig 4-1. EDS spectra (left) and XRD diagrams (right) of sand (a) and limestone aquifer grains (b) (C: calcite, Q: quartz, D: dolomite). 
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Fig 4-2. FTIR spectra of sand (left) and limestone aquifer grains (right) of different parts of columns irrigated with treated wastewater 

for 8 weeks.
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4.4.2. Physical, chemical and biological changes in columns 

Short (2 weeks) and long-term (8 weeks) irrigation of sand and limestone-packed columns with 

treated wastewater was performed to develop biofilm onto the surface and interpore of collectors. 

The chemical and biological characteristics of the treated wastewater applied are reported in Table 

4-1. The saturated hydraulic conductivity was measured to determine the effect of wastewater 

irrigation on physical, chemical and biological pore clogging. The saturated hydraulic conductivity 

of all columns was measured at the beginning and end of experiments and the results are reported 

in Fig 4-3 based on C/C0 ratio. In sand-packed columns, injected with treated wastewater for 2 or 

8 weeks, the Kfin/Kini values decreased by 38 and 67 %, respectively, which may be due to both 

physical and biological clogging of interpores. Vandevivere and Baveye, (1992d) in similar 

research reported that Ks was reduced in sand columns inoculated with Arthrobacter sp at 4 mg/g 

of collectors (Vandevivere and Baveye, 1992d). In contrast, in limestone-packed columns, Kfin/Kini 

value after the 2-week irrigation with wastewater was decreased by 35 %, however, at 8-week 

treatment an increase was observed in Kfin/Kini value, which can be ascribed to the dissolution of 

calcite in the limestone substrate, due to microbial activities.  

To find the role of physical clogging on decreasing Ks of columns, total suspended solids (TSS) 

and turbidity of influent and effluent samples were measured and the results are reported in Fig 4-

3. A considerable decrease occurred in TSS and turbidity of the effluents from both columns after 

2 weeks irrigation, likely due to the attachment and entrapment of solids onto the surfaces of 

collectors. C/C0 of TSS and turbidity remained constant until 8 weeks. Particles of suspended 

solids can be attached onto either the inner or outer surfaces of collectors at the inlet end of 

columns, leading to the considerable reduction in hydraulic conductivity and porosity. Ragusa et 

al, (1994) showed the significant role of suspended clay particles on hydraulic conductivity with 
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the application of 5 and 10 g/L of clay resulting 50 % and complete cessation of hydraulic 

conductivity, respectively (Ragusa et al., 1994).  

The quantity of biofilm within the columns is shown in Fig 4-4. The majority of the biomass was 

produced or accumulated at the inlet end of the columns (0−3 cm), where the concentrations of 

dissolved oxygen and nutrients were higher. Similar results were reported by Rinck-Pfeiffer et al., 

(2000) where they observed that the majority of polysaccharide and microbial biomass production 

was at the inlet end of columns (Rinck-Pfeiffer et al., 2000). Zhong and Wu, (2013) also observed 

a sudden decrease in total bacteria with increasing distance from inlet end of a sand-packed column 

(Zhong and Wu, 2013). Vandevivere and Baveye, (1992d) reported an insignificant decline in Ks, 

when microbial dry weight was less than 4 mg/g, however, an increase in microbial biomass to 10 

or 20 mg/g caused one and two order of magnitude decline in Ks, respectively (Vandevivere and 

Baveye, 1992d). The biofilm in the 2 week irrigation experiments (> 4 mg/g), caused decrease in 

the Ks of columns. While, since no changes were observed in the amount of TSS and turbidity in 

2 and 8-week treatments, it can be postulated that in long-term experiments, the microbial growth 

and proliferation was the main factor effecting a decrease in saturated hydraulic conductivity of 

columns.  

The columns were sectioned and analyzed using scanning electron microscopy (SEM). The surface 

and morphological features of sand and limestone grains obtained from columns containing 

pristine and wastewater irrigated (8 weeks) media are shown in Plate 4-1. A biofilm layer was 

produced on the formerly sand and limestone particles following irrigation of columns with treated 

wastewater. Plates 4-2 and 4-3 CLSM images of pristine and biofilm conditioned sand and 

limestone aquifer material, respectively for 2 and 8 weeks. Accordingly, a very slight fluorescent 

layer was seen in the CLSM images of pristine sand and limestone grains that can be ascribed to 
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the low microbial mass in their construction. Moreover, according to CLSM images of biofilm-

conditioned sand and limestone grains with treated wastewater for 2 and 8 weeks, a condensed 

fluorescent layer was observed in biofilm-conditioned substrates which is ascribed to the bonding 

between ConAAlexa488 and produced biofilm. The FTIR spectra of different layers of sand and 

limestone grains irrigated with wastewater for 8 weeks, show slight peaks at around 1640 cm-1 

absorption bands of 0-2 cm layer, which are attributed to protein (Fig 4-2). Similar results have 

been reported by Cui et al., (2018), who observed a slight peak at 1637 cm-1 absorption band 

related to the protein (Cui et al., 2018).  

The changes in TOC concentration of the wastewaters following passage for either 2 or 8 weeks 

through the sand or limestone columns are shown in Fig 4-5 After 2-week’s irrigation, the initial 

TOC concentration of the wastewater decreased by 59.76 and 69.84 % in sand and limestone 

columns, respectively; further irrigation for 8 weeks did not substantially increase TOC removal 

in either the sand (68.44 %) or the limestone column (65.18 %). This is consistent with the removal 

data for TSS and turbidity through the columns.  

The concentrations of total nitrogen (TN), ammonium (NH4
+-N), nitrate (NO3

--N) and nitrite (NO2
-

-N) in the effluents of all columns are shown in Fig 4-5. After 2 weeks irrigation with treated 

wastewater, the concentrations of TN decreased by 12.14 and 11.45 % in the effluents from the 

sand and limestone columns respectively. Furthermore, N-NO2
- and N-NO3

- concentrations in the 

sand column increased by 47.54 and 67.10 %, respectively. Similarly, the N-NO2
- and NO3

- 

concentrations increased by 98.13 and 101.49 %, respectively in the limestone column. The 

concentrations of N-NH4
+ in both sand and limestone columns decreased by 37.18 and 56.67 %, 

respectively. These decreases in both columns were associated with nitrification (Fig 4-5). 



101 

Nitrification was greater in limestone than in the sand packed columns likely because of higher 

alkalinity and pH which can be described by Equations 4-1 & 4-2 below: 

                                  (4-1) 

- -

2 2 32NO +O 2NO                          (4-2) 

Fig 4-6 shows the variations in pH, alkalinity and Ca2+ concentrations in the effluents of sand and 

limestone-packed columns conditioned for 8 weeks. As Fig 4-6 (a) demonstrates, in sand columns, 

no significant changes occurred in alkalinity and Ca2+ concentrations during irrigation with treated 

wastewater, while, the solution pH decreased slightly because of nitrification and microbial 

activity. In contrast, in limestone-packed columns, Ca2+ concentrations in the effluents showed an 

increasing trend over the irrigation period, indicating that calcium dissolution was continuously 

enhanced until end of experiments (Fig 4-6 b). Furthermore, alkalinity an index of calcite 

dissolution (Equation 4-3), was consistently increased in the wastewater following passage 

through the limestone columns. 

                      (4-3) 

The pH of effluents at the beginning of the experiments was 7.72±0.01, which is in the range for 

calcite dissolution. However, after 8 weeks irrigation in the limestone column, solution pH was 

slightly increased to 8.14, although the undeniable index of decreasing pH (i.e., nitrification and 

microbial oxidation) was observed. However, since nitrification is an acidic process and leads to 

decreasing solution pH in the close proximity of biological niche, due to the production of 

hydrogen ions (H+), the shear forces of water flow can mix it with bulk solution which had a 

significant role on calcite dissolution and probable preferential paths in limestone column, which 

is discussed later. Furthermore, microbial respiration of organic carbon produces CO2 which 

O2H4H2NO3O2NH 2224  

  3

2

223 2HCOCaOHCOCaCO
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caused carbonic acid production and decreases pH leading to calcite dissolution, as shown in Eq 

(4-4):        

                                                  (4-4) 

It can be concluded that even though pH values were decreased by microbial oxidation and 

nitrification processes, calcite dissolution caused a buffering effect on decreasing solution pH in 

the limestone column. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

2 2 2 2 3CH O O CO H O HCO H     
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Table 4-1. Chemical and biological characteristics of treated wastewater from the Mt Barker 

wastewater treatment plant. Values are mean ± the standard deviation. 

Parameter Value 

pH 7.72±0.01 

Total nitrogen (mg N/L) 65.41±0.32 

Ammonium (mg NH4-N/L) 47.33±1.23 

Nitrate (mg NO3-N/L) 6.92±0.98 

Nitrite(mg NO2- N/L)  1.90±0.005 

Phosphorous (PO4-P mg/L)  4.92±0.71 

TOC (mg/L) 33.57±0.63 

Calcium carbonate (mg/L) 98±2 

Ca2+ (mg/L) 35.01±0.48 

Mg2+ (mg/L) 12.93±0.01 

K2+ (mg/L) 19.39±0.01 

Na+ (mg/L) 88.74±0.69 

Turbidity (FTU) 14.66±1.15 

TSS (mg/L) 37±3.60 

MS2 (Log10 PFU/mL) 2.35 
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Fig 4-3. Turbidity, total suspended solids (TSS) and saturated hydraulic conductivity of sand and 

limestone columns after irrigation with treated wastewater for (a) 2 and (b) 8 weeks. Error bars 

also show the standard deviation (n= 3).
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Fig 4-4. Total biomass (mg/g) in sections of the sand and limestone columns after irrigation with treated wastewater for 2 and 8 

weeks. 
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Fig 4-5. Changes in the concentrations of TOC and nitrogen speciation in wastewater following 

passage through, either sand or limestone columns for 2 and 8 weeks. Error bars also show the 

standard deviation (n = 3). 
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Fig 4-6. Changes in pH, alkalinity and Ca2+ concentrations in (a) sand and (b) limestone columns 

after irrigation with treated wastewater for 8 weeks (circle: alkalinity, square: calcium 

concentration and triangle: pH of solution). Error bars also show the standard deviation (n = 3). 
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Plate 4-1. SEM images of pristine (a and b) and biofilm-conditioned (c and d) sand (left) and limestone (right) grains obtained from 0-

1 cm of columns after irrigation with treated wastewater for 8 weeks. 
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Plate 4-2. CLSM images of (left) pristine, 2week (center) and 8week (right) incubated sand grains obtained from 0−1 cm of columns 

after irrigation with treated wastewater (a, b and c: confocal slice images through sand grains, d, e and f: transmitted light images of 

sand grains in a, b and c, respectively, g, h and i: 3D view of confocal z-stack data set in Imaris software). 
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Plate 4-3. CLSM images of (left) pristine, 2week (center) and 8week (right) incubated limestone grains obtained from 0−1 cm of 

columns after irrigation with treated wastewater (a, b and c: confocal slice images through limestone grains, d, e and f: transmitted 

light images of limestone grains in a, b and c, respectively, g, h and i: 3D view of confocal z-stack data set in Imaris software). 
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4.4.3. Transport of tracer  

Transport experiments of Br-, a conservative non-reactive tracer, were performed to determine 

either presence or absence of preferential flow paths in the columns, due to biofilm growth and 

related microbial activities. The analytical simulation of Br- transport was performed using 

convection-dispersion equation (CDE) model and the results are reported in Table 4-2. 

Accordingly, high coefficients of determination (R2) were obtained between measured values and 

those obtained from application of CDE model, which indicates the accurate characterization of 

physical features of columns. Although, for heterogeneous porous media, the non-equilibrium 

model has been previously applied, we selected CDE model for both pristine and biofilm-

conditioned columns, because of the simplicity and also for a better comparison between different 

treatments. The experimental data for Br- transport were fitted on a mobile-immobile model (MIM) 

in CXTFIT software. The output showed very unrealistic values of hydrodynamic dispersion, 

indicating that the MIM was unable to fit the Br- transport experimental data. Findings of previous 

studies have shown the ability of CDE model to fit the data relating to tracer transport in 

preferential flow paths (Zhang et al., 2015b). According to Bejat et al., (2000), ADE would be a 

very suitable model to study tracer transport in heterogeneous porous media, when fewer fitted 

parameters are required (Bejat et al., 2000). Fig 4-7 shows the BTCs of Br- transport in the sand 

and limestone-packed columns, which were irrigated with treated wastewater in saturated flow 

conditions at different time intervals. The transport of Br- was not influenced by chemical sorption, 

only physical process affected tracer transport. Based on the BTCs of Br- transport in the pristine 

column, the symmetric shape of BTC with no tails and Cmax/C0 close to 1 reveals lack of any 

preferential flow paths in sand-packed columns. Furthermore, increasing the injection of treated 

wastewater for 2 and 8 weeks caused a slightly earlier appearance in BTC of tracer transport, due 
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to decreasing porosity and saturated hydraulic conductivity via physical and biological clogging. 

The findings of  Seifert and Engesgaard, (2007) also revealed that the biofilm growth in porous 

media caused the early appearance of tracer in BTCs (Seifert and Engesgaard, 2007). However, 

the presence of biofilm in sand columns did not cause macropores and physical heterogeneities in 

the sand columns. Previous studies showed a firm relationship between longitudinal dispersivity 

(λ) of porous media and saturation status, pore size distribution, pore water velocity and the 

magnitude of heterogeneity in porous media (Toride et al., 2003). The fitted λ values of sand 

columns were 0.92, 1.37 and 1.59 (cm) in pristine, columns irrigated with wastewater for 2 and 8 

week, respectively. Increasing the amount of biofilm, increased the value of λ. The growth of 

Pseudomonas aeruginosa biofilm in a glass bead-packed column increased λ from 35 to 288 % 

(Sharp et al., 1999). Biofilm growth also influenced the hydrodynamic dispersion (D). Injection of 

treated wastewater for 2 and 8 weeks in sand columns, increased D from 0.79 cm2/min in the 

pristine column from to 1.27 and 1.67 cm2/min, respectively Table 4-2,.  

CXTFIT optimizes the value of D, or λ. The value of the pore water velocity (ν) depends on the 

porosity (θs), since the water flux density (q), i.e. the application rate, is constant and ν = q/θs. So, 

if there is microbial clogging then θs may decrease. The values in Table 4-2 are obtained by 

assuming a pre-clogging value of θs, assumed constant through the column. If there is clogging 

then ν would increase and, to have the same BTC, λ values would be lower. If λ is assumed constant 

through the column, then the shape of the BTC will depend on the mean column porosity, 

regardless of how porosity is distributed, since at any depth in the column, ν will be inversely 

related to θs, leading to a constant value of D through the column. If we assume that the values of 

λ are approximately correct and porosity is uniform through the column then the relative values of 

ν can be used to estimate porosity, since θs = q/ν. 
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Similar results were also observed for limestone-packed columns, where after 2 weeks irrigation 

with wastewater, the BTC of Br- appeared earlier and λ increased from 1.05 to 1.26 (cm). However, 

in the case of the limestone column irrigated with wastewater for 8 weeks, a sharp increase was 

observed in the value of λ (5.92 cm). In these columns the value of λ in limestone-packed column 

was higher than sand-packed one. Indeed, BTC of Br- commenced at 0.5 PV and showed an 

asymmetric shape which is a good index for creation of either preferential paths or heterogeneity 

in column (Fig 4-7). In contrast to previous studies on preferential transport of tracers, a long tail 

was not observed in the BTC of Br-, which shows that a macropore was not produced in the 

limestone column (Koestel and Jorda, 2014). Zhong and Wu, (2013) reported preferential flow 

paths in sand-packed columns after irrigation with treated wastewater, however in our study, we 

did not observe early raising and long tails in the BTCs of Br- in wastewater irrigated sand columns 

(Zhong and Wu, 2013). In limestone columns, Ca2+ dissolution, which resulted from the microbial 

activities including nitrification, led to the heterogeneities in the column that accelerated transport 

of Br-. In a similar research, Wang et al., (2013b) attributed fast movement of Br- to the creation 

of artificial macro-pores, which led to the enhancement of tracer transport (Wang et al., 2013b). 

Advection and dispersion are the two most effective mechanisms of solute transport, which can be 

distinguished by the Peclet number (Pe). In the case of sand columns and longer irrigation time, 

lower Pe values were obtained, which shows that the production of biofilm increased the role of 

diffusion rather than advection in tracer transport, due to the enhanced heterogeneities in the 

column. The value of Pe in the pristine sand column decreased from 9.76 to 6.53 and 5.65 following 

irrigation with treated wastewater for 2 and 8 weeks, respectively. In limestone columns, irrigated 

for 8 weeks, the decrease in Pe value was greater than in the sand columns, which suggests either 

the creation of preferential flow paths or higher heterogeneity. 
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Table 4-2. Fitted parameters for Br- transport using convection-dispersion model in; pristine 

sand and limestone columns (control) and columns irrigated for 2 or 8 weeks with Mt Barker 

treated wastewater, where, ρb bulk density, D hydrodynamic dispersion, λ dispersivity and Pe 

Peclect number. 

Treatment Tracer recovery (%) D (cm2/min) λ (cm) Pe (-) R2 MSE 

Sand 

Pristine 92.20 0.79 0.92 9.76 0.96 0.006 

2 week 94.73 1.27 1.37 6.53 0.98 0.004 

8 week 96.14 1.67 1.59 5.65 0.99 0.002 

Limestone 

Pristine 91.12 0.86 1.05 8.59 0.96 0.007 

2 week 94.30 1.21 1.26 7.11 0.98 0.003 

8 week 95.06 8.80 5.92 1.51 0.99 0.002 
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Table 4-3. Zeta potentials of sand and limestone particles in conditioned treated wastewater at 

different time periods. 

Sample 

Conditioning period (day) 

Control 14 56 

pH Zeta potential (mV) pH Zeta potential (mV) pH Zeta potential (mV) 

MS2 7.71 -29.7±0.6 - - - - 

Sand 7.71 -44±6.5 7.62 -37.3±4.0 7.24 -21.46±0.2 

Limestone  7.71 -16.5±0.4 8.09 -11.26±0.4 8.14 -7.32±0.8 
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Fig 4-7. Breakthrough curves of Br- transport in (a) sand and (b) limestone columns after flushing with 20 pore volumes (up) and 5 

pore volumes (down) of tracer and background solution (square: pristine, circle: 2-week and triangle: 8-week irrigated with treated 

wastewater experimental data. Solid line: pristine, dashed line: 2-week and dotted line: 8-week irrigated with treated wastewater fitted 

data).
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4.4.5. Transport of MS2 

Upon completion of the tracer measurements, MS2 transport experiments were performed in the 

same columns. Fig 4-8 shows BTCs of MS2 transport in sand (a) and limestone (b) columns, based 

on relative concentration of MS2 (C/C0) against pore volumes (PVs). Figure 8 showing MS2 

transport is divided into four phases. Phase I was the raising step, when C/C0 attained the maximum 

value. Phase II shows decreasing C/C0 of virus, which was derived from their flushing by 

background (MS2-free) solution. Phase III and Phase IV show results of detachment of MS2 from 

columns using RO water and 3 % beef extract solution, respectively. The peak of the graphs 

(Phases I and II) shows the removal rate of MS2, which is determined by inactivation by 

attachment onto the collector surfaces and environmental factors. In fact, the higher the peak, the 

lower the MS2 removal rate. Based on the figure for sand and limestone-packed columns, between 

1 and 5 MS2 log removal rates were observed, indicating the high attachment of MS2 onto the 

surfaces of collectors (Fig 4-9). According to the BTCs of the pristine treatment, the log removal 

of MS2 in sand and limestone columns were 0.59 and 1.30, respectively. However, after injection 

of treated wastewater for two weeks, log removal in sand and limestone columns increased to 2.71 

and 4.84, respectively. This phenomenon can be ascribed to the high physical and biological 

clogging of these treatments, compared to the pristine ones, due to microbial activities and 

suspended solid materials deposition, causing a significant decrease in Ks and porosity that 

enhanced MS2 retention in porous media. Furthermore, the increase in various cation 

concentrations (especially Ca2+) in the wastewater irrigated limestone columns, caused a greater 

increase in virus attachment to limestone collectors than to sand grains. An increase in ionic 

strength of solution can lead to further virus attachment to solid surfaces due to charge screening 

and the binding of Ca2+ onto anionic groups of MS2 surfaces (Sasidharan et al., 2014). Jiang et al., 
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(2012) observed a significant retention in ZnO nanoparticles by increasing Ca2+ concentration 

from 0.1-1 mM. In addition, the increased virus attachment onto the limestone compared with the 

sand grains surfaces is due to the presence of different metal oxides (e.g., CaO, MgO, Al2O3, 

Fe2O3) in the structure of the aquifer substrates, which caused charge heterogeneities (Jiang et al., 

2012). In some cases, the distribution of negative and positive charges on collector surfaces leads 

to the enhancement of virus attachment by one order of magnitude when compared to collectors 

without charge heterogeneities (Schijven and Hassanizadeh, 2000). As mentioned in the previous 

section, increasing microbial activities not only changed pore geometry, but also caused growth of 

biofilm onto the surfaces of collectors that led to higher MS2 retention, through trapping into the 

surface roughness. In general, the importance of microorganism’s attachment and straining in 

porous media depends on colloidal particle characteristics, surface features and size distribution 

of collector grains, ionic strength of solution and hydrodynamic conditions (Bradford and 

Torkzaban, 2013).  

In addition to surface attachment, straining is another effective mechanism of virus retention in 

porous media, which is defined as trapping of particles into the pores between collectors 

(McDowell‐Boyer et al., 1986). The collector and colloid features determine the intensity of 

colloidal particle straining (Bradford et al., 2013). Natural porous media like soil profiles generally 

contain different particles with various diameters from nanometer to micrometer. However, in this 

experiment, the collectors were in the range of 0.25 to 0.50 mm, which reduced the possibility of 

MS2 straining. Generally, when the ratio of particles to collectors is higher than 0.002, the role of 

straining on particle retention would be significant (Bradford et al., 2003). In this study, since the 

ratio of MS2 to collectors (25 nm diameter) is around 0.00016, straining was not significant 

mechanism on MS2 trapping in the columns.  
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Fig 4-9 represents the log removal rates of MS2 at sand and limestone columns either pristine or 

irrigated with treated wastewater for 2 and 8 weeks. Accordingly, in sand columns, higher virus 

retention was observed in 8-week treatment (4 log removal), in comparison with pristine and 2-

week treatments, due to enhanced biological clogging by microbial growth and proliferation. 

Several research papers have reported colloidal particle retention in biofilm-coated porous media 

(Jian-Zhou et al., 2015, Lerner et al., 2012, Tong et al., 2010). In fact, biofilm production can alter 

surface features of porous media grains by creating irregularities and surface roughness, which 

improve particle deposition in unfavorable conditions through production of low flow velocity 

regions (Vaidyanathan and Tien, 1988). Furthermore, based on Table 4-3, the zeta potentials of 

biofilm coated-sand and limestone grains were less negative than pristine materials, which may 

lead to a decrease in the electrostatic double layer (EDL) between porous media grains and 

negatively-charged MS2. Results of  Tripathi et al., (2011) showed that by increasing aging biofilm 

on the surfaces of sand grains, the values of zeta potentials became less negative (Tripathi et al., 

2011). In addition, for limestone treatments, the intensity of increasing zeta potentials was higher 

than sand particles, due to the dissolution of divalent cations in the solution.  

However, unlike the sand column, after long-term irrigation of the limestone-packed column with 

treated wastewater, the removal rate of MS2 was lower than for the 2-week treatment. According 

to Fig 4-9, a lower MS2 removal rate (1.79) was observed in 8-week, compared to 2-week 

treatment (4.84), which can be ascribed to the calcite dissolution, producing physical 

heterogeneities in the column and accelerated MS2 transport. However, the removal rate of MS2 

in the 8-week treatment was higher than in the pristine one, due to the production of biofilm in the 

column that caused MS2 removal by surface attachment and physical straining.  
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In addition, after the end of the transport tests, the potential of MS2 detachment from sand and 

limestone grains was evaluated using injection of 10 PVs RO water (Fig 4-8, Phase III) followed 

by 10 PVs 3 % Beef extract solution (Fig 4-8, Phase IV). The detachment behavior of viruses in 

natural systems is of great importance; heavy rain can decrease the ionic strength of porous media 

(e.g., soil and aquifer) and result in remobilization of virus particles. Therefore, viruses can remain 

viable for a long-time period, their infection should be considered after remobilization of infectious 

attached viruses (de Roda Husman et al., 2009). In general, a significant difference between peak 

and tail-end of BTCs shows the irreversible attachment of virus particles. In all experiments, a 

long tail was observed which shows the virus detachment. However, the height of tail shows the 

intensity of virus detachment from collectors, in which the lower tail shows lower detachment. 

Furthermore, the slope of the tail shows virus inactivation, which is higher with steeper slope. 

Results of the retained and released MS2 in Phases I, II, III and IV are reported in Table 4-4. 

Accordingly, in all columns, very small amounts of MS2 were detached from porous media grains, 

which indicated the generally irreversible attachment of virus onto the collector surfaces. Similar 

results have been reported by  Sasidharan et al., (2017a) who observed very low detachment of 

several bacteriophages (e.g., MS2, PRD1 and φX174) from aquifer sediments, which was 

attributed to the irreversible attachment of virus onto the collectors (Sasidharan et al., 2017a). 

Furthermore, the slope of the tail was similar for all experimental conditions, indicating an 

insignificant effect of ionic strength of solution on inactivation of attached particles. Sadeghi et 

al., (2011) reported that the inactivation of attached PRD1 bacteriophage was not significantly 

affected by pH and ionic strength of solution (Sadeghi et al., 2011). However, different 

experimental conditions represented different virus detachment behaviors. In fact, in pristine and 

short-term experiments, the values of Mirr in limestone were relatively higher than sand packed 



121 

columns, which shows the higher attachment of virus to limestone than to sand surfaces. 

Furthermore, in case of sand columns, by increasing the injection of treated wastewater and 

consequently biofilm production, fewer MS2 were detached from collectors, implying the 

significant role of biofilm on irreversible attachment of MS2. Indeed, the amounts of Mirr that were 

obtained 75.583 and 99.989 % in pristine and long irrigation columns, respectively. But, for 

limestone columns, a completely different trend was observed. Short-term injection of treated 

wastewater caused an increase in Mirr from 95.41 to 99.999 %, compared to the pristine column. 

While, further increase in injection of treated wastewater for 56 days, decreased Mirr to 98.568 %. 

A slight increase in Mirr in the short-term treatment compared to the pristine, would be due to the 

role of biofilm in improvement of MS2 attachment. While, decreasing Mirr in long-term column 

was due to the presence of macropores and preferential flow paths, which increased detachment 

and releasing MS2 from the column.  
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Table 4-4. Mass balance information for MS2 attachment and detachment behavior in columns 

irrigated by treated wastewater for 2 and 8 weeks (Meff: eluted virus, Ms: retained virus, Mirr: 

100-Meff-MIII-MIV, MIII: detached virus by RO water and MIV: detached virus by 3% Beef extract 

solution. 

Treatment 

Retention (%) Release (%) 

Meff Ms Mirr MIII MIV 

Sand 

Pristine 24.08 75.92 75.547 0.184 0.189 

2 week 0.195 99.805 99.803 0.001 0.001 

8 week 0.011 99.989 99.989 0.000 0.000 

Limestone 

Pristine 4.57 95.43 95.41 0.010 0.010 

2 week 0.001 99.999 99.999 0.000 0.000 

8 week 1.43 98.570 98.568 0.001 0.001 
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Fig 4-8. Breakthrough curves of MS2 transport in (a) sand and (b) limestone columns (square: control, circle: 2-week and triangle: 8-

week irrigated with treated wastewater experimental data). 
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Fig 4-9. MS2 log removal rates in pristine and biofilm-conditioned sand and limestone columns 

irrigated with treated wastewater for 2 and 8 weeks. 
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4.5. Conclusion 

In this study, we investigated the effect of short and long-term irrigation of limestone and sand-

packed columns with treated wastewater on column clogging and also transport behavior of Br- 

and MS2 in these columns. Application of treated wastewater caused severe physical and 

biological clogging in both sand and limestone columns, which were confirmed by findings of 

state-of-art analyses (SEM and CLSM images). Results indicated continuous Ks reduction in sand 

columns, while Ks of limestone columns decreased in the first two weeks of the experiment, which 

was followed by a slight increase until the end of the experiments, due to calcite dissolution by 

microbial activities. Moreover, findings of tracer transports indicated increasing heterogeneities in 

both sand and limestone columns, due to the growth and proliferation of biofilm. In addition, in 

short-term irrigation application, higher MS2 removal was observed in limestone than in sand 

columns, because of calcite dissolution and presence of various mono and divalent cations in the 

solution. Biofilms developed in sandy aquifers, as a consequence of nutrient enrichment from the 

addition of wastewater, entraped microorganisms impeding transport through the aquifer. 

However, the long-term application of treated wastewater in limestone aquifers has more risk than 

in sandy aquifers, due to the role of preferential flow in enhancing transport of pathogenic agents 

through the aquifer to the point of abstraction for above ground irrigation.  

In this chapter, the effect of biofilm growth and proliferation on hydrological features of porous 

media and retention behavior of virus was studied. Regarding lack of studies on the relationship 

between physical, chemical and biological clogging of column and virus transport behavior, the 

findings of this study took a bridging gap. Previous studies just focused on individual effect of 

application of treated wastewater or synthetic solution on either clogging of porous media or 

transport behavior of colloidal particles. But, this chapter shares unique information about the 
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potential of danger for human infection by pathogenic agents thereby application of reused water 

in calcareous MAR sites via preferential flow paths caused by microbial activities. In addition, the 

dominant mechanisms of virus in the columns conditioned by biofilm with different ages were 

presented.  However, in recent years, groundwater contamination with engineered nanoparticles, 

due to the widespread application of nanomaterials, has drawn the attention of environmentalists. 

So, the study of interaction between native aquifer materials and engineered nanoparticles in 

different physicochemical conditions is of great importance. Little is known regarding the role of 

biofilm on changing the surface properties and porosity of media and its effect on GONPs transport 

and retention. The following chapter presents results of research on transport and retention of 

GONPs in pristine and biofilm-conditioned porous media. 
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5. Transport and retention of graphene oxide nanoparticles in 

sandy and carbonaceous aquifer sediments: Effect of 

physicochemical factors and natural biofilm 
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5.1. Highlights 

 Presence of metal oxides in the structure of sediments had a significant influence on 

attachment and transport and retention behavior of GONPs in porous media. 

 Higher temperature caused an enhancement in attachment of GONPs onto the surfaces of 

collectors and also retention in saturated porous media. 

 The presence of natural biofilm in porous media led to the enhanced retention of GONPs 

near inlet end of columns. 

 

This Chapter is based on the following publication: Amirhosein Ramazanpour Esfahani, Okke 

Batelaan, John L. Hutson and Howard J. Fallowfield. Transport and retention of graphene oxide 

nanoparticles in sandy and carbonaceous aquifer sediments: Effect of physicochemical factors and 

natural biofilm. Journal of Environmental Management (Under review).  
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5.2. Abstract 

The study of transport and retention of graphene oxide nanoparticles (GONPs) has increased as 

GONPs find more applications. This study focused on the effect of different porous media (sand 

grains, quartz sediments and limestone sediments) with various mineralogical features on batch 

sorption and transport and retention behavior of GONPs at different temperatures, ionic strength 

and compositions. Furthermore, parallel transport experiments were carried out to determine the 

role of natural biofilm on the retention of nanoparticles in porous media. The retention rate of 

GONPs at 22°C was higher than at 4°C. Furthermore, increasing ionic strength favored GONPs 

retention onto the surfaces of collectors. The presence of Ca2+ in the solution had more impact than 

Na+ on GONPs retention in porous media. The retention profiles (RPs) of GONPs in pristine 

porous media at low ionic strength were linear, which contrasted with hyper-exponential shape of 

RPs at high ionic strength. The results showed that higher GONPs retention rate was observed in 

natural porous media than in sand, due to the presence of metal oxides heterogeneities. The 

presence of biofilm on porous media increased the retention rate of GONPs when compared to the 

pristine material. The size-distribution analysis of retained GONPs showed decreasing particle 

diameter with increasing distance from column inlet at high ionic strength and equal diameter at 

low ionic strength conditions.  
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5.3. Introduction 

In recent years, nanotechnology which considers specific physicochemical features of surface 

areas of engineered nanoparticles (ENPs) has grown rapidly. Although ENPs offer new 

opportunities, their high toxicity and persistence in the environment is cause for concern (Gerber 

et al., 2013, Kreyling et al., 2006). Graphene oxide (GO) is a graphene-based nanomaterial, 

increasingly used in a wide range of industries (Salas et al., 2010), with high solubility in water. 

The production and use of GO has led to its abundance in groundwater resources, which causes 

detrimental effects on humans, aquatics organisms and bacterial cells (Akhavan and Ghaderi, 

2010, Chang et al., 2011). Therefore, to determine the potential risk and detrimental environmental 

effects of GONPs, knowledge about their transport and retention behavior in porous media, 

effective physicochemical factors and mechanisms is a critical necessity. 

Currently, numerous studies have been performed to determine the influence of different 

physicochemical factors such as initial nanoparticle concentration (Sun et al., 2015), ionic strength 

and composition (Qi et al., 2014c), temperature (Wang et al., 2017b) and collector grain sizes and 

heterogeneities (Chen et al., 2018, Dong et al., 2016) on transport behavior of GONPs in porous 

media. However, the influence of other factors such as physical and chemical heterogeneities and 

surface properties of porous media require elucidation. The ability of nanoparticles to pass through 

porous media grains with different mineralogical features has been shown (Neukum et al., 2014, 

Adrian et al., 2018, Makselon et al., 2017, Esfahani et al., 2014). The majority of the previous 

studies on transport and retention of GO nanoparticles, however, have been carried out in sand 

grains and natural soil, which is not the representative of natural material present in complex 

aquifers (Fan et al., 2015, Sun et al., 2015, Qi et al., 2014b).  
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Population growth, expanding urbanization and climate change, increase demand on drinking 

water resources, which leads to depletion of groundwater resources. To date, a wide number of 

methods have been applied for compensation of groundwater shortage, in which managed aquifer 

recharge (MAR), which is defined as injection of low quality water resources into the aquifers has 

been proposed as a promising approach (Ayuso-Gabella et al., 2011). However, the source input 

water such as stormwater and treated wastewater in MAR sites may contain high volumes of 

pathogenic agents or engineered nanoparticles which may potentially threaten the groundwater 

resources. Aquifers consist of different sedimentary materials such as quartz, dolomite, and 

carbonate. Carbonates (e.g., calcite and dolomite) are the most important sinks for storing drinking 

water resources. Therefore, more attention is needed on the transport behavior of GONPs in 

limestone aquifer materials. The surface properties of aquifer materials are potential factors that 

control fate and transport of nanoparticles. Most of previous research on nanoparticle transport 

have been carried out in simple and clean porous media with smooth and regular surfaces. 

However, there are some efforts on making more chemical complexity on porous media surfaces. 

Qi et al., (2019) coated sand grains with different types of iron oxide to find the role of chemical 

heterogeneities on GONPs retention behavior (Qi et al., 2019). A typical aquifer material contains 

various types of complex metal oxides, which likely have a significant effect on nanoparticle 

retention. Consequently, in the study presented here, we collected authentic carbonaceous and 

quartz materials from two sites within an aquifer extensively used for MAR schemes to determine 

the influence of their chemical and physical complexity on the transport behavior and mechanisms 

of GONPs retention in porous media.  

In recent years, there has been a widespread interest in study of transport and deposition of 

nanoparticles in biofilm-conditioned porous media. Most studies reported the enhanced retention 
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of nanoparticles in porous media conditioned with biofilm. However, in almost all experiments, a 

synthetic biofilm was produced by a specific bacteria such as Pseudomonas aeruginosa (Basnet et 

al., 2016), Bacillus subtilis and Pseudomonas putida (He et al., 2017). In a typical aquifer, 

however, there is a diverse range of microorganisms capable of creating a biofilm with varied 

characteristics on the media grains. In the present study, we used a natural biofilm produced by 

treated wastewater from Mount Barker, South Australia to determine its effect on attachment and 

detachment of GONPs in natural porous media. Finally, the main objectives of the research are to 

determine: 1) the role of mineralogical features of porous media on attachment, transport and 

retention behavior of GONPs, 2) the effect of temperature, ionic strength and composition on 

transport and retention behavior of GONPs in porous media and 3) the effect of natural biofilm on 

transport of GONPs in porous media.  

 

5.4. Results and discussion 

5.4.1. Characterization of porous media 

XRD diagrams of porous media grains are illustrated in Fig 5-1. Accordingly, sand grains contain 

around 99 % quartz. Quartz sediments consisted of a large amount of quartz and trace amounts of 

calcite and aragonite. In addition, the XRD pattern of limestone sediments exhibited several sharp 

peaks related to calcite with two slight peaks, which indicated the presence of quartz and dolomite 

in the structure of sediments. The results of XRF analysis revealed that sand comprised 98.42 % 

SiO2, 0.02 % Al2O3, 0.02 % Fe2O3 with only 1.55 % loss on ignition. Moreover, 65.10 % SiO2, 

14.76 % CaO, 2.72 % Fe2O3, 1.69 % Al2O3, 0.89 % SO3, 0.85 % MgO, 0.60 % K2O, 0.34 % Na2O, 

0.03 % MnO, 0.01 P2O5 and 12.80 % loss on ignition were observed in the structure of quartz 

sediments. The limestone sediments contained 46.41 % CaO, 9.59 % SiO2, 2.84 % MgO, 1.63 % 



133 

Fe2O3, 0.41 % Al2O3, 0.21 % K2O, 0.20 % SO3, 0.07 % Na2O, 0.03 % MnO, 0.02 P2O5 and 38.56 

% loss on ignition. The elemental analysis of the minerals was performed using EDS technique. 

According to Fig 5-1 (a), the main elements in the structure of sand were Si and O. However, Fig 

5-1 (b) shows less Si in the body of quartz sediments and the other constituents were O and Ca. In 

addition, limestone sediments contained significant amounts of O and Ca and lesser proportions 

of C, Si and Mg. 

FTIR spectra of pristine and biofilm-conditioned sand, quartz and limestone sediments are shown 

in Fig 5-2. As can be seen, in the spectra of pristine and biofilm-conditioned sand, two peaks were 

observed at 797.32 and 778.62 cm-1 and 796.56 and 778.47 cm-1, respectively, which may be due 

to the Si-O-Si intertetrahedral bridging bonds. Other defined peaks were also observed in the 

1079.86 and 1079.49 cm-1 absorption bands of pristine and biofilm-conditioned sand spectra which 

are related to Si-O stretching (Chen et al., 2014). In addition, similar peaks were observed in FTIR 

spectra of quartz sediments which revealed Si-O symmetric stretch and Si-O-Si intertetrahedral 

bridging bonds. However, extra peaks were seen in the absorption bands at 1409.20 and 1413.19 

cm-1 of pristine and biofilm-conditioned quartz sediments spectra, respectively, which indicate the 

presence of calcite. Additionally, the intensity of calcite peaks in pristine (1404.32 cm-1) and 

biofilm-conditioned (1409.39 cm-1) limestone sediments was higher than quartz, which is in line 

with the results of XRD and EDS. Moreover, the slight peaks related to quartz were seen in the 

absorption band ranging from 1000 to 1200. Although the XRD diagram of limestone sediments 

showed a weak peak of dolomite, no peak was seen in the FTIR spectra of limestone sediments, 

indicating the trace amount of dolomite in the structure of minerals.
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Fig 5-1. EDS spectra (left) and XRD diagrams (right) of (a) sand, (b) quartz sediments and (c) limestone sediments.
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Fig 5-2. FTIR spectra of pristine (left) and biofilm-conditioned (right) (a) sand, (b) quartz 

sediments and (c) limestone sediments excavated from different parts of columns irrigated with 

treated wastewater. 
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5.4.2. Colloidal stability 

Fig 5-3 shows the colloidal stability of GONPs based on Abs/Abs0 which represents the absorption 

measured at time t minutes (Abs) and the initial absorbance (Abs0) of GONPs, respectively against 

time. GONPs showed a high stability in water at both temperatures. The lowest value of Abs/Abs0 

was 0.9 at 22 °C and 10 mM NaCl. The stability of GONPs was slightly lower at 22 °C than at 4 

°C. Similarly, the results of Wang et al., (2017b)  showed higher GONPs aggregation at higher 

temperature(Wang et al., 2017b). However, an increase in the ionic strength (IS) of the GONP 

suspension caused a significant decrease in colloidal stability of GONPs in the studied period. The 

Abs/Abs0 value decreased from 0.9 to 0.5 by increasing the IS of solution from 10 to 50 mM NaCl. 

High IS of a solution has a significant impact on collision between particles which stimulates their 

sedimentation. In addition, the colloidal stability of GONPs decreased in 10 mM NaCl from 0.9, 

to 0.6 in 1 mM CaCl2. This observation shows that divalent cations have more influence than 

monovalent ones on the colloidal stability of nanoparticles.  
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Fig 5-3. Colloidal stability of GONPs at different 4 and 22 °C temperature (GONPs 

concentration: 25 mg/L and IS: 10 mM NaCl, 50 mM NaCl and 1 mM CaCl2). 
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3.3. Effect of temperature and ionic strength and compositions on GONPs sorption 

The sorption behavior of GONPs onto different adsorbents was studied in several batch 

experiments at different temperature and ionic strength to determine the attachment of GONPs on 

collectors without role of pore structure. Fig 5-4 reveals normalized GONPs concentration (C/C0, 

where C0 and C are the initial and residual GONPs concentrations (mg/L) at time t, respectively). 

The results of control experiments (without adsorbents) showed negligible attachment of GONPs 

onto the internal walls of experimental glass tubes (data not shown). Fig 5-4 a shows that the 

attachment of GONPs onto the surfaces of adsorbents was endothermic which showed an 

increasing trend by enhancement of temperature from 4 to 22 °C. The cause of the higher GONPs 

attachment at higher temperature would be the endothermic nature of GONPs attachment. Previous 

studies have illustrated a reduction in nanoparticle colloidal stability with increasing temperature 

(Majedi et al., 2014). Increased temperature decreases electrostatic repulsion of nanoparticles, 

which coincides with increasing random Brownian motion and enhanced nanoparticle retention on 

substrate. Table 5-2 shows the zeta potentials of GONPs and all porous media at different 

experimental conditions. The zeta potentials of GONPs were less negative at 22°C (-31.3±0.5 mV) 

compared with 4°C (-36.4±2.2 mV). Different effects of temperature on electrokinetic properties 

of solid surfaces have been reported in the literature (Castro and Tufenkji, 2007, Sasidharan et al., 

2017b). Sasidharan et al., (2017b) observed an insignificant effect of temperature on electrokinetic 

properties of virus, latex nanoparticles and sand grains (Sasidharan et al., 2017b). In contrast, 

findings of  Wang et al., (2017b) showed that following an increase in temperature from 6 to 24°C, 

zeta potentials of GONPs and sand grains became less negative (Wang et al., 2017b). In our study, 

zeta potentials of GONPs and porous media were less negative at higher temperature, which may 

be due to the surface-exchange reaction of particles (Valdivieso et al., 2006). An increase in 
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temperature may prevent desorption of protons, which decreases the negative charges on the 

surfaces of GONPs and substrate.  

Moreover, irrespective of temperature, GONPs attachment in the different porous media used here 

was in the following order: limestone sediments > quartz sediments > sand. The low attachment 

of GONPs in sand grains is likely associated with the unique surface charge screen and lack of 

charge heterogeneities, due to the removal of metal oxides and hydroxides in the preparation step. 

However, based on the results of XRF analysis, in quartz and limestone sediments, different iron, 

magnesium and aluminum oxides were present, which have an increasing effect on the attachment 

of nanoparticles. Indeed, iron and aluminum oxyhydroxides on surfaces of collectors provide 

positive charges that favor GONPs attachment (Tian et al., 2012). The results of DLVO interaction 

energies of GONPs attachment onto the sand grains show that no primary energy minimum value 

was obtained for sand grains at both temperature, indicating lack of attachment of GONPs on 

primary energy minimum. Fisher Power and Cheng, (2018) found the significant effect of low 

amount of iron/aluminum oxides on increasing retention of TiO2 nanoparticles in natural sediments 

(Fisher-Power and Cheng, 2018).   

In addition, a sharp increase was observed in GONPs sorption on the collectors by increasing ionic 

strength from 1 to 50 mM NaCl. An increase in ionic strength not only leads to the aggregation of 

nanoparticles, but also causes compression of electrostatic repulsive layer on the surfaces of 

substrate, decreasing the surface potentials of both nanoparticles and substrates, which enhances 

retention of nanoparticles. In addition, increasing the ionic strength of solution increases the effect 

of nanoscale heterogeneities of collectors on GONPs retention (Bradford and Torkzaban, 2013). 

Furthermore, cation bridging between nanoparticles and negatively-charged surfaces of collectors 

can be caused by presence of Ca2+ in solution which acts in favor of nanoparticle deposition (Liang 
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et al., 2013). Dong et al., (2017) reported the possibility of attachment of GONPs onto the 

limestone surfaces thereby bridging between –OH group of GONPs and Ca2+ of limestone even at 

unfavorable attachment conditions (Dong et al., 2017).  

Moreover, at low ionic strength, 1 mM CaCl2 had a greater effect than 10 mM NaCl on attachment 

rate of GONPs onto the surfaces of collectors. This observation is in line with Schulze-Hardy rule, 

which describes higher charge screening by higher valence cations. These results are consistent 

with previous studies, which have shown that divalent cations had more ability than monovalent 

ones to increase the deposition rate of GONPs and the other nanoparticles (Chen et al., 2012). 

Results of DLVO studies show that the Фmax values were decreased by increasing ionic strength 

from 10 to 50 mM NaCl. In addition, more negative Фmin2 values were obtained at higher ionic 

strength which shows that increasing ionic strength of solution caused more attachment of GONPs 

onto the surfaces of collectors at secondary energy minimum.  
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Fig 5-4. Bar charts of GONPs attachment onto the surfaces of sand, quartz sediments and limestone sediments at different (a) 

temperatures (4 and 22 °C) and (b) ionic strength and compositions (10 and 50 mM NaCl and 1 mM CaCl2). The Y-axis represents the 

relative nanoparticle concentrations (C0 and C are the initial and residual GONPs concentrations (mg/L), respectively). Error bars also 

show the standard deviation (n=3).
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5.4.3. Transport of GONPs in pristine porous media 

The porous media mineralogical features have a significant influence on the transport and retention 

behavior of nanoparticles. In this study, three different substrates, sand, quartz sediments and 

limestone sediments were used as porous media. The experiments were performed at 4 and 22°C 

using 10, 50 mM NaCl and 1 mM CaCl2. Fig 5-5 shows the BTCs of GONPs in the different porous 

media as a function of relative concentration (C/C0) against pore volume. Cmax/C0 of GONPs in all 

treatments was lower than 1 which was attributed to the attachment of nanoparticles onto the 

surfaces of collectors. Dong et al., (2016) observed higher peak of BTCs of tracer in comparison 

with GONPs in saturated and unsaturated structured heterogeneous sand columns (Dong et al., 

2016). In contrast with other research, which has reported retardation of nanoparticles BTCs 

(Liang et al., 2013), compared to tracer, in the study reported here no retardation in the BTCs of 

GONPs in any porous media was observed, which may be due to the high mobility of nanoparticles 

in porous media. The shape of BTCs of GONPs at both temperatures and for all porous media 

showed an increasing trend with injection of nanoparticles, which was a good index of blocking 

in porous media. A similar mechanism has been reported in previous research considering GONPs 

transport in porous media (Feriancikova and Xu, 2012, Dong et al., 2017). Our results showed that 

higher GONPs deposition was observed at the higher incubation temperature in all columns. 

Results of  Sotirelis and Chrysicopoulos, (2015) also showed that the attachment of GONPs onto 

the sand grain surfaces at 25°C was higher than at 4°C (Sotirelis and Chrysikopoulos, 2015). 

Furthermore, the temperature-dependent aggregation of nanoparticles is another effective 

mechanism for particle retention in porous media (Su et al., 2017). Results of Wang et al., (2017b) 

showed that decreasing temperature did not cause a significant change in deposition of GONPs in 
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coarse porous media (0.9-1 mm); whereas, in fine porous media (0.3-0.4 mm) (which is similar to 

the porous media size distribution of our study) a remarkable decrease was observed in GONPs 

retention by decreasing temperature from 24 to 6°C (Wang et al., 2017b).  

Aqueous ionic strength and composition are the other critical agents, controlling the attachment 

behavior of nanoparticles onto the surfaces of substrate. In our study, a series of experiments were 

carried out at 10 and 50 mM NaCl and 1 mM CaCl2 to study the effect of increasing ionic strength 

and composition on retention of GONPs at different porous media. The mass balance calculations 

for GONP (effluent, retained and total) are presented in Table 5-1. The mass balance calculations 

demonstrated >90 % recovery of GONPs from eluted and retained sections which indicated lack 

of particle attachment on primary energy minimum. According to Table 5-1 by increasing ionic 

strength from 10 to 50 mM NaCl at 22 °C, a significant decrease was observed in GONPs transport 

in which Cmax/C0 in sand (0.79 to 0.23), quartz (0.66 to 0.19) and limestone sediments (0.58 to 

0.17). In addition, application of 1 mM CaCl2 in the solution led to higher GONPs retention, than 

10 mM NaCl which shows the greater influence of divalent than monovalent cations on GONPs 

retention in porous media. Furthermore, under conditions of higher ionic strength (i.e., 50 mM 

NaCl and 1 mM CaCl2) the shape of BTCs of GONPs changed decreasing which may be due to 

the role of ripening (the deposition of suspended nanoparticles onto the retained ones as further 

attachment sites) on GONPs deposition. Chen et al., (2018) found the effect of ripening on 

retention of GONPs in sand-packed columns with an increase in ionic strength from 1 to 50 mM 

NaCl (Chen et al., 2018). Moreover, in another study, Liang et al., (2019) found that by increasing 

CaCl2 concentration from 0.33 to 0.4 mM, ripening was the main mechanism of GONPs retention 

in sand packed columns (Liang et al., 2019).  
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Figs 5-5 c and d show the retention profiles (RPs) of GONPs in the three substrates based on 

C/C0/gcollector (C and C0 are the residual and initial GONPs concentrations, respectively) against 

distance from inlet end (cm) at 4 and 22 °C, respectively. It is obvious that higher GONPs retention 

was observed at higher temperature, which is in line with the results of BTCs analyses. At 4 and 

22°C, the retained GONPs in sand, quartz and limestone sediments increased from 11.00, 27.05 

and 41.64 % to 19.57, 34.87 and 47.11 %, respectively (Table 5-1). The shapes of RPs in all 

columns were linear which show the equal amounts of retained nanoparticles in different parts of 

columns (Figs 5-5 c and d). However, slightly more GONPs was retained in the first 3 cm of quartz 

and limestone sediments column which may be due to the presence of different metal oxides onto 

the surfaces of collectors. In addition, a very different shape was obtained for RPs of GONPs at 

high ionic strength (Figs 5-6 c and d). The hyper-exponential shape of RPs indicates higher particle 

attachment onto the inlet end of column, compared to the deeper areas. Furthermore, the RP shape, 

in some cases, determines the governing mechanisms on nanoparticle attachment onto the substrate 

surfaces. In previous study, the hyper-exponential shape of RPs of nanoparticles and 

microorganisms has been attributed to different processes such as aggregation of particles (Chen 

and Elimelech, 2006), straining (Bradford and Bettahar, 2006), chemical heterogeneities of 

particles and collectors (Tufenkji and Elimelech, 2005b) and the hydrodynamic characteristics of 

system (Bradford et al., 2009). While, finding the percentage of contribution of each parameter on 

the RPs of nanoparticle is not so easy.  

According to the literature, ripening and straining are the most plausible mechanisms of particle 

retention in porous media, when RP has a hyper-exponential shape which shows the depth-

dependence of colloidal particles deposition in porous media (Bradford et al., 2002). The most 

important conditions for observing the role of straining on nanoparticle retention would be the 
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ratio of diameters of nanoparticles to collectors. Bradford et al., (2002) reported that at a ratio of 

higher than 0.002, the role of straining on particle retention is significant (Bradford et al., 2002). 

Results of hydrodynamic studies of GONPs showed that the hydrodynamic diameters of GONPs 

at 10 mM NaCl and at 4 and 22°C were 368±97 and 422±115 nm, respectively and at 50 mM NaCl 

and 1 mM CaCl2 were 684±126 and 579±104 nm which shows that the dp/dc is around 0.0010, 

0.0011, 0.0018 and 0.0015 indicating that the straining was significant at high ionic strength. 

After end of experiments, the hydrodynamic diameters (DH) of GONPs in the influent and porous 

media were measured which would be an appropriate index to represent the size distribution of 

nanoparticles in a comparative way (Chowdhury et al., 2013). Fig 5-7 shows size distribution of 

retained nanoparticles at different IS. In case of low IS, no significant changes were observed in 

the size distribution of retained particles in different parts of columns which indicates lack of 

straining on GONPs retention (Figs 5-7 a and b). However, at high IS, a decreasing trend was 

observed in size distribution of retained GONPs by increasing distance from inlet end (Figs 5-7 c 

and d). This phenomenon justifies the hyper-exponential shape of RPs which showed the retention 

of larger particles in the inlet end of columns. Decreasing GONPs size distribution with increasing 

travel distance would be due to the different factors such as repining, straining, aggregation, 

enhanced collision efficiency of particles and the combination of these factors. Different results 

have been reported about size-selective retention behavior of nanoparticles in porous media in the 

literature. In the study of  Sun et al., (2015) the size of retained GONPs in sand-packed columns 

increased by further distance from column inlet, which was attributed to the higher attachment of 

finer colloidal particles than larger one, based on colloidal filtration theory (Sun et al., 2015). 

However, Jiang et al., (2012) found that by increasing the distance from column inlet, the size 

distribution of ZnO nanoparticles showed a decreasing trend which was due to simultaneous 
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aggregation and straining of particles (Jiang et al., 2012). Furthermore, Wang et al., (2015) 

reported similar results in retention of larger aggregates of goethite nanoparticles in the inlet end 

of column which showed a decreasing trend to the outlet end (Wang et al., 2015). Indeed, the 

greatest size of retained nanoparticles was observed in the inlet end of column. This finding shows 

that the nanoparticle size increased in columns which caused pore throat straining in the column 

inlet when injected into the columns. The aggregation of GONPs led to the higher retention of 

nanoparticles on large aggregated that narrowed the grain-grain contacts and trapping more 

nanoparticles in this area (Saleh et al., 2007). So, it would be the possible cause of the creation of 

large aggregates found in the column inlet. Moreover, by further injection of nanoparticles into the 

column, the suspended particles can be deposited onto the previously retained nanoparticles which 

create a thick layer of nanoparticles in the column inlet (Bradford et al., 2002). Indeed, it is 

anticipated that the continuous injection of GONPs in the column led to the high particle-particle 

collision in the column inlet which increased the particle deposition and size of deposited particles 

(Bradford et al., 2007) 
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Table 5-1. Zeta potentials, hydrodynamic diameter (DH) of nanoparticles, DLVO and mass balance calculations of GONPs in all 

porous media.  

No Treatment Temperature Ionic strength DH 
a(nm) 

Zeta potential (mV) Ψmax b(kT) Ψmin2 b(kT) 
Meff (%) Mret (%) Mloss (%) Cmax/C0 

GONPs Collectors 

1 Sand 4°C 10 mM NaCl 368±97 -36.4±2.2 -48.1±3.2 216.82 -0.48 78.79 11.00 10.21 0.92 

2 Quartz sediments 4°C 10 mM NaCl 368±97 -36.4±2.2 -41.2±2.1 NDc ND 62.61 27.05 10.34 0.70 

3 Limestone sediments 4°C 10 mM NaCl 368±97 -36.4±2.2 -22.4±1.4 ND ND 55.07 41.64 3.29 0.63 

4 Sand 22°C 10 mM NaCl 422±115 -31.3±0.5 -46.1±3.1 157.88 -0.42 69.99 19.57 10.44 0.79 

5 Quartz sediments 22°C 10 mM NaCl 422±115 -31.3±0.5 -28.8±1.5 ND ND 57.30 34.88 7.82 0.66 

6 Limestone sediments 22°C 10 mM NaCl 422±115 -31.3±0.5 -17.2±3.4 ND ND 47.39 47.11 5.50 0.58 

7 Sand 22°C 50 mM NaCl 684±126 -23.2±3.4 -33.5±3.3 91.53 -6.89 21.74 72.25 6.01 0.23 

8 Quartz sediments 22°C 50 mM NaCl 684±126 -23.2±3.4 -21.7±0.2 ND ND 16.74 76.52 6.74 0.19 

9 Limestone sediments 22°C 50 mM NaCl 684±126 -23.2±3.4 -12.4±1.8 ND ND 14.24 79.84 5.92 0.17 

10 Sand 22°C 1 mM CaCl2 579±104  -26.6±0.3 -38.2±4.1 121.12 -5.31 25.10 70.43 4.46 0.29 

11 Quartz sediments 22°C 1 mM CaCl2 579±104  -26.6±0.3 -22.3±1.5 ND ND 20.10 74.16 5.74 0.23 

12 Limestone sediments 22°C 1 mM CaCl2 579±104  -26.6±0.3 -14.5±2.2 ND ND 17.83 76.36 5.80 0.20 

13 Sand-Biofilm 22°C 10 mM NaCl 422±115 -31.3±0.5 -25.2±6.3 121.57 -0.80 30.57 - - 0.32 

14 Quartz sediments-Biofilm 22°C 10 mM NaCl 422±115 -31.3±0.5 -15.5±4.2 ND ND 26.06 - - 0.28 

15 Limestone sediments-Biofilm 22°C 10 mM NaCl 422±115 -31.3±0.5 -9.6±4.13 ND ND 22.63 - - 0.23 
a Hydrodynamic diameter of GONPs obtained by DLS.  

b Relative maximum energy barrier and secondary energy minimum between GONPs and sand grains (kT) in which k is the Boltzmann constant and T is 

temperature.  

c Not determined.
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Fig 5-5. Breakthrough curves (a and b) and retention profiles (c and d) of GONPs at 4 °C (left) 

and 22 °C (right) at IS = 10 mM NaCl, pH = 7.5 and flow velocity = 5 m/day (●: sand, ▲: quartz 

sediments and ■: limestone sediments). Error bars also show the standard deviation (n=3). 
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Fig 5-6. Breakthrough curves (a and b) and retention profiles (c and d) of GONPs at 50 mM 

NaCl (left) and 1 mM CaCl2 (right) at pH = 7.5, flow velocity = 5 m/day and temperature = 22 

°C (●: sand, ▲: quartz sediments and ■: limestone sediments). Error bars also show the standard 

deviation (n=3). 
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Fig 5-7. Size distribution of retained nanoparticles at (a) 10 mM NaCl and 4 °C, (b) 10 mM 

NaCl 22 °C, (c) 50 mM NaCl 22 °C and (d) 1 mM CaCl2 22 °C. (●: sand, ▲: quartz sediments 

and ■: limestone sediments). Error bars also show the standard deviation (n=3). 
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5.4.4. Transport of GONPs in biofilm-conditioned porous media 

Transport experiments of GONPs in biofilm-conditioned porous media were performed at 22°C 

(Fig 5-8). The presence of biofilm significantly increased the retention of GONPs in columns, 

irrespective of the mineralogical features of porous media. Based on Table 5-1, by conditioning 

surfaces of pristine sand, quartz and limestone sediments with biofilm, Cmax/C0 of GONPs BTCs 

decreased from 0.79, 0.66 and 0.58 to 0.32, 0.28 and 0.23, respectively. Furthermore, the recovered 

GONPs in sand, quartz sediments and limestone sediments decreased from 69.99, 57.30 and 47.39 

% to 30.57, 26.06 and 22.63 %, respectively. Recently, a number of studies have reported enhanced 

nanoparticle retention in biofilm-conditioned porous media (Lerner et al., 2012, Kurlanda-Witek 

et al., 2015). One of the reasons of high colloidal particle attachment onto the surfaces of collectors 

would be less negative surface charges (zeta potentials) of collectors in biofilm-conditioned media 

than the pristine ones, indicating the role of biofilm on surface charge neutralization of collectors 

and decreasing electrostatic repulsive forces. Han et al., (2016) attributed the higher ZnO 

nanoparticle retention in biofilm-conditioned compared with the pristine porous media to the 

differences in energy barrier height (Han et al., 2016). The derived Фmax for sand grains show a 

strong primary energy barrier against GONPs retention in the biofilm-conditioned column. 

However, results shown in Table 5-1 indicated that there was a difference between eluted GONPs 

in pristine and biofilm-conditioned columns. Therefore, a major discrepancy between BTC and 

DLVO results confirm the role of other mechanisms on the retention of GONPs in collectors. 

It is widely reported that the natural organic matter (NOM) contains large numbers of functional 

groups such as amino, hydroxyl and carboxyl (Schulten and Schnitzer, 1993). Based on previous 

research, GONPs have an interaction with surface functional groups of NOM, even under 

unfavorable conditions (Chowdhury et al., 2014). In this study, it was possible to identify the 
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bonding between GONPs and produced microbial mass onto the surfaces of collectors, especially 

in limestone columns where the dissolution of calcite led to the presence of higher Ca2+ and 

bonding between GONPs, Ca2+ and microbial mass.  

The higher GONPs retention may also be enhanced by the surface physical heterogeneities in 

biofilm-conditioned columns, which have a critical role in colloidal particle retention, even in 

unfavorable electrostatic conditions. Biofilm creates surface charge heterogeneities and surface 

roughness which produce some low velocity regions on collector surfaces with fewer 

hydrodynamic forces and torques, providing favorable conditions for nanoparticle deposition 

(Vaidyanathan and Tien, 1988, Taneda, 1979). Indeed, the created roughness by biofilm decreases 

the height of the energy barrier and primary minimum depth which changes the lever arms to 

decrease the applied hydrodynamic torque and improve the resisting adhesive torque (Bradford et 

al., 2013, Bradford and Torkzaban, 2013). Plate 5-1 shows SEM images of pristine and biofilm-

conditioned collector surfaces of all porous media. Rougher surfaces were observed in biofilm-

conditioned grains, compared to pristine, which can be attributed to the production of microbial 

mass. Jang et al., (2013) found higher roughness onto the surfaces of biofilm-conditioned sand 

grains, which caused greater retention of ZnO nanoparticles (Jiang et al., 2013). Moreover, metal 

oxides have the ability to interact with bacteria surface polymers such as extracellular polymeric 

substances (EPS) and macromolecules through hydrogen bonding (Jiang et al., 2013). It is possible 

that surface polymers were produced by bacterial biofilm, which may interact with anionic surface 

groups of GONPs, leading to interaction between NP-polymer onto the surfaces of collectors. 

In addition to decreasing the surface charges and increasing physical heterogeneities of collectors, 

physical straining is another possible mechanism influencing retention by biofilm-conditioned 

media. It has been well-documented that the presence of biofilm at the inlet end of column covers 
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the substrate surfaces and fills interpores. It has been shown that the growth of biofilm in the 

interpores fills pore vacancies and changes the geometry and hydraulic features of column (Dupin 

and McCarty, 2000).  

To test this hypothesis, the amounts of produced biofilm in different parts of columns was 

measured (Fig 5-9). As can be seen, more biofilm was produced at the inlet ends of columns, 

however, at increasing the distances from the column inlet, the amount of biofilm decreased, which 

may be attributable to nutrient and oxygen limitation. The spatial distribution of biofilm in the 

column was further demonstrated by determining the FTIR spectra of sand, quartz and limestone 

sediments after incubation with treated wastewater, which show a slight peak in the absorption 

bands of 1635.9, 1639 and 1645 cm-1, respectively, which implied the production of protein. 

However, there was no peak in the same absorption bands of biofilm-conditioned limestone grains 

with increasing distance from inlet end of columns; suggesting negligible amounts of biofilm were 

present. Similar results have been reported by (Cui et al., 2018). 2 and 3D CLSM images of pristine 

and biofilm-conditioned different porous media obtained from 0-1 surfaces of columns are 

represented in Plates 5-2 and 5-3. The 2 and 3D images of pristine substrate show a very low 

amount of biofilm, which is marked by a thin fluorescent layer around the substrate in the 3D 

images. However, the biofilm-conditioned substrates show a thick fluorescent layer in both 2 and 

3D images, indicating the production of biofilm onto the surfaces. 
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Fig 5-8. Breakthrough curve of GONPs in biofilm-conditioned porous media at 10 mM NaCl 

and 22 °C (●: sand, ▲: quartz sediments and ■: limestone sediments). 
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Plate 5-1. SEM images of substrates extracted 0-1 cm from the column inlet. Pristine (first row) and equivalent biofilm-conditioned 

material (second row); (a) sand, (b) quartz sediments and (c) limestone sediments. 
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Plate 5-2. CLSM images of (left) pristine sand grains, (center) quartz sediments and (right) limestone sediments: (a), (b) and (c): 

confocal slice images through sand grains, quartz sediments and limestone sediments, (d), (e) and (f): transmitted light images of the 

sand grains, quartz sediments and limestone sediments shown in (a), (b) and (c), respectively; (g), (h) and (i): 3D image of confocal z-

stack data set in Imaris software. 
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Plate 5-3. CLSM images of sand (left), quartz sediments (center) and limestone sediments (right) incubated obtained from material 

extracted 0-1 cm  from the inlet of the columns (a), (b) and (c): confocal slice images through sand, quartz sediments and limestone 

sediments, respectively, (d), (e) and (f): transmitted light images of the sand, quartz sediments and limestone sediments in a, b and c, 

respectively   , (g), (h) and (i): 3D image of confocal z-stack data set in Imaris software. 
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Fig 5-9. The produced biofilm in different parts of sand, quartz sediments and limestone 

sediments columns conditioned with treated wastewater. 
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5.5. Conclusion 

A fundamental understanding about interaction between GONPs with native aquifer materials and 

natural biofilm attached onto the substrates provides a good view about risk of groundwater 

contamination with engineered nanoparticles. Therefore, the batch sorption and column 

experiments of GONPs in saturated columns containing different mineralogical collectors were 

performed at different physicochemical conditions. Results of batch and column experiments 

revealed the high dependence of GONPs retention onto the surfaces of collectors to the 

temperature, IS and cation type, in which the higher temperature, IS and cation valence, the higher 

GONPs retention. However, the high GONPs retention was observed in biofilm-conditioned 

porous media, because of the pore throat straining, surface physical roughness and surface charge 

neutralization and decreasing zeta potential and porosity of collectors. Moreover, the size 

distribution of retained GONPs showed the relatively equal size of retained particles at low IS. 

However, at high IS, by increasing the distance from column inlet end, the size distribution of 

retained GONPs decreased. Finally, although biofilm decreases the porosity of aquifers in MAR 

site, it would act as a natural bio-filter to protect groundwater resource nanoparticle toxicity. 

This chapter gave readers the novel ideas about the mechanisms of transport and retention of 

GONPs in natural sediments, which would be applicable in designing a typical MAR site. That 

was the first study performed the effect of chemical heterogeneities of native aquifer sediments on 

transport and retention of GONPs in porous media. Furthermore, although several papers have 

been reported on the effect of synthetic biofilm from a typical microorganism (He et al., 2017, 

Jian-Zhou et al., 2015), the findings of this research showed transport behavior of GONPs affected 

by natural biofilm obtained by treated wastewater. The presence of other colloidal particles in 

aquifers has the potential to interact and effect their respective transport and retention behavior. In 
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majority of applied stormwater and treated wastewater in MAR sites, high amounts of 

microorganisms and engineered nanoparticles have been observed (Sidhu et al., 2012). It is likely 

that the transport behavior of engineered nanoparticles in a multiple colloid system is significantly 

different. In the following chapter, g the role of co-presence of different sized microorganisms on 

GONPs retention in porous media is investigated.  
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6. Effect of bacteria and virus on transport and retention of 

graphene oxide nanoparticles in natural limestone sediments 
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6.1. Highlights 

 Biofilms reduce transport of graphene oxide nanoparticles (GONPs) in porous media. 

 At high ionic strength, GONPs co-transported with microorganisms was not changed. 

 At low ionic strength, GONPs co-transported with microorganisms was enhanced. 

 Pre-saturation of porous media with microorganisms enhanced transport of GONPs. 

 

This Chapter is based on the following publication: Amirhosein Ramazanpour Esfahani, Okke 

Batelaan, John L. Hutson and Howard J. Fallowfield. Effect of bacteria and virus on transport and 

retention of graphene oxide nanoparticles in natural limestone sediments. Chemosphere (Volume 

248, 2020, 125929) (DOI: https://doi.org/10.1016/j.chemosphere.2020.125929).  

  

https://doi.org/10.1016/j.chemosphere.2020.125929
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6.2. Abstract 

This research was conducted to evaluate the effect of co-transport of different-sized 

microorganisms on graphene oxide nanoparticles (GONPs) transport and retention in saturated 

pristine and biofilm-conditioned limestone columns. The transport and retention behavior of 

GONPs was studied in columns in the presence of MS2 -as a nano-sized- and Escherichia coli 

(E.coli) -as a micro-sized- microorganisms at low and high ionic strength conditions. Results 

showed no changes in GONPs transport and retention at high ionic strength in the presence of MS2 

or E.coli, which was attributed to the effect of the high concentration of divalent cation on 

aggregation of nanoparticles and microorganisms. Furthermore, simultaneous enhanced transport 

and decreased retention of GONPs in column was observed in the co-presence of microorganisms 

at low ionic strength. Results revealed that the main mechanism governing increasing GONPs 

transport in porous media was occupation of reactive surface sites of collectors by microorganisms, 

which prevented attachment of nanoparticles. The pre-saturation of columns with MS2 and E.coli 

caused increasing transport of GONPs in the columns, due to the occupation of surface reactive 

sites. In addition, at low ionic strength conditions, the size-distribution of retained nanoparticles 

was not changed throughout the column. Moreover, conditioning limestone collectors with natural 

biofilm resulted in the same eluted nanoparticle rates (i.e., in the presence or absence of 

microorganisms) by straining of GONPs in the inlet end of columns which shows that the biofilm 

acts as a bio-filter against discharging nanoparticles into the effluents. Finally, from the obtained 

results, it can be postulated that the presence of microorganisms in a MAR site causes risk of 

groundwater pollution by toxic nanoparticles.  
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6.3. Introduction 

Groundwater is one of the essential components of water resources which is extensively used in 

agricultural, domestic and manufacturing activities. Managed aquifer recharge (MAR), defined as 

the storage of excessive water in the subsurface environment for subsequent reuse, has been 

proposed as a promising technique to compensate groundwater shortage (Zhang et al., 2015a). 

MAR has been widely used in different parts of the world such as Australia, the United States, the 

Netherland and Israel (Rinck-Pfeiffer et al., 2000). However, in some cases, the injected water for 

MAR has several chemical and physical components that may have negative effects on the 

hydrochemistry of groundwater resources and cause pathogenic and engineered nanoparticle 

contamination (Vanderzalm et al., 2010). 

Like other nanoparticles, large amounts of graphene oxide (GO) have been discharged into soil 

and water resources from manufacturing, application and disposal processes. Several studies have 

shown the ability of graphene oxide nanoparticles (GONPs) to transport organic pollutants and 

heavy metals in soil, leading to groundwater contamination (Qi et al., 2014a, Qi et al., 2014b, Ding 

et al., 2014). Furthermore, the toxicity of GONPs to the environmental resources and human health 

being has been documented in the literature (Hu et al., 2011, Akhavan and Ghaderi, 2010, Singh 

et al., 2011).   

In recent years, there has been widespread attention on transport and retention of GONPs in porous 

media. GONPs transport can be affected by a wide spectrum of environmental factors such as flow 

rate, initial particle concentration, organic matter, ionic strength and composition and porous 

media size distribution (Xia et al., 2015, Chen et al., 2018). The majority of studies on GONPs 

transport only focused on single transport of nanoparticles in porous media, which is unrealistic in 

a natural aqueous environment. Potentially, there are a wide range of organic and inorganic 
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colloids in the subsurface environment that could have an interaction with GONPs transport and 

retention.  

Recently, the co-present effect of various colloidal particles on nanoparticle transport has drawn 

great attention. Chowdhury et al., (2012) found a decrease in TiO2 retention affected by bacteria 

in glass bead columns due to the effect on electrosteric and electrostatic forces (Chowdhury et al., 

2012). Similarly, enhanced transport of plutonium colloids in porous media was observed when 

smectite clay particles were in the suspension (Abdel-Fattah et al., 2013).  

The size and surface features of colloidal particles are two important factors affecting nanoparticle 

retention. In the subsurface environment, different-sized colloids ranging from nano to micro are 

ubiquitous. May and Li, (2013) reported varying retention rates for colloidal particles of differing 

sizes (May and Li, 2013). He et al., (2018) showed that nano and micro-sized plastic particles had 

varying influences on the deposition of bacteria in sand-packed columns (He et al., 2018). Most 

studies on co-transport experiments were performed in clean sand or glass bead columns, which 

are largely unrepresentative of natural aquifers. Natural aquifer sediments contain large quantities 

of metal oxide/hydroxides, which provide favorable attachment sites for particle deposition 

(Fisher-Power and Cheng, 2018). Therefore, the co-transport of nanoparticles with 

microorganisms in native aquifer materials requires investigation. 

Currently, the co-transport of GONPs with inorganic particles such as carboxylate-modified 

polystyrene latex microspheres with different size distributions has been reported (Peng et al., 

2017), which is not representative of microorganisms present in the natural subsurface 

environment. Therefore, in order to simulate natural groundwater conditions, different-sized 

microorganisms such as the F-RNA coliphage MS2 and E.coli were used to study co-transport 

behavior of GONPs. To the best of our knowledge, this is the first research that focuses on the role 
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of microorganisms on transport and retention of GONPs in porous media. Uniquely, our 

cotransport study uses natural limestone sediments, permitting a more relevant assessment of the 

potential risk of toxicity of nanoparticles in water reused following storage and transport in 

carbonaceous aquifers. 

 

6.4. Results and discussion 

6.4.1. Porous media characterization 

XRD diagram of limestone sediments is represented in Fig 6-1 a which shows that sediments 

mainly consisted of calcite and insignificant amounts of dolomite and quartz. Furthermore, the 

results of XRF analysis revealed that the limestone sediments contained 46.41 % CaO, 9.59 % 

SiO2, 2.84 % MgO, 1.63 % Fe2O3, 0.41 % Al2O3, 0.21 % K2O, 0.20 % SO3, 0.07 % Na2O, 0.03 % 

MnO, 0.02 P2O5 and 38.56 % loss on ignition. The major ion composition of the aquifer materials 

(Fig 6-1 b) was O, Ca, C, Mg and Si. The FTIR spectrum of limestone sediments (Fig 6-1 c), shows 

a sharp peak in 1404.32 cm-1 absorption region which can be ascribed to the calcite. Furthermore, 

the slight peak in the absorption range of 1000-1200 cm-1 was attributed to the presence of quartz 

in the structure of limestone grains. No significant peak was observed in the absorption region 700 

cm-1 suggesting little magnesium was present. 
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Fig 6-1. XRD diagram (a), EDS (b) and FTIR spectra (c) of limestone aquifer materials (C: 

calcite, Q: quartz and D: dolomite). 
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6.4.2. GONPs stability in the presence and absence of microorganisms 

The results of GONPs stability at 10 mM NaCl and 5 mM CaCl2 as representatives of low and 

high ionic strengths, respectively are reported in Fig 6-2 based on Abs/Abs0 (226 nm) against time 

(min). GONPs showed relatively good stability at low ionic strength, with decrease to 

approximately 0.90 at the end of the experiments. However, at high ionic strength, a sharp decrease 

was observed in GONP stability from 1 to 0.3 over 3 h. Wu et al., (2013) reported high stability of 

GONPs in a solution containing Na+ (Wu et al., 2013). The main mechanism of GONPs 

aggregation was charge screening resisting the proton separation from GONPs surfaces via the 

electric field produced by free ions in aqueous media. However, the presence of Ca2+ in the solution 

caused enhanced aggregation kinetics of GONPs, due to the sum of charge screening of surfaces 

of GONPs and interaction with surface functional groups for cross-linking. Furthermore, at both 

ionic strengths, the presence of microorganisms did not change the colloidal stability status of 

nanoparticles. The photographs of GONPs vials with and without microorganisms (Fig 6-2 c and 

d) show the low stability of nanoparticles at high IS, which led to the creation of large aggregate. 

In contrast, the stability of the nanoparticles in the respective treatment were similar irrespective 

of the presence of microorganisms.  
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Fig 6-2. Sedimentation curves (a and b) and photographs showing colloidal stability (c and d) of 

GONPs either individual or in the presence of MS2 and E.coli at 10 mM NaCl (left) and 5 mM 

CaCl2 (right) (●: individual GONPs, ▲: GONPs + MS2 and ■: GONPs + E.coli). The results of 

sedimentation curves are based on the ratio of the absorbance of GONPs suspensions at time t 

and initial GONPs absorbance at 226 nm wavelength using a UV-visible spectrophotometer. 

(The insert figure represents the Y-axis data plotted in the range of 0.88-1). 



170 

6.4.3. Transport of GONPs in the presence of E.coli and MS2 in favorable and 

unfavorable attachment conditions 

In order to determine the role of microorganisms on transport and retention of GONPs in limestone 

aquifer sediments, the experiments were carried out in electrostatically favorable, high ionic 

strength (5 mM CaCl2), attachment conditions. According to Fig 6-3 a, the descending shape of 

BTCs of GONPs was observed in either the presence or absence of microorganisms. This was 

attributed to the role of ripening on GONPs retention in porous media by which the attached 

particles act as further attachment sites for suspended particles. Furthermore, the Cmax/C0 of 

GONPs in the presence of both MS2 and E.coli were similar to the control treatments in the 

absence of these microorganisms. 5.96 % of GONPs were recovered in individual suspension, 

whereas in the presence of MS2 and E.coli in the suspension 7.09 and 6.63 % of GONPs were 

recovered, respectively. This observation confirms that the presence of MS2 or E.coli in the 

suspension of GONPs at high ionic strength did not change the retention behavior of GONPs. The 

high attachment of nanoparticles onto the surfaces of collectors at high ionic strength has been 

previously reported in the literature (Kamrani et al., 2018, Adrian et al., 2018). This phenomenon 

is due to the enhanced compression of the electrostatic double layer on the collector surfaces. This 

has a direct relationship with changes in DLVO interaction energies between nanoparticles and 

porous media collectors. Increasing attachment rate of colloidal particles with an enhancement in 

the ionic strength of the solution has been ascribed to increasing primary and secondary energy 

minima (Tufenkji and Elimelech, 2005a).  

The retention profiles (RPs) of GONPs in the presence and absence of MS2 or E.coli are presented 

in Fig 6-3, as the relative concentration (C/C0) of GONPs per unit mass of collector (g) plotted 

against distance from inlet end (cm). Similar to the results of transport experiments, no significant 
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differences were observed between the retention profiles of GONPs in the presence or absence of 

MS2 or E.coli. This shows a lack of effect of the co-presence of these microorganisms in the 

suspension on the transport and retention behavior of GONPs. Accordingly, a hyper-exponential 

curve was obtained for RPs of GONPs both in the presence and the absence of MS2 or E.coli. The 

most likely explanation is pore throat straining of nanoparticle aggregates at the inlet end of 

column and ripening, which showed a decreasing trend with distance from the injection point. 

Chen et al., (2018) also attributed the hyper-exponential curve of the RP for GONPs at 50 mM 

NaCl to pore throat straining of nanoparticles in porous media (Chen et al., 2018). The straining 

can be caused when the ratio of diameters of nanoparticles to collectors is ≥0.002 (Torkzaban et 

al., 2008a). In this study, the measured hydrodynamic diameter (DH) of the GONPs at high ionic 

strength conditions was 1826.66 ± 735 nm and the size distribution of collector is 0.25-0.50 mm 

which will give the ratio of 0.005 against the collector surfaces. It is worth noting that the presence 

of either MS2 or E.coli did not affect the amount of nanoparticles retained onto the surfaces of 

collectors, which may be because of the role of ionic strength on aggregation of the 

microorganisms in solution.  

Transport and retention experiments of GONPs in aquifer sediments with and without MS2 or 

E.coli were carried out at low ionic strength (10 mM NaCl), which is electrostatically unfavorable 

for GONPs retention (Fig 6-3 b). The BTCs of GONPs were ascending which show lower GONPs 

retention by continuing the injection of nanoparticles (Fig 6-3 b). The ascending trend of BTCs of 

GONPs has been attributed to the blocking, which always produces an increase in the relative 

concentrations of nanoparticles in the effluents because of filling surface attachment sites (Adrian 

et al., 2018). Similar research has also reported the role of blocking on retention of GONPs onto 

the surfaces of collectors (Liang et al., 2019, Dong et al., 2017). However, lower GONPs retention 
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was observed at low ionic strength, which is explained by the more negative values of zeta 

potentials of collectors and colloidal particles at lower ionic strength. Indeed, the negative zeta 

potentials of collectors, nanoparticles, MS2 and E.coli demonstrate the electrostatic repulsive 

forces between colloidal particles and collectors. Previous studies have shown higher particle 

retention in porous media by increasing the ionic strength (Esfahani et al., 2014, Chowdhury et al., 

2011). In addition, at low ionic strength, higher GONPs transport was observed in the presence of 

MS2 and E.coli, compared to the control treatments. Cotransport of MS2 and E.coli with GONPs, 

increased the recovered percentage of GONPs from 44.96 % in their absence to 60.08 and 57.04 

%, respectively. Overall, at low ionic strength conditions, the co-presence of MS2 and E.coli with 

nanoparticles enhanced their transport in porous media, which will be discussed below.   

The RPs of GONPs were obtained at low ionic strength to investigate the effect of MS2 or E.coli 

on GONPs retention rate. The quantity of retained nanoparticles was opposed their BTCs, the 

presence of MS2 or E.coli in low ionic strength solution reduced the retention of GONPs. In 

contrast to the high ionic strength conditions (above) the shape of the curve for retained GONPs 

in the absence of MS2 or E.coli was linear (Fig 6-3 a). This observation shows that different 

mechanisms govern particle retention in low and high ionic strength conditions. The presence of 

MS2 or E.coli in the nanoparticle suspension led to a decrease in their retention in porous media.  
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Fig 6-3. Breakthrough curves (a and b) and retention profiles (c and d) of GONPs in the presence and absence of MS2 and E.coli in 

saturated limestone-packed column at high (left) and low ionic strength (right) (●: individual GONPs, ▲: GONPs + MS2 and ■: 

GONPs + E.coli) (experimental conditions: pH: 7.5, flow velocity: 5 m/day and temperature: 22 °C). (The insert figure in Fig 6-3a 

represents the same figure with Y-axis range of 0-0.2).
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Table 6-1. Mass balance calculations of GONPs in pristine and biofilm-conditioned porous media with and without co-presence of 

microorganisms. 

 

 

Mass balance Zeta potentials (mV) 
Porous media Solution Treatment Number 

Cmax/C0 Mloss (%) Mret (%) Meff (%) Collectors GONPs 

0.60 6.65 48.39 44.96 -17.2±3.4 -31.3±0.5 Pristine 10 mM NaCl GONPs 1 

0.75 5.32 34.59 60.08 -17.2±3.4 -32.7±0.6 Pristine 10 mM NaCl GONPs + MS2 2 

0.71 7.65 35.30 57.04 -17.2±3.4 -34.3±1.4 Pristine 10 mM NaCl GONPs + E.coli 3 

0.77 4.49 35.11 60.40 -17.2±3.4 -31.3±0.5 Pre-MS2 10 mM NaCl GONPs 4 

0.71 5.35 38.49 56.16 -17.2±3.4 -31.3±0.5 Pre-E.coli 10 mM NaCl GONPs 5 

0.09 2.74 91.30 5.96 -10.4±2.4 -4.6±3.9 Pristine 5 mM CaCl2 GONPs 6 

0.12 5.76 87.14 7.09 -10.4±2.4 -6.5±0.4 Pristine 5 mM CaCl2 GONPs + MS2 7 

0.11 5.14 88.23 6.63 -10.4±2.4 -8.7±0.4 Pristine 5 mM CaCl2 GONPs + E.coli 8 

0.12 7.59 85.80 6.61 -10.4±2.4 -4.6±3.9 Pre-MS2 5 mM CaCl2 GONPs 9 

0.08 8.65 85.68 5.67 -10.4±2.4 -4.6±3.9 Pre-E.coli 5 mM CaCl2 GONPs 10 

0.20 - - 19.44 -13.5±1.6 -31.3±0.5 Biofilm-conditioned 10 mM NaCl GONPs 11 

0.23 - - 23.47 -13.5±1.6 -31.3±0.5 Biofilm-conditioned 10 mM NaCl GONPs + MS2 12 

0.21 - - 21.82 -13.5±1.6 -31.3±0.5 Biofilm-conditioned 10 mM NaCl GONPs + E.coli 13 
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6.4.4. Mechanisms governing on GONPs retention 

Previous research has shown the effect of colloidal particles on the agglomeration status of the 

other suspended colloids, which has a direct relationship with transport and deposition behavior in 

porous media. Chowdhury et al., (2012) reported enhanced TiO2 dispersion in solution in the 

presence of E.coli at pH 5 and 10 mM KCl (Chowdhury et al., 2012). However, by increasing 

solution pH to 7, no changes were observed in the aggregation status of TiO2 by E.coli. In our 

study, GONPs, E.coli and MS2 had negative zeta potential values, which may potentially affect 

the aggregation status of GONPs through enhanced dispersion and transport in the columns. Table 

6-1 shows that the co-presence of E.coli and MS2 in the suspension did not change significantly 

the zeta potentials of GONPs. In fact, the zeta potentials of GONPs, together with MS2 and E.coli 

at low ionic strength were -31.3±0.5, -32.7±0.6 and -34.3±1.4 mV, respectively. Furthermore, 

SEM images of GONPs size and morphology, either individually or affected by E.coli or MS2, are 

shown in Fig 6-4. Nanoparticles were aggregated in high ionic strength solution and the co-

presence of E.coli or MS2 in the suspension did not change their aggregation status. In addition, a 

similar trend was observed for low ionic strength solution in which the aggregation status of 

individual GONPs, together with E.coli or MS2 were relatively similar, which shows that the 

aggregation status of nanoparticles is independent of the co-presence of E.coli or MS2. Therefore, 

other mechanisms would influence enhanced transport of GONPs affected by the E.coli or MS2. 

The hydrodynamic diameter (DH) of retained GONPs were larger in the suspension at high ionic 

strength, potentially due to enhanced aggregation of nanoparticles, caused by a decrease in the 

electrostatic double layer.   
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The changes in the DH of GONPs were derived from changing the zeta potentials of nanoparticles, 

which has a significant effect on particle dispersion in solution. The zeta potential of individual 

GONPs was -4.6±3.9, while in the presence of MS2 and E.coli were obtained -6.5±0.4 and -

8.7±0.4 mV, respectively. However, at low IS, the GONPs zeta potential was more negative, 

predicating fewer retained GONPs in a low ionic strength solution compared with a high ionic 

strength solution. Furthermore, at low IS, the size of retained nanoparticles did not significantly 

change with increasing distance from the column inlet and a uniform trend throughout the column 

was observed for DH of retained nanoparticles. Apart from the shapes of BTCs and RPs of 

nanoparticles, the relatively uniform distribution of retained nanoparticles reveals the role of 

blocking of nanoparticles (increasing particle transport by passing time) in the column. However, 

at high IS, a very different trend was observed (Fig 6-5) shows the DH of retained nanoparticles 

decreased from 5147.3 nm at the column inlet (0-1cm) to 1858.7 nm 8-9cm from the inlet. The 

size-selective retention of nanoparticles in porous media shows the dominant mechanism of 

particle deposition in high IS solutions. At high ionic strength, the decreasing trend in the diameter 

of retained nanoparticles is a good index of the influence of aggregation, ripening and physical 

straining on the deposition of nanoparticles. Jiang et al., (2012) reported a decrease in the diameter 

of retained nanoparticles in sand grains as the distance from inlet end increased, which was 

attributed to the aggregation and straining of nanoparticles (Jiang et al., 2012). Straining is defined 

as colloidal particle trapping in a pore throat which prevents passage of the particles (McDowell‐

Boyer et al., 1986). Considering the size distribution of collectors (0.25-0.50 mm) and the ratio of 

colloidal particles to collectors, the physical straining in porous media was significant only in the 

high ionic strength solution.    
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The cotransport of colloidal particles can either increase or decrease the transport of the other 

colloidal particles in porous media. Previous research revealed that colloidal particles such as 

nanoparticles (Cai et al., 2013), humic acid (Wang et al., 2008) and anions (Wu et al., 2010) in 

suspension compete with each other to occupy surface reactive sites of collectors and caused 

enhanced transport of the colloids in porous media. Liu et al., (2015) reported the role of cetyl 

trimethylammonium bromide (CTAB) ion in increasing transport of graphene oxide in porous 

media, through competition by occupying reactive surface sites (Liu et al., 2015). In contrast, 

higher retention of carboxylate-modified polystyrene latex microspheres occurred after pre-

equilibration of sand grains with GONPs, since the number of attachment sites increase following 

deposition of GONPs (Peng et al., 2017).  

E.coli or MS2, when cotransported with GONPs, may occupy active surface sites, which either 

prevent GONPs retention or act as additional surface sites to enhance GONPs deposition. So, 

decreasing surface reactive sites of collectors occupied by E.coli or MS2 would lead to enhanced 

transport of graphene oxide in columns. Higher IS of solution also leads to greater retention of 

E.coli or MS2, therefore it is expected there would be enhanced GONPs transport with 

concomitant decreases in retention in a high ionic strength solution in porous media covered with 

E.coli or MS2. To test this hypothesis, a column was pre-saturated with 5 PVs of E.coli or MS2, 

followed by injection of 5 PVs GONPs and 5 PVs background solution. Columns pre-saturated 

with E.coli or MS2, in comparison with pristine column, followed by the injection of individual 

nanoparticle suspension gave enhanced recovered and less retained GONPs.  

The results of experiments where columns containing limestone substrate were pre-equilibrated 

with E.coli or MS2 at high and low IS are reported in Fig 6-6. As can be seen, the higher BTCs 

were observed for GONPs in pre-equilibrated columns with E.coli or MS2, compared to the 
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pristine column. At low IS, the Cmax/C0 of GONPs in pristine and pre-equilibrated columns with 

MS2 and E.coil are 0.60, 0.77 and 0.71, respectively. Furthermore, the retention profiles of GONPs 

in columns with and without pre-equilibration were similar, indicating similar mechanisms 

contributing in particle retention. The results revealed the role of blocking of surface sites of 

collectors by E.coli or MS2 on increasing transport of GONPs through the columns. However, at 

high IS, pre-equilibration of columns with E.coli or MS2 did not cause a significant change in 

transport and retention behavior of GONPs. The BTCs and transport behavior of MS2 and E.coli 

at both IS are reported in Fig 6-7. The majority of E.coli or MS2 were attached onto the surfaces 

of collectors, which may be due to the surface attachment to metal oxide/hydroxides. At low ionic 

strength, 96.47 and 82.12% of MS2 and E. coli were retained in collectors, respectively. However, 

at high ionic strength, 99.93 and 99.53% of MS2 and E. coli, were retained, respectively  Foppen 

and Schijven, (2005) showed that the presence of only 5 % calcite in sand-packed columns 

decreased the Cmax/C0 of E.coli to 0.15 (Foppen and Schijven, 2005). In high IS solution, a sharp 

increase in the retention of E.coli and MS2 was observed, which was due to the role of different 

mono and divalent cations on compression of electrostatic double layer. Although more retention 

sites were occupied by E.coli or MS2, the eluted GONPs in high IS were less than low IS solution, 

due to the aggregation behavior of GONPs in solutions of different ionic strength, which has a 

significant influence on their transport in porous media. Furthermore, comparing the transport 

behavior of GONPs and E.coli or MS2 revealed that the microorganisms had higher retention rates 

than the nanoparticles, which demonstrates the occupation of surface reactive sites of collectors 

by these microorganisms. Consequently, the opportunity for GONPs to be retained onto the 

collector surfaces was decreased, in the copresence of E.coli or MS2 in the suspension.  
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Although both microorganisms enhanced transport of GONPs in porous media in unfavorable 

attachment conditions, the relative size of microorganisms did not have a significant influence on 

the intensity of GONPs transport. Indeed, MS2 and E.coli led to 15.12 and 12.08 % increase in 

percentage recovered mass of GONPs in the effluents, respectively. However, contrasting results 

have been reported by  Cai et al., (2016) where the application of 0.2 and 2 μm colloidal particles 

caused 24 and 7 % enhancement in the transport of nTiO2 in sand-packed columns (Cai et al., 

2016). The effect of size of co-transported particles on the retention of nanoparticles is beyond the 

scope of this study.  
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Fig 6-4. SEM images of (a) individual GONPs (b) GONPs + MS2, (c) GONPs + E.coli at low ionic strength and (d) individual 

GONPs, (e) GONPs + MS2 and (f) GONPs + E.coli at high ionic strength, (g) EDS spectrum of E.coli and (h) EDS spectrum of 

GONPs. 
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Fig 6-5. Size distribution of retained GONPs at different distance from column inlet end at low 

and high ionic strength conditions. 
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Fig 6-6. Breakthrough curves (a and b) and retention profiles (c and d) of GONPs at high (left) 

and low (right) ionic strength conditions pre-equilibrated with MS2 and E.coli (●: individual 

GONPs, ▲: GONPs + MS2 and ■: GONPs + E.coli) (experimental conditions: pH: 7.5, flow 

velocity: 5 m/day and temperature: 22 °C). (The insert figure in Fig 6-6a represents the same 

figure with Y-axis range of 0-0.2). 
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Fig 6-7. Breakthrough curves (BTCs) of (a) MS2 and (b) E.coli in limestone packed columns at low and high ionic strength 

conditions. (■ low ionic strength and ● high ionic strength); experimental conditions: pH: 7.5, flow velocity: 5 m/day, temperature: 22 

°C, initial MS2 concentration: 107 PFU/mL and initial E.coli concentration: 108 MPM/100 mL.
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6.4.5. Co-transport of MS2 and E.coli with GONPs in biofilm-conditioned porous 

media 

GONPs transport experiments were performed with and without MS2 and E.coli in biofilm-

conditioned porous media in low ionic strength conditions. The BTC of GONPs is reported in Fig 

6-8 which shows that the presence of different-sized microorganisms had a negligible influence 

on transport behavior of GONPs in biofilm-conditioned porous media. Specifically, the co-

presence of MS2 and E.coli in GONPs suspension slightly increased nanoparticle mass percentage 

recovery from 19.44 % to 23.47 and 21.82 %, respectively. It is obvious that the presence of 

biofilm caused higher GONPs retention, in comparison with pristine porous media.  

One of the reasons for high GONPs retention in the biofilm-conditioned columns was the charge 

neutralization of limestone grains by the conditioning biofilm. The presence of biofilm decreased 

the zeta potential of collectors, which led to compression of electrostatic double layer of collectors 

and increasing GONPs attachment. Furthermore, changes in the surface irregularities of porous 

media grains, due to the biofilm growth has a significant influence on GONPs retention in porous 

media. Biofilm increased the surface roughness and irregularities of limestone, which provides 

suitable positions for trapping nanoparticles, even in unfavorable electrostatic attachment 

conditions. The SEM images of pristine and biofilm-conditioned limestone grains are represented 

in Plate 6-1, which shows the rougher surfaces of biofilm-conditioned limestone, compared to the 

control treatment, which can be ascribed to the production of microbial mass. The presence of 

biofilm is clearly demonstrated in the CLSM images. The 3-dimensional (3D) images of pristine 

and biofilm-conditioned limestone grains are shown in Plate 6-2. The biofilm distribution on the 

surfaces of the substrate was heterogeneous. Furthermore, the amount of microbial mass around 
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pristine limestone grains was small confirmed by the very thin layer of fluorescent. In contrast, the 

layer of fluorescent around the biofilm-conditioned limestone grains was very thick (Plate 6-2 b) 

confirming the development of biofilm onto the surfaces of substrate, derived from incubation with 

the treated wastewater.  

Moreover, another possible cause for the high GONPs retention at the inlet end of column may be 

the growth and proliferation of natural biofilm derived from treated wastewater, which attached 

onto the surfaces of collectors and filled pore vacancies. In order to demonstrate the production of 

biofilm by treated wastewater, the amount of produced biomass was measured and the results 

reported in Fig 6-9. The quantity of biofilm at the inlet end of columns was higher than the other 

parts, which showed a decreasing trend with increasing distance from the column inlet. The 

significant quantities of biofilm in the column inlet were likely due to the abundance of oxygen 

and nutrients (e.g., N, P, C) at the inlet end of columns, which stimulated biofilm growth. The ratio 

of nanoparticles to collector grains is lower than threshold for straining (see above), indicating an 

insignificant effect of straining on particle retention in pristine porous media. Therefore, the role 

of straining was of significance in the biofilm-conditioned porous media compared to the pristine 

media, due to the biological clogging of porous media by biofilm growth and proliferation in pore 

vacancies, confirmation of production of biofilm into the column was further provided by FTIR 

spectra of limestone grains after conditioning with treated wastewater Fig 6-10. The peak at the 

1641.3 cm-1 absorption band shown in the spectrum of biofilm-conditioned limestone obtained 

from 0-1 cm at the inlet end is ascribed to the protein. However, the other sections of the columns 

did not show a significant peak in the same absorption band, suggesting less biomass was produced 

in these sections in the presence of treated wastewater. The results of FTIR analysis confirmed the 
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presence of higher biomass in the column inlet, compared to the other parts of column which led 

to the higher retention of GONPs close to the inlet end of column. 
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Fig 6-8. Breakthrough curves of GONPs in the presence or absence of MS2 and E.coli in biofilm-conditioned limestone-packed 

column (●: individual GONPs, ▲: GONPs + MS2 and ■: GONPs + E.coli) (experimental conditions: pH = 7.5, flow velocity: 5 

m/day and temperature: 22 °C). 
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Plate 6-1. SEM images of (a) pristine and (b) biofilm-conditioned limestone obtained from 0-1 cm of inlet end of column. 
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Plate 6-2. CLSM images of (a) pristine and (b) biofilm-conditioned limestone obtained from material extracted 0-1 cm of inlet end of 

column (a) and (b): confocal slice images through pristine and biofilm-conditioned limestone, (c) and (d): transmitted light images of 

pristine and biofilm-conditioned limestone in (a) and (b), respectively, (e) and (f): 3D view of confocal z-stack data set in Imaris 

software). 
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Fig 6-9. The biofilm biomass in 1 cm sections (0-9 cm) of the limestone packed columns 

conditioned with treated wastewater for 10 days. 
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Fig 6-10. FTIR spectra of different parts of excavated limestone packed columns conditioned 

with treated wastewater for 10 days. 
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6.5. Conclusion 

The present study investigated transport and retention behavior of GONPs in the presence and 

absence of MS2 and E.coli in natural limestone aquifer sediments at low and high ionic strength 

conditions. Results revealed no significant changes in GONPs transport and retention with co-

presence of MS2 and E.coli at high ionic strength. However, at low ionic strength, the co-presence 

of MS2 and E.coli caused an enhancement in the transport of GONPs in porous media. The main 

mechanism governing GONPs transport and retention in porous media was the blocking of surface 

reactive sites by E.coli or MS2 that prevented further attachment of GONPs and consequently 

enhanced nanoparticle transport in porous media. Additionally, the same BTCs GONPs were 

obtained with and without co-presence of MS2 and E.coli in biofilm-coated porous media, due to 

the pore throat straining of particles in the column inlet end. Ultimately, our results indicate that 

the presence of microorganisms of different sizes in a typical managed aquifer recharge site has 

similar effects on enhanced transport of GONPs, which may threaten environmental water 

resources.  
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7. General conclusion 

This chapter summarizes the results and discusses all of the experimental chapters. Noteworthy to 

say that the detailed discussion has been mentioned at the end of each chapter. Below, a summary 

of results with area for future applications are presented.  

This research investigated the interaction between authentic aquifer substrates and MS2-F-RNA 

bacteriophage and engineered nanoparticles in the presence of natural biofilm in both batch and 

column systems to find their potential effect on human health being through infection. Presently, 

there is limited research on the attachment behavior of MS2 on native aquifer materials that 

determines the fate of virus in MAR sites. Batch studies with aquifer substrate and MS2 presented 

novel information on the influence of biofilm on inactivation rates of MS2 via attachment onto the 

surfaces of native aquifer materials. The results of batch studies showed the high affinity of MS2 

bacteriophage to surfaces of limestone aquifer materials (Chapter 3). Higher temperature favored 

virus attachment and inactivation, due to the damage to the viral components of microorganisms 

(Harvey and Ryan, 2004). The virus in aquifers can be in either static or dynamic states, depending 

on the flow rate conditions within the aquifer, which may affect the virus inactivation rate. The 

results revealed higher virus inactivation in dynamic rather than static conditions, likely due to 

increasing collision between adsorbent surfaces and virus particles and creation of air-water and 

air-solid interactions, which are absent in static conditions. Previously, little attention has been 

afforded in the literature to the role of biofilm, which naturally occurs in MAR schemes, on 

inactivation rates of virus. The inactivation rate of MS2 onto the biofilm-conditioned limestone 

was higher than pristine substrate, which indicates the significant role of surface physical 

heterogeneities on virus entrapment and inactivation. Moreover, a higher MS2 inactivation rate 
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was seen in treated wastewater than RO water samples, due to the presence of different cations 

such as K+, Na+, Mg2+ and Ca2+. 

Transport experiments of bacteriophage in columns packed with sediments from managed aquifer 

recharge site have recently been reported (Sasidharan et al., 2017a). However, the effect of natural 

biofilm on attachment and detachment behavior of bacteriophage was not investigated. A previous 

study had also shown, that biofilm, produced by long-term irrigation of limestone-packed columns 

with treated wastewater, created preferential flow paths in the columns due to limestone 

dissolution (Rinck-Pfeiffer, 2000). The effect of biofilm induced limestone dissolution and the 

subsequent creation of preferential flow paths on virus transport behavior was not considered. This 

is an important issue for MAR schemes since preferential flow may reduce virus 

retardation/inactivation, increasing the risk of human exposure to virus upon subsequent water 

reuse.  

In Chapter 4, the transport behavior of tracer and virus was reported for pristine sand and limestone 

aquifer-packed columns and for ones similarly packed in which biofilm was developed, on the 

surfaces and interpores of the substrates, by short and long-term irrigation with treated wastewater. 

The surface, hydrological and hydro-geochemical characteristics of columns were determined. The 

results showed a significant effect of biofilm on the enhancement of physical and biological 

clogging. Severe clogging was observed in the first 3 cm from the column inlet end, because of 

growth and proliferation of biofilm-derived from treated wastewater. Several processes, such as 

biofilm growth and entrapment of suspended solid particles filling vacant spaces between 

collectors, lead to the clogging of both sand and limestone porous media. However, in limestone 

columns, nitrification by autotrophic bacteria was observed, producing abundant hydrogen ions in 

solution, which caused calcite dissolution following long-term injection of treated wastewater. 
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Moreover, the conservative tracer appeared earlier in the BTCs in the biofilm-conditioned 

limestone columns than the pristine control columns. Indeed, the greater the amount of biofilm, 

the earlier the appearance of the tracer in the BTCs. The analytical simulation of tracer transport 

showed increases in the hydrodynamic dispersion, pore water velocity and longitudinal 

dispersivity of columns by increasing biofilm growth, in which the role of dispersivity in biofilm-

conditioned columns outweigh advection on tracer transport. The BTCs of virus, showed greater 

virus attachment in limestone aquifer sediments than in sand, due to the presence of different metal 

oxides on the limestone aquifer surfaces. Retention of MS2 was enhanced in the presence of 

biofilm, in both sand and limestone columns, independent of the duration of irrigation with treated 

wastewater. Tracer and MS2 transport experiments demonstrated that the presence of biofilm 

changed the structure of the limestone columns. Significantly, a higher discharge of MS2 was 

observed in the effluents of biofilm conditioned limestone columns compared to pristine control 

ones, due to the creation of preferential flow paths created by calcite dissolution by a nitrifying 

biofilm. This finding has not been reported elsewhere in the literature.   

Chapter 5 reported results of the transport and retention of GONPs in saturated porous media with 

different mineralogical features (e.g., sand, quartz sediments and limestone sediment) either 

pristine or biofilm-conditioned. Many studies have reported the effect of porous media 

characteristics (i.e., chemical and physical heterogeneities) on the enhanced retention of 

nanoparticles in porous media (Qi et al., 2019, Wang et al., 2017a), however, the author is unaware 

of any published study on the transport and retention behavior of GONPs in natural aquifer 

sediments. This study provides new information on the transport of GONPs in sandy and 

carbonaceous aquifer sediments. Temperature is an influential parameter on particle transport in 

porous media, which should not be neglected (Wang et al., 2019). The seasonal and diurnal solar 
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irradiation, the temperature of soil, aquifer and subsurface environment will vary (Wang et al., 

2017b). Furthermore, heavy rain and the subsequent discharge of stormwater containing various 

types and concentrations of mono and poly-valent cations may alter the solution chemistry of 

aqueous matrix, which may significantly affect the transport and retention behavior of 

nanoparticles. The role of temperature and ionic strength on colloidal stability of GONPs was 

investigated. The results showed a significant dependence of the transport behavior of GONPs in 

porous media on temperature and ionic strength of solution, which may enable the prediction of 

nanoparticle transport in the aquifers in winter and summer. It was shown that the colloidal 

stabilities of GONPs were dependent on the temperature and ionic strength of solution. By 

increasing the temperature and ionic strength and also the valence of cations in solution, a decrease 

was observed in the colloidal stability of GONPs thereby increasing aggregation, due to decreasing 

the electrostatic double layer around GONPs. Although DLVO theory revealed unfavorable 

conditions for attachment of GONPs onto the surfaces of collectors, a large amount of 

nanoparticles were retained in biofilm-conditioned porous media. Metal oxides and clay minerals 

are abundant on natural sediments, which increase the number of favorable attachment sites and 

decrease the energy barrier against attachment of nanoparticles (Bradford and Torkzaban, 2012). 

Apart from intrinsic nature of natural sediments, the surface characteristics of substrate govern the 

mechanisms and transport behavior of nanoparticles. According to the literature, the transport 

experiments of GONPs in porous media were performed in the media conditioned with biofilm 

synthesized using an artificially media such as Pseudomonas Putida (Jian-Zhou et al., 2015). 

However, the research reported here uniquely determines the effect on the transport of 

nanoparticles in biofilm naturally induced on authentic aquifer material. The presence of biofilm 

on the surfaces of substrate caused a significant enhancement in the retention rate of GONPs, 
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compared to the same pristine substrates, due to changes in the surface properties of porous media 

via increasing the zeta potentials of substrate and decreasing the porosity of columns. The results 

presented here showed that the attachment rate of GONPs has a direct relationship with sum of 

physical (roughness and irregularities), chemical (pH, ionic strength and composition, etc) and the 

hydrological features of porous media.  

The results of research on the co-transport of GONPs with different-sized microorganisms, the 

virus MS2 and E.coli, in pristine and biofilm-coated limestone-packed columns were reported in 

Chapter 6. The author is unaware of any other published study reporting the effect of co-presence 

of microorganisms and GONPs in suspension on transport and retention behavior of GONPs in an 

authentic aquifer substrate. The results revealed the less retardation of GONPs in aquifers at low 

ionic strength of solution which caused the danger of human exposure to the engineered 

nanoparticles thereby application of reused water. Greater discharge and less retention of GONPs 

in pristine limestone aquifer grains were observed, when MS2 and E.coli were concomitantly 

present in the nanoparticle suspension. The presence of these microorganisms did not change the 

colloidal stability of nanoparticles, which was confirmed through measurements of zeta potentials 

and SEM images of GONPs. The main mechanism of enhanced discharge of nanoparticles from 

porous media was occupation of surface reactive sites of media by MS2 and E.coli, which 

prevented the attachment of nanoparticles and simultaneously enhanced their transport. The 

retention of GONPs was independent of the size of the co-transported microorganism. 

Significantly, the presence of biofilm did not change the quantity of GONPs eluted from columns, 

when solely present in suspension or in the co-presence of microorganisms. The observation 

suggests that biofilm acted as a protective layer in limestone-packed columns reducing the 
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discharge of GONPs from column, in either the presence or absence of the co-transported 

microorganisms.  

The findings of this research can be applied for designing a MAR site in order to predict the 

contamination of water resources for reuse purposes. First of all, long-term application of treated 

wastewater containing various amounts and sorts of pathogenic agents and engineered 

nanoparticles in limestone aquifers can potentially cause risk for human health thereby creation of 

preferential flow paths, due to the calcite dissolution and less retardation of pathogenic agents and 

engineered nanoparticles by aquifers. It indicates the importance of paying serious attention to the 

presence of different pathogenic and nanoparticles in influent water while designing a MAR site. 

In addition, since the transport behavior of colloidal particles in porous media with different flow 

pathways is different, the findings of this study can be useful in designing a MAR site in 

carbonaceous aquifer which predict the possibility of groundwater pollution by penetration of 

contaminants through either preferential flow paths or fractures. Furthermore, although biofilm 

growth and proliferation induced by treated wastewater in a MAR site would exacerbate the 

hydraulic properties of aquifers via decreasing the porosity and hydraulic conductivity of aquifers, 

it can act as a bio-filter to trap virus, bacteria and nanoparticles to prevent their discharge into the 

environmental resources. Treatment of source water contaminated by different harmful 

microorganisms and toxic nanoparticles is important to prevent further environmental problems. 

Up to now, several methods have been used to filtrate input water resources before use in MAR 

sites. Filtration is a remediation technique which has been used for improving the quality of 

drinking water. Results of this study revealed that the production of biofilm in a typical MAR site 

would protect the safety of groundwater resources for re-use application. Therefore, understanding 

the relationship between changing in hydraulic properties of aquifers by application of treated 
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wastewater and biofilm growth in discharging pathogenic agents and engineered nanoparticles 

contributes to this management of human exposure risk. Proposed future research directions can 

be summarized as follows: 

 Examination of the effect of natural biofilm on transport behavior of microorganisms and 

engineered nanoparticles in a 2 or 3-dimensional system for better understanding in natural 

environments.  

 Determine the influence of different characteristics of biofilm (e.g., thickness, 

hydrophobicity and etc.,) on the attachment/detachment of colloidal particles onto the 

substrate.  

 Study numerical modeling of nanoparticle and microorganisms transport in biofilm-

conditioned porous media to understand the effect of biofilm on quantitative retention of 

colloidal particles. 

 Examine the age of biofilm on the hydrological properties of porous media (e.g., saturated 

hydraulic conductivity, porosity etc.,) and subsequently transport and retention of 

microorganisms and engineered nanoparticles.  

 Determine the microbiological composition of the natural biofilm and the respective 

contribution of microbial assemblages on the retention behavior of microorganisms and 

engineered nanoparticles.  

 Determine the long-term influence of natural biofilm in porous media on the transport and 

retention of soluble nanoparticles affected by natural biofilm media. 

 Modeling biofilm growth and proliferation in porous media to give a better picture on the 

intensity of aquifer clogging. 
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